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APPENDIX A: NOTICE OF PREPARATION/INITIAL
STUDY AND COMMENTS ON NOP/IS
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MONTEREY COUNTY
RESOURCE MANAGEMENT AGENCY
PLANNING DEPARTMENT
168 WEST ALISAL ST., 2nd FLOOR, SALINAS, CA 93901
PHONE: (831) 755-5025
FAX: (831) 757-9516
NOTICE OF PREPARATION OF A DRAFT ENVIRONMENTAL IMPACT REPORT
AND NOTICE OF PUBLIC SCOPING MEETING
Date:

March 1, 2017

To:

Responsible Agencies/Interested Parties

From:

Robert Roach, Assistant Agricultural Commissioner
Monterey County Office of the Agricultural Commissioner

Subject:

Notice of Preparation (NOP) of a Draft Environmental Impact Report for Monterey
County’s Consideration to Renew its 5-Year Cooperative Services Agreement with
the US Department of Agriculture (USDA) for the USDA Wildlife Service Program
in Monterey County

The County of Monterey will be the Lead Agency and will prepare an Environmental Impact
Report (EIR) to evaluate the continued implementation of the USDA’s Animal and Plant Health
Inspection Service – Wildlife Services (APHIS-WS) Integrated Wildlife Damage Management
(IWDM) Program and Agreement Renewal (proposed project). We need to know the views of
your agency as to the scope and content of the environmental information which is germane to
your agency’s statutory responsibilities in connection with the proposed project. The current 5Year Cooperative Services Agreement between the County and USDA expires June 30, 2018.
In February 2017, the County completed preparation of an Initial Study to assess the potential
environmental effects of continuing the program. Although the study found no significant
environmental effects under CEQA review standards, the County is nonetheless interested in
conducting environmental review above and beyond what is required by CEQA. The result of
this process will be a voluntary, non-CEQA-mandated informational EIR. The project location
and a summary of the project description are provided in the attached Initial Study. The Initial
Study is also available for review at the Agricultural Commissioner’s Office, 1428 Abbott Street,
Salinas,
during
normal
business
hours,
and
online
at:
http://www.co.monterey.ca.us/government/departments-a-h/agricultural-commissioner#ag.
At this time, the scope of the EIR is anticipated to focus on biological resource impacts
(including effects upon wildlife resources within the County) as well as feasible alternatives to
the program as proposed.

1

One public scoping meeting is planned to be held during the 30-day public review period of the
NOP. The meeting has been scheduled on Thursday, March 16, 2017, beginning at 3:00 PM in
the Conference Room at the Monterey County Agricultural Commissioner’s Office, 1428 Abbott
Street, Salinas. County staff and consultants will provide a brief overview of the project,
followed by public/agency input regarding the scope of the environmental review.
All interested parties are invited to attend the public scoping meeting and to submit written
comments on the environmental issues that will be analyzed in the draft EIR. Due to time limits
mandated by state law, your response must be sent at the earliest possible date but not later than
5:00 PM on Friday, March 31, 2017. There will be another opportunity to submit comments
when the draft EIR is released for public review.
Please submit your response along with a contact person in your agency to:
Robert Roach, Assistant Agricultural Commissioner
Monterey County Office of the Agricultural Commissioner
1428 Abbott Street
Salinas, CA 93901
Written comments may also be submitted via email to roachb@co.monterey.ca.us or faxed to
(831) 759-2268. Questions may be directed to Mr. Roach at (831) 759-7379.

Attachments: Initial Study
cc:

State Clearinghouse, Office of Planning and Research
1400 Tenth Street, Room 212
P.O. Box 3044
Sacramento, CA 95812-3044
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MONTEREY COUNTY
RESOURCE MANAGEMENT AGENCY
PLANNING DEPARTMENT
168 WEST ALISAL ST., 2nd FLOOR, SALINAS, CA 93901
PHONE: (831) 755-5025
FAX: (831) 757-9516

INITIAL STUDY
I.

BACKGROUND INFORMATION
Project Title: APHIS-WS IWDM Program and Agreement Renewal
File No.: N/A
Project Location: Monterey County (Countywide)
Name of Property Owner: N/A
Name of Applicant: Monterey County

Assessor’s Parcel Number(s): N/A
Acreage of Property: N/A
General Plan Designation: N/A – Countywide
Zoning District: N/A – Countywide

Lead Agency: Monterey County Agricultural Commissioner’s Office
Prepared by: Michael Baker International
Date Prepared: February 21, 2017
Contact Person: Robert Roach, Assistant Agricultural Commissioner
Phone Number: (831) 759-7379
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II.

DESCRIPTION OF PROJECT AND ENVIRONMENTAL SETTING

A.

Project Background:

Wildlife in certain settings can cause significant damage to private and public property, natural
resources, agricultural crops, livestock, forests, pastures, and urban and rural structures. Some
species may threaten human health and safety or be a nuisance. Prevention or control of wildlife
damage, which often includes removal of the animals responsible for the problem, is an essential
and responsible part of wildlife management. Before wildlife damage management programs are
undertaken, careful assessment should be made of the problem, including the impact to
individuals, the community, and other wildlife species (The Wildlife Society 2016).
The U.S. Department of Agriculture (USDA) Animal and Plant Health Inspection Service Wildlife Services (APHIS-WS) is a federal agency with a broad mission that includes carrying
out wildlife damage management activities. APHIS-WS has an existing Integrated Wildlife
Damage Management (IWDM) program in Monterey County, which is intended to protect
residents, property, livestock, crops, and natural resources from damage caused by predators and
other nuisance wildlife. The USDA implements the IWDM program to selectively remove
individual animals that are non-native or cause damage to property, infrastructure, agricultural or
livestock commodities, and human health and safety. Controlling target animals such as coyotes
(Canis latrans), mountain lions (Puma concolor), opossums (Didelphis virginiana), skunks
(Mephitidae ssp.), raccoons (Procyon lotor), and feral swine (Sus ssp.) on a case-by-case basis
helps to mitigate damage to the above-mentioned commodities and factors.
In 2015-2016, the AHPIS-WS program reported $1,361,106 in economic losses in Monterey
County caused by nuisance wildlife and target animals and is reported to have helped protect
over $36,000,000 in agricultural commodities and over $1,000,000 in personal property (USDA
2015).
The Monterey County Agricultural Commissioner’s Office and APHIS-WS have cooperatively
conducted wildlife damage management activities in some capacity since as early as 1923, with
the IWDM program commencing in the early 1990’s. Since that time, the Monterey County has
alternated between participating in a cooperative agreement with APHIS-WS and independently
operating its own wildlife damage management program. For the purpose of the environmental
analysis in this Initial Study, implementation of the services provided under the existing program
represents the baseline condition.
Project Goal and Objectives
The goal of the cooperatively-funded program in Monterey County is to continue to conduct a
biologically sound, environmentally safe, and responsive IWDM program in an accountable
manner to assist property owners, businesses, private citizens, and governmental agencies in
resolving wildlife damage problems, as well as to conduct control activities in accordance with
applicable federal, state, and local laws and regulations.
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B.

Proposed Project:

The proposed project is the renewal of Monterey County’s 5-year cooperative agreement,
including annual work plans (Work and Financial Plans) with APHIS-WS. The current 5-year
Cooperative Services Agreement between the County and USDA expires June 30, 2018. The
renewed contract would fund and implement the existing IWDM program. Activities performed
under the IWDM program would be implemented by APHIS-WS Field Specialists. Neither
APHIS-WS nor Monterey County are proposing any changes to the IWDM program in
conjunction with the County’s renewal of the cooperative agreement.
For purposes of the analysis in this Initial Study, the continued implementation of the activities
by APHIS-WS under the IWDM program would maintain the baseline condition. The County’s
decision to renew the cooperative agreement with APHIS-WS is an administrative action that
would not result in any direct physical impacts on the environment. However, upon renewal of
the cooperative agreement and implementation of the Work Plan, the services provided by
APHIS-WS would have the potential to result in reasonably foreseeable indirect (or secondary)
environmental impacts. These impacts of the proposed project are evaluated in this document, as
required under Public Resources Code Section 21065 et seq. and CEQA Guidelines Section
156064(d)(2).
Project Implementation and Operation
The cooperatively-funded project would continue to provide the following services to resource
owners in Monterey County:


Provide technical advice/assistance to resource owners on prevention and/or control
techniques;



Inform and educate the public on how to prevent and reduce wildlife damage on their
own, including the use of APHIS-WS staff and prepared pamphlets and documentation;



Provide expertise from wildlife specialists trained in wildlife control methods, state and
federal regulations, and certified in the safe handling and use of firearms and other
control equipment; Investigate wildlife damage situations to determine the responsible
species and evaluate the site for applicability of prevention and control methods;



Develop and implement wildlife damage management actions for the protection of
property, livestock, crops, and natural resources;



Development and implementation of wildlife damage management methods and actions
targeting invasive species (i.e. wild pigs) that may damage or threaten property, livestock,
crops, natural resources, and public safety;



Respond to incidents where wildlife species are threatening human health and safety (in
coordination with CDFW and local law enforcement) including the use of out-of-county
resources and expertise;



Collect samples for wildlife diseases that may affect agriculture, natural resources, and
public safety; and



Access to APHIS-WS support staff including the National Wildlife Research center
which conducts research on and develops wildlife damage management methods.
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In order to provide these services, the IWDM program (as operated by APHIS-WS and approved
by signature of the agreement and work plan) includes the following:


Assignment of up to four APHIS-WS wildlife specialists trained in wildlife control
methods, state and federal regulations, and certified in the safe handling and use of
firearms and other control equipment;



Up to 4,176 work hours distributed as needed among direct control activities, technical
assistance, APHIS-WS required training and administrative tasks, and leave;



APHIS-WS procurement and maintenance of vehicles, tools, supplies, and other
specialized equipment as deemed necessary to accomplish program objectives; and



APHIS-WS supervision of safe and professional utilization of approved wildlife damage
management tools/equipment including the use of firearms, deterrent methods/devices
(including pyrotechnics), traps, snares, trained dogs, all-terrain vehicles (ATVs),
Environmental Protection Agency- (EPA) and Drug Enforcement Agency- (DEA)
approved chemicals (including immobilizing and euthanasia drugs), night vision
equipment, and electronic calling devices.

IWDM Program Policy and Approach
As established by the APHIS-WS, the IWDM approach to wildlife damage management includes
varied methods, the purposes of which are to alter the behavior of or repel the target species,
physically prevent wildlife access to sensitive resources, remove specific damage-causing
individuals from the population after other reasonable deterrent methods are attempted, or
control invasive exotic species populations in order to eliminate or reduce the potential for loss
or damage to resources.
All services are conducted in compliance with The Wildlife Services Policy Manual (WS Policy
Manual), which provides guidance to APHIS-WS personnel conducting official activities by
addressing national policy and providing general direction via a series of WS Directives
(https://www.aphis.usda.gov/aphis/ourfocus/wildlifedamage/sa_ws_program_directives/ct_ws_d
irectives). Services are also conducted in compliance with applicable federal, state, and local
laws and regulations (APHIS-WS Directive 2.210).
Operation of the IWDM Program (as described by APHIS-WS)
Wildlife damage and conflicts that drive the need for action include livestock predation, damage
to crops, natural resources and property, and threats to public health and safety. The IWDM
program allows APHIS-WS to use a combination of methods and techniques to help people
experiencing wildlife conflicts. The strategies would include education and advice, as well as
non-lethal and lethal methods. These activities can occur in any location within the State where
wildlife conflicts arise and where APHIS-WS receives a request for assistance, and only after
specific agreements are developed between APHIS-WS and the requesting entity. All actions
would comply with applicable federal, state and local laws and APHIS Wildlife Services’
policies (WS Directive 2.210).
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There are several categories of resources that can be damaged or threatened by wildlife. The
most common examples of conflicts that lead to requests for APHIS-WS’ assistance are:
Livestock - Predators including coyotes, mountain lions, black bears, bobcats, and even
smaller wildlife such as skunks and weasels can kill, injure and harass domestic livestock. In
California, predators depredate on horses, cattle, goats, sheep, chickens, and eggs, as well as,
other livestock. Individual livestock producers can experience serious economic hardship
from unexpected losses due to predation. Wildlife can serve to reservoir and transmit
zoonotic disease to livestock. Introduction of disease into the domestic livestock herds can
damage the infected herd as well as the livestock industry if an outbreak results in export
sanctions.
Public Health and Safety – Wildlife that become habituated to human presence can pose a
risk to human health and safety through direct contact (e.g., bites/attacks) and disease
transmission (e.g., zoonotic diseases and food contamination.) The species most commonly
involved in human health and safety conflicts in California are coyotes, mountain lions, black
bears, beavers, raccoons, and striped skunks.
Property and Crops – Birds and other wildlife can damage and consume mass from row
crops, orchards, and vineyards. Wildlife living close to humans can damage homes and roofs
while attempting to access human dwellings for shelter or food. Beavers may damage or
destroy roads, homes, and other infrastructure while altering watercourses and plugging
water control features. Wild turkeys may damage lawns and vehicles foraging and displaying
during the breeding season. Feral swine can cause substantial damage to row crops and
landscaping and are also a source of human pathogens such as E. coli that are a food safety
concern.
Natural Resources – Predation from abundant common predatory species may act as a
limiting factor in the recovery of sensitive, threatened, or endangered species (i.e. coyote
predation on snowy plovers.). The behavior of some species may cause damage to sensitive
habitats (e.g., beaver and feral swine damage to restoration or conservation lands).
Services are provided at the request of affected resource owners or managers, with the majority
of services provided for the protection of livestock and field crops on agricultural lands. When
services are requested by a resource owner, the Wildlife Specialist conducts an initial
investigation which defines the nature, history and extent of the problem, species responsible for
the damage, and methods that would be available to resolve the problem. In selecting damage
management techniques for specific wildlife damage situations, the wildlife specialist considers
the species responsible and the frequency, extent, and magnitude of the damage. In addition to
damage confirmation and assessment, consideration is given to the status of target and potential
non-target species, local environmental conditions, relative costs of applying management
techniques, environmental impacts, and social and legal concerns.
When selecting a specific course of action, the WS Policy Manual requires that a range of
management approaches and alternatives be evaluated. In order to do this, APHIS-WS managers,
biologists, and specialists use the manual when responding to requests for assistance. The Decision
Model (see Figure II-1) bases a determination of the appropriate damage management method(s)
to implement on several factors: (1) species responsible, (2) magnitude, geographic extent,
frequency, historical damage, and duration of the problem, (3) status of target and non-target
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species, (4) environmental conditions, (5) potential biological, physical, economic, and social
impacts, (6) potential legal restrictions, and (7) costs of damage management options (WS
Directive 2.101 and 2.201).

Figure II-1
WS Decision Model

Role of California Department of Fish and Wildlife
The USDA does not issue take permits. Species such as mountain lion and bobcat, as well as all
game species (feral swine, deer, elk, black bear, beaver, turkey, etc.) require a depredation
permit. Such permits are issued to individual landowners by the California Department of Fish
and Wildlife (CDFW) when criteria for a permit are met. Under the cooperative agreement, the
USDA may act on the permit at the permit holder’s request. CDFW does not allow for the
relocation of wildlife causing damage. Except in limited cases where CDFW makes an
individual exemption, CDFW dictates that the disposition of all wildlife captured for resource
protection must be euthanized. Relocation of wildlife known to cause resource damage in one
area does not correct the damaging behavior and can spread the problem to a new area.
Relocation can also spread disease to other wildlife and domestic species.
Implementation of the IWDM Program in Monterey County
In Monterey County, the APHIS-WS Field Specialists conducting service visits in response to
calls treat each situation individually based on the facts at hand. According to USDA field staff,
a typical call may involve an investigation to positively identify the species involved and to
understand the scope of the problems occurring, development of a plan of action for the property

Monterey County Initial Study
USDA IWDM Program and Agreement Renewal

Page 6
February 2017

owner to mitigate the problem using reasonable non-lethal means, and if necessary, take of an
animal.
In the most recent reporting period, July 2014 through June 2015, the Monterey County IWDM
Program employed two specialists for a total of 3,829 work hours. This included 853 direct
control service visits, 204 technical assistance projects, and 34 health and safety visits (USDA
2015). For comparison, program data from previous years is summarized in Table II-1.
Table II-1
Multi-Year Comparison
Monterey County IWDM Program Data
Total Service Visits
Health and Safety Visits
Specialist Hours
Technical Assistance Projects
Leaflets Distributed
Disease Samples Taken
* Information not available.
Source: USDA 2015

2010
1,882
*
5,266
249
0
482

2011
2,104
*
4,345
246
0
92

2012
2,556
*
3,787
378
0
42

2013
812
*
3,714
186
0
18

2014
829
*
3,739
177
5
5

2015
853
34
3,829
204
50
0

Technical assistance projects addressing conflicts with specific species in Monterey County for
the 2006–2015 reporting period are shown in Table II-2. Technical assistance includes
recommendations for implementing various techniques for protecting resources from damage
caused by wildlife. During the 10-year reporting period, APHIS-WS specialists in Monterey
County provided information and advice to over 9,000 county residents and resource owners.
This information can be provided in individual phone calls, during field visits, and presentations.
Informational pamphlets and literature may also be provided.

Monterey County Initial Study
USDA IWDM Program and Agreement Renewal

Page 7
February 2017

Table II-2
Technical Assistance Projects Due to Specific Species (2006-2015)

Species

Badgers
Bats (all species)
Bison
Bobcats
American coots
Coyotes
Black‐tailed deer
Feral, free‐ranging dogs
Golden eagles
Elk
House finch
Pea fowl
Gray fox
Red fox
Canada goose
California gull
Western gull
Jackrabbits
Red‐tailed hawk
Great blue heron
Mountain lion
General/Multi‐species
Virginia opossum
Great horned owl
Band‐tailed pigeons
Feral pigeons
Cottontail rabbits
Raccoons
Striped skunk
Gopher snake
Rattlesnakes
California ground squirrel
Barn swallows
Cliff swallows
Feral swine
Wild turkeys
Weasels (other)
Long‐tailed weasels
Hairy woodpeckers
Total

Total*

3
4
1
95
29
1,046
6
9
3
3
2
1
5
5
3
3
4
1
2
1
304
7
6
3
1
3
1
27
29
6
8
3
3
10
74
5
1
2
1
1,724

Participants**

8
9
9
234
54
4,662
21
52
10
11
4
3
27
17
712
3
20
3
8
3
1,204
910
23
8
3
11
3
84
123
192
66
10
4
53
240
12
3
4
1
9,100

Source USDA 2016.
*Total: Number of calls or face to face interactions.
**Participants: Number of participants (education for a single incident
often occurs with more than one person, such as during a presentation).
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As shown in Table II-3, the most common target animal removed and/or taken as part of the
IWDM Program in Monterey County is the coyote, which is a non-game species. The take of all
other wildlife species was less than five individuals per year. No non-target animals were
captured as a result of APHIS-WS actions during the 10-year reporting period (USDA 2016).
Table II-3
Target Species Intentional Take Under the APHIS-WS Program
in Monterey County 2006-2015

2006

2007

2008

2009

2010

2011

2012

2013

2014

2015

Total

Annual
Average

Badgers
Bobcats
Cliff swallow *
Coyotes
Feral swine
Mountain lion
Raccoon
Red fox
Striped skunk
Opossum

0
0
0
302
11
1
1
2
1
0

0
0
0
228
0
5
0
0
0
0

1
0
0
243
0
1
0
0
0
0

0
0
0
316
0
6
0
0
0
0

0
2
0
301
0
2
0
0
0
0

0
0
30
296
0
1
2
0
0
0

0
6
0
226
0
1
0
0
3
1

0
2
0
177
3
0
0
0
0
0

0
3
0
112
2
6
0
1
0
3

0
0
0
67
4
0
0
0
0
0

1
13
30
2,268
20
23
3
3
4
4

0.1
1.3
3.0
226.8
2.0
2.3
0.3
0.3
0.4
0.4

TOTAL

318

233

244

322

305

329

237

182

127

71

2,368

236.8

Species

Source: USDA 2016
* Includes eggs & nests.

B.

Surrounding Land Uses and Environmental Setting:

Monterey County is located on California’s central coast and is bounded by the Pacific Ocean to
the west, Santa Cruz County to the north, San Benito, Fresno, and Kings counties to the east, and
San Luis Obispo County to the south (see Figure II-2). Monterey County encompasses just over
2 million acres and is predominantly rural/agricultural in nature. Agriculture is the largest land
use in Monterey County, representing approximately a 56 percent of the total land area in the
county. The second largest land use, about 23.5 percent of the total land area, consists of public
and quasi-public land uses such as parks, military facilities, recreational, and community
facilities. Approximately 4.8 percent of Monterey County (including the incorporated cities) is
developed with residential, commercial, and industrial land uses. The remaining 16 percent is in
resource conservation or other land uses (Monterey County 2008).
In the most recent reporting period, July 2014 through June 2015, activities under the IWDM
Program were performed on 266,984 acres in Monterey County.
C.

Other public agencies whose approval is required: None
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III. PROJECT CONSISTENCY WITH OTHER APPLICABLE LOCAL
AND STATE PLANS AND MANDATED LAWS
Use the list below to indicate plans applicable to the project and verify their consistency or nonconsistency with project implementation.
General Plan/Area Plan

Air Quality Mgmt. Plan

Specific Plan

Airport Land Use Plans

Water Quality Control Plan

Local Coastal Program-LUP

Monterey County General Plan
The project was reviewed for consistency with the Monterey County General Plan. Section VI.9
(Land Use and Planning) discusses whether the project physically divides an established
community, conflicts with any applicable land use plan, policy, or regulation of an agency with
jurisdiction over the project, or conflicts with any applicable habitat conservation plan or natural
community conservation plan. The project supports General Plan Goal AG-1: “Promote the longterm protection, conservation, and enhancement of productive and potentially productive
agricultural land” in the county by preventing and reducing damage to agricultural property,
crops, and livestock. CONSISTENT

IV.

ENVIRONMENTAL FACTORS POTENTIALLY AFFECTED AND
DETERMINATION

A.

FACTORS

The environmental factors checked below would be potentially affected by this project, as
discussed within the checklist on the following pages.
Aesthetics

Agriculture and Forest
Resources

Air Quality

Biological Resources

Cultural Resources

Geology/Soils

Greenhouse Gas Emissions

Hazards/Hazardous Materials

Hydrology/Water Quality

Land Use/Planning

Mineral Resources

Noise

Population/Housing

Public Services

Recreation

Transportation/Traffic

Tribal Cultural Resources

Utilities/Service Systems

Mandatory Findings of
Significance
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V.

EVALUATION OF ENVIRONMENTAL IMPACTS

1)

A brief explanation is required for all answers except “No Impact” answers that are
adequately supported by the information sources a lead agency cites in the parentheses
following each question. A “No Impact” answer is adequately supported if the referenced
information sources show that the impact simply does not apply to projects like the one
involved (e.g., the project falls outside a fault rupture zone). A “No Impact” answer
should be explained where it is based on project-specific factors as well as general
standards (e.g., the project will not expose sensitive receptors to pollutants, based on
project-specific screening analysis).

2)

All answers must take into account the whole action involved, including offsite as well as
onsite, cumulative as well as project-level, indirect as well as direct, and construction as
well as operational impacts.

3)

Once the lead agency has determined that a particular physical impact may occur, then
the checklist answers must indicate whether the impact is potentially significant, less than
significant with mitigation, or less than significant. “Potentially Significant Impact” is
appropriate if there is substantial evidence that an effect may be significant. If there are
one or more “Potentially Significant Impact” entries when the determination is made, an
EIR is required.

4)

“Negative Declaration: Less Than Significant With Mitigation Incorporated” applies
where the incorporation of mitigation measures has reduced an effect from “Potentially
Significant Impact” to a “Less Than Significant Impact.” The lead agency must describe
the mitigation measures, and briefly explain how they reduce the effect to a less than
significant level mitigation measures from Section XVII, Earlier Analyses, may be
cross-referenced).

5)

Earlier analyses may be used where, pursuant to the tiering, program EIR, or other CEQA
process, an effect has been adequately analyzed in an earlier EIR or negative declaration.
Section 15063(c)(3)(D). In this case, a brief discussion should identify the following:
a)
b)

c)

6)

Earlier Analysis Used. Identify and state where they are available for review.
Impacts Adequately Addressed. Identify which effects from the above checklist
were within the scope of and adequately analyzed in an earlier document pursuant
to applicable legal standards, and state whether such effects were addressed by
mitigation measures based on the earlier analysis.
Mitigation Measures. For effects that are “Less than Significant with Mitigation
Measures Incorporated,” describe the mitigation measures which were
incorporated or refined from the earlier document and the extent to which they
address site-specific conditions for the project.

Lead agencies are encouraged to incorporate into the checklist references to information
sources for potential impacts (e.g., general plans, zoning ordinances). Reference to a
previously prepared or outside document should, where appropriate, include a reference
to the page or pages where the statement is substantiated.
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7)

Supporting Information Sources: A source list should be attached, and other sources used
or individuals contacted should be cited in the discussion.

8)

The explanation of each issue should identify:
a)
b)

The significance criteria or threshold, if any, used to evaluate each question; and
The mitigation measure identified, if any, to reduce the impact to less than
significance.
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VI.

ENVIRONMENTAL CHECKLIST

1.

AESTHETICS

Would the project:

Potentially
Significant
Impact

Less Than
Significant
With
Mitigation
Incorporated

Less Than
Significant
Impact

No
Impact

a) Have a substantial adverse effect on a scenic vista?
b) Substantially damage scenic resources, including, but not
limited to, trees, rock outcroppings, and historic buildings
within a state scenic highway?
c) Substantially degrade the existing visual character or
quality of the site and its surroundings?
d) Create a new source of substantial light or glare which
would adversely affect day or nighttime views in the
area?

Discussion/Conclusion/Mitigation:
a–c)

Less Than Significant Impact. Any visual changes resulting from the project would be
associated with the temporary capture, take, or relocation methods (installation of traps
and snares); no buildings, structures, or other improvements or facilities would be
constructed. Traps and snares would be located on the ground level and would involve
minimal to no ground disturbance or vegetation removal. Therefore, the project would
not include elements that would substantially contrast with the surrounding visual
character of any area. Furthermore, any capture, take, or relocation methods would be
removed after use and as such would not permanently change and/or degrade the
characteristic of the landscape. Rather, they would represent a temporary and minor
interruption of the existing visual condition. Therefore, the project would not have a
substantial adverse effect on a scenic vista, substantially damage scenic resources within
a state scenic highway, and/or substantially degrade the existing visual character or
quality of any area. Impacts would be less than significant.

d)

No Impact. The project does not include any interior lighting that creates nighttime
glare, exterior lighting sources, and/or building surfaces that reflect sunlight. The project
would not create a new source of substantial light or glare that would adversely affect
nighttime views in the area. No impact would occur.
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2.

AGRICULTURAL AND FOREST RESOURCES

In determining whether impacts to agricultural resources are significant environmental effects, lead agencies may
refer to the California Agricultural Land Evaluation and Site Assessment Model (1997) prepared by the California
Dept. of Conservation as an optional model to use in assessing impacts on agriculture and farmland. In determining
whether impacts to forest resources, including timberland, are significant environmental effects, lead agencies may
refer to information compiled by the California Department of Forestry and Fire Protection regarding the state’s
inventory of forest land, including the Forest and Range Assessment Project and the Forest Legacy Assessment
project; and forest carbon measurement methodology provided in Forest Protocols adopted by the California Air
Resources Board.

Would the project:

Potentially
Significant
Impact

Less Than
Significant
With
Mitigation
Incorporated

Less Than
Significant
Impact

No
Impact

a) Convert Prime Farmland, Unique Farmland, or Farmland
of Statewide Importance (Farmland), as shown on the
maps prepared pursuant to the Farmland Mapping and
Monitoring Program of the California Resources Agency,
to nonagricultural use?
b) Conflict with existing zoning for agricultural use, or a
Williamson Act contract?
c) Conflict with existing zoning for, or cause rezoning of,
forest land (as defined in Public Resources Code Section
12220(g)), timberland (as defined by Public Resources
Code Section 4526), or timberland zoned Timberland
Production (as defined by Government Code Section
51104(g))?
d) Result in the loss of forestland or conversion of
forestland to non-forest use?
e) Involve other changes in the existing environment which,
due to their location or nature, could result in conversion
of Farmland to nonagricultural use or conversion of
forestland to non-forest use?

Discussion/Conclusion/Mitigation:
a–e)

No Impact. Project activities do not include any changes to zoning, land use, or other
components that would result in the conversion of farmland or forest land to other uses. No
impact would occur. One of the program objectives is to prevent and minimize damage to
agricultural property, consistent with the County General Plan.
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3.

AIR QUALITY

Where available, the significance criteria established by the applicable air quality management or air pollution
control district may be relied upon to make the following determinations.

Would the project:

Potentially
Significant
Impact

Less Than
Significant
With
Mitigation
Incorporated

Less Than
Significant
Impact

No
Impact

a) Conflict with or obstruct implementation of the
applicable air quality plan?
b) Violate any air quality standard or contribute
substantially to an existing or projected air quality
violation?
c) Result in a cumulatively considerable net increase of
any criteria pollutant for which the project region is
nonattainment under an applicable federal or state
ambient air quality standard (including releasing
emissions which exceed quantitative thresholds for
ozone precursors)?
d) Result in significant construction-related air quality
impacts?
e) Expose sensitive receptors to substantial pollutant
concentrations?
f) Create objectionable odors affecting a substantial
number of people?

Discussion/Conclusion/Mitigation:
a)

No Impact. The project would not result in increases in population, housing, or other
development and therefore would not exceed Association of Monterey Bay Area
Governments (AMBAG) projections accommodated in the Monterey Bay Unified Air
Pollution Control District (MBUAPCD) Air Quality Management Plan (AQMP). The
project would not conflict with or obstruct implementation of the MBUAPCD AQMP.
No impact would occur.

b–e)

Less Than Significant Impact. The North Central Coast Air Basin is in State Standard
nonattainment for ozone (O3) and inhalable particulates (PM10). Exhaust emissions,
which would consist of ozone precursors, PM, diesel PM, carbon monoxide, and other
chemicals, would be generated by the use of vehicles and ATVs by APHIS-WS
personnel. Operation of vehicles and ATVs off-road would also generate fugitive dust
emissions. The same number of vehicles and ATVs currently in use under the existing
IWDM Program Agreement would continue, and no changes to how the APHIS-WS
program operates in the county that would substantially increase vehicle and ATV use is
expected under the contract renewal. As such, emissions associated with vehicle and
ATV use would remain similar to existing conditions. The project would not involve
construction activities. Therefore, the project would not result in a substantial net increase
in emissions that would result in long-term or cumulative air quality impacts, and the
impact would be less than significant.
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f)

Less Than Significant Impact. The project could result in animal carcasses that, if not
disposed of properly, could decompose and generate odors. WS Directive 2.515,
however, sets forth requirements for the disposal of wildlife carcasses, requiring that WS
personnel make a reasonable effort to retrieve and dispose of wildlife carcasses that result
from APHIS-WS wildlife damage management activities. The directive further requires
that all carcasses be disposed of in a manner consistent with federal, state, county, and
local regulations. Furthermore, the majority of project-related services are provided for
the protection of livestock and field crops on agricultural lands where other animal- and
farming-related odors are already present and where, given the density of land uses, odors
would not affect a substantial number of people. Therefore, the potential for odor impacts
would be less than significant.
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4.

BIOLOGICAL RESOURCES

Would the project:

Potentially
Significant
Impact

Less Than
Significant
With
Mitigation
Incorporated

Less Than
Significant
Impact

No
Impact

a) Have a substantial adverse effect, either directly or
through habitat modifications, on any species identified
as a candidate, sensitive, or special-status species in
local or regional plans, policies, or regulations, or by
the California Department of Fish and Wildlife or US
Fish and Wildlife Service?
b) Have a substantial adverse effect on any riparian
habitat or other sensitive natural community identified
in local or regional plans, policies, or regulations or by
the California Department of Fish and Wildlife or US
Fish and Wildlife Service?
c) Have a substantial adverse effect on federally protected
wetlands as defined by Section 404 of the Clean Water
Act (including, but not limited to, marsh, vernal pool,
coastal, etc.) through direct removal, filling,
hydrological interruption, or other means? (Source: )
d) Interfere substantially with the movement of any native
resident or migratory fish or wildlife species or with
established native resident or migratory wildlife
corridors, or impede the use of native wildlife nursery
sites?
e) Conflict with any local policies or ordinances
protecting biological resources, such as a tree
preservation policy or ordinance?
f) Conflict with the provisions of an adopted habitat
conservation plan, natural community conservation
plan, or other approved local, regional, or state habitat
conservation plan?

Discussion/Conclusion/Mitigation:
Monterey County is located along the central coast of California and encompasses approximately
3,771 square miles. The diverse geography and ecosystems including national forests, extensive
coastline, central coast mountain ranges, valleys, and lakes supports a variety of plant and animal
species. The County is home to a number of special-status plant and animal species and sensitive
natural communities which are found in habitats throughout the region.
a)

Less than Significant Impact. The APHIS-WS IWDM program controls nuisance and
disruptive target species that result in significant economic impacts on property,
agricultural commodities, and human health. None of the target species are state- or
federally-listed animals under the California Endangered Species Act (CESA) or the
Federal Endangered Species Act (FESA). Migratory birds are protected under the
Migratory Bird Treaty Act (MBTA) of 1918, and raptors are protected under section
3503.5 of the FGC. For the 10-year reporting period (2006-2015), no listed species have
been removed as part of the IWDM program (USDA 2016).
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IWDM wildlife specialists respond to calls from individuals and entities regarding
nuisance wildlife and assess the appropriate actions necessary. Responses to these service
calls begin with incident investigations, and a majority of calls do not result in removal of
target animals. In the event that an individual requires removal or dispersal, a variety of
methods are used to efficiently remove individuals and avoid collateral damage to other
species and the environment. Take of non-target special-status species is avoided through
implementing approved control methods and training techniques. Qualified wildlife
specialists use high-pressure air rifles, snares, cage traps, deterrent devices,
Environmental Protection Agency (EPA) approved toxicants, all-terrain vehicles, and
electronic calling devices. Wildlife specialists use direct control activities including
monitoring, dispersal, trapping, and shooting of target species. Other activities include
repelling or altering the behavior of target species to disperse them from the area using
visual or auditory stimuli (Electronic Guard, propane cannons, pyrotechnics, harassment
shooting, lasers, bright lights, and strobe lights) to repel the animals.
Common Wildlife (Non-Listed Species)
Coyotes
Coyotes are not federally- or state-listed species and are controlled in California to
protect infrastructure, agricultural resources, public health, and special-status species.
Between 1988 and 1999 there were over 53 attacks on humans by coyotes in California
(Baker and Timm 1998). Coyote attacks on humans and pets have been increasing,
possibly as a result of more coyotes entering urban areas and urban development
encroaching into previously wild areas (Timm et al. 2004; White and Gehrt 2009). As
shown in Table II-3, the annual average coyote removals for the last 10 years is 226.8.
Between 2014 and 2015, the IWDM conducted 820 coyote-related service visits. Out of
the 820 service visits, 105 resulted in removal, which accounts for approximately 0.008%
of the estimated state population (USDA 2015). The removal of this number of
individuals does not account for a substantial portion of the state population, and coyotes
are not a listed species. Coyote populations are able to maintain themselves under
considerable human-induced mortality by increasing reproduction, litter sizes, and pup
survival, as well as immigration (UCANR 2007). Private coyote harvest and APHIS-WS
take would have to increase substantially before the cumulative removal of individuals
would exceed the level sustainable by the population, which is not proposed or
anticipated under the continuation of the IWDM program in Monterey County.
Therefore, the project would not significantly impact existing coyote populations.
Mountain Lions
The IWDM program removes minimal numbers of mountain lions, which are actively
managed by the CDFW under Fish and Game Code (FGC) section 4800-4809 via
issuance of depredation permits. Between 2014 and 2015, the APHIS-WS conducted 64
service visits in Monterey County related to mountain lions. This resulted in take of three
individuals, which is less than 0.05% of the estimated statewide population (USDA
2015). As shown in Table III-3, over the 10-year reporting period, there have been 23
mountain lion takes. This species is actively managed by CDFW through the issuance of
depredation permits and therefore each individual removed under the program is subject
to regulatory approval. Based on the 10-year annual average for the species (2.3), the
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minimal number of individuals removed under continuation of the program would not
significantly affect the population.
Other Non-Listed Wildlife Species
The proposed project would continue to target a small percentage of common nuisance
wildlife populations, including: bobcats, feral swine, Virginia opossums, and red foxes.
These common species are not listed under state or federal regulations, and many are
non-native to California. Historically, fewer than two individuals per year have been
removed (Table II-3). As such, the minimal number of individuals assumed to be
removed under continuation of the IWDM Program through the cooperative agreement
would not adversely affect the populations of these species.
Non-Target Animals
The techniques used by the IWDM program are designed to be target-specific, and all
wildlife specialists are certified and trained in techniques to minimize the risk of
capturing non-target wildlife. Wildlife specialists are also trained on the biology of both
target and non-target animals to apply removal and deterrent methods in appropriate
areas.
Few, if any, non-target effects would be expected to result from the project. However, if a
non-target species is caught, every effort is made to release it unharmed, unless the nontarget animal is injured and determined that it would not likely survive if released.
Incidents of non-target animal deaths are extremely low. This is due to the techniques
used by the wildlife specialist to ensure that the correct dens, burrows, locations, and
habitats are targeted.
The program does not conduct any aerial hunting in Monterey County through the
IWDM funding mechanism. Therefore, non-target species that may otherwise be
impacted by aerial hunting would not be affected. All bullets used in firearms are nonlead. If a species were shot by wildlife specialist and was fed on by a predatory animal,
the predator would not suffer from lead poisoning. Avian species such as bald eagle and
golden eagle are protected under the Bald and Golden Eagle Protection Act, and APHISWS continues to follows provisions for protection as established with previous
consultations with the U.S. Fish and Wildlife Service as well as its own policies to ensure
protection for these and species covered under the MBTA.
The techniques currently used in the IWDM program are implemented under
coordination with regulatory agencies and target animal removals require depredation
permits authorized by the CDFW to private landowners. The APHIS program also
conducted nuisance wildlife removal services within the San Luis and South Districts.
The San Luis and South Districts are made up of 16 counties including Monterey County.
This program implemented the same control methods used in the current IWDM program
within Monterey County. These control methods were analyzed under an Environmental
Assessment for the APHIS – ADC program for the San Luis and South Districts. The
Environmental Assessment analyzed all the techniques used in the program for their
potential impacts to listed species. These techniques were not found to pose significant
impacts to listed species (USDA 1997).
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Chemicals and toxicants used under the APHIS-WS Program are regulated by state and
federal laws, and wildlife specialists who handle them are certified and properly trained
on their use. Training on chemical use helps ensure accurate and proper application to
avoid exposing non-target species. Risks to human health and the environment from use
of chemicals and toxicant is relatively low due to the location of their use and methods
for control by wildlife specialists. Warning signs are posted to alert the public when
devices are present.
Finally, the APHIS-WS in Monterey County coordinates with the California Department
of Fish and Wildlife (CDFW), California Department of Food and Agriculture (CDFA),
California Department of Public Health, as well as federal agencies such as the United
States Fish and Wildlife Service (USFWS), United States Department of Agriculture
(USDA), and Bureau of Land Management (BLM). In addition to acting on behalf of
private landowners who receive depredation permits from CDFW, APHIS-WS activities
are done in consultation with the above-mentioned agencies. This ensures that proper
techniques, handling, and accuracy with equipment, chemicals, and animal control
methods, all of which reduce potential impacts to wildlife species.
The IWDM program has been in effect in Monterey County since the early 1990s. The
existing program establishes the environmental baseline for analysis under CEQA. The
continuation of the program through the cooperative agreement renewal would not
modify or impact this baseline condition. Special-status species populations would not be
substantially affected by the continuation of this baseline condition, and impacts would
be considered less than significant.
b)

No Impact. The project does not involve tree removal. In some cases removal of
nuisance target species such as feral swine may work to protect sensitive habitats and
communities which can be impacted by behaviors of feral swine. Program activities
would not cause direct or indirect impacts to sensitive natural communities, and thus
there would be no impact.

c)

No Impact. The project does not include any development or construction activities.
Wildlife management activities do not include placing any fill to wetlands or other waters
of the U.S. Therefore, there would be no impact.

d)

No Impact. The project does not include any activities in rivers or streams which may
impact migratory fish species. Wildlife movement corridors in Monterey County would
not be obstructed or impacted by program operations. Removal of target species would
not affect migratory species movements or corridors. The project would not affect
migratory species movements or corridors, and there would be no impact.

e)

No Impact. The project does not involve removal of trees or vegetation which is covered
under local ordinances or policies. The Monterey County General Plan contains goals and
policies regarding the environment. The project would be consistent with the Monterey
County General Plan and any other local policies and ordinances in which activities
occur. Since the program would be consistent with the General Plan and local policies,
there would be no impact.
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f)

No Impact. The Installation-Wide Multi-Species Habitat Management Plan for Former
Fort Ord (USACE 1997) establishes the guidelines for conservation and management of
plant and wildlife species at the former Fort Ord military base in Monterey County. The
lands are currently administered and managed by the Bureau of Land Management
(BLM). Because the IWDM program does not currently conduct activities on federal
lands, the project would not conflict with any conservation plans, and no impact would
occur.
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5.

CULTURAL RESOURCES

Would the project:

Potentially
Significant
Impact

Less Than
Significant
With
Mitigation
Incorporated

Less Than
Significant
Impact

No
Impact

a) Cause a substantial adverse change in the significance of
a historical resource as defined in Section 15064.5?
b) Cause a substantial adverse change in the significance of
an archaeological resource pursuant to Section 15064.5?
c) Directly or indirectly destroy a unique paleontological
resource or site or unique geologic feature?
d)

Disturb any human remains, including those interred
outside of formal cemeteries?

Discussion/Conclusion/Mitigation:
a–d)

No Impact. The project would not result in the construction or alteration of structures or
other facilities. The project does not include activities that would result in grading or
excavation; any ground disturbance necessary for the installation of traps or snares would
be minimal and limited to surface soils. Therefore, the project would not cause a
substantial adverse change in the significance of historical or archaeological resources,
destroy a unique paleontological resource or geologic feature, nor would it disturb human
remains. No impact would occur.
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6.

GEOLOGY AND SOILS

Would the project:

Potentially
Significant
Impact

Less Than
Significant
With
Mitigation
Incorporated

Less Than
Significant
Impact

No
Impact

a) Expose people or structures to potential substantial
adverse effects, including the risk of loss, injury, or
death involving:
i)

Rupture of a known earthquake fault, as delineated
on the most recent Alquist-Priolo Earthquake Fault
Zoning Map issued by the State Geologist for the
area or based on other substantial evidence of a
known fault? Refer to Division of Mines and
Geology Special Publication 42.

ii) Strong seismic ground shaking?
iii) Seismic-related ground failure, including
liquefaction?
iv) Landslides?
b) Result in substantial soil erosion or the loss of topsoil?
c) Be located on a geologic unit or soil that is unstable, or
that would become unstable as a result of the project,
and potentially result in on- or off-site landslide, lateral
spreading, subsidence, liquefaction, or collapse?
d) Be located on expansive soil, as defined in Chapter 18A
of the 2013 California Building Code, creating
substantial risks to life or property?
e) Have soils incapable of adequately supporting the use of
septic tanks or alternative wastewater disposal systems
where sewers are not available for the disposal of
wastewater?
f) Directly or indirectly destroy a unique paleontological
resource or site or unique geologic feature?

Discussion/Conclusion/Mitigation:
a)

No Impact. The entire California Coast and Coast Ranges area is prone to earthquakes
and related seismic hazards, including Monterey County (Monterey County 2008).
However, the proposed project would not generate housing and/or population, nor would
it increase nonresidential development. Therefore, the project would not result in or
increase exposure of people or structures to potential substantial adverse effects,
including the risk of loss, injury, or death involving seismic hazards. No impact would
occur.

b)

No Impact. Common causes of erosion are (1) site grading and disturbance of soil and
rock during construction, where runoff and improper drainage can trigger erosion and
improper drainage; and (2) post-construction drainage (Monterey County 2008). No
construction, vegetation removal, grading, and/or other significant earth-moving
activities would occur as a result of the project. Any ground disturbance necessary for the
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installation of traps or snares would be minimal and limited to surface soils. Therefore,
the project would not result in substantial soil erosion or the loss of topsoil. No impact
would occur.
c, d)

No Impact. The project would not result in the construction or alteration of structures or
other facilities that would be affected by unstable or expansive soils. No impact would
occur.

e)

No Impact. The project does not include the installation of septic tanks or alternative
wastewater disposal systems. No impact would occur.

f)

No Impact. The project does not include activities that would result in grading or
excavation; any ground disturbance necessary for the installation of traps or snares would
be minimal and limited to surface soils. Therefore, the project would not destroy a unique
paleontological resource or site or unique geologic feature. No impact would occur.
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7.

GREENHOUSE GAS EMISSIONS

Would the project:

Potentially
Significant
Impact

Less Than
Significant
With
Mitigation
Incorporated

Less Than
Significant
Impact

No
Impact

a) Generate greenhouse gas emissions, either directly or
indirectly, that may have a significant impact on the
environment?
b) Conflict with an applicable plan, policy, or regulation
adopted for the purpose of reducing the emissions of
greenhouse gases?

Discussion/Conclusion/Mitigation:
a, b)

Less Than Significant Impact. The project would not result in increases in population,
housing, or other development that would increase motor vehicle usage that would be a
source of greenhouse gas (GHG) emissions. Exhaust containing GHGs would be
generated by the use of vehicles and ATVs by APHIS-WS personnel. The same number
of vehicles and ATVs currently in use under the existing IWDM Program Agreement
would continue, and no changes to how the APHIS-WS program operates in the county
that would substantially increase vehicle and ATV use is expected under the contract
renewal. As such, GHG emissions associated with vehicle and ATV use would remain
similar to existing conditions. Therefore, the project would not result in a substantial net
increase in GHG emissions that would have a significant impact on the environment or
conflict with applicable GHG plans or policies, and the impact would be less than
significant.
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8.

HAZARDS AND HAZARDOUS MATERIALS

Would the project:

Potentially
Significant
Impact

Less Than
Significant
With
Mitigation
Incorporated

Less Than
Significant
Impact

No
Impact

a) Create a significant hazard to the public or the
environment through the routine transport, use, or
disposal of hazardous materials?
b) Create a significant hazard to the public or the
environment through reasonably foreseeable upset and
accident conditions involving the release of hazardous
materials into the environment?
c) Emit hazardous emissions or handle hazardous or
acutely hazardous materials, substances, or waste within
one-quarter mile of an existing or proposed school?
d) Be located on a site which is included on a list of
hazardous materials sites compiled pursuant to
Government Code Section 65962.5 and, as a result,
would it create a significant hazard to the public or the
environment?
e) For a project located within an airport land use plan or,
where such a plan has not been adopted, within 2 miles
of a public airport or public use airport, result in a safety
hazard for people residing or working in the project
area?
f) For a project within the vicinity of a private airstrip,
result in a safety hazard for people residing or working
in the project area?
g) Impair implementation of or physically interfere with an
adopted emergency response plan or emergency
evacuation plan?
h) Expose people or structures to a significant risk of loss,
injury, or death involving wildland fires, including
where wildlands are adjacent to urbanized areas or
where residences are intermixed with wildlands?

Discussion/Conclusion/Mitigation:
a, b)

Less Than Significant Impact. The project could involve the transport, use, or disposal
of limited amounts of EPA- and DEA-approved toxicants (including euthanasia drugs).
All chemicals used by APHIS-WS are regulated by the EPA and DEA, as well as by WS
directives. Specifically, WS Directive 2.465 provides guidelines related to maintaining
accurate hazardous material inventories and records, and establishes accountability and
oversight by all field personnel, supervisors, and managers. Finally, WS Directive 2.430
addresses the uses of controlled chemicals and euthanizing agents, including training
standards and certification requirements for WS personnel.
Per these directives, as well as EPA regulations, any toxicants transported, used, or
disposed of as a result of the project would be subject to oversight and accountability by
trained and certified WS personnel. Furthermore, these toxicants would be used in limited
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amounts under controlled circumstances, are highly selective to target individuals or
populations, and there would be no change in such use as a result of continued
implementation of the existing IWDM program. Therefore, they would not be expected to
create a significant hazard to the public or the environment from the transport, use, or
disposal of hazardous materials or through reasonably foreseeable upset and accident
conditions involving the release of hazardous materials into the environment. This impact
would be less than significant.
c)

Less Than Significant Impact. As described above, any chemicals transported, used, or
disposed of during as a result of the project would be subject to WS directives and EPA
regulations intended to prevent significant hazards to the public or the environment,
including public schools. Furthermore, these toxicants would be used under limited
circumstances and in limited amounts and are highly selective to target individuals or
populations. Therefore, the project would not involve hazardous emissions or hazardous
substances in quantities that could cause impacts to an existing or proposed school. This
impact would be less than significant.

d)

No Impact. No grading or other significant earth-moving activities would occur as a
result of the project. Therefore, the project would not result in significant hazards to the
public or the environment as a result of current contamination or contamination from
historical use of a property. There would be no impact.

e, f)

No Impact. The project does not include activities that would interfere with the safe
operation of aircraft or that would create potential hazards to aviation, such as
development near aviation facilities, aerial features such as antennas, or development
with reflective materials. In fact, the project assists in mitigation hazards to aviation
activities from wildlife by hazing/removing birds, and other large animals that could
create safety hazards. Therefore, no impact would occur as a result of the project for
people residing or working in the vicinity of public or private airstrips in the county.

g)

No Impact. Monterey County has designated emergency evacuation routes throughout
the county, including US Highway 101, state highways, several numbered county roads,
and various other county roads. The project would not result in changes to any of these
evacuation arteries, nor would it impair implementation of emergency response within
the county. No impact would occur.

h)

Less Than Significant Impact. Although wildland fires are a hazard in many areas of
Monterey County, the majority of project-related services are provided for the protection
of livestock and field crops on agricultural lands, which have a low susceptibility to
wildland fire risks (Monterey County 2008). Furthermore, the project would not place
residents or other urbanized development in a wildland area and thus would not result in
a significant risk of loss, injury, or death involving wildland fires. Per WS directives, any
wildlife management methods (e.g. pyrotechnics) that could result in fire hazards would
be subject to oversight and accountability by trained and certified WS personnel.
Therefore, this impact would be less than significant.
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9.

HYDROLOGY AND WATER QUALITY

Would the project:
a) Violate any water quality standards or waste discharge
requirements?
b)

Substantially deplete groundwater supplies or interfere
substantially with groundwater recharge such that there
would be a net deficit in aquifer volume or a lowering
of the local groundwater table level (e.g., the
production rate of pre-existing nearby wells would
drop to a level which would not support existing land
uses or planned uses for which permits have been
granted)?

c)

Substantially alter the existing drainage pattern of the
site or area, including through the alteration of the
course of a stream or river, in a manner which would
result in substantial erosion or siltation on- or off-site?

d)

Substantially alter the existing drainage pattern of the
site or area, including through the alteration of the
course of a stream or river, or substantially increase the
rate or amount of surface runoff in a manner which
would result in flooding on- or off-site?

e)

Create or contribute runoff water which would exceed
the capacity of existing or planned stormwater drainage
systems or provide substantial additional sources of
polluted runoff?

f)

Otherwise substantially degrade water quality?

g)

Place housing within a 100-year flood hazard area as
mapped on a federal Flood Hazard Boundary or Flood
Insurance Rate Map or other flood hazard delineation
map?

h)

Place within a 100-year flood hazard area structures
which would impede or redirect flood flows?

i)

Expose people or structures to a significant risk of loss,
injury or death involving flooding, including flooding
as a result of the failure of a levee or dam?

j)

Inundation by seiche, tsunami, or mudflow?

Potentially
Significant
Impact

Less Than
Significant
With
Mitigation
Incorporated

Less Than
Significant
Impact

No
Impact

Discussion/Conclusion/Mitigation:
a–f)

No Impact. Given that no construction, vegetation removal, grading, or other
significant earth-moving activities would occur as a result of the project, there is no
potential for discharges to watercourses, construction erosion and sedimentation of
watercourses, the alteration of drainage patterns, or the concentration or redirecting of
pollutants. No impact to water quality would occur.

g, h)

No Impact. The project would not result in the construction of housing or other
structures. No impact would occur.
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i, j)

No Impact. The proposed project would not generate housing and/or population, nor
would it increase nonresidential development. Therefore, the project would not result
in exposure of, or increase exposure of, people or structures to flooding or inundation
by seiche, tsunami, or mudflow. No impact would occur.
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10.

LAND USE AND PLANNING

Would the project:

Potentially
Significant
Impact

Less Than
Significant
With
Mitigation
Incorporated

Less Than
Significant
Impact

No
Impact

a) Physically divide an established community?
b) Conflict with any applicable land use plan, policy, or
regulation of an agency with jurisdiction over the project
(including, but not limited to the general plan, specific
plan, local coastal program, or zoning ordinance)
adopted for the purpose of avoiding or mitigating an
environmental effect?
c) Conflict with any applicable habitat conservation plan or
natural community conservation plan?

Discussion/Conclusion/Mitigation:
a)

No Impact. The project would not result in the construction of housing or other
structures that could physically divide an established community. No impact would
occur.

b)

No Impact. The project does not conflict with any plan, policy, or regulation adopted for
the purpose of avoiding or mitigating an environmental effect as discussed throughout
this Initial Study. Furthermore, the project supports General Plan Goal AG-1: “Promote
the long-term protection, conservation, and enhancement of productive and potentially
productive agricultural land” in the county by preventing and reducing damage to
agricultural property, crops, and livestock. There would be no impact.

c)

No Impact. See subsection 4, Biological Resources. No impact would occur.
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11.

MINERAL RESOURCES

Would the project:

Potentially
Significant
Impact

Less Than
Significant
With
Mitigation
Incorporated

Less Than
Significant
Impact

No
Impact

a) Result in the loss of availability of a known mineral
resource that would be of value to the region and the
residents of the state?
b) Result in the loss of availability of a locally important
mineral resource recovery site delineated on a local
general plan, specific plan, or other land use plan?

Discussion/Conclusion/Mitigation:
a, b)

No Impact. Project activities do not include any changes to zoning, changes in land use,
construction, development, or other components that would result in the loss of
availability of a known mineral resource or of a locally important mineral resource
recovery site. No impact would occur.
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12.

NOISE

Would the project result in:

Potentially
Significant
Impact

Less Than
Significant
With
Mitigation
Incorporated

Less Than
Significant
Impact

No
Impact

a) Exposure of persons to or generation of noise levels in
excess of standards established in the local general plan
or noise ordinance, or applicable standards of other
agencies?
b) Exposure of persons to or generation of excessive
groundborne vibration or groundborne noise levels?
c) A substantial permanent increase in ambient noise
levels in the project vicinity above levels existing
without the project?
d) A substantial temporary or periodic increase in ambient
noise levels in the project vicinity above levels existing
without the project?
e) For a project located within an airport land use plan or,
where such a plan has not been adopted, within 2 miles
of a public airport or public use airport, exposure of
people residing or working in the project area to
excessive noise levels?
f) For a project within the vicinity of a private airstrip,
exposure of people residing or working in the project
area to excessive noise levels?

Discussion/Conclusion/Mitigation:
a)

Less Than Significant Impact. Wildlife damage management tools and equipment may
generate temporary, intermittent noise during project operations, such as noise from
firearms (including high-pressure air rifles), trailing hounds, ATVs, pyrotechnics, and
electronic calling devices. These noises would continue to occur primarily on large
agricultural parcels rather than in dense urban areas, so substantial numbers of people
would not be exposed, and noises would be widely dispersed. No changes in noiseproducing tools or equipment would occur. Therefore, any noise would be short-term and
would not exceed General Plan noise standards. Impacts would be less than significant.

b)

No Impact. The project does not include vibration-producing land uses or the use of
vibration-producing construction equipment, such as bulldozers, jackhammers, or pile
drivers. No impact would occur.

c)

No Impact. The project would not generate permanent sources of noise, nor would it
place new land uses near sensitive receptors. As such, the project would not result in a
substantial permanent increase in ambient noise levels in the project vicinity above levels
existing without the project. No impact would occur.

d)

Less Than Significant Impact. As discussed above, the project would generate
temporary, intermittent noise associated with the use of wildlife damage management
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tools and equipment. However, these types of wildlife management tools are currently in
use under the existing IWDM Program Agreement, and no changes would occur under
the proposed project. Therefore, the project would not result in a substantial temporary or
periodic increase in ambient noise levels in the project vicinity above levels existing
without the project. Impacts would be less than significant.
e, f)

No Impact. The proposed project would not generate housing or population, nor would it
increase nonresidential development. Therefore, the project would not result in or
increase exposure of people or structures to excessive noise from public or private
airstrips. No impact would occur.
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13.

POPULATION AND HOUSING

Would the project:

Potentially
Significant
Impact

Less Than
Significant
With
Mitigation
Incorporated

Less Than
Significant
Impact

No
Impact

a) Induce substantial population growth in an area, either
directly (for example, by proposing new homes and
businesses) or indirectly (for example, through
extension of roads or other infrastructure)?
b) Displace substantial numbers of existing housing,
necessitating the construction of replacement housing
elsewhere?
c) Displace substantial numbers of people, necessitating
the construction of replacement housing elsewhere?

Discussion/Conclusion/Mitigation:
a)

No Impact. The proposed project would not directly induce population growth in the
county or in surrounding areas, as it does not include the construction of new homes or
result in the need for new homes. In addition, the project would not result in or encourage
the extension of paved roadways or public service/utility infrastructure into an
undeveloped area and thus indirectly encourage population and housing growth. No
impact would occur.

b, c)

No Impact. The project would not displace existing housing or people and would not
change any land use designation or zoning to restrict the development of housing. No
impact would occur.
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14.

PUBLIC SERVICES

Would the project result in:

Potentially
Significant
Impact

Less Than
Significant
With
Mitigation
Incorporated

Less Than
Significant
Impact

No
Impact

Substantial adverse physical impacts associated with the
provision of new or physically altered governmental
facilities, need for new or physically altered governmental
facilities, the construction of which could cause significant
environmental impacts, in order to maintain acceptable
service ratios, response times, or other performance
objectives for any of the public services:
a) Fire protection?
b) Police protection?
c) Schools?
d) Parks?
e) Other public facilities?

Discussion/Conclusion/Mitigation:
a–e)

No Impact. The proposed project would not generate housing and/or population, nor
would it increase nonresidential development. Therefore, the project would not increase
the demand for public services and would not require new or physically altered
governmental facilities, the construction of which could cause significant environmental
impacts. No impact would occur.

Monterey County Initial Study
USDA IWDM Program and Agreement Renewal

Page 39
February 2017

15.

RECREATION

Would the project:

Potentially
Significant
Impact

Less Than
Significant
With
Mitigation
Incorporated

Less Than
Significant
Impact

No
Impact

a) Increase the use of existing neighborhood and regional
parks or other recreational facilities such that substantial
physical deterioration of the facility would occur or be
accelerated?
b) Does the project include recreational facilities or require
the construction or expansion of recreational facilities
which might have an adverse physical effect on the
environment?

Discussion/Conclusion/Mitigation:
a, b)

No Impact. The proposed project would not generate housing and/or population and
therefore would not increase the demand for or use of recreational areas. The project
would not result in physical impacts to the environment related to an increase in
recreational facilities or in degradation of recreational facilities. No impact would occur.
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16.

TRANSPORTATION/TRAFFIC

Would the project:

Potentially
Significant
Impact

Less Than
Significant
With
Mitigation
Incorporated

Less Than
Significant
Impact

No
Impact

a) Conflict with an applicable plan, ordinance, or policy
establishing measures of effectiveness for the
performance of the circulation system, taking into
account all modes of transportation including mass
transit and non-motorized travel and relevant
components of the circulation system, including but not
limited to intersections, streets, highways and freeways,
pedestrian and bicycle paths, and mass transit?
b) Conflict with the goals, objectives, and policies of the
2010 Regional Transportation Plan for Monterey
County, including, but not limited to level of service
standards and travel demand measures, or other
standards established by the Transportation Agency for
Monterey County (TAMC) for designated roads or
highways?
c) Result in a change in air traffic patterns, including either
an increase in traffic levels or a change in location that
result in substantial safety risks?
d) Substantially increase hazards due to a design feature
(e.g., sharp curves or dangerous intersections) or
incompatible uses (e.g., farm equipment)?
e) Result in inadequate emergency access?
f) Conflict with adopted policies, plans, or programs
regarding public transit, bicycle, or pedestrian facilities,
or otherwise decrease the performance or safety of such
facilities?

Discussion/Conclusion/Mitigation:
a, b)

No Impact The project would include not increase the number of vehicles and ATVs
currently in use by APHIS-WS personnel under the existing IWDM Program Agreement.
The project would not result in an increase in vehicular use, mass transit use, and/or nonmotorized travel and would not contribute to increased congestion. No impact would
occur relative to transportation plans.

c)

No Impact. The project would not increase air traffic levels, change air travel locations,
or otherwise affect air traffic patterns. There would be no impact.

d)

No Impact. The proposed project would not result in any new development or require the
construction or extension of roadways, nor will it change any land use designation or
zoning. The project would increase hazards due to design features or incompatible uses.
No impact would occur.
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e)

No Impact. The project would not require the provision of emergency access, nor would
it impair implementation of emergency response within the county. No impact would
occur.

f)

No Impact. The project would not conflict with any adopted County policies, plans, or
programs regarding public transit, bicycle, or pedestrian facilities. The project would not
interfere with any existing transit routes, would not remove or relocate any existing
transit stops/stations, and would not conflict with any transit plans or goals. Therefore,
the project would have no impact regarding alternative transportation.
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17.

TRIBAL CULTURAL RESOURCES

Would the project cause a substantial adverse change in
the significance of a tribal cultural resource, defined in
Public Resources Code section 21074 as either a site,
feature, place, cultural landscape that is geographically
defined in terms of the size and scope of the landscape,
sacred place, or object with cultural value to a California
Native American tribe, and that is:

Potentially
Significant
Impact

Less Than
Significant
With
Mitigation
Incorporated

Less Than
Significant
Impact

No
Impact

a) Listed or eligible for listing in the California Register of
Historical Resources, or in a local register of historical
resources as defined in Public Resources Code section
5020.1(k), or?
b) A resources determined by the lead agency, in its
discretion and supported by substantial evidence, to be
significant pursuant to criteria set forth in subdivision
(c) of Public Resources Code Section 5024.1. In
applying the criteria set forth in subdivision (c) of Public
Resources Code Section 5024.1, the lead agency shall
consider the significance of the resource to a California
Native American tribe.

Discussion/Conclusion/Mitigation:
a, b)

No Impact. The project would not result in the construction or alteration of structures or
other facilities. The project does not include activities that would result in grading or
excavation; any ground disturbance necessary for the installation of traps or snares would
be minimal and limited to surface soils. Therefore, the project would not cause a
substantial change in the significance of a significant tribal resource. No impact would
occur.
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18.

UTILITIES AND SERVICE SYSTEMS

Would the project:

Potentially
Significant
Impact

Less Than
Significant
With
Mitigation
Incorporated

Less Than
Significant
Impact

No
Impact

a) Exceed wastewater treatment requirements of the
applicable Regional Water Quality Control Board?
b) Require or result in the construction of new water or
wastewater treatment facilities or expansion of existing
facilities, the construction of which could cause
significant environmental effects?
c) Require or result in the construction of new stormwater
drainage facilities or expansion of existing facilities, the
construction of which could cause significant
environmental effects?
d) Have sufficient water supplies available to serve the
project from existing entitlements and resources, or are
new or expanded entitlements needed?
e) Result in a determination by the wastewater treatment
provider which serves or may serve the project that it
has adequate capacity to serve the project’s projected
demand in addition to the provider's existing
commitments?
f) Be served by a landfill with sufficient permitted capacity
to accommodate the project's solid waste disposal
needs?
g) Comply with federal, state, and local statutes and
regulations related to solid waste?

Discussion/Conclusion/Mitigation:
a–e)

No Impact. The proposed project would not generate housing and/or population, nor
would it increase nonresidential development. Therefore, the project would not increase
the demand for water, wastewater, and storm drainage facilities and would not require
new or expanded facilities, the construction of which could cause significant
environmental impacts. No impact would occur.

f, g)

Less Than Significant Impact. The project would continue to result in some animal
carcasses requiring disposal. WS Directive 2.515 sets forth requirements for the disposal
of wildlife carcasses, requiring that all carcasses be disposed of in a manner consistent
with federal, state, county, and local regulations. Depredation permits issued by CDFW
and USFWS specify how carcasses should be disposed. Therefore, the project would
comply with federal, state, county, and local statutes and regulations related to solid
waste. Two landfills currently operate in Monterey County: the Monterey Peninsula
Landfill in Marina and the Johnson Canyon Sanitary Landfill in Gonzales (CalRecycle
2016). The project would not impact capacity at these landfills. Impacts would be less
than significant.
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VII. MANDATORY FINDINGS OF SIGNIFICANCE
NOTE: If there are significant environmental impacts which cannot be mitigated and no feasible project alternatives
are available, then complete the mandatory findings of significance and attach to this initial study as an appendix.
This is the first step for starting the environmental impact report (EIR) process.

Does the project:

Potentially
Significant
Impact

Less Than
Significant
With
Mitigation
Incorporated

Less Than
Significant
Impact

No
Impact

a) Have the potential to degrade the quality of the
environment, substantially reduce the habitat of a fish
or wildlife species, cause a fish or wildlife population
to drop below self-sustaining levels, threaten to
eliminate a plant or animal community, reduce the
number or restrict the range of a rare or endangered
plant or animal, or eliminate important examples of the
major periods of California history or prehistory?
b) Have impacts that are individually limited, but
cumulatively considerable? (“Cumulatively
considerable” means that the incremental effects of a
project are considerable when viewed in connection
with the effects of past projects, the effects of other
current projects, and the effects of probable future
projects.)
c) Have environmental effects which will cause
substantial adverse effects on human beings, either
directly or indirectly?

Discussion/Conclusion/Mitigation:
a)

Less Than Significant Impact. The continuation of the IWDM program by APHIS-WS
through its contract with Monterey County would not impact fish or wildlife habitat
because it would cause no physical habitat disturbance. The program is designed to avoid
direct and indirect impact on special-status species. It would result only in selective take
of individual targeted animals when necessary; therefore, the program would not
substantially cause a wildlife population to drop below self-sustaining levels. No cultural
or historic resources would be affected by the program because it results in no physical
disturbance.

b)

No Impact. The proposed project would not result in any potentially significant impacts;
therefore, the potential for project cumulative effects in combination with other planned
or anticipated improvements is low. The proposed project would not have cumulative
impacts on future projects or other projects in the general area.

c)

Less Than Significant Impact. The proposed project would continue the County’s
existing IWDM Program, which is intended to protect, rather than have adverse effects
on, human beings. The stated goal of the project is to conduct a biologically sound,
environmentally safe, and responsive IWDM Program in an accountable manner to assist
property owners, businesses, private citizens, and governmental agencies in resolving
wildlife damage problems, as well as to conduct control activities in accordance with

Monterey County Initial Study
USDA IWDM Program and Agreement Renewal

Page 45
February 2017

applicable federal, state, and local laws and regulations. As described in this Initial Study,
all services are conducted in compliance with The Wildlife Services Policy Manual,
which provides guidance to APHIS-WS personnel via a series of WS directives. The
directives address proper transport, use, and disposal of any pesticide or
immobilization/euthanasia toxicants used as a result of the project, as well as the proper
disposal of animal carcasses generated by the project. In addition, noise generated by the
project would be temporary, intermittent and would not significantly increase under the
proposed project. Therefore, the project would not have environmental effects which will
cause substantial adverse effects on human beings, either directly or indirectly.
Note: Authority cited: Sections 21083 and 21083.05, Public Resources Code. Reference: Section 65088.4, Gov.
Code; Sections 21080(c), 21080.1, 21080.3, 21082.1, 21083, 21083.05, 21083.3, 21093, 21094, 21095, and 21151,
Public Resources Code; Sundstrom v. County of Mendocino, (1988) 202 Cal.App.3d 296; Leonoff v. Monterey
Board of Supervisors (1990) 222 Cal.App.3d 1337; Eureka Citizens for Responsible Govt. v. City of Eureka (2007)
147 Cal.App.4th 357; Protect the Historic Amador Waterways v. Amador Water Agency (2004) 116 Cal.App.4th at
1109; San Franciscans Upholding the Downtown Plan v. City and County of San Francisco (2002) 102 Cal.App.4th
656.

VIII. FISH AND WILDLIFE ENVIRONMENTAL DOCUMENT FEES
Assessment of Fee:
The State Legislature, through the enactment of Senate Bill (SB) 1535, revoked the authority of
lead agencies to determine that a project subject to CEQA review had a “de minimis” (minimal)
effect on fish and wildlife resources under the jurisdiction of the Department of Fish and
Wildlife. Projects that were determined to have a “de minimis” effect were exempt from
payment of the filing fees.
SB 1535 has eliminated the provision for a determination of “de minimis” effect by the lead
agency; consequently, all land development projects that are subject to environmental review are
now subject to the filing fees, unless the Department of Fish and Wildlife determines that the
project will have no effect on fish and wildlife resources.
To be considered for determination of “no effect” on fish and wildlife resources, development
applicants must submit a form requesting such determination to the Department of Fish and
Wildlife. Forms may be obtained by contacting the department by telephone at (916) 631-0606
or through the department’s website at www.dfg.ca.gov.
Conclusion: The project will be required to pay the fee. Although the project is not a
development proposal, the project may nonetheless require the review and resources
of CDFW.
Evidence:

Based on the record as a whole as embodied in the attached Initial Study, should
the County independently determine that an EIR is the preferred CEQA document
for this project, the fee would be addressed with the filing of the Notice of
Determination.
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TABLE A-1
SUMMARY OF NOP AND SCOPING MEETING COMMENTS
Commenter

Topic(s)
Written Comments Submitted on NOP

Where Addressed in Draft EIR

Federal, State, or Local Government Agencies

none
Organizations

California Wool Growers Association
(March 28, 2017)

Center for Biological Diversity, on
behalf of Project Coyote, Animal
Welfare Institute, Natural Resources
Defense Council, and Animal Legal
Defense Fund
(March 30, 2017)

IWDM benefits
(letter contained no comments
specifically addressing the scope of
the Draft EIR)
Purpose and need for EIR
Project objectives
Project description details and
assumptions
Loss/damage data
Effectiveness of lethal and nonlethal
controls and cost-benefit
Baseline for evaluating wildlife
species impacts

Potential effects of lethal controls on
targeted wildlife species’ populations
and biodiversity
Potential effects on migratory wildlife
corridors
Potential effects of lethal controls on
non-targeted wildlife species,
including threatened and endangered
species
Potential for public to encounter
trapped injured or dead animal

Nonlethal alternatives for wildlife
damage management
Literature cited (attachment)

Federally listed species (attachment)
Unintentional take (attachment)

County of Monterey
August 2017

Section 2.0, Project Background,
describes APHIS-WS services in
Monterey County
Section 1.0, Introduction
Section 2.0, Project Background
Section 3.0, Project Description
Section 3.0, Project Description
Section 2.0, Project Background
Section 2.0, Project Background
Section 2.0, Project Background
Section 4.0, Introduction to the
Analysis
Section 4.1, Biological Resources
(Environmental Setting and Impacts
4.1.1, 4.1.2, and 4.1.7)
Section 4.1, Biological Resources
(Environmental Setting and Impacts
4.1.1, 4.1.2, and 4.1.7)
Section 4.1, Biological Resources
(Impact 4.1.4)
Section 4.1, Biological Resources
(Environmental Setting and Impacts
4.1.1, 4.1.2, and 4.1.7)
Section 3.0, Project Description
Section 4.0, Introduction to the
Analysis
Section 4.1, Biological Resources
(Impact 4.1.1)
Section 2.0, Project Background
Section 5.0, Alternatives (Alternatives
3, 4, 5, and 6)
References provided by commenter
under separate cover to Monterey
County were reviewed as part of
preparation of the Draft EIR. The
attached articles (approximately 400
pages total) are provided on CD only
in this Draft EIR to conserve paper.
Section 4.1, Biological Resources
(Table 4.1-1)
Section 4.1, Biological Resources
(Tables 4.1-5 and 4.1-6)
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Farm Bureau Monterey
(March 22, 2017)

Cost benefits of IWDM
Human-wildlife interactions and
public safety
Potential effects on predator species
populations

Ohlone/Costanoan-Esselen Nation
(March 27, 2017)

Potential for disturbance or artifacts
or remains

Section 2.0, Project Background
Section 2.0, Project Background
Section 5.0, Alternatives
Section 4.1, Biological Resources
(Environmental Setting and Impacts
4.1.1 and 4.1.7)
Initial Study Environmental Checklist
Section VI.5 (Cultural Resources) and
Section VI.17 (Tribal Cultural
Resources) – included in Appendix A
of this Draft EIR

Individuals

Joanne Nissen
(March 27, 2017)
Marion Stanley
(March 27, 2017)

Multiple commenters

Organization

IWDM benefits (letter contained no
Section 2.0, Project Background,
comments specifically addressing the describes APHIS-WS services in
scope of the Draft EIR)
Monterey County
IWDM benefits (letter contained no
Section 2.0, Project Background,
comments specifically addressing the describes APHIS-WS services in
scope of the Draft EIR)
Monterey County
Comments Made During Scoping Meeting
IWDM benefits
Section 2.0, Project Background,
describes APHIS-WS services in
Monterey County
Wildlife damage decisions should be
Section 2.0, Project Background
based on good data
Section 4.1, Biological Resources
Thresholds for determining impacts
Section 2.0, Project Background
are important
Section 4.1, Biological Resources
Purpose and need for EIR
Section 1.0, Introduction
Baseline for evaluating impacts
Section 2.0, Project Background
Section 4.0, Introduction to the
Analysis
Section 4.1, Biological Resources
CEQA Findings
Section 1.0, Introduction

Notes:
IWDM = Integrated Wildlife Damage Management
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August 2017
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1225 H Street, Suite 101 - Sacramento, California 95814
Phone (916) 444-8122
Email: info@woolgrowers.org - Website: www.woolgrowers.org

March 28, 2017

Robert Roach, Assistant Agricultural Commissioner
Monterey County Office of the Agricultural Commissioner
1428 Abbott Street
Salinas, CA 93901
RE: Notice of Preparation (NOP) of a Draft Environmental Impact Report for Monterey County’s
Consideration to renew its 5-Year Cooperative Services Agreement with the US Department of
Agriculture (USDA) for the USDA Wildlife Service Program in Monterey County
Dear Mr. Roach:
The California Wool Growers Association (CWGA) represents more than 500 sheep producers
including farm-flock, large commercial operations, lamb feeders, seedstock producers, wool
producers, and industry stakeholders. Since 1860, CWGA has been the voice of the California
sheep industry, delivering lasting value to support and grow all segments of the California sheep
industry.
Our sheep producers located in Monterey County (County) rely heavily on and benefit from the
services provided by the County’s cooperative agreement with the U.S. Department of
Agriculture’s (USDA) Animal Plant Health Inspection Service (APHIS) Wildlife Service (WS)
program. County sheep producers continue to face growing challenges in the protection of their
animals, as sheep are the most frequent victims from predators. Coyotes are the number one
predator of sheep and lambs in the County and are an increasing problem for other types of
livestock as well as public health and safety. Confirmed and reported damage and losses from
coyotes and other predators continue to increase and occur despite the use of multiple
management tools and techniques to safeguard livestock. Often overlooked are the indirect
costs of predators to livestock such as lower lambing percentages, reduced weight gain, etc.
that result from the fear and harassment of predators on livestock. Without the protection
measures and expertise provided by the WS program, the direct and indirect sheep and lamb
losses could be as much as two to three times higher.
Livestock producers are not the only group to benefit from the WS program, so does the general
public in managing wildlife damage to natural resources, public infrastructures, private property
and agriculture. WS cooperators on a county level include agriculture, forestry, private industry,
state wildlife agencies, state departments of health, state departments of agriculture, schools,
universities, counties, local governments, Indian nations, homeowner associations, conservation
groups and others that, together with WS, mitigate the damage and dangers that wildlife can
inflict. For example, WS works to protect wetlands habitat, riparian habitat, tidal marsh and
timber from a variety of pest species including feral hogs, as well as the destruction that beaver
can cause to waterways and the environment. In addition, WS provides valuable support to the
aviation community in addressing avian hazards at many airports.

President
Ryan Indart
Clovis, CA

Vice President
Dan Macon
Auburn, CA

Treasurer
Ed Anchordoguy
Sebastopol, CA

Executive Director
Erica Sanko
Sacramento, CA

The spread of wildlife-borne diseases to humans, livestock and other wildlife is a growing
concern. WS works to prevent, minimize or manage the damage and to protect human health
and safety from conflicts with wildlife. WS monitors and manages pests and diseases in the
County. WS is often the first line of defense in reducing and eliminating diseases such as the
West Nile virus, avian influenza, pandemic H1N1, chronic wasting disease, pseudo rabies,
bubonic plague, Hantavirus, Lyme disease, bovine tuberculosis and rabies. WS also prevents
entry of and controls invasive species such as feral swine. Feral swine are a subject of
increasing concern in the County as potential carriers or catalysts for a variety of diseases,
while also being destructive predators to agriculture crops and young livestock.
The County’s Cooperative Services Agreement with WS has proven to be an essential, cost
effective and efficient program in the areas of wildlife damage management and public health
and safety that is beneficial to all parties subject to wildlife damage in the County. No other
entity has the knowledge and expertise to provide these services to the County. CWGA strongly
supports the County’s efforts for the continuance of the WS program. CWGA is willing to work
with the County to strengthen and ensure a continued cooperative agreement with WS in the
responsible management of wildlife damage within the County.

Respectfully,

Erica Sanko
Executive Director

From: Collette Adkins [mailto:cadkins@biologicaldiversity.org]
Sent: Thursday, March 30, 2017 12:13 PM
To: Roach, Bob Ext.7379
Cc: 'Collette Adkins'
Subject: Comments on Initial Study for APHIS-WS IWDM Program and Agreement

Dear Mr. Roach,
Please see our attached comments on the Initial Study for APHIS-WS IWDM Program and Agreement. I
will send by mail a thumb drive with the cited studies.

Thank you,
Collette Adkins
______________
Collette Adkins
Senior Attorney
Center for Biological Diversity
651-955-3821
cadkins@biologicaldiversity.org

Note from Lead Agency: Cited
studies (approximately 400 pages)
are included on CD only in this
Draft EIR to conserve paper.

Via Email
March 30, 2017
Robert Roach, Assistant Agricultural Commissioner
Monterey County Office of the Agricultural Commissioner
1428 Abbott Street
Salinas, CA 93901
roachb@co.monterey.ca.us
Re:

Comments on Initial Study for APHIS-WS IWDM Program and Agreement
Renewal

Dear Mr. Robert Roach:
On behalf of the Center for Biological Diversity, Project Coyote, Animal Welfare
Institute, Natural Resources Defense Counsel and Animal Legal Defense Fund, we are writing to
provide comments on the Initial Study prepared by Monterey County for its APHIS-Wildlife
Integrated Wildlife Damage Management Program and Agreement Renewal (“the Program”).
We appreciate that the County plans to prepare an Environmental Impact Report (“EIR”), and as
explained below, we believe that the potential for significant impacts from the Program
necessitates preparation of an EIR.
CEQA (Pub. Res. Code § 21000 et seq.) is California’s bedrock environmental protection
law. The statute “embodies our state’s policy that the long-term protection of the environment shall
be the guiding criterion in public decisions.” (Architectural Heritage Ass’n v. Cnty. of Monterey
(2004) 122 Cal.App.4th 1095, 1100 [citing § 21001(d), other citations omitted].) CEQA’s
fundamental purpose is to “provid[e] public agencies and the general public with detailed
information about the effects of a proposed project on the environment” (San Franciscans for
Reasonable Growth v. City and Cnty. of San Francisco (1984) 151 Cal.App.3d 61, 72). Itthus
“ensur[es] that environmental considerations play a significant role in governmental decisionmaking.” (Fullerton Joint Union High Sch. Dist. v. State Bd. of Educ. (1982) 32 Cal.3d 779, 797
(“Fullerton”) [int. quot. omitted]; § 21006 [CEQA is an “integral part of any public agency’s
decision making process”].)
Flawed and Unjustified Objectives of the Wildlife Damage Management Program
The CEQA Guidelines require a “statement of objectives sought by the proposed
project,” which helps the agency “develop a reasonable range of alternatives to evaluate in the
EIR.” 14 CCR § 15124(b).

The Initial Study (p. 2) explains that the Program’s goal is to provide assistance in
“resolving wildlife damage problems.” As explained below, the EIR needs to examine the
science showing that predator control is not an effective way to address threats posed by wildlife
to livestock, especially given the availability of nonlethal methods and the beneficial roles played
by predators in the ecosystem and their control of rodents that may harm field crops. In addition,
the EIR should consider the costs of the Program relative to its benefits, including consideration
of the economic value of having healthy wildlife populations.
Predator Control is Ineffective
One of the most fundamental problems with the Initial Study is that the agency fails to
adequately justify the need for wildlife damage management, especially its control of predators
like coyotes, cougars and bobcats. The Initial Study cites no scientific evidence suggesting that
lethal predator control is effective in protecting livestock, even though recent science calls into
question the efficacy of predator control.
For example, Treves et al. (2016), a meta-review of 24 studies, showed little or no
scientific support for the efficacy of killing predators to protect livestock. The scientists
catalogued previous studies according to their adherence to the scientific method and found that
half were not conducted with an experimental design that included control (non-manipulated)
herds of livestock and other standard scientific safeguards to exclude the effects of bias in
sampling, treatment, measurement or reporting. However, they found 12 studies that were
conducted according to the scientific method. Among those more credible studies, most of the
tests of lethal methods showed either no effect or unexpected increases in livestock deaths.
Moreover, two studies used sound methods to evaluate nonlethal means of protecting livestock,
such as use of guard dogs or fladry (wire draped with nylon flags installed around the perimeter
of smaller livestock pastures to deter predators), and both showed these methods to be effective.
Indeed, the EIR should examine whether lethal control of predators is needed given the
wide array of available nonlethal methods. Numerous studies have demonstrated the
effectiveness of nonlethal methods to protect livestock from predators (Andelt 1996; Treves and
Karanth 2003; Sacks and Neale 2002; Morehouse and Boyce 2011; Shivik et al. 2003; Lance et
al. 2010; Stone et al. 2017).
To be sure, numerous scientific studies seriously call into question the efficacy of lethal
predator control (Wielgus & Peebles 2014; Berger 2006, Harper et al. 2008; Musiani et al. 2003;
Peebles et al. 2013, Teichman et al. 2016). For example, in a study based upon a review of 25
years of livestock depredation data, Wielgus & Peebles (2014) found that with increased wolf
persecution, livestock losses increased in the following year (see also Smith et al. 2015; Wallach
et al. 2017).
Similarly, recent studies also found that hunting of cougars may increase conflicts with
livestock (e.g. Peebles & Wielgus 2013; Teichman et al. 2016). Specifically, cougar hunting
destabilizes the social structure of cougars in the wild, disrupting cougars’ sex-age structure and
tilting cougar populations so that they are comprised of younger males. Younger males are more

likely to engage in livestock depredations than animals in stable, older populations (Peebles et al.
2013; Lambert et al. 2006).
The Purported Economic Losses Need More Analysis
To justify the Program, the Initial Study (p.2) points to economic losses exceeding 1.3
million dollars in Monterey County caused by nuisance animals. No further details are provided.
The reader does not know if the animals targeted by the Program caused this harm. There is no
explanation of how this figure was calculated or how it compares to annual agricultural revenues
in the County. It fails to present the APHIS-WS annual budget for Monterey County and what
percentage is funded by the County. In addition, the Initial Study ignores numerous other
relevant economic factors, such as how predators control rodents that compete with cattle for
food, the value of ecosystems services lost, loss of revenue from non-consumptive uses of
wildlife (i.e. money spent by eco-tourists and wildlife watchers).
Such economic analysis should be explored in an EIR. Without this analysis, the public is
left without answers to the most basic questions about the cost effectiveness of the Wildlife
Damage Management program. For example, will APHIS-WS spend $1,000 in responding to the
loss of a $100 lamb? That is important information for the public to know in evaluating whether
the County’s contract renewal makes fiscal sense, and whether there is a true need for the
proposed action.
Killing Predators to Benefit Livestock May Increase Rodents
We are also concerned that the Initial Study focuses on the need for predator damage
management to protect livestock without adequately considering how such predator control
affects wildlife damage to field crops. Killing predators that feed on rodents, lagomorphs and
other animals that damage field crops could have the unintended impact of increasing damage to
field crops. The EIR should analyze and explain the relationship between predator control and
wildlife impacts to field crops, and discuss the percentage of annual agricultural revenues in the
County that come from field crops.
Moreover, the EIR should consider that coyotes consume jackrabbits and other
herbivores, diminishing competition with livestock for native forage. This ultimately enhances
the amount of vegetation available for other uses, a benefit that likely outweighs the damages to
the livestock industry that is attributed to coyotes, and should be considered in the EIR.
The Program Cannot Be Justified Based on Human Health and Safety
Just as the Initial Study fails to successfully articulate a need for the Program on the basis
of actual damages to agriculture, it similarly fails to articulate a need on the basis of threats to
human health and safety. Only 34 “Health and Safety Visits” occurred in 2015 (Initial Study, p.
7). Such visits, especially those involving skunks and feral dogs, could readily be handled either
by the private sector or by municipal police forces and animal-control departments, or even
through public education campaigns. Moreover, attacks on humans from predators such as
mountain lions and coyotes are extraordinarily rare (Sweanor and Logan 2009, Mattson et al.

2011; Herrero et al. 2011). In fact, recent research suggests that mountain lions could indirectly
save far more people from death (5 per year) and injury (680 per year) by reducing vehicle
collisions with deer (Gilbert et al. 2016).
In summary, the Program’s objectives are either unreliable or inconsequential. The result
is that the very foundation of the Program simply cannot stand.
The Initial Study Does Not Support a Negative Declaration -- an EIR Is Required
Under CEQA, the agency must decide whether the action may cause a significant effect on
the environment and then conduct a review accordingly. (See Muzzy Ranch Co. v. Solano Cnty.
Airport Land Use Com. (2007) 41 Cal.4th 372, 379-81 [discussing CEQA’s process].) Specifically,
if the agency determines substantial evidence exists that an aspect of the project may cause a
significant effect on the environment, the agency must ensure that a full EIR is prepared on the
proposed project. (CEQA Guidelines, § 15063, subd. (b)(1); see also Pub. Resources Code, §§
21100, 21151; CEQA Guidelines, § 15080 et seq.)
Here, the County in its Initial Study (p. 14, capitalization in original) concluded that the
Program “COULD NOT have a significant effect on the environment, and a NEGATIVE
DECLARATION will be prepared.” We disagree with the County’s conclusion, and as explained
below, an EIR must be prepared.
The Initial Study Relies on an Improper Baseline Analysis
The Initial Study (p. 3) states that “the continued implementation of the activities by
APHIS-WS under the IWDM program would maintain the baseline condition.” We disagree that
renewal of the Program would maintain the baseline condition without additional impacts. A
continuation of the Program could exacerbate impacts from the wildlife killing and thereby
change conditions, even if annual killing levels stay roughly the same. For example, the
Program’s additional killing of rare predators, such as bobcats, which are already experiencing
population declines, could create an even bigger threat to the species’ viability than the species
has previously experienced. Moreover, because the County has never before prepared any
environmental review under CEQA for its wildlife damage management program, the County
has no idea what the baseline is or how this project and its predecessors are cumulatively
impacting the environment.
Further, wildlife itself must be considered an integral component of the environment.
Thus, killing wildlife necessarily changes the condition of any existing environmental baseline.
Conducting the same level of killing each year does not mean that the baseline condition is being
maintained; it simply means that the baseline condition is being changed the same (or, as
described above, potentially an increasingly greater) amount each year.
Potential For Significant Impacts to Aesthetic and Biological Resources
We also disagree with the County’s analysis of impacts on aesthetics and biological
resources, as reflected in the Environmental Checklist.

First, the Program’s killing activities have the potential to “substantially degrade the
existing visual character or quality of the site and its surroundings.” CEQA Guidelines App. G §
IV. Trapping leaves animals to suffer from stress, distress and pain for hours or even days in
traps and snares. Trapped animals fight to get free and sustain injuries or mortalities while
captured. Many animals die from dehydration, particularly in summer heat. The Initial Study
(p.17) provides that the placement of traps and other devices “would represent a temporary and
minor interruption of the existing visual condition.” Yet the impacts from the Program’s
placement of traps and snares -- and the presence of dead and dying animals -- cannot be so
easily discounted, as even the risk of encountering such gruesome sights could have long-term
and permanent negative impacts on recreational pursuits such as hiking and wildlife watching in
the affected areas. As such, the impacts on aesthetics should be fully analyzed in an EIR.
Second, the Initial Study should have found a significant impact on biological resources.
The State CEQA Guidelines Appendix G defines an impact as “significant” if it would “[h]ave a
substantial adverse effect, either directly or through habitat modification, on any species”
recognized as having a special status by local, state, or federal laws. CEQA Guidelines App. G §
IV. Moreover, the Legislature and the Secretary of Resources have determined that certain kinds
of impacts are necessarily significant. “Mandatory findings of significance” are required for the
following circumstances: “the project has the potential to… substantially reduce the numbers or
restrict the range of an endangered, rare or threatened species.” CEQA Guidelines § 15065; Mira
Monte Homeowners Association v. Ventura County 165 Cal.App.3d 357, 363-364.1
According to the U.S. Fish and Wildlife Service, Monterey County is home to 40
federally-listed endangered or threatened species (see attached -- Exh. A). These include the
California condor, which feeds on carrion and could be attracted to the baited traps and other
devices used by APHIS-WS. Just last year, APHIS-WS in California unintentionally captured a
turkey vulture in a foothold trap, which shows that the related condor is also at risk. In addition,
the endangered San Joaquin kit fox could be inadvertently caught in traps set for coyotes. Last
year in California, two gray foxes -- similar to size to the San Joaquin kit fox -- were killed, as
well as 39 captured and released, in snares and traps set by APHIS-WS.
Overall, just last year, 192 nontarget animals were captured and released and 16 killed in
California by APHIS-WS (see attached -- Exh. B). We do not know what fraction of these
unintended captures occurred in Monterey County -- the EIR must provide data on nontarget
captures in the County. Because of the indiscriminate nature of the methods used, including
1

The requirement to disclose and analyze impacts to special-status species is founded in
CEQA’s principles to “[p]revent the elimination of fish and wildlife species due to man’s
activities, insure that fish and wildlife populations do not drop below self-perpetuating levels,
and preserve for future generations representations of all plant and animal communities.” Pub.
Resources Code § 21001(c). It is in this context that the Supreme Court found that a “potential
substantial impact to endangered, rare or threatened species is per se significant.” Vineyard Area
Citizens for Responsible Growth, Inc. v. City of Rancho Cordova (2007) 40 Cal. 4th 412, 449,
citing CEQA Guidelines § 15065(a)(1).

traps, snares, shootings, toxicants and more, the Program has the potential for significant impacts
on endangered, rare, threatened or special status species.
Beyond impacts to nontargets, many of the species targeted by APHIS-WS play critical
roles in ecosystems, and their removals could result in a cascade of unintended consequences.
Over 2,200 coyotes have been reported as killed by APHIS-WS in the County from 2006-2015
(Initial Study, p. 9). The loss of top predators in particular is well documented to cause a wide
range of unanticipated impacts that are often profound, altering “processes as diverse as the
dynamics of disease, wildfire, carbon sequestration, invasive species, and biogeochemical
cycles” (Estes et al. 2011; Bergstrom et al. 2013; Bergstrom 2017).
Studies have also found that removal of coyotes harms species diversity. For example,
one study determined that Ord’s kangaroo rat became the dominant species in areas without
coyotes (Henke and Bryant 1999). As their numbers increased, so did their competitive
advantage. This had an overall negative effect on species diversity and richness throughout the
ecosystem. For this reason, the presence of coyotes in their native ecosystems is critical to
maintaining ecological balance; accordingly, the Program’s targeting of coyotes may disrupt
coyote populations and displace other keystone species across the county.
Furthermore, removing even just one adult predator can disrupt the social structure of the
population (e.g. Rutledge et al. 2010). And when mothers are killed, young are left orphaned and
frequently die from dehydration, starvation, predation or exposure, which the Initial Study fails
to consider in its mortality counts.
Because the Program will directly impact targeted and non-targeted wildlife populations
by killing individuals with traps and other devices, the Program has the potential to “interfere
substantially with the movement of any native resident or migratory fish or wildlife species or
with established native resident or migratory wildlife corridors.” CEQA Guidelines App. G § IV.
While traps and snares do not form a physical barrier, like a road or a wall, they impede
movement by killing travelling animals that encounter the devices.
More Analysis is Needed in an EIR
The Initial Study fails to describe the Program in adequate detail, making it impossible
for the public to understand or evaluate the full scope of the action or its impacts. It only
provides extremely broad generalizations. It provides that the standard APHIS-WS Decision
Model will be used to determine the methods used (Initial Study, p. 5). But the Decision Model
is only described in an extraordinarily vague way and no detail whatsoever is given as to how
success is evaluated, how often, or what the results have been in the past. It provides no detail on
how often APHIS-WS is likely to employ each method. The EIR should include much more sitespecific information.
As a case in point, the Initial Study provides no limits or caps on how much Wildlife
Damage Management APHIS-WS can conduct, other than “up to 4,176 work hours” (Initial
Study, p. 4). The descriptions of its actions are so vague that APHIS-WS could conceivably
increase the number of traps used three-fold and still fit within the vague outlines of its

description of its action. In the EIR, the County should include some caps on Wildlife Damage
Management and its impacts, such as the maximum number of individuals of each species that it
may kill with each method.
Inconsistency with the Monterey County General Plan
The Initial Study explains that the Program was “reviewed for consistency with the
Monterey County General Plan” (Initial Study, p. 13). Yet, it appears that only the “Land Use
and Planning” section was considered. In the EIR, the County should examine whether the
Program is consistent with the “Biological (Natural) Resources” section of the Plan. In
particular, it appears that the Program is inconsistent with policies promoting conservation of
listed species (OS-5.1) and retention of wildlife movement corridors (OS-5.24).
***
We urge you to consider these comments and, recognizing the potential for significant
impacts, then begin preparation of an EIR. We appreciate the opportunity to provide comments,
and please feel free contact us with any questions or concerns.
Sincerely,

Collette L. Adkins, Senior Attorney
Center for Biological Diversity
651-955-3821
cadkins@biologicaldiversity.org
On behalf of:
Camilla H. Fox
Founder and Executive Director
Project Coyote
P.O. Box 5007
Larkspur, CA 94977 Phone:
415.945.3232
Tara C. Zuardo
Wildlife Attorney
Animal Welfare Institute
900 Pennsylvania Avenue, S.E.
Washington D.C. 20003
Tel: 202-446-2148

Zack Strong
Staff Attorney
Natural Resources Defense Council
317 E. Mendenhall St., Suites D & E
Bozeman, MT 59715
406-556-9302
zstrong@nrdc.org
Sarah Hanneken
Litigation Fellow
Animal Legal Defense Fund
414.405.0538
shanneken@aldf.org
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Federally‐listed Species in Monterey County
Group
Amphibians
Amphibians
Amphibians
Amphibians
Birds
Birds
Birds
Birds
Birds
Birds
Birds
Conifers and Cycads
Crustaceans
Fishes
Flowering Plants
Flowering Plants
Flowering Plants
Flowering Plants
Flowering Plants
Flowering Plants
Flowering Plants
Flowering Plants
Flowering Plants
Flowering Plants
Flowering Plants
Flowering Plants
Flowering Plants
Flowering Plants
Flowering Plants
Flowering Plants
Insects
Insects
Mammals
Mammals
Mammals
Reptiles
Reptiles
Reptiles
Reptiles

Common Name
Santa Cruz long‐toed salamander
California tiger Salamander
Arroyo (=arroyo southwestern) toad
California red‐legged frog
California condor
California least tern
California clapper rail
Least Bell's vireo
Western snowy plover
Marbled murrelet
Southwestern willow flycatcher
Gowen cypress
Vernal pool fairy shrimp
Tidewater goby
Coastal dunes milk‐vetch
purple amole
Santa Cruz tarplant
Contra Costa goldfields
Hickman's potentilla
Monterey clover
Marsh Sandwort
San Benito evening‐primrose
Monterey spineflower
Menzies' wallflower
Monterey gilia
Clover lupine
California jewelflower
Beach layia
San Joaquin wooly‐threads
Yadon's piperia
Smith's blue butterfly
Bay checkerspot butterfly
San Joaquin kit fox
Giant kangaroo rat
Southern sea otter
Blunt‐nosed leopard lizard
Leatherback sea turtle
Leatherback sea turtle
Olive ridley sea turtle

Scientific Name
Ambystoma macrodactylum croceum
Ambystoma californiense
Anaxyrus californicus
Rana draytonii
Gymnogyps californianus
Sterna antillarum browni
Rallus longirostris obsoletus
Vireo bellii pusillus
Charadrius alexandrinus nivosus
Brachyramphus marmoratus
Empidonax traillii extimus
Cupressus goveniana ssp. goveniana
Branchinecta lynchi
Eucyclogobius newberryi
Astragalus tener var. titi
Chlorogalum purpureum
Holocarpha macradenia
Lasthenia conjugens
Potentilla hickmanii
Trifolium trichocalyx
Arenaria paludicola
Camissonia benitensis
Chorizanthe pungens var. pungens
Erysimum menziesii
Gilia tenuiflora ssp. arenaria
Lupinus tidestromii
Caulanthus californicus
Layia carnosa
Monolopia (=Lembertia) congdonii
Piperia yadonii
Euphilotes enoptes smithi
Euphydryas editha bayensis
Vulpes macrotis mutica
Dipodomys ingens
Enhydra lutris nereis
Gambelia silus
Dermochelys coriacea
Dermochelys coriacea
Lepidochelys olivacea

Unintentional Takes by APHIS‐WS in California in 2016
Killed

Released

Bears, Black
Dog
Gulls, Heermann`s
Firearms
Bobcats
Snares, Foot/Leg
Dogs, Feral, Free-Ranging And HSnares, Foot/Leg
Foxes, Gray
Snares, Foot/Leg
Deer, Black-Tailed
Snares, Neck
Elk, Wapiti (Wild)
Snares, Neck
Foxes, Gray
Snares, Neck
Otters, River
Snares, Neck
Raccoons
Snares, Neck
Turkeys, Wild
Snares, Neck
Otters, River
Traps, Body Grip
Blackbirds, Tri-Colored
Traps, Cage
Bobcats
Traps, Cage
Cats, Feral/Free Ranging
Traps, Cage
Foxes, Gray
Traps, Cage
Opossums, Virginia
Traps, Cage
Rabbits, Cottontails, Desert
Traps, Cage
Raccoons
Traps, Cage
Ringtails
Traps, Cage
Skunks, Striped
Traps, Cage
Sparrows, Song
Traps, Cage
Foxes, Gray
Traps, Culvert
Kingbirds, Western
Traps, Decoy
Phoebes, Black
Traps, Decoy
Shrikes, Loggerhead
Traps, Decoy
Sparrows, Savannah
Traps, E-Z Catch Net
Bobcats
Traps, Foothold (Padded)
Foxes, Gray
Traps, Foothold (Padded)
Rabbits, Cottontail
Traps, Foothold (Padded)
Vultures, Turkey
Traps, Foothold (Padded)

0
5
0
0
0
4
1
1
1
1
0
1
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
1
1
0

0
0
1
1
1
0
0
0
0
0
1
0
96
1
10
36
10
4
4
3
3
5
1
4
1
2
2
2
2
0
2

TOTAL

16

192

Species
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Abstract: Despite the importance of carnivores in terrestrial ecosystems, many nations have implemented
well-coordinated, state-funded initiatives to remove predators, largely because of conflicts with humans over
livestock. Although these control efforts have been successful in terms of the number of carnivores removed,
their effects on the viability of the industries they seek to protect are less understood. I assessed the efficacy of
long-term efforts by the U.S. government to improve the viability of the sheep industry by reducing predation
losses. I used regression analysis and hierarchical partitioning of a 60-year data set to explore associations
among changes in sheep numbers and factors such as predator control effort, market prices, and production
costs. In addition, I compared trends in the sheep industry in the western United States, where predator control is
subsidized and coyotes (Canis latrans) are abundant, with trends in eastern states that lack federally subsidized
predator control and that were (1) colonized by coyotes before 1950 or (2) colonized by coyotes between 1950
and 1990. Although control efforts were positively correlated with fluctuations in sheep numbers, production
costs and market prices explained most of the model variation, with a combined independent contribution of
77%. Trends in sheep numbers in eastern and western states were highly correlated (r ≥ 0.942) independent
of the period during which they were colonized by coyotes, indicating either that control has been ineffective
at reducing predation losses or that factors other than predation account for the declines in both regions.
These results suggest that government-subsidized predator control has failed to prevent the decline in the sheep
industry and alternative support mechanisms need to be developed if the goal is to increase sheep production
and not simply to kill carnivores.

Keywords: Canis latrans, coyotes, policy evaluation, predation
Conflictos Carnı́voros-Ganado: Efectos del Control Subsidiado de Depredadores y Correlaciones Económicas sobre
la Industria Ovina

Resumen: A pesar de la importancia de carnı́voros en los ecosistemas terrestres, muchos paı́ses han implementado iniciativas bien coordinadas, financiadas por el gobierno, para remover depredadores, principalmente debido a conflictos entre humanos y ganado. Aunque estos esfuerzos de control han sido exitosos en
términos del número de carnı́voros removidos, sus efectos sobre la viabilidad de las industrias que se busca
proteger son poco comprendidos. Evalué la eficacia de los esfuerzos a largo plazo del gobierno de E.U.A. para
mejorar la viabilidad de la industria ovina mediante la reducción de pérdidas por depredación. Utilicé análisis
de regresión y partición jerárquica de un conjunto de datos de 60 años para explorar asociaciones entre cambios en el número de ovejas y factores como el esfuerzo de control de depredadores, precios de mercado y costos
de producción. Adicionalmente comparé las tendencias en la industria ovina en el oeste de Estados Unidos,
donde el control de depredadores está subsidiado y los coyotes (Canis latrans) son abundantes, con las tendencias en los estados orientales que carecen de control subsidiado federalmente y que fueron (1) colonizados
por coyotes antes de 1950 o (2) colonizados por coyotes entre 1950 y 1990. Aunque los esfuerzos de control
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se correlacionaron positivamente con las fluctuaciones en el número de ovejas, los costos de producción y los
precios de mercado explicaron la mayor parte de la variación del modelo, con una contribución independiente
combinada de 77%. Las tendencias en el número de ovejas en los estados orientales y occidentales estaban
muy correlacionadas (r ≥ 0.942) independientemente del perı́odo en que fueron colonizados por coyotes, lo
que indica que el control ha sido ineficiente en la reducción de depredación o que factores, distintos a la
depredación, son responsables de las declinaciones en ambas regiones. Estos resultados sugieren que el control
subsidiado por el gobierno ha fallado en prevenir la declinación de la industria ovina y que se necesitan desarrollar mecanismos de soporte alternativos si la meta es incrementar la producción de ovejas y no simplemente
matar carnı́voros.

Palabras Clave: Canis latrans, coyotes, depredación, evaluación de polı́tica

Introduction
Carnivore conservation and management are of fundamental concern to conservation biologists because of the
importance of carnivores in terrestrial ecosystems. Carnivores have the capacity to shape the demography and behavior of prey species (Berger et al. 2001a) and limit prey
populations, thereby altering community structure (Terborgh 1992; Terborgh et al. 1999; Berger et al. 2001b).
Interspecific competition and intraguild predation among
carnivores influence the behavior and densities of competing species, with resulting complex changes in prey
populations (e.g., Palomares & Caro 1999; Linnell &
Strand 2000). Because of their large area requirements,
carnivores can function as umbrella species in reserve site
selection and design (Noss et al. 1996). And because large
carnivores act as a draw for tourists, they encourage conservation of protected areas by serving as mechanisms to
generate income and provide employment opportunities
for rural communities (Sillero-Zubiri et al. 2004).
These same characteristics pose conservation challenges. Because carnivores tend to prey on species valued
by humans, the presence of mammalian predators can
impose economic costs on rural communities through
competition with humans over livestock and wild game
(Treves & Karanth 2003; Graham et al. 2005). Carnivores
are vulnerable to habitat fragmentation because of their
large home ranges, and their wide-ranging movements
take them outside protected areas, where conflicts may
occur (Woodroffe & Ginsberg 1998). And although attacks are relatively rare the potential for large carnivores
to kill humans may instill fear, leading to intense persecution (Kruuk 2002). Thus, despite considerable effort to
mitigate human-carnivore conflicts and notwithstanding
a few notable successes (Swenson et al. 1995; Bangs et
al. 1998; Breitenmoser 1998), most species of large carnivore are in decline globally ( Weber & Rabinowitz 1996;
Woodroffe 2000).
Predator control is one of the oldest, most widespread
forms of wildlife management. Killing predators was defined in law as a statutory obligation in Sweden from 1442
to 1864, and in ancient Greece wolves were killed to protect livestock 2500 years ago (Reynolds & Tapper 1996).
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In response to concern over livestock predation, governments of many countries have implemented predatorcontrol initiatives at a national scale. Examples of predator control on every continent abound and include wild
dogs (Lycaon pictus, Woodroffe 2001) and jackals (Canis mesomelas, C. aureus, Harris & Saunders 1993) in
Africa; dholes (Cuon alpinus) in Asia (Rangrajan 1998);
culpeos (Pseudalopex culpaeus) in South America (Novaro 1995); dingos (Canis lupus dingo) in Australia (Harris & Saunders 1993); coyotes (Canis latrans), wolves
(Canis lupus, C. rufus), red foxes (Vulpes vulpes), mountain lions (Puma concolor), bobcats (Lynx rufus), and
brown bears (Ursus arctos) in North America (Reynolds
& Tapper 1996); and lynx (Lynx lynx), wolverines (Gulo
gulo), wolves, and brown bears in Europe (Breitenmoser
1998). Although these organized campaigns have threatened persistence of species such as African wild dogs,
gray wolves, and red wolves, other species, including
foxes, coyotes, jackals, and culpeos, have shown remarkable resilience (Sillero-Zubiri et al. 2004).
Predator-control programs have been enormously successful in terms of the number of carnivores killed. In the
United States, federal agents killed more than 286,000
large (≥9 kg) carnivores in 1998 (Wildlife Services 2000).
Yet despite the long-standing nature of these programs,
their effects on the viability of the industries they seek to
protect have received little attention. Although predator
control is based on the assumption that a decrease in carnivore abundance will result in a reduction in predation
losses (Hone 1994), this view represents a gross oversimplification of the complex trophic structure in which
predator-prey interactions occur. Not surprisingly, the relationship between carnivore abundance and predation
losses is not unequivocal (Conner et al. 1998; Knowlton
et al. 1999).
In North America the situation is perhaps best exemplified by federal efforts to reduce predation on domestic
sheep for more than 80 years. Federal subsidies for predator control began in 1915 when Congress appropriated
$125,000 (nominal dollars) to the Bureau of Biological
Survey to reduce livestock losses to predators (Dunlap
1988). Today, funding is provided jointly by congressional
appropriations and through cooperative agreements with
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Figure 1. Real annual federal and cooperative
expenditures for livestock protection in the 17 western
states. Data were unavailable for 1981–1984.
Cooperative funding comes from individuals, agencies,
and organizations that seek the program’s assistance.
state and local governments, livestock associations, and
other federal agencies (collectively termed “cooperators”) that seek the program’s assistance (Cain et al. 1972).
Annual funding provided by cooperators has ranged from
40% to 80% of total programmatic expenditures for livestock protection (Fig. 1). Although bobcats, mountain lions, wolves, black bears, and brown bears are killed to
protect livestock, coyotes are the principal target and constitute 75% to 95% of the large carnivores removed each
year (Fig. 2).
Since reaching a peak of 56.2 million animals in 1942,
the U.S. sheep industry has declined by >85%, with predation, chiefly by coyotes, cited as the primary cause of this
decline ( Johnson & Gartner 1975; Gee et al. 1977; Dunlap 1988; House Resources Committee 1996). Whether
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data support the role of predation ( Wagner 1972), the
perception that carnivores are driving the decline in the
sheep industry clearly persists.
If predation losses are the primary factor influencing
the economic viability of the U.S. sheep industry and
federal predator control has been effective at reducing
these losses, then a positive relationship should exist between control efforts and sheep numbers. Alternatively,
if predation losses are of secondary importance relative
to economic factors, then sheep numbers should decline
in years in which market conditions are unfavorable, regardless of any reduction in livestock losses that results
from predator control.
I evaluated the extent to which the decline of the U.S.
sheep industry is associated with predator control efforts
relative to other economic variables that may influence
sheep production. In addition, because coyotes were absent from much of the southeastern United States before
1950 (Parker 1995), I used geographical contrasts to explore the relationship between changes in sheep numbers and the presence of potentially depredating carnivores. Analyses such as these are important to conservation for several reasons. First, public perceptions about
carnivores can affect the success of recovery efforts and,
in some cases, may even halt reintroductions (Mech 1995;
Maehr et al. 2001). Second, analyses of long-standing programs that affect ecosystem function allow conservation
biologists to recommend changes conducive to the maintenance of biodiversity. Finally, in situations where conventional evaluation methods such as cost-benefit analysis are impractical or ineffective, conservation biologists
must advance new ways to develop insights into program
efficacy.

Methods

Figure 2. Annual number of carnivores killed by
federal predator-control agents (All Others includes
black bears, bobcats, wolves, and mountain lions;
1080 Use identifies the period over which the toxicant
compound 1080 was used to control predators). Data
were unavailable for 1977–1984.

I used historical data from the National Agricultural Statistics Service, Census of Agriculture, Animal and Plant
Health Inspection Service, and U.S. Fish and Wildlife Service for the period 1920–1998 to explore factors that
might be associated with trends in the U.S. sheep industry
(a detailed listing of data sources for all variables is available from the author). When possible, I used information
specific to the 17 western states (Table 1) because 97%
of federal funding for livestock protection is spent there
(U.S. Fish and Wildlife Service 1978). For comparative
purposes I adjusted all monetary variables to “real” terms
based on the consumer price index (1982–1984 = 100;
Bureau of Labor Statistics 2000).

Measuring the Sheep Industry’s Response
Producers respond to fluctuations in market prices and
productions costs by altering the amount they produce
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Table 1. Descriptions, abbreviations, and geographic coverage for explanatory variables used for the analysis of changes in sheep numbers.

Variable

Abbreviation

Average lamb price per 100 pounds received by ranchersa
Greatest season average shorn wool price per pound or support price per pounda
Average hay price per tona
Average cattle price per 100 pounds received by ranchersa
Average hourly wage rate paid to field/livestock workersa
Percentage of sheep ranchers aged 65 and overb
Federal and cooperative dollars spent on livestock protectionb
Binary variable coded “1” for years in which compound 1080 was used to control predators

lamb
wool
hay
beef
wage
age
control
1080

a

Data represent the average for all states.
Data are limited to the 17 western U.S. states (Arizona, California, Colorado, Idaho, Kansas, Montana, Nebraska, North Dakota, New Mexico,
Nevada, Oklahoma, Oregon, South Dakota, Texas, Utah, Washington, and Wyoming).

b

(Koch 1976). Thus, for the dependent variable I calculated the change in the number of breeding sheep and
lambs on 1 January of each year as
sheep = sheept − sheept−1 = birthst−1 − deathst−1 ,
where sheep t and sheep t−1 are the number of sheep and
lambs on 1 January of the current year and prior year,
respectively; births t−1 is the number of lambs born during the prior year; and deaths t−1 includes natural mortality (e.g., weather-related deaths, losses during lambing), culling, disease, accidents, predation, and slaughter
of sheep and lambs during the prior year. The difference
between births t−1 and deaths t−1 (sheep) represents the
change in the sheep industry’s productive capacity from
one year to the next. Accordingly, all explanatory variables were lagged by one year to correspond to the period
during which the associated change in sheep numbers occurred (Pindyk & Rubinfeld 1998).
Explanatory Variables
I included hay prices and wage rates paid to livestock
workers because they affect profitability through their
effect on production costs. Lamb and wool prices were
included because they directly affect producers’ incomes.
In 1954 the National Wool Act was enacted to support the
price of wool and encourage domestic production (U.S.
Fish and Wildlife Service 1978). The act set a minimum
price (termed support price) for wool, with payments
made when the support price exceeded the national average price received by producers (U.S. Fish and Wildlife
Service 1978). Thus, for the wool variable I obtained both
market and support prices and used the higher of the two
figures for each year to represent the effective price received by producers. Lamb and wool prices were treated
as exogenous variables because (1) the dependent variable was only proximately related to lamb prices through
its constraint on the industry’s capacity to produce lambs,
(2) in most years wool prices were set by the federal
government (i.e., the support price) independent of the
amount of wool produced, and (3) the United States pro-
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duces only a small fraction of the world’s sheep supply
(i.e., ∼2%); hence changes in domestic production have
a minimal effect on world prices of lamb and wool.
A rancher’s decision to use available inputs (e.g., hay, labor) to produce sheep necessarily means these resources
are not available to produce an alternative product. Many
ranchers jointly produce cattle and sheep (Pearson 1975;
Gee et al. 1977) because joint production permits greater
range utilization, diversification of income and risk, and
the flexibility to vary the mix of sheep and cattle in accordance with changing prices (U.S. Fish and Wildlife Service 1978). Thus I included beef prices in the analysis
because ranchers may shift from sheep to cattle production in years when beef prices are relatively higher. Sheep
numbers might also decline if ranchers cease production
because of retirement (Gee et al. 1977). Thus I included
the proportion of sheep ranchers nearing retirement age
(i.e., the percentage of ranchers aged 65 or over). Because data on rancher age were available only for 1940,
1945, 1950, 1959, 1964, 1969, 1974, 1978, 1982, 1987,
1992, and 1997, I used linear interpolation (Zar 1999) to
estimate values for the intervening years.
Measuring Predator Control Effort
Federal predator control potentially affects profitability,
and hence production decisions, in two ways. First, subsidized control may decrease production costs by reducing
the amount that ranchers must spend privately on animal
husbandry and predator control (Dunlap 1988). Second,
if predation losses are reduced as a consequence of subsidized control, then the number of lambs available for sale
increases resulting in higher revenues.
Basing control effort on the number of carnivores removed is intuitively appealing because the assumption
of an inverse relationship between carnivore abundance
and predation losses is the foundation for predator control
(Hone 1994). Although the actual relationship is likely to
be tenuous given the number of factors that influence carnivore densities (Cain et al. 1972), this should not be construed as a limitation of the variable per se. Rather it underscores potential deficiencies in the premise on which
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predator-control efforts are based and the real-world environment in which the federal program operates.
The number of carnivores killed by federal control
agents is available for most years between 1916 and 1998,
but figures may not have been reliably and consistently
reported. Estimates of the number of predators killed are
subject to differential probabilities of carcass detection
associated with changes in the control methods (i.e., poisoned animals may leave the area, making carcass recovery more difficult; Wagner 1972), and shifts in public perception of predator control may encourage over- or underreporting (Cain et al. 1972; Dunlap 1988). The reported
harvest of coyotes by federal control agents decreased by
>40% between the late 1940s and the early 1950s concomitant with the introduction of sodium monoflouroacetate (also known as compound 1080), a highly toxic,
canid-selective poison (Fig. 2; Wagner 1972). Estimates
of coyote abundance during the same period indicate
that coyote populations may have declined by as much
as 50% in states where compound 1080 was used extensively (Wagner 1972), suggesting that the actual coyote
harvest was considerably higher than the reported totals.
Conversely, reliable data on federal funding for livestock protection are readily available for most years between 1939 and 1998, and these figures should provide an
index of changes in control effort over time. Although the
relationship between expenditures and predator-control
effort is not known precisely, the presumption of an inverse relationship between predation losses and expenditures has been used to substantiate the need for sustained
federal funding for predator control (U.S. Fish and Wildlife
Service 1978). Thus it seems reasonable to assume that
control efforts were greater in years with higher real expenditures.
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The assumption of a positive relationship between expenditures and control effort is violated, however, if programmatic changes necessitate the adoption of more expensive, less effective predator-control techniques. For
instance, although compound 1080 was viewed by ranchers and federal control agents as one of the most effective
and economical methods for depressing coyote populations (Cain et al. 1972; Johnson & Gartner 1975; U.S. Fish
and Wildlife Service 1978), the use of poisonous baits for
predator control was banned in 1972 because of concerns
about misuse and the magnitude of nontarget kills (Buys
1975; Dunlap 1988). To account for this change in control technology, I included a binary variable coded “1” for
years (1948–1971) in which compound 1080 was used
to control predators.
Data Analysis
I used three complementary approaches to assess the extent to which trends in the sheep industry appeared to
be associated with livestock predation. First, I used multiple regression to evaluate 16 models, and ranked them
according to Akaike’s information criterion adjusted for
small samples (AIC c , Table 2; Burnham & Anderson 2002).
I tested a global model that included all the explanatory
variables and reduced models specific to market-related
variables and predator-control effort. In addition, I tested
models that successively omitted wool prices, beef prices,
and use of compound 1080 because results of previous
studies suggest these variables might be least important
( Wagner 1972; Gee et al. 1977; U.S. Department of Agriculture 2000).
With time series data the residuals from ordinary least
squares are usually correlated over time. This reduces the

Table 2. Structure and ranking of models used to estimate annual changes in sheep numbers in the western United States.

Model no.
1
2
3
4
5
6
7
8
9
10
11
12
13
14
15
16

Model structurea
global model: lamb, wool, hay, wage, beef, age, control, 1080
lamb, wool, hay, wage, beef, age, control
lamb, hay, wage, beef, age, control, 1080
lamb, hay, wage, beef, control, 1080
lamb, hay, wage, age, control, 1080
lamb, wool, hay, wage, age, control
lamb, wool, hay, wage, beef, age
lamb, wool, hay, wage, beef
lamb, wool, hay, wage, age
lamb, hay, wage, control, 1080
lamb, hay, wage, age, control
lamb, hay, wage, control
lamb, hay, wage, 1080
lamb, hay, wage, age
lamb, hay, wage
control, 1080

Rank

Kb

AIC c

 AIC c

14
9
11
15
5
4
13
12
8
10
1
7
6
3
2
16

11
10
10
9
9
9
9
8
8
8
8
7
7
7
6
5

1655.56
1652.54
1653.30
1655.65
1650.73
1650.22
1654.82
1654.04
1652.34
1652.93
1648.02
1651.44
1651.21
1649.85
1649.52
1673.91

7.54
4.52
5.28
7.63
2.71
2.20
6.80
6.02
4.32
4.91
0.00
3.42
3.19
1.83
1.50
25.89

a Variables
b Number

are defined in Table 1.
of estimable parameters includes intercept, residual variance, and estimate of first-order autoregressive correlation of the residuals.
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efficiency of the parameter estimates and results in biased
estimates of the standard errors (SAS Institute 1999). Because preliminary analyses indicated that the error term
exhibited positive first-order autocorrelation (DW = 1.02,
p < 0.001), I used an autoregressive error model to identify factors associated with changes in sheep numbers
(AUTOREG procedure, SAS Institute 1999). This method
corrects for autocorrelation in the error term by augmenting the regression model with an autoregressive model for
the random error (SAS Institute 1999).
Second, I used hierarchical partitioning to determine
the relative importance of each explanatory variable to
fluctuations in sheep numbers (Chevan & Sutherland
1991; MacNally 2000; MacNally & Walsh 2004). In contrast to regression techniques in which a single best
model is typically sought, hierarchical partitioning is an
all-models approach, wherein the contribution of each
explanatory variable is averaged over all possible models
in which the variable appears. This method can be used to
distinguish variables with high independent correlations
for the dependent variable from those deemed “significant” because of multicolinearity (MacNally 2000).
Finally, because coyotes are perceived to be the primary predator of sheep, I classified states in the eastern
United States into two groups based on the period during which coyote colonization occurred (Parker 1995). I
then used simple linear regression to compare trends in
sheep numbers in the 17 western states with (1) trends in
eastern states (Arkansas, Indiana, Illinois, Iowa, Louisiana,
Ohio, Maine, Michigan, Minnesota, Missouri, New Jersey,
New York, Wisconsin) colonized by coyotes before 1950
and (2) trends in eastern states (Alabama, Florida, Georgia, Kentucky, Mississippi, North Carolina, Pennsylvania,
South Carolina, Tennessee, Virginia, West Virginia) colonized between 1950 and 1990. Because sheep numbers
for many of the eastern states were reported aggregately
beginning in 1979, this analysis was based on data for the
period 1920–1978.
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Table 3. Summary of best-approximating regression model used to
estimate annual changes in sheep numbers.

Variable

Parameter estimate

t

Probability

Intercept
Lamb
Hay
Wage
Age
Control
Ar1∗

−1,597,147
19,753
−25,894
−545,552
21,484,221
0.0690
−0.5232

−0.73
3.36
−4.81
−3.43
2.40
2.06
−4.24

0.467
0.002
<0.001
0.001
0.020
0.045
<0.001

∗ Estimate

of the first-order autoregressive correlation of the errors.

Although control expenditures were positively correlated (t = 2.06, p = 0.05) with fluctuations in sheep
numbers, hierarchical partitioning showed that the combined effect of changes in production costs (hay prices
and wage rates) and lamb prices explained most of the
model variation, with a combined independent contribution of 77% (Fig. 3). Hay prices alone had an independent
contribution of 56%, with wage rates and lamb prices
contributing 11% and 10%, respectively (Fig. 3). In contrast, funding spent on predator control had little effect
on changes in sheep numbers, with an independent contribution of just 6% (Fig. 3). The use of compound 1080 to
control predators also had an independent contribution
of 6% (Fig. 3); the sign on the coefficient, however, was
unexpectedly negative (t = −0.28, p = 0.78). Beef and
wool prices had independent contributions of 2% and 1%,
respectively.
Geographical and temporal differences in coyote colonization patterns enabled comparisons of relative changes
in the sheep industry among regions. Trends in sheep
numbers in the western United States were strongly correlated (r = 0.986, p < 0.001) with trends in eastern
states colonized by coyotes before 1950 (Fig. 4a) and with
trends in eastern states colonized by coyotes between
1950 and 1990 (Fig. 4b; r = 0.942, p < 0.001).

Results
The most parsimonious model (model 11, lowest AIC c )
included parameters for lamb prices, hay prices, wage
rates, rancher age, control effort, and an estimate of the
first-order autoregressive correlation of the errors (Table
2). Changes in sheep numbers were positively correlated
with lamb prices, control efforts, and rancher age, and
negatively correlated with hay prices and wage rates (Table 3). Two additional models were within two AIC c
units of the best-approximating model (Burnham & Anderson 2002). These are model 14 (AIC c = 1.83), which
omitted the variable for control effort, and model 15
(AIC c = 1.50), which omitted the variables for control
effort and rancher age (Table 2). The best model correctly
predicted 73% of changes in sheep numbers (r = 0.855).
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Figure 3. Distribution of independent contributions of
the eight explanatory variables (Table 1) to changes in
sheep numbers determined by hierarchical
partitioning.

Berger

Figure 4. Correlation in trends in sheep numbers in
the western United States: (a) eastern states colonized
by coyotes before 1950; ( b) eastern states colonized by
coyotes after 1950.

Discussion
Effects of Carnivore Removal on the Sheep Industry
That control efforts have had little effect on trends in the
sheep industry is remarkable given the enduring nature of
the program, the considerable resources devoted to carnivore removal (about $1.6 billion in real dollars between
1939 and 1998), the number of carnivores removed, and
the frequent assertion that federal control of predators
is necessary to maintain the sheep industry (Buys 1975;
Johnson & Gartner 1975; U.S. Department of Agriculture
1993). If predation losses are the primary cause of the
sheep industry’s decline, then control, as practiced, has
not been successful at reducing predation losses to the
level necessary to make sheep ranching economically viable. Either the reduction in carnivore abundance has not
been sufficient to produce effective results or the relationship between carnivore removal and predation losses is
tenuous (Wagner 1972; Graham et al. 2005). Alternatively,
control efforts may be highly effective at reducing predation losses, but the financial effect of losses may be secondary to other economic considerations. For instance,
Gee (1977) reports that for a large percentage of produc-
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ers, lamb and wool production is not profitable even in
the absence of predation losses.
Despite differences in the distribution of coyotes,
sheep numbers in the eastern and western United States
declined at comparable rates. The strong correlation (r ≥
0.942) in trends, independent of geographical and temporal differences in coyote colonization patterns, suggests
that factors other than predation must be primarily responsible for the declines in areas that are ecologically
disparate.
Although attention continues to focus on reducing
predation losses, fluctuations in sheep numbers appear
largely related to changing market conditions. Rising production costs and declining commodity prices have reduced or eliminated the profitability of many sheepranching enterprises. Between 1939 and 1998, when the
sheep industry declined by >85%, real wage rates rose
by 141% (from $2.91 to $7.02/hour). Over that same
period market prices for lamb fell 23% (from $94.31 to
$72.30/cwt), whereas wool prices decreased 82% (from
$3.26 to $0.60/lb).
Although hay prices in 1998 were actually 26% lower
than in 1939 ($113.87 vs. $84.60/ton), periodic, shortterm price increases associated with steep declines in
sheep numbers also occurred. For instance, between
1966 and 1976 a 44% increase in hay prices was associated with a concomitant 44% decrease in sheep numbers. The effect of increases in hay prices can perhaps
best be understood within the context of drought conditions. During periods of drought hay production declines,
leading to a sharp increase in prices at the same time
that production of natural forage decreases. Under these
circumstance ranchers must provide more supplemental
feed. To avoid this many ranchers respond by thinning
their herds or selling their operations outright (Austen et
al. 2002; Salt Lake Tribune 2003). When conditions eventually improve, ranchers who have ceased production are
unlikely to resume their operations because of poor overall economic prospects associated with sheep ranching.
The increase in wage rates over the past 70 years has
also precipitated changes in husbandry practices. Sheep
were commonly tended by herders during the first half
of the twentieth century; today, many flocks roam unattended (Linnell & Brøseth 2002; Sillero-Zubiri et al. 2004).
This change has increased the vulnerability of sheep to
predation (Treves et al. 2002) and shifted the financial
burden from producers, who are solely responsible for
production costs, to taxpayers, who subsidize control of
predators.
Although the substantial decline in wool prices between 1939 and 1998 should have affected the profitability of sheep ranching, wool prices explained little of the
variability (1%) in sheep numbers. This seemingly contradictory result might be explained by the lesser role of
wool production in the United States. Whereas wool is an
important export in Australia and New Zealand ( Witherell
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1969), lamb sales represent the principal source of income for U.S. sheep producers ( Whipple & Menkhaus
1989). Thus, changes in wool prices alone may be insufficient to motivate ranchers to either commence or
abandon sheep production. Wool support payments to
ranchers were discontinued in 1996 on grounds that the
subsidy had failed to increase the domestic wool supply
(U.S. Department of Agriculture 2000).
The negative relationship between the use of compound 1080 and changes in sheep numbers was unanticipated. Since the ban on compound 1080 in 1972,
sheep ranchers have advocated strongly for a return to
its use ( Johnson & Gartner 1975; Terrill 1988). If, however, compound 1080 was as effective at reducing predation losses as proponents claim, it seems incongruous
that sheep numbers declined by 63% during the period
in which it was used (Figs. 4a & 4b). Wagner (1972) suggests that compound 1080 did effectively suppress coyote
populations by as much as 50% between 1948 and 1955
in states where it was used extensively. No corresponding decrease in total sheep losses, however, was evident
(Wagner 1972).
Ecological Effects of Carnivore Removal
Species-specific effects of predator control have long
been recognized. For instance, the extinction of the Tasmanian wolf (Thylacinus cynocephalus) has been attributed to eradication by sheep farmers in the 1920s
and 1930s (Paddle 2000). Brown bears and gray wolves
were extirpated from Britain by the 1700s and suffered widespread regional extinctions throughout Europe
(1800s) and the United States (early 1900s; Kruuk 2002).
African wild dogs now occur in only 40% of the countries in which they were formally distributed because of
persecution (Woodroffe et al. 2004).
Despite the long-standing nature of predator-control
programs, ecosystem- and community-level effects have
been assessed on a limited basis. Three case studies are
notable. First, changes in the abundance of red foxes and
coyotes were linked, in part, to the extirpation of gray
wolves, with concomitant implications for duck mortality
and nesting success (Sovada et al. 1995). Second, following the localized extinction of wolves and brown bears,
food-web dynamics were altered, resulting in an irruption
of moose (Alces alces) and a subsequent decrease in avian
Neotropical migrants (Berger et al. 2001b). Finally, the
loss of the native Iberian lynx (Felis pardina) facilitates
increased predation by Egyptian mongooses (Herpestes
ichneumon) on native rabbits (Oryctolagus cuniculus),
the latter being a species preferred by human hunters
(Palomares et al. 1995).
That conservation biologists have not been more outspoken about ecological effects of organized predator
control may stem from perceptions that control efforts
do not threaten the viability of species that are frequent
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targets. Although it is evident that species such as coyotes, dingos, culpeos, and red foxes can sustain high rates
of mortality, these case studies underscore the extent to
which predator control may compromise ecosystem dynamics and biological diversity. Still, further efforts to document ecological effects such as trophic cascades may
be compromised by a lack of baselines against which to
measure the effects of perturbations (Berger & Wehausen
1991) because few systems support food webs that remain intact (Croll et al. 2005). Given that predator control has been practiced continuously in some systems for
well over a century, the substantial effects that changes
in predator populations have had on systems may remain
largely unexplored.
Program Evaluation from a Conservation Perspective
The evaluation of conservation and restoration programs
is highly relevant to planning and informed decision making, but few programs seriously analyze efficiency, success, and failure (Reading & Miller 1994; Kleiman et al.
2000). Although numerous programs affect landscapelevel resources, long-term data sets are rarely available to
offer insights. The federal predator-control program is exceptional because of its duration (more than 80 years) and
the availability of coincident information and, critically,
because options for evaluation are unlikely to change
even if additional data become available.
Several lessons may derive from evaluations of program
efficiency, some economic, others ecological. First, reticence to accept results will always exist among some sectors of society. In the case of carnivore removal, the cost
to design appropriate field studies is so prohibitive that
large-scale efforts are not likely to be undertaken. In the
absence of such studies, it cannot be said with absolute
certainty that carnivore removal fails to facilitate sheep
production.
Second, when evaluation costs are high relative to annual operating costs, policy makers may opt to simply
maintain the status quo rather than implement controversial changes. But when the ecological costs associated
with a program are of concern, the need for objective
analyses to determine whether the program’s benefits justify its continued existence is heightened. Despite the
long-standing nature of many predator-control programs,
the extent to which carnivore removal reduces predation losses remains equivocal (Cain et al. 1972; Wagner
1972) and, at least for North America, is based largely on
a handful of studies that have produced contradictory results (Balser 1974; O’Gara et al. 1983; Conner et al. 1998;
Mitchell et al. 2004).
Third, taxpayer-subsidized control programs help perpetuate public perception of carnivores as widespread
livestock killers. Public misperception may hinder conservation of threatened species through direct persecution
of carnivores or resistance to reintroduction efforts. For
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instance, although recovery of Mexican gray wolves (Canis lupus baileyi) was supported by a majority (77%) of
Arizona residents statewide, 58% of survey respondents
living in and around the potential reintroduction site opposed the reintroduction, with concerns about livestock
losses most often cited as the reason for their opposition
(Schoenecker & Shaw 1997). Additionally, the initial release of 11 Mexican gray wolves into the wolf recovery
area on the Arizona-New Mexico border failed after five
of the animals were illegally shot, another was missing
and presumed dead, and the remaining five were recaptured to prevent further mortality (U.S. Fish and Wildlife
Service 1998; Oakleaf et al. 2005).
Finally, the need for unified approaches to problem
solving remains paramount. Examples of government programs that operate with discordant objectives abound.
The sanctioned killing of predators by Wildlife Services
and the concurrent reintroduction of grizzly bears, gray
wolves, and red wolves by the U.S. Fish and Wildlife Service at a cost that exceeds millions of dollars is one such
case (Mattson & Craighead 1994).
The management of grazing-related issues is another
example. Habitat alterations associated with livestock
grazing may increase lagomorph and rodent abundance
(Miller et al. 1996), but increases in prey availability may
also facilitate higher densities of carnivores (Berger & Wehausen 1991; Knowlton & Gese 1995) and ultimately lead
to elevated rates of livestock predation (Mech 1995). Acknowledging these interrelationships and subsequently
developing integrated approaches would be more efficient than addressing each component of the system independently (Miller et al. 1994). Although conservation
biologists recognize the need to address issues from an
ecosystem perspective (Brussard 1991), the organization
of federal programs into a cohesive approach continues
to present a substantive challenge.
Program evaluation is crucial for the sake of improved
efficiency and to assess whether a program’s goals remain consistent with public values. The federal predatorcontrol program was conceived in an era in which public
perception of carnivores was characterized by fear and hatred (Dunlap 1988). Today, carnivores are valued as members of intact ecosystems, and increasing interest is placed
on biodiversity and wildlands rather than resource extraction and commodity production, at least on U.S. public
lands (Berger & Berger 2001). That the decline of the
sheep industry has been associated most closely with unfavorable market conditions rather than predation losses
casts doubt on the value of continued carnivore control,
except perhaps at a very local scale. Given the importance of carnivores in terrestrial ecosystems (Terborgh et
al. 1999), the ecological consequences associated with
their removal (Berger et al. 2001b), and the failure of subsidized predator control to produce tangible results for
either livestock producers or the U.S. public, continued,
widespread efforts to reduce carnivore numbers appear
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contrary to public interest. From both an economic and a
public policy perspective, taxpayer dollars might be better spent to support sheep producers through direct cash
payments or some other form of subsidy if the goal is to
increase sheep and wool production and not merely to
kill carnivores.
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For 90 years, the American Society of Mammalogists (ASM) has made science-based challenges to widespread
lethal control of native mammals, particularly by the United States federal government targeting carnivores in the
western states. A consensus is emerging among ecologists that extirpated, depleted, and destabilized populations
of large predators are negatively affecting the biodiversity and resilience of ecosystems. This Special Feature
developed from a thematic session on predator control at ASM’s 2013 annual meeting, and in it we present data
and arguments from the perspectives of ecology, wildlife biology and management, social science, ethics, and
law and policy showing that nonlethal methods of preventing depredation of livestock by large carnivores may be
more effective, more defensible on ecological, legal, and wildlife-policy grounds, and more tolerated by society
than lethal methods, and that total mortality rates for a large carnivore may be driven higher than previously
assumed by human causes that are often underestimated.
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These concerns by early 20th century mammalogists were well
founded, given that, first, grizzly bears (Ursus arctos horribilis), and then, by the 1930s, gray wolves (Canis lupus) were
extirpated from the western contiguous states by private and
government agents (Robinson 2005).
The 1973 Endangered Species Act (16 U.S.C. 1531–1544,
87 Stat. 884, as amended—Public Law 93–205) alleviated concerns of American mammalogists that their government would
allow or directly cause extinction or wide-scale extirpations of
native mammals. However, in the United States as well as globally, most large carnivores have experienced substantial range
contractions and population reductions; in fact, the American
black bear (Ursus americanus) is the world’s only large terrestrial carnivore species that has a global population of more
than 200,000 and is one of the very few whose population
trend is not “decreasing” (Ripple et al. 2014). Even in areas
still occupied by large carnivores, predator removal locally
in less-developed landscapes causes concern about nontarget
mortality of certain rare species and indirect effects on biodiversity and ecosystem function from disruption of “top-down
forcing” (sensu Estes et al. 2011; Bergstrom et al. 2014). In
the United States, legal public harvest takes 2.5 million native
carnivores annually (Association of Fish and Wildlife Agencies
2014). Additional human-caused mortality of carnivores due to

“…this is why the caribou and the wolf are one; for the
caribou feeds the wolf, but it is the wolf who keeps the
caribou strong.”
Eskimo legend as told to Farley Mowat (Mowat 1973:85)
This Special Feature developed from a special thematic session
on mammalian predator control at the 94th annual meeting of
the American Society of Mammalogists (ASM) held in June
2013 in Philadelphia. Sponsored by the ASM Conservation
Committee, the thematic session explored a range of perspectives—from wildlife managers, carnivore biologists, and
sociologists—on issues of managing human conflicts involving native large carnivores. For 90 years, ASM has presented
science-based critiques of lethal control of native wildlife—
particularly large carnivores—by the United States federal
government, starting with its 1st published Society resolution
(Jackson 1924) and continuing to the present (ASM 2012; others reviewed in Bergstrom et al. 2014). Additionally, prominent early ASM members, including Aldo Leopold, C. Hart
Merriam, and E. Raymond Hall, individually published letters
stating that lethal control of large carnivores, particularly in the
western United States, was driven by politics rather than science and was excessive in its direct effects on targeted as well as
nontargeted species of native mammals (Bergstrom et al. 2014).
© 2017 American Society of Mammalogists, www.mammalogy.org
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poaching and road-kill is hard to quantify but may be higher
than commonly assumed. Vehicles on roads, for example, have
killed 13% of the gray wolf (C. lupus) population annually in
Wisconsin (Treves et al., this issue). Lethal control of large carnivores in the United States by professional federal, state, and
private agents constitutes a fraction of the total human-caused
mortalities nationwide, but they are done primarily to benefit
livestock producers in western states, often intensely at a very
local scale (e.g., 884 coyotes [Canis latrans] killed on a single
ranch in Nevada in a 2-year period by aerial gunning—Knudson 2015), and they can result in removal of 1 or more carnivore
species from local ecosystems (Bergstrom et al. 2014).
Wildlife Services, a division of the United States Department
of Agriculture’s Animal Plant Health Inspection Services, is
tasked by law “to provide Federal leadership and expertise to
resolve wildlife conflicts to allow people and wildlife to coexist” (Wildlife Services 2015). Wildlife Services’ research scientists do important studies on nonlethal methods of reducing
carnivore–livestock conflict (e.g., Stone et al., this issue), but
its field operations in the western United States have been criticized for their over-reliance on lethal means of resolving wildlife conflicts with livestock (Government Accountability Office
[GAO] 1995; Niemeyer 2010; ASM 2012; Bergstrom et al.
2014). In Fiscal Year 2013, Wildlife Services killed > 75,000
coyotes (not counting 366 dens destroyed), 320 gray wolves,
345 cougars (Puma concolor), 3,546 red and gray foxes (Vulpes
vulpes and Urocyon cinereoargenteus, respectively), and 372
badgers (Taxidea taxus—Wildlife Services 2015). The annual
number of control kills of coyotes has remained remarkably
constant since 1939, varying between 50,000 and 110,000
and has exceeded 70,000 annually since 1985 (Berger 2006;
Bergstrom et al. 2014). Also typical, Wildlife Services in
Fiscal Year 2013 unintentionally killed 397 river otters (Lontra
canadensis), 14 kit foxes (Vulpes macrotis), and 41 swift foxes
(V. velox—Wildlife Services 2015). Wildlife Services does not
monitor populations of species it targets for control nor those
unintentionally killed, but one of the few published estimates
of an overall mortality rate is that Wildlife Services, along
with state managers, removed 23.2% of the estimated coyote
population of Wyoming in 1994–1995 (Taylor et al. 2009).
This level of human-caused mortality of mammalian predators
may have negative unintended consequences for native ecosystems and biodiversity. Lethal control of carnivores may also
be unnecessary and counterproductive to its ostensible goals
(see Treves et al. 2016 for a recent review). We will explore
these consequences in this Special Feature. We invited individual research scientists from the National Wildlife Research
Center (the research arm of Wildlife Services) to contribute a
science-based defense of lethal control of native carnivores to
this Special Feature, but they each, as well as the center, collectively via their director, declined the offer (L. Clark, in litt.,
13 November 2013).
There are 5 categories of reasons why mammalogists and
conservation biologists should be interested in guiding governments—and society at large—toward replacing localized
predator removal or population reduction (lethal control) with

nonlethal means of wildlife conflict resolution: 1) potential disruption of top-down forcing and consequent loss of ecosystem
resilience and biodiversity; 2) “bycatch” or unnecessary killing of nontarget species of mammals and other wildlife that
occurs with nonselective methods of lethal control; 3) population reduction of certain species of native wildlife valued by
many parts of society for the benefit of a few favored interest
groups; 4) ineffectiveness of lethal control of predators at either
reducing livestock depredation or, secondarily, enhancing game
populations, over the long term; and 5) ethical considerations
about both the intrinsic value of carnivores and humane methods of killing them. Some of these deserve brief attention in
this overview, and others will be dealt with in more detail in the
5 other papers in this Special Feature, including new empirical
evidence for the efficacy of nonlethal methods as alternatives to
lethal predator control.

The Important Role of Both Apex Predators
and Mesopredators in Maintaining Ecosystem
Function
With this topic currently under considerable empirical and
theoretical scrutiny, the evidence assembled as of 2011 led
23 prominent ecologists to conclude that loss of apex predators was a major driver of destabilization and collapse of their
native ecosystems, leading to pandemics, irruptions of invasive species, and lost ecosystem services (Estes et al. 2011).
Aldo Leopold was one of the 1st biologists to argue that mammalian predators played an indispensable role in controlling
ungulate prey, thus preventing depletion of their resources,
citing the irruption of the early 20th century herd of Kaibab
deer (Odocoileus hemionus) after widespread predator removal
(Leopold 1943). A recent review of several lines of evidence
concluded that Leopold was right (Binkley et al. 2006). The
poor condition of rangelands in much of the western United
States can be attributed partly to native ungulates whose predators have been depleted (Beschta et al. 2013). Hebblewhite et al.
(2005) documented that top-down forcing exerted by wolves on
browsing prey had indirect positive effects on songbird communities in the Canadian Rockies. Restoration of a putative
wolf-driven trophic cascade has restored certain riparian plant
and animal communities in Yellowstone National Park (e.g.,
Ripple and Beschta 2012; though see Mech 2012). Top-down
forcing (also known as a trophic cascade, i.e., the many indirect
effects predation has on lower trophic levels and the ecosystem
as a whole) by wolves may be enhanced by facilitative interactions with sympatric large carnivores (e.g., cougar—Atwood
et al. 2007), or it may be dampened in more human-dominated
landscapes (Muhly et al. 2013). A possible indirect effect of
wolf predation is to reduce abundance of songbirds and rodents
in a 4-species interaction chain, by releasing the lowest of the 3
trophic levels of carnivores (Levi and Wilmers 2012). In some
systems, an apex large carnivore causing mesocarnivore suppression and, indirectly, small-carnivore release may be the
more natural state. Removal of the apex carnivore, conversely,

SPECIAL FEATURE—COEXISTING WITH CARNIVORES

causes mesocarnivore release and small-carnivore suppression, which allows an irruption of rodent populations. Such an
altered trophic cascade is exemplified by the recent colonization of eastern North America by coyotes following extirpation
of wolves and may explain the rapid increase in the incidence of
Lyme disease (Levi et al. 2012). Lethal control of the Australian
apex predator the dingo (Canis dingo) has caused similar state
shifts, resulting in dominance of introduced mesopredators and
herbivores, which then cause damage to native plant and animal
communities (Wallach et al. 2010).

Ineffectiveness and Unintended
Consequences of Predator Removal
The consistent annual efforts by Wildlife Services at lethal control of coyotes in the western United States, described above,
did not succeed in ameliorating the long decline of the nation’s
sheep industry, which began in the post-war years (Berger
2006). And, local-scale removal of coyotes has been found to
cause population irruptions and reduced diversity in rodent
communities (Henke and Bryant 1999). Use of public harvest
of cougars in Washington state to remediate livestock depredation was found to be ineffective (Peebles et al. 2013). Similarly,
recreational hunting of Eurasian lynx (Lynx lynx) was found to
have little effect on sheep depredation unless of a magnitude
to cause lynx population decline (Herfindal et al. 2005). Lethal
control of gray wolves in the western United States could have
such unintended consequences as shifting depredation from cattle to sheep (by mesopredator release of coyotes) and increasing mortality of pronghorn (Antilocapra americana) fawns
(Berger et al. 2008; Bergstrom et al. 2014). Lethal control of
gray wolves in the northern Rocky Mountains, causing total
mortality of up to 25% of the estimated population, was found
actually to increase depredation on livestock (Wielgus and
Peebles 2014; but see Bradley et al. 2015). There are 3 reasons
that predator removal is likely to have no long-term effect—or
even adverse effects—on depredation of livestock: vacant territories are quickly recolonized (Knowlton et al. 1999; Treves and
Naughton-Treves 2005); immigration rate of breeding pairs into
the area experiencing lethal control can increase (Sacks et al.
1999); and immigrants are more likely to be subadults, which
have a greater propensity for livestock depredation than older
adults (Peebles et al. 2013). Simulation results suggest that even
moderate nonselective predator control can potentially increase
densities of the targeted carnivore species, because nontarget
deaths of co-occurring carnivore species decrease competition
for the targeted species (Casanovas et al. 2012). Use of nonselective, lethal predator-control methods (e.g., trapping and
poison baits) by Wildlife Services has resulted unintentionally
in the deaths of individuals of 150 species of vertebrates since
2000 (Knudson 2012) and at least 12 taxa of mammals protected
(or candidates for protection) under the Endangered Species Act
since 1990 (Bergstrom et al. 2014). Selective local removal of
carnivores such as coyotes may eliminate the bycatch problem,
but it can still trigger mesopredator release with unintended
negative consequences (Mezquida et al. 2006).
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The ASM has supported lethal control of large carnivores
in certain cases where preservation of critically endangered
wildlife species demands it (such as cougar predation on isolated populations of peninsula bighorn sheep, Ovis canadensis
nelsoni—ASM 2012; Stephenson et al. 2012), but culling apex
predators to enhance common game species may be unnecessary at best and harmful at worst. To the latter point, it is well
known that wolves preferentially prey on older and diseased
individuals (Mech and Peterson 2003; Wright et al. 2006), so
natural predation is an important selective agent for the prey. To
the former point, recent studies have concluded that gray wolf
populations are intrinsically density dependent. That is, rather
than being prey-limited, wolf densities are regulated through
social interactions, with increasing interpack aggression and
mortality at higher densities (Cariappa et al. 2011; Cubaynes
et al. 2014). Large mammalian carnivores have been found to
limit prey populations, broadly and in specific predator–prey
interactions (Binkley et al. 2006; Ripple and Van Valkenburg
2010; Christianson and Creel 2014), but the effect of reduction
or removal of predators on densities and dynamics of prey populations in any specific case can be hard to predict. Experiments
removing coyotes and cougars in Idaho showed winter weather
to be much more important than predation in predicting population trends of mule deer (O. hemionus—Hurley et al. 2011).
A 7-year effort to remove all mammalian nest predators of
ground-nesting birds (coyotes being the largest) from study
sites in the southeastern United States concluded that removal
of mammalian predators had no net effect on nest predation,
primarily because of compensatory increases in predation by
snakes (Ellis-Felege et al. 2012). A meta-analysis of 113 predator removal experiments (which was a taxonomically broad
sample of animal predators) found that the intended beneficiary
prey populations declined in 54 of them (Sih et al. 1985). This
illustrates the multiple indirect pathways of potential top-down
forcing that may be altered by removal of an apex predator
from a complex food web, producing many possible outcomes
for prey dynamics. For a mammalian carnivore example, 1 such
pathway is through “apparent competition” with an alternate
ungulate prey species, mediated through a different predator
that increases compensatorily (Serrouya et al. 2015). Another
pathway involves release of a mesopredator that preys preferentially on neonates of the same ungulate prey species (Prugh
and Arthur 2015).

Effectiveness of Nonlethal Control of
Depredation
Use of nonlethal methods (such as guardian animals and livestock protection collars) to prevent livestock depredation by
leopards (Panthera pardus), caracals (Caracal caracal), and
jackals (Canis mesomelas) in South Africa was found to be
less expensive and more effective than lethal predator control
(McManus et al. 2014). In this Special Feature, Stone et al.
(this issue) document that, over a 7-year pilot project in prime
wolf habitat in Idaho, the adaptive use of a suite of nonlethal
deterrent strategies reduced sheep depredation by more than
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3-fold compared to sheep allotments in Idaho that used lethal
controls over the same time period. Presenting results from a
large cattle station in Australia, where full implementation of
such nonlethal strategies may be prohibitive, Wallach et al.
(this issue) argue that simply ending lethal control of dingoes
reduced depredation by allowing the social structure of the
predator to stabilize, and additionally that cattle mortality can
be reduced most effectively by improving husbandry practices.
These 2 studies do not meet the “gold standard” of replicated,
randomized experimental design (which few predator-control
studies do—Treves et al. 2016), because the latter would have
been impossible without intentional further killing of important apex predators of great conservation value (in the case of
Idaho gray wolves still legally protected for most of the study).
Nonetheless, their results are valuable in providing insights into
workable alternatives to lethal control for solving wildlife–livestock conflicts. Both of these studies suggest that stable, naturally regulated populations of social carnivores not significantly
exploited by humans are the preferred option for both reducing
livestock depredation and restoring the functional role of apex
predators to ecosystems. These findings for large canids mirror those for cougars, in which excessive harvest replaces adult
males with immigrating adolescent males, which are more
prone to depredate (Peebles et al. 2013).

Members of ASM Are Acutely Aware of
Guidelines on Humane Treatment
There has been much discussion in recent years within the
Society about the ethical constraints and obligations pertaining to working with live mammals. While we have striven to
ensure that Animal Care and Use regulations imposed on us by
extrinsic bodies are not overly onerous and do not prevent us
from vigorous pursuit of our science, we nonetheless all feel
the obligation to abide by a set of rules for humane treatment of
our mammalian study subjects. Not a paper is published in this
journal presenting original results from live animal subjects
that does not state that the study adhered to these ASM-adopted
guidelines (Sikes et al. 2016). Ironically, ASM’s guidelines
were developed in large part in response to oversight by United
States Department of Agriculture-monitored institutional
Animal Care and Use committees at universities where many
of us work, yet the agencies in the United States Department
of Agriculture, including Wildlife Services, are not obligated
to abide by the guidelines that their agency helped produce.
Although they follow guidelines of the American Veterinary
Medical Association on euthanasia, Wildlife Services claims
their “management and operational programs are exempt from
Animal Welfare Act (1966, 7 U.S.C. 2131, 9CFR) compliance”
(Clay 2012:8).
In this Special Feature, Slagle et al. (this issue) show that,
while the United States public accepts that predators may need
to be controlled, there is low and declining acceptance of lethal
predator-control methods, which are regarded as inhumane.
Governments at the federal, state, and local levels are tasked
with serving broad constituencies, and in the case of native

wildlife, which are a public trust asset (Bruskotter et al. 2011;
Treves et al. 2015), they should be responsive to these public
attitudes. In practice, some government resource agencies or
the appointed government boards that rule them, or both, have
traditionally favored narrower constituencies within the public.
State wildlife or game agencies have elected to provide hunting
opportunities for certain species, including large carnivores,
even if citizens opposed to hunting a particular species of large
carnivore greatly outnumber those wishing to hunt it. A case in
point is the state of Michigan recently approving a wolf hunt
following removal of federal protection by the Endangered
Species Act, and in this Special Feature, Vucetich et al. (this
issue) argue that the North American Model of wildlife management, to which the profession is supposedly bound, does not
support the hunt. In a society in which lethal control of predators is viewed increasingly negatively and scientific consensus
is emerging that social carnivores occupying apex-predator trophic levels function best and depredate least when not lethally
exploited, killing native large carnivores is an issue that will
become increasingly controversial and should receive increasing scientific scrutiny.
Finally, insofar as most states, probably for the foreseeable
future, will continue to include large carnivore hunting among
their wildlife management tools, it is important that decisionmakers in wildlife agencies have valid data on mortality rates
from all mortality sources and on the further effects of anthropogenic mortality on recruitment (which may be negative), so
that harvest quotas may not push total mortality beyond a sustainable level (see Creel et al. 2015). To that end, Treves et al.
(this issue) show that well over a third of mortality of wolves
over the past 3 decades in Wisconsin was due to poaching and
another 13% was due to vehicle collision, suggesting that total
mortality of the population, which was subsequently exposed
to harvest, is higher than the management agency assumes.
Setting wildlife management goals at reducing carnivore mortality to at most sustainable levels, and eliminating humancaused mortality wherever possible, is in line with the best
current ecological, social, and ethical scholarship, as papers in
this Special Feature attest.

Acknowledgments
E. J. Heske, J. K. Braun, and members of the Conservation
Committee of ASM encouraged and helped to organize the
special technical session on mammalian predator control at the
ASM conference, from which this Special Feature developed.
A. Treves, J. T. Bruskotter, J. A. Vucetich, K. Slagle, and A. D.
Wallach provided comments on the manuscript.

Literature Cited
American Society of Mammalogists (ASM). 2012. Presidential letter
to United States Department of Agriculture, Animal Plant Health
Inspection Service urging redirection of Wildlife Services management operations toward non-lethal control. http://www.mammalsociety.org/uploads/committee_files/ASM-Federal%20wildlife%20
control%20letter_0.pdf. Accessed 3 November 2015.

SPECIAL FEATURE—COEXISTING WITH CARNIVORES
Association of Fish and Wildlife Agencies. 2014. U.S. fur harvest
1970-present: statistics by state, region, and nation. United States
Furbearer Conservation Technical Work Group, Association of
Fish and Wildlife Agencies, Columbia, Missouri.
Atwood, T. C., E. M. Gese, and K. E. Kunkel. 2007. Comparative
patterns of predation by cougars and recolonizing wolves in
Montana’s Madison Range. Journal of Wildlife Management
71:1098–1106.
Berger, K. M. 2006. Carnivore-livestock conflicts: effects of subsidized predator control and economic correlates on the sheep industry. Conservation Biology 20:751–761.
Berger, K. M., E. M. Gese, and J. Berger. 2008. Indirect effects and
traditional trophic cascades: a test involving wolves, coyotes, and
pronghorn. Ecology 89:818–828.
Bergstrom, B. J., L. C. Arias, A. D. Davidson, A. W. Ferguson, L.
A. Randa, and S. R. Sheffield. 2014. License to kill: reforming
federal wildlife control to restore biodiversity and ecosystem function. Conservation Letters 7:131–142.
B eschta, R. L., et al . 2013. Adapting to climate change on Western
public lands: addressing the ecological effects of domestic, wild, and feral ungulates. Environmental Management
51:474–491.
Binkley, D., M. M. Moore, W. H. Romme, and P. M. Brown. 2006.
Was Aldo Leopold right about the Kaibab deer herd? Ecosystems
9:227–241.
Bradley, E. H., et al. 2015. Effects of wolf removal on livestock
depredation recurrence and wolf recovery in Montana, Idaho, and
Wyoming. Journal of Wildlife Management 79:1337–1346.
Bruskotter, J. T., S. A. Enzler, and A. Treves. 2011. Rescuing
wolves from politics: wildlife as a public trust resource. Science
333:1828–1829.
Cariappa, C. A., J. K. Oakleaf, W. B. Ballard, and S. B. Breck.
2011. A reappraisal of the evidence for regulation of wolf populations. Journal of Wildlife Management 75:726–730.
Casanovas, J. G., et al. 2012. Shaping carnivore communities by
predator control: competitor release revisited. Ecological Research
27:603–614.
Christianson, D., and S. Creel. 2014. Ecosystem scale declines in
elk recruitment and population growth with wolf colonization:
a before-after-control-impact approach. PLoS ONE 9:e102330.
Clay, W. H. 2012. Letter to American Society of Mammalogists.
United States Department of Agriculture, Animal Plant Health
Inspection Service, Wildlife Services, Washington, D.C. http://
www.mammalsociety.org/uploads/committee_files/Response_
from_APHIS_2012.pdf. Accessed 10 September 2016.
Creel, S., et al. 2015. Questionable policy for large carnivore hunting. Science 350:1473–1475.
Cubaynes, S., D. R. MacNulty, D. R. Stahler, K. A. Quimby, D.
W. Smith, and T. Coulson. 2014. Density-dependent intraspecific aggression regulates survival in northern Yellowstone wolves
(Canis lupus). Journal of Animal Ecology 83:1344–1356.
Ellis-Felege, S. N., M. J. Conroy, W. E. Palmer, and J. P. Carroll.
2012. Predator reduction results in compensatory shifts in losses of
avian ground nests. Journal of Applied Ecology 49:661–669.
Estes, J. A., et al. 2011. Trophic downgrading of Planet Earth.
Science 333:301–306.
Government Accountability Office (GAO). 1995. Animal damage
control program: efforts to protect livestock from predators. United
States General Accounting Office [GAO/RCED-96-3].
Hebblewhite, M., et al. 2005. Human activity mediates a trophic cascade caused by wolves. Ecology 86:2135–2144.

5

Henke, S. E., and F. C. Bryant. 1999. Effects of coyote removal
on the faunal community in western Texas. Journal of Wildlife
Management 63:1066–1081.
Herfindal, I., J. D. C. Linnell, P. F. Moa, J. Odden, L. B. Austmo, and
R. Andersen. 2005. Does recreational hunting of lynx reduce depredation losses? Journal of Wildlife Management 69:1034–1042.
Hurley, M. A., et al. 2011. Demographic response of mule deer to
experimental reduction of coyotes and mountain lions in southeastern Idaho. Wildlife Monographs 178:1–33.
Jackson, H. H. T. 1924. Sixth annual meeting of the American Society
of Mammalogists. Journal of Mammalogy 5:218–221.
Knowlton, F. F., E. Gese, and M. M. Jaeger. 1999. Coyote depredation control: an interface between biology and management.
Journal of Range Management 52:398–412.
Knudson, T. 2012. The killing agency: Wildlife Services’ brutal
methods leave a trail of animal death—wildlife investigation. The
Sacramento Bee, 29 April 2012.
Knudson, T. 2015. Aerial gunning of coyotes in Nevada by Wildlife
Services. Center for Investigative Reporting. https://www.documentcloud.org/documents/2272327-aerial-hunting-ws-nv.html.
Accessed 31 October 2015.
Leopold, A. 1943. Deer irruptions. Wisconsin Conservation Bulletin
8:3–11.
Levi, T., A. M. Kilpatrick, M. Mangel, and C. C. Wilmers. 2012.
Deer, predators, and the emergence of Lyme disease. Proceedings
of the National Academy of Sciences 27:10942–10947.
Levi, T., and C. C. Wilmers. 2012. Wolves–coyotes–foxes: a cascade
among carnivores. Ecology 93:921–929.
McManus, J. S., A. J. Dickman, D. Gaynor, B. H. Smuts, and D.
W. Macdonald. 2014. Dead or alive? Comparing costs and benefits
of lethal and non-lethal human–wildlife conflict mitigation on livestock farms. Oryx 49:687–695.
Mech, L. D. 2012. Is science in danger of sanctifying the wolf?
Biological Conservation 150:143–149.
Mech, L. D., and R. O. Peterson. 2003. Wolf-prey relations. Pp.
131–160 in Wolves: behavior, ecology, and conservation (L. D.
Mech and L. Boitani, eds.). University of Chicago Press, Chicago,
Illinois.
Mezquida, E., S. J. Slater, and C. W. Benkman. 2006. Sage-grouse
and indirect effects: potential implication of coyote control sagegrouse populations. Condor 108:747–759.
Mowat, F. 1973. Never cry wolf. Bantam Books, Toronto, Ontario,
Canada.
Muhly, T. B., et al. 2013. Humans strengthen bottom-up effects and
weaken trophic cascades in a terrestrial food web. PLoS ONE 8:
e64311.
Niemeyer, C. 2010. Wolfer: a memoir. BottleFly Press, Boise, Idaho.
Peebles, K., R. B. Wielgus, B. T. Maletzke, and M. E. Swanson.
2013. Effects of remedial sport hunting on cougar complaints and
livestock depredations. PLoS ONE 8:e79713.
Prugh, L. R., and S. M. Arthur. 2015. Optimal predator management
for mountain sheep conservation depends on the strength of mesopredator release. Oikos 124:1241–1250.
Ripple, W. J., and R. L. Beschta. 2012. Trophic cascades in
Yellowstone: the first 15 years after wolf reintroduction. Biological
Conservation 145:205–213.
Ripple, W. J., et al. 2014. Status and ecological effects of the world’s
largest carnivores. Science 343:1241484.
Ripple, W. J., and B. Van Valkenburg. 2010. Linking top-down
forces to the Pleistocene megafaunal extinctions. BioScience
60:516–526.

6

JOURNAL OF MAMMALOGY

Robinson, M. J. 2005. Predatory bureaucracy: the extermination of
wolves and the transformation of the West. University of Colorado
Press, Boulder.
Sacks, B. N., M. M. Jaeger, J. C. C. Neale, and D. R. McCullough.
1999. Territoriality and breeding status of coyotes relative to sheep
predation. Journal of Wildlife Management 63:593–605.
Serrouya, R., M. J. Wittmann, B. N. McLellan, H. U. Wittmer, and
S. Boutin. 2015. Using predator-prey theory to predict outcomes of
broadscale experiments to reduce apparent competition. American
Naturalist 185:665–679.
Sih, A., P. Crowley, M. McPeek, J. Petranka, and K. Strohmeier.
1985. Predation, competition, and prey communities: a review of
field experiments. Annual Review of Ecology and Systematics
16:269–311.
Sikes, R. S., and the Animal Care and Use Committee of the
American Society of Mammalogists. 2016. 2016 guidelines
of the American Society of Mammalogists for the use of wild
mammals in research and education. Journal of Mammalogy
97:663–688.
Slagle, K., J. T. Bruskotter, A. S. Singh, and R. H. Schmidt. This
issue. Attitudes toward predator control in the United States: 1995
and 2014. Journal of Mammalogy.
Stephenson, T. R., et al. 2012. 2010–2011 annual report of the Sierra
Nevada bighorn sheep recovery program: a decade in review.
California Department of Fish and Game, Bishop, California.
Stone, S.A., et al. This issue. Adaptive use of nonlethal strategies for reducing wolf-sheep conflict in Idaho. Journal of
Mammalogy.
Taylor, D. T., B. S. Rashford, R. H. Coupal, and T. Foulke. 2009.
An economic analysis of predator management in Wyoming. Final
report to Wyoming Animal Damage Management Board, Wyoming
Department of Agriculture. 69 p. http://wyocre.uwagec.org/
Publications/ADMB_FinalRpt19Jun09.pdf. Accessed 3 November
2015.

Treves, A., G. Chapron, J. V. López-Bao, C. Shoemaker, A.
R. Goeckner and J. T. Bruskotter. 2015. Predators and the public
trust. Biological Reviews. doi: 10.1111/brv.12227.
Treves, A., M. Krofel, and J. McManus. 2016. Predator control should not be a shot in the dark. Frontiers in Ecology and
Environment 14:380–388.
Treves, A., J. A. Langenberg, J. V. López-Bao, and M. F. Rabenhorst.
This issue. Gray wolf mortality patterns in Wisconsin from 1979–
2012. Journal of Mammalogy.
Treves, A., and L. Naughton-Treves. 2005. Evaluating lethal control in the management of human–wildlife conflict. Pp. 86–106
in People and wildlife: conflict and coexistence (R. Woodroffe, S.
Thirgood, and A. Rabinowitz, eds.). Cambridge University Press,
Cambridge, United Kingdom.
Vucetich, J. A., J. T. Bruskotter, M. P. Nelson, R. O. Peterson, and
J. K. Bump. This issue. The principles of wildlife management and
wolf harvesting in Michigan. Journal of Mammalogy.
Wallach, A. D., C. N. Johnson, E. G. Ritchie, and A. J. O’Neil.
2010. Predator control promotes invasive dominated ecological
states. Ecology Letters 13:1008–1018.
Wallach, A. D., D. Ramp, and A. J. O’Neill. This issue. Cattle mortality on a predator- friendly station in central Australia. Journal of
Mammalogy.
Wielgus, R. B., and K. A. Peebles. 2014. Effects of wolf mortality on
livestock depredations. PLoS ONE 9:e113505.
Wildlife Services. 2015. Wildlife damage management: 2014 program
data reports. United States Department of Agriculture, Animal and
Plant Health Inspection Services. https://www.aphis.usda.gov/wps/
portal/aphis/ourfocus/wildlifedamage. Accessed 3 November 2015.
Wright, G. J., R. O. Peterson, D. W. Smith, and T. O. Lemke. 2006.
Selection of northern Yellowstone elk by gray wolves and hunters.
Journal of Wildlife Management 70:1070–1078.

Special Feature Editor was Barbara H. Blake.

POLICY PERSPECTIVE

License to Kill: Reforming Federal Wildlife Control to Restore
Biodiversity and Ecosystem Function
Bradley J. Bergstrom1 , Lily C. Arias2 , Ana D. Davidson3 , Adam W. Ferguson4 , Lynda A. Randa5 ,
& Steven R. Sheffield6,7,8
1

Department of Biology, Valdosta State University, Valdosta, GA 31698, USA
Center for North American Bat Research & Conservation, Indiana State University, Terre Haute, IN 47809, USA
3
Department of Ecology & Evolution, Stony Brook University, Stony Brook, NY 11794, USA
4
Department of Biological Sciences, Texas Tech University, Lubbock, TX 79409, USA
5
Health & Sciences Division, College of DuPage, Glen Ellyn, IL 60137, USA
6
Department of Natural Sciences, Bowie State University, Bowie, MD 20715, USA
7
College of Natural Resources & Environment, Virginia Tech, National Capital Region – Northern Virginia Center, Falls Church, VA 22403, USA
8
Order of authors after first author is alphabetical
2

Keywords
Apex predators; ecosystem resilience;
endangered species; keystone species; lethal
control; livestock depredation; trophic
cascades; Wildlife Services.
Correspondence
Bradley J. Bergstrom, Department of Biology,
Valdosta State University, 1500 N. Patterson St.,
Valdosta, GA 31698-0015, USA.
Tel: (229) 333-5770;
fax: (229) 245-6585.
E-mail: bergstrm@valdosta.edu
Received
26 April 2013
Accepted
30 May 2013
Editor
Phillip Levin

Abstract
For more than 100 years, the US government has conducted lethal control
of native wildlife, to benefit livestock producers and to enhance game populations, especially in the western states. Since 2000, Wildlife Services (WS),
an agency of the US Department of Agriculture, has killed 2 million native
mammals, predominantly 20 species of carnivores, beavers, and several species
of ground-dwelling squirrels, but also many nontarget species. Many are important species in their native ecosystems (e.g., ecosystem engineers such as
prairie dogs and beavers, and apex predators such as gray wolves). Reducing
their populations, locally or globally, risks cascading negative consequences
including impoverishment of biodiversity, loss of resilience to biotic invasions,
destabilization of populations at lower trophic levels, and loss of many ecosystem services that benefit human society directly and indirectly. Lethal predator
control is not effective at reducing depredation in the long term. Instead, we
recommend that WS and its government partners involved in wildlife conflict
management emphasize training livestock producers in methods of nonlethal
control, with sparing use of lethal control by methods that are species-specific,
and cease all lethal control in federal wilderness areas and for the purpose of
enhancing populations of common game species.

doi: 10.1111/conl.12045

Introduction
Utilitarian valuation of wildlife—including large
carnivores—in Western societies increasingly is being replaced with noncommodity valuation (Schwartz
et al. 2003; Treves & Karanth 2003; Loomis 2012). In the
United States, this has led to growing public support for
preservation of our diverse native fauna and naturally
functioning native ecosystems, particularly in the larger
landscapes of western public lands (Bengtson et al. 1999).
More than 70 million Americans spend $55 billion and
generate over $100 billion in total economic activity
on nonconsumptive uses of wildlife in native habitats,

especially on federal public lands (Leonard 2008; USFWS
2012a).
At the same time, leading ecologists have concluded
that many of the world’s pandemics, irruptions of
undesirable species and collapses of desirable ones,
and destabilization of ecosystems, resulting in lost
ecosystem services, have been caused by the loss of
apex predators (Estes et al. 2011) and of important
small native herbivores (Delibes-Mateos et al. 2011).
Still, the US government spends tens of millions of
dollars annually killing predators and other mammals
and birds that private agribusiness regards as pests
(WS 2012a).
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Table 1 Federally threatened (T), endangered (E), and ESA petitioned (P)a mammals killed by Wildlife Services (1990–2011)
Species
NRM gray wolf (Canis lupus) (E)b

Western Great Lakes gray wolf (Canis
lupus) (T)c

Mexican gray wolf (C. lupus baileyi) (E)
Island gray fox (Urocyon littoralis) (E)d,e
San Joaquin kit fox (Vulpes macrotis
mutica) (E)f
Louisiana black bear (Ursus americanus
luteolus) (T)
Grizzly bear (Ursus arctos horribilis) (T)

States Where Killed

Year (# Killed)

TOTAL

ID, MT, WY

1,516

AZ, NM
CA
CA

1996 (6), 1997 (10), 1998 (15), 1999 (16), 2000 (25), 2001 (13), 2002
(42), 2003 (49), 2004 (75), 2005 (77), 2006 (129), 2007 (178), 2008
(210), 2009 (255), 2010 (262), 2011 (154)
1990 (94), 1991 (70), 1992 (114), 1993 (141), 1994 (165), 1995 (85),
1996 (134), 1997 (212), 1998 (168), 1999 (157), 2000 (149), 2001
(105), 2002 (152), 2003 (138), 2004 (115), 2005 (175), 2006 (149),
2007 (162), 2008 (186), 2009 (223), 2010 (190), 2011 (211)
2004 (1), 2005 (1), 2006(3), 2007 (4)
1990 (2), 1998 (2), 1999 (13)
1990 (1)

LA

1990 (2), 1995 (1), 1999 (2), 2002 (1)

6

MT, WY

1990 (9), 1997 (1), 1999 (2), 2000 (1), 2001 (1), 2002 (2), 2003 (3),
2005 (2), 2010 (2)
1990 (1)
2010 (1)
1990 (54), 1991 (354), 1992 (408), 1993 (220), 1994 (256), 1995 (391),
1996 (1,302), 1997 (696), 1998 (833), 1999 (321), 2000 (43), 2001
(19), 2002 (337), 2003 (52), 2004 (53), 2005 (88), 2006 (961), 2007
(1,132), 2008 (3,537), 2009 (10,533), 2010 (20,515), 2011 (16,277)
2007 (18), 2008 (12), 2009 (13,252), 2010 (24,204), 2011(15,821)

23

MI, MN, WI, ND

Canada lynx (Lynx canadensis) (T)
Wolverine (Gulo gulo) (P)
Black-tailed prairie dog (P) (Cynomys
ludovicianus)

UT
ID
CO, KS, ND, NE,
NM, MT, OK, TX,
WY

Black-tailed prairie dog- Burrow/Deng (P)
(Cynomys ludovicianus)
Gunnison’s prairie dog (P) (Cynomys
gunnisoni)

CO, NE, OK, WY

Gunnison’s prairie dog- Burrow/Deng (P)
(Cynomys gunnisoni)
White-tailed prairie dog (P) (Cynomys
leucurus)

CO

White-tailed prairie dog- Burrow/Deng (P)
(Cynomys leucurus)

AZh , CO, NM

CO, NM, UT, WY

CO

3,295

9
17
1

1
1
58,382

53,307
3,056

1996 (57), 1997 (16), 1998 (108), 1999 (101), 2000 (755), 2001 (58),
2005 (30), 2006 (259), 2007 (11), 2008 (72), 2009 (387), 2010 (394),
2011 (808)
2009 (625), 2010 (5,918), 2011 (4,775)

11,318

1996 (4), 1997 (120), 1999 (72), 2001 (1), 2004 (2022), 2005 (3), 2006
(317), 2007 (94)
2008 (116), 2009 (1,694), 2010 (1), 2011 (4)
2009 (1,950), 2010 (59), 2011 (4)

4,448
2,013

a

Four species were candidates for ESA listing as either T or E at some time during the period, following citizen petitions to the US Fish and Wildlife Service
(USFWS); of these, wolverine in its entire range and Gunnison’s prairie dog in parts of CO and NM were found by USFWS to be warranted for listing but
precluded by higher priority species; subsequently and as of this writing USFWS, under court order, is reevaluating the entire Gunnison’s prairie dog
species for listing; black-tailed prairie dog and white-tailed prairie dog were found not warranted for listing in 2009 and 2010, respectively; b NRM gray wolf
was reintroduced in 1995 and 1996 and then designated under the ESA as a nonessential experimental population; listed as T in ID and MT, and E in WY;
the ID and MT wolves were delisted in 2011; c Western Great Lakes gray wolf was listed as T in MN and E in MI and WI; delisted in Mar 2007, reversed in Sept
2008, delisted again in Jan 2012; d four of six subspecies listed as Endangered under the ESA; IUCN lists entire species as critically endangered; increased
take in 1999 partly due to depredation on endangered shrike Lanius ludovicianus anthonyi; e lumped into “gray foxes” by WS since 2000; f lumped into “kit
foxes” by WS since 2000; g listed as “Removed/Destroyed” by WS; h listed as “Prairie-Dog, z-(Other)” by Wildlife Services, included in Gunnison’s category
here based on geographic range of Cynomys in Arizona.

With 10 name changes and several department transfers during its 126-year legacy of animal control, the
stated purpose of Wildlife Services (WS, an agency of
the US Department of Agriculture’s [USDA] Animal and
Plant Health Inspection Services [APHIS]) is “to provide
Federal leadership and expertise to resolve wildlife
conflicts to allow people and wildlife to coexist” and
more specifically to “apply the integrated wildlife damage
management (WDM) approach to provide technical
assistance and direct management operations” (WS
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2012a). Yet, since 2000, WS has killed—intentionally
and unintentionally—2 million native mammals (WS
2012a), including 12 taxa of federally endangered,
threatened or “candidate” mammals (Table 1), numerous
state-protected mammals (Table 2), and 15 million native birds including—unintentionally—protected golden
eagles (Aquila chrysaetos) and bald eagles (Haliaeetus leucocephalus) (Knudson 2012a; WS 2012a; WS unpubl. data);
WS unintentionally killed an endangered California
condor (Gymnogyps californianus) in 1983 (US Congress
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Table 2 State-listed threatened (T), endangered (E), and special concern (SC) mammals killed by Wildlife Services (1996–2011)a
Species

State

Status

Year (# taken)

TOTAL

Swift fox (Vulpes velox)

CO
NE
WY

SC
E
SC

22
2
54

Kit fox (Vulpes macrotis)

UT

SC

River otter (Lontra canadensis)

CO
IL
NE
CO

T
Td
T
SC

MT
UT

SC
SC

1998 (6)b , 2001 (1), 2003 (4), 2005 (2), 2006 (6), 2010 (3)
2008 (2)
1999(1), 2001 (1), 2002 (2), 2004 (6), 2005 (2)c , 2006 (3), 2007 (6), 2008
(12), 2009 (5), 2010 (8), 2011 (8)
1996 (5)b , 1997 (4)b , 1998 (3)b , 1999 (4), 2000 (4), 2001 (1), 2003 (14),
2004 (3), 2005 (29), 2007 (2)
2003 (1)
2002 (1), 2005 (3), 2006 (4), 2007 (6)
2009 (1)
2000 (1), 2005 (4), 2006 (918), 2007 (1,108), 2008 (3,520), 2009 (6,042),
2010 (14,029), 2011 (8,906)
2002 (200), 2003 (5), 2004 (3), 2009 (20), 2010 (29)
1996 (4)b , 1997 (120)b , 1999 (72), 2005 (1), 2006 (317), 2007 (94), 2008
(100), 2009 (1,625)

Black-tailed prairie dogc (Cynomys
ludovicianus)
White-tailed prairie dogc (Cynomys
leucurus)

69
1
14
1
34,258
257
2,333

a
Reported take by WS was unintentional (nontarget) unless otherwise indicated; b intention of take unknown; c take was intentional; d delisted in September
2004.

1992). Vertebrates of 150 species have been killed
unintentionally by WS since 2000 (Knudson 2012a;
WS 2012a) by nonselective control methods including
snares, leghold traps, poison-laced bait, baited explosive
cyanide cartridges (M44s), and gassing of burrows and
dens (Knudson 2012a; WS 2012a).
WS’s National Wildlife Research Center (NWRC)
conducts important research in nonlethal control, but
those methods NWRC concludes are effective rarely are
adopted by WS field operations, particularly on livestock
grazing allotments in the West, which are heavily biased
toward lethal control (GAO 1995; Niemeyer 2010); WS
claims it cannot determine what proportion of its WDM
expenditures go toward nonlethal methods (WS 2012b).
WS conducts little or no population monitoring of
lethally controlled mammals nor of their alternate natural prey, no studies of whether WS control is additive
with other causes of mortality, and no studies of how
control affects populations of nontarget species that are
unintentionally killed. Moreover, WS operations have
never been the subject of an independent cost-benefit
analysis, and their internal economic analyses do not
adhere to guidelines used by most federal agencies, nor
do they consider lost ecological or economic values of the
predators themselves (Loomis 2012). In this policy perspective, we argue that the federal government’s ongoing
and century-old program of widespread lethal control
of western predators, and of other keystone species
such as prairie dogs (Cynomys spp.), requires cost-benefit
analysis-driven reform in order to represent broader
societal interests, restore biodiversity and ecosystem
function, and align with current scientific knowledge on
wildlife control.

The western United States possesses numerous large
national parks, roughly 300 million acres of national
forests and grasslands and federal public range lands, and
50 million acres of designated wilderness (Vincent 2004).
Presettlement biodiversity and trophic relationships still
can be represented on these significant land areas (Bailey
et al. 1928; USDI BLM 1997). Unfortunately, many of
these lands are overgrazed by livestock and by native
ungulates whose predators have been depleted (Beschta
et al. 2013). Simultaneously restoring apex predators and
retiring livestock grazing on these lands hold promise for
restoring western ecosystems and mitigating the likely
effects of climate change (Beschta et al. 2013), but such
restoration is inhibited in part by a legacy of predator
and rodent control on these lands (GAO 1995; Estes et al.
2011; Davidson et al. 2012).

Evolution and environmental legacy of a
federal wildlife control agency
Coincident with 3 million European families settling
the western United States from 1865 to 1890 (Turner
1935), tens of millions of bison (Bison bison), mule deer
(Odocoileus hemionus), elk (Cervus elaphus), and pronghorn
(Antilocapra americana) that had populated the region
were dramatically depleted by unregulated hunting, with
bison nearly driven to extinction and largely replaced by
domestic livestock (Isenberg 2000). Yet, mammalian carnivore populations retained much of their presettlement
abundance (Kay 2007). Wolf and coyote (C. latrans) populations briefly thrived on bison carcasses littering the
Plains; then, following the decline in their prey, these
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predators increasingly targeted domestic livestock, which
elicited a campaign of large-scale predator extermination
(Isenberg 2000; Robinson 2005).
After state and private bounties on predators became unreliable around 1900, livestock interests lobbied
successfully for direct federal involvement in predator
eradication, which began as a collaboration between
USDA’s Forest Service and Bureau of the Biological Survey (BBS) in the early 1900s and received direct congressional funding in 1915 (Hawthorne et al. 1999). Federal control of nuisance rodents soon followed, and, by
1939, government and western livestock interests cooperatively funded the Division of Predatory Animal and
Rodent Control (PARC) under BBS at >$1 million (Cain
et al. 1972; McIntyre 1982 in Feldman 2007).
Mass extermination of wolves and coyotes across the
western United States began in the early 1900s; by
the 1920s, overpopulation of rabbits induced their mass
culling (600,000 rabbits were killed in 1 year in Idaho by
government hunters; Hawthorne et al. 1999). Such lethal
control mentality failed to recognize herbivore irruptions
as consequences of predator release (Henke & Bryant
1999), or “trophic downgrading” (Estes et al. 2011). Extermination of prairie dogs—perceived as competitors
with domestic livestock—also began in the early 1900s.
New deal relief agencies greatly bolstered BBS/PARC’s
control programs; by 1936, the Civilian Conservation
Corps alone had poisoned 21.5 million acres of prairie
dog colonies across the western United States (Robinson
2005).

Controversial from the start: historical
critiques of federal wildlife control
Early 20th century conservationists criticized federal government predator-eradication programs, after the successful extirpation of grizzly bears (Ursus arctos horribilis)
from most of their range in the western United States,
and the ongoing campaign against wolves (Robinson
2005). As early critics warned, extirpation of gray wolves
from the western United States by 1930 caused interruption of natural trophic cascades, which became evident following their reintroduction to Northern Rocky
Mountain (NRM) ecosystems in 1995 (Bergstrom et al.
2009).
Poisoning of prairie dog colonies by PARC and its successor agency Animal Damage Control (ADC, under the
US Department of the Interior (USDI)) was implicated in
the near extinction of the black-footed ferret (Mustela nigripes; Cain et al. 1972). The American Society of Mammalogists, repeatedly from 1924 to 2012 criticized federal wildlife control programs as overly reliant on lethal
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measures, driven by special interests rather than science,
and causing excessive mortality of nontarget species.
Over many decades, prominent conservationists, three
study committees appointed by USDI, and several Government Accounting Office (GAO) reports echoed these
concerns (see Supporting Information). The 1931 ADC
Act (7 U.S.C. § 426) remains WS’s primary enabling legislation (Robinson 2005); its provision for private cooperator funding of federal wildlife control programs creates
a conflict of interest in setting WS management policy
(Ketcham 2008).

Lethal control and its unintended
consequences continue
Despite severe population reductions and extirpation
of prairie dogs across 92–98% of their original range
(Miller et al. 2007), there has been a resurgence of lethal
control by WS, with 50,613 prairie dogs killed in 2009–
2011, compared to 9960 in 2000–2008 (not counting
Burrow/Den; Table 1; WS 2012a). Yet, it is questionable
whether livestock directly benefit from extermination of
prairie dogs, whose colonies have been shown to increase
nutritional content and digestibility of forage plants, and
increase live-plant to dead-plant ratio, for both bison
and cattle (Bos taurus; Davidson et al. 2012). The loss
of most large colony complexes of prairie dogs, partly
due to continued government-funded extermination
programs, has had cascading effects throughout North
America’s central grasslands, including declines of many
other animal species that depend on prairie dogs as prey
and for the unique habitats they create (Davidson et al.
2012; Figure 1), and the invasion of shrubs into those
grasslands (Weltzin et al. 1997; Jones 2000). The US
Fish and Wildlife Service (USFWS) program to recover
endangered black-footed ferrets, almost solely dependent
on prairie dogs as prey, currently is hindered by lack of
reintroduction sites (Davidson et al. 2012).
Numbers of WS’s primary mammalian targets of lethal
control and certain other carnivores killed annually
since 2000 has remained remarkably constant (Figure 2);
data in Berger (2006) indicate a similar pattern from
1939 to 1998. Without monitoring of these populations,
we do not know whether this represents a constant
proportional annual mortality, but it at least implies
that predator control has not effected any long-term
solution to the perceived problem, and it shows there
is no downward trend in lethal control, despite GAO
(1995) admonishments. WS officials recently admitted
that relatively few ranching operations, on an estimated
5–10% of native coyote range in the West, account for a
large percentage of their annual coyote kills (Clay 2012;
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Figure 1 Conceptual diagram illustrating how the loss of a keystone species cascades throughout an ecosystem, using the black-tailed prairie dog
(Cynomys ludovicianus) in North America’s central grasslands as an example. Declines in prairie dogs result in the loss of their trophic (herbivory,
prey) and ecosystem engineering (clipping, burrow construction, and mound building) effects on the grassland, with consequent declines in predators
[e.g., black-footed ferrets (Mustela nigripes), raptors, swift and kit foxes (Vulpes velox, V. macrotis), coyotes (Canis latrans), badgers (Taxidea taxus)],
megaherbivore activity [e.g., Bison (Bison bison)], invertebrate pollinators, and species that associate with the open habitats and burrows that they create
[e.g., burrowing owls, (Athene cunicularia), mountain plovers (Charadrius montanus), pronghorn (Antilocapra americana), swift and kit foxes, cottontail
rabbits (Sylvilagus spp.), rodents, and many species of herpetofauna and invertebrates]. Black arrows depict the effects of prairie dogs. Plus signs indicate
an increase in an ecosystem property as a result of the loss of prairie dogs; minus signs indicate a decrease. Drawings are by Sharyn N. Davidson.

Knudson 2012c). State and federal managers removed
23.2% of the estimated coyote population of Wyoming
in 1994–1995 (Taylor 2009). WS will not reveal exactly
where coyote control occurs (WS 2012b), suggesting that
localized population effects are a potential conservation
concern. We acknowledge that range-wide effects likely
are negligible, because coyotes have greatly expanded
their range east and west during the period of WS control
(Kays et al. 2010). Coyote removal at a local scale,
however, can destabilize small-mammal communities,
causing irruptions and reduced diversity (Wagner &
Stoddart 1972; Henke & Bryant 1999).
Despite abundant evidence of top-down restoration of
NRM ecosystems by reintroduced gray wolves (reviewed

in Bergstrom et al. 2009), the number of wolves killed
by WS has increased substantially since 2000, peaking at
480 in FY2009 (WS 2012a). Additionally, NRM wolves
are now hunted in three states. Idaho and Montana killed
525 wolves—or 32% of their total population—by licensed hunting and WS control actions in 1 year, from
2009 to 2010 (Bergstrom 2011; USFWS 2012b). WS has
not assessed whether their continued management kills
of wolves is additive with hunting mortality and thus
jeopardizes wolf recovery as a cumulative effect. Simulation modeling of NRM wolf populations indicates that
this level of mortality is unsustainable, and with a likely
increase in human offtake, NRM wolf populations will
decline substantially (Creel & Rotella 2010).
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Figure 2 Numbers of the top seven species of native carnivores, plus beavers (Castor canadensis), killed annually by USDA-APHIS Wildlife Services from
2000 through 2011 (WS 2012a). Note: coyote (Canis latrans), beaver, raccoon (Procyon lotor), and striped skunk (Mephitis mephitis), in descending order,
were the top four mammal species reported killed during the period by WS; fifth and sixth ranks, respectively, were “ground squirrels” and “prairie dogs,”
but several species are combined in each of those two categories.

Conversely, unmanaged populations of gray wolves
in the Yellowstone ecosystem preferentially prey on old
and diseased elk (Wright et al. 2006), so allowing wolves
to establish and maintain natural pack structure could
theoretically aid disease prevention in ungulate populations (Roy & Holt 2008). Reducing wolf populations
increases coyote populations through “mesopredator release” and can have other unintended consequences on
native ungulate populations (Berger et al. 2008; Prugh
et al. 2009). For example, pronghorn fawn survival in areas with wolves was four times higher than in areas without wolves, because wolves suppressed coyotes and consequently fawn depredation (Berger et al. 2008). Predator
control may, at least locally, decrease ecosystem resilience
and lead to state shifts where invasive species become
dominant (Wallach et al. 2010), which only increases the
need for invasive control while decreasing its likelihood
of success.
The legacy and legislative history of federal wildlife
control reveal agriculture as its primary beneficiary, and
lethal control of top carnivores and burrowing mammals
such as prairie dogs particularly benefits western ranchers (see WS 2011). A relatively few influential western ranchers and major agribusiness lobbying groups,
such as the American Farm Bureau, have prevented
Congress from reforming WS in the past (Robinson 2005;
Ketcham 2008). Nearly half of WS’s annual $57 mil-
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lion federal allocation directly benefits already heavily taxpayer-subsidized agriculture (FY2010; WS 2012a;
Ketcham 2012). This subsidy supports merely 7 million
head of livestock, primarily cattle, which graze 268 million acres (>1 million km2 ) of leased federal land, or
70% of the land area of 11 western states, including active allotments within 35% of the nation’s wilderness
areas (Fleischner 1994; 7 million head represented only
6.3% of the nation’s total cattle, sheep and goats in 1994
[USDA 1999a, 1999b]). This subsidy contravenes other
federal expenditures; e.g., USDI has spent over $43 million since 1974 reintroducing and conserving the gray
wolf (USFWS 2011).
Cattle losses to all predators account for 5.5% of total
mortality in the United States (USDA 2011) and even in
the NRM wolf recovery zone, wolf predation accounts for
a fraction of total predator losses (USFWS 2012b). Yet,
WS increased control kills of wolves in recent years in
the Wyoming recovery area, even though confirmed wolf
depredations of cattle and number of packs depredating
have declined steadily since 2006, while the wolf population has increased by 31% (USFWS 2012b).
In addition to increasing human-wildlife conflict, overstocking public rangelands with livestock reduces forage
and habitat for small mammals (Bock et al. 1984; Heske
& Campbell 1991) and other vertebrates (reviewed in
Beschta et al. 2013) that are important prey of carnivores.
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Ohmart & Anderson (1986) concluded livestock grazing
likely was the major factor negatively affecting wildlife
populations in 11 western states. Sacks & Neal (2007)
found a significant negative association between wild
prey biomass and sheep predation by coyotes, suggesting
that healthy and productive native small-mammal
habitats act as buffers against livestock depredation by
coyotes. With a declining natural prey base, predators
may switch to more abundant domestic stock, prompting
greater demand for lethal predator control (Knowlton
et al. 1999). Heavy cattle grazing has significantly depressed black-tailed jackrabbit (Lepus californicus) density
(Flinders & Hansen 1975), and when black-tailed jackrabbit populations became severely depressed, ewe and lamb
depredation by coyotes increased dramatically (Stoddart
et al. 2001).
As long as private livestock producers can externalize
the costs of predator losses via government-subsidized
predator control, they will have little incentive for
responsible animal husbandry techniques, i.e., reduce
stocking levels, clear carcasses and after-births quickly,
confine herds at night or during calving/lambing, install
fencing and fladry, or adopt numerous other nonlethal
preventive methods to avoid depredation (Shivik et al.
2003). The easiest and most obvious places to reduce
human-wildlife conflict are wilderness areas. As long as
the practice of lethally controlling “problem animals” persists wherever livestock graze (see Linnell et al. 1999),
livestock-free wilderness areas and national parks may
provide the only refuges and source populations for most
rare and endangered North American large carnivores.

Lethal wildlife control for livestock:
ineffective and wasteful
In 1887, Albert Fisher, C. Hart Merriam’s assistant at BBS,
examined stomach contents of hawks and owls shot for
$90,000 in bounties in Pennsylvania, estimating the lost
value of rodent and insect control by removing these
predators at $3.9 million; the direct savings in chickens
was $1,875 (Robinson 2005; the federal government long
ago ceased targeting avian predators for lethal control
but has not altered its approach to mammalian predators). Cole (1970) estimated a 5:1 cost-benefit ratio of WS
killing Arizona coyotes for livestock depredation, adding
lost forage due to compensatory increases in jackrabbits to taxpayer costs for lethal control (see Wagner &
Stoddart 1972; Henke & Bryant 1999).
Eradication of predators ended livestock depredation,
but lethal control measures, short of eradication, appear
no more effective in the long term than no lethal control
at all. Three gray wolf removal studies in different

decades in different areas of North America indicate that
effects are short-lived, because remaining individuals
and recolonizing packs just as often depredate as those
removed (Treves & Naughton-Treves 2005). Coyote
control usually has involved population reduction rather
than selective killing (Mitchell et al. 2004); this can create
temporary local extirpations, soon attracting immigrants
that experience dramatically higher reproductive output,
resulting in no long-term effect on depredation (Connolly 1978; Knowlton et al. 1999). Removing more than
the territorial breeding pair of coyotes (which commit
most depredations of sheep) from a wider zone around a
depredation site may even increase the overall problem by
allowing more breeding pairs to immigrate (Sacks et al.
1999). Despite considerable effort by WS at lethal coyote
control in the western United States, evaluation of a
60-year data set indicated that the decline of the sheep
industry in both eastern and western United States could
be attributed to market trends and production costs, and
that predator control (lacking in the East) did not have a
significant impact on the decline (Berger 2006).
Lethal control often proceeds without certain knowledge that targeted individuals are responsible or that
a depredation has occurred (as in “preventive” culling
of coyotes; GAO 1990; Knudson 2012c). But the
compensatory aspect of depredation control described
above suggests that even highly specific lethal control methods such as poison collars (Connolly et al.
1978) would not be a long-term solution. Preventive,
nonlethal methods, such as fencing, guard dogs, and
taste aversion conditioning hold more promise for
long-term reduction of depredation (Green et al. 1984;
Gustavson & Nicholas 1987; Treves & Karanth 2003;
Knudson 2012b). That the unmanaged wolf population
of Yellowstone National Park has declined 40% since
its peak density in 2006 and appears to have stabilized at ≤100 animals (Figure 3) suggests that simply
ending lethal control elsewhere in the NRM could lead to,
at worst, a stable rate of depredation (<5%; Bergstrom
et al. 2009; USDA 2011), which could be decreased by
aggressive application of nonlethal methods. The latest
annual report for the NRM projects a declining growth
rate for the wolf population as it stabilizes at a lower
equilibrium in line with natural carrying capacity (USFWS 2012b). Affirming what generally is hypothesized
for a territorial mammal, WS/NWRC’s own research
indicates that gray wolf populations are not prey-limited
but rather are intrinsically density-dependent, i.e.,
self-regulating (Cariappa et al. 2011).
Even assuming scientifically supportable benefits of
targeted killing of mammals by WS, 2000–2011 kill data
reveal several striking examples of waste of nontarget
species. Badgers are targeted in most states where they
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Figure 3 Annual numbers of wolves in Yellowstone National Park from
initial reintroduction in 1995 and 1996 through 2011 (winter counts; data
from NPS 2011; USFWS 2012b).

occur, but fully a third (>180 per year) of those killed
were killed unintentionally (WS 2012a). (Hall 1930 also
reported excessive nontarget killing of badgers by PARC
agents). Virtually all kit foxes (Vulpes macrotis) and swift
foxes (V. velox) killed (95% of 339 and 99.5% of 225,
respectively) were killed unintentionally by neck snares,
leghold traps, or M44s set for coyotes (WS 2012a). Ironically, swift foxes were extirpated in many areas by the
1930s as a result of nontarget mortality from federal coyote and wolf control programs (Stephens & Anderson
2005). Swift foxes were identified as the one predator
ADC may have killed in FY1989 over a significant portion of its range and therefore put at risk of extinction
(GAO 1990). Eighty-six percent of 82 ringtails (Bassariscus
astutus) killed from 2000 to 2011 were killed unintentionally, as were 97.3% of 2,413 collared peccaries (Pecari tajacu; WS 2012a). An average of >400 river otters (Lontra
canadensis) annually were killed unintentionally by WS,
after considerable efforts by at least 21 states to reintroduce the species (Raesly 2001). Unfortunately, eyewitness accounts suggest that not all protected species unintentionally killed are being reported by WS field agents
(Niemeyer 2010).

The other reason for lethal predator
control
Increasing participation of WS in what was identified
in its 2001 Research Needs Assessment as “the growing and expanding negative impact of predators (for example, coyotes, foxes, wolves, and raccoons) on wildlife
resources (for example, deer and antelope)” highlights
renewed emphasis on WS’s role as promoter of particular wildlife species over others (Bruggers et al. 2002).
This emphasis contradicts the evidence that, where apex
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predators have been reduced or extirpated, native ungulate populations exceed carrying capacity and are causing increasing habitat deterioration (Beschta et al. 2013).
In its collaboration with states, WS controls wolves and
other predators by aerial gunning in remote areas to reduce predation on elk (Robbins 2011; WS 2012b), especially in Idaho, despite the fact that in 2009, 26 of
29 management units in that state had elk populations
at or above state management objectives (Bergstrom
et al. 2009). Despite wolf recovery and while its aggressive wolf-reduction plan was awaiting federal approval,
Wyoming had a record elk harvest in 2010 (WGFD 2013).
The political power of western ranching has long been a
primary determinant of WS’s mammalian predator control (Robinson 2005), but conducting it for the ostensible benefit of common native game species specifically
favors certain segments of the US population over others. The Wildlife Society (TWS), in its recent technical
review of carnivore management, states “Although the
Public Trust Doctrine for Wildlife Management clearly articulates that federal and state agencies manage wildlife
for the benefit of all citizens, often the opinions of
nonconsumptive users are ignored. Unbalanced information that supports the perceptions of some stakeholders over others can increase conflicts (Peek et al. 2012).”
This seems to us to be the case when state or federal agencies conduct predator control on wilderness areas (see WS 2012b) and/or implement predator control to promote certain game species over other native
wildlife. The latter arguably benefits 11.6 million people
in the United States who hunt big game to the detriment of 22.5 million active wildlife watchers, whose
direct expenditures are three times that of big-game
hunters (USFWS 2012a). TWS goes on to say “In places
where human presence and impact is minimized, wildlife
populations of all species should be allowed to fluctuate with as little anthropogenic interference as possible
(Peek et al. 2012).”
Even if enhancing wild ungulate populations were
a justifiable goal, predator control is an unproven instrument for achieving it. A meta-analysis of predatorremoval experiments in 113 systems found prey populations subsequently declined in 54 of them (Sih et al. 1985).
In Idaho, wolf predation on elk is <10% of total elk mortality and mostly replaceable (IDFG 2007; see Wright et al.
2006). In a long-term, large-scale manipulative study of
coyote and cougar (Puma concolor) removal in Idaho, the
effects on mule deer abundance were marginal and short
term; winter severity in the current and previous winters
was the best predictor of deer population trends (Hurley
et al. 2011). Three years of elk-calf mortality data from
northern Yellowstone indicated wolves did not meet an
important criterion of ability to control elk populations,
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as they were not the dominant predator on all stages of
the life cycle of the prey (NRC 1997), accounting for only
14–17% of calf mortality (Barber-Meyer et al. 2008).

lethal control programs, which analyzes potential direct,
indirect, and cumulative effects of lethal control on populations and ecosystems in light of current science; and 7)
making details of WS funding sources and budget expenditures transparent and readily available to the public.

Conclusion
The continuing heavy reliance of the federal government
on lethal control of native mammals is a vestige of the
outmoded mentality of western expansionism, in which
the goal was to “tame” the wilderness, replacing the
ecosystem’s primary-consumer trophic level entirely
with domesticated herbivores and a few favored game
species and all higher trophic levels with humans (Robinson 2005). Its survival into the 21st century defies the
consensus among ecologists that significant reductions in
local populations of native primary consumers and apex
predators has had far-reaching consequences on primary production, nutrient flows, disease incidence, and
biodiversity at all levels and at all spatial scales (DelibesMateos et al. 2011; Estes et al. 2011; Davidson et al. 2012).
Both to restore ecosystems and to serve broader societal interests in conservation, we recommend that all federal management agencies that deal with human-wildlife
conflict collaborate with all stakeholders in adopting
a more holistic and ecosystem-based management approach resulting in reduced reliance by WS on lethal
control methods, especially on western public lands. An
independent cost-benefit analysis of WS operations that
includes full economic valuation of native wildlife subject to lethal control (possibly including a contingent valuation method study of public willingness to pay for
predators; Loomis 2012) must be undertaken. This could
include participatory intervention planning (PIP; Treves
et al. 2009), which analyzes management options in
light of cost effectiveness, sociopolitical acceptability, and
species-specific efficacy. It will also necessitate that WS
field operations move beyond promotion to actual implementation of “integrated WDM,” in which lethal control
is a last, not a first, resort. Specific measures to reduce the
negative impacts of, and need for, lethal wildlife control
in the western United States include: 1) retiring grazing
leases on remote federal lands, especially those that are
overgrazed or in wilderness areas; 2) requiring federal
grazing permittees, under penalty of revocation, to employ best animal-husbandry practices fully; 3) prioritizing use of, and research and outreach on, nonlethal, preventive methods of depredation control; 4) ceasing lethal
control methods that are not highly selective of the individual (and species) being targeted; 5) ending misguided
efforts to enhance populations of common game species
by predator control; 6) preparing an updated, peerreviewed environmental impact statement on all WS
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grazing on western public lands, grounding their recommendations in ecological considerations

43

and federal agency legal authority and obligations. Svejcar et al. (2014) suggest that Beschta et

44

al. (2013) neither “present a balanced synthesis of the scientific literature” nor “reflect the

45

complexities associated with herbivore grazing.” Svejcar et al. (2014) “dispute the notion that

46

eliminating [livestock] grazing will provide a solution to problems created by climate change,”

47

although we made no such claim. Instead, Beschta et al. (2013: p. 474) indicate that removal or

48

reduction of livestock across large areas of public land will reduce a pervasive ecological stress,

49

diminishing cumulative impacts on these ecosystems under climate change. We respond to three

50

livestock grazing issues raised by Svejcar et al. (2014): (1) legacy vs. contemporary effects, (2)

51

fuels reduction and fire effects, and (3) grazing complexity and restoration.

52

1) Contemporary and legacy livestock use has caused combined effects.

53

Livestock effects began soon after their introduction to semi-arid ecosystems west of the

54

Rockies, which had evolved in an absence of large herds of ungulates (Mack and Thompson

55

1982). Contemporary grazing impacts (as described in Beschta et al. 2013) compound “legacy”

56

effects, including: altered fire regimes; biological soil crust loss, soil loss, and compaction;

57

altered composition, structure, and function of upland, riparian, and stream biological

58

communities; altered streamflow regimes; and reduced food-web support and physical habitat for

59

terrestrial and aquatic biota (Blackburn 1984; Belsky et al. 1999; Kauffman and Pyke 2001;

60

Belnap and Lange 2003; Fleischner 2010). Combined legacy and current grazing effects have

61

left many streams with degraded riparian vegetation, accelerated bank erosion, widened and/or

62

incised stream channels, and altered water quality (increased temperatures and sediment loads).

63

These changes have many negative biological effects, including those on imperiled resident and

3

64

anadromous fish (NRC 1996; NRC 2002). Because the legacy effects of livestock were

65

significant and extensive, contemporary grazing studies tend to underestimate ecological

66

impacts, as they compare changes within already diminished systems (Fleischner 1994).

67

While some livestock impacts (e.g., soil loss or channel incision) may not be fully reversible

68

in short timeframes, recovery of native plant communities and soil functions, which underpin

69

terrestrial ecosystems, often occur when the causes of degradation are removed or reduced.

70

Despite changes in public land grazing practices over time, evidence indicates that contemporary

71

livestock use thwarts ecological recovery. Cessation of livestock grazing can result in recovery

72

of soil properties (Kauffman et al., 2004), riparian vegetation (Hough-Snee et al. 2013 and

73

Figure 1), and channel morphology (Opperman and Merenlender 2004 and Figure 1), relative to

74

areas that continue to be grazed.

75

Riparian and stream ecosystems (Belsky et al. 1999; NRC 2002) and aspen (Populous

76

tremuloides) communities (Seager et al. 2013) are biologically diverse and especially susceptible

77

to the effects of livestock use. For example, recent studies in Wyoming (Hessl and Graumlich

78

2002), Nevada (Kay 2003), Montana (Kimble 2007), Oregon (Seager 2010), and Utah (Kay

79

2011) point to high levels of livestock herbivory over many decades, sometimes in combination

80

with wild ungulate impacts, as a major factor inhibiting aspen growth from seedling/sprouts into

81

saplings and trees. These long-term effects hamper the ability of this tree species to persist in

82

many western ecosystems. Livestock grazing also has widespread effects on the frequency and

83

distribution of native grasses, forbs, and shrubs, and native wildlife species dependent upon those

84

plants [e.g., sage-grouse (Centrocercus urophasianus); Manier et al. 2013].

85

2) Livestock grazing is not a viable tool for reducing fuels and wildfire effects.

4

86

Livestock grazing in western US landscapes altered natural fire regimes by decreasing the

87

frequency of low-severity fires beginning in the early 1900s (Swetnam and Betancourt 1998),

88

making large areas prone to invasion by woody species and, in turn, more susceptible to high-

89

severity fires (Chambers and Pellang 2008). Furthermore, cheatgrass (Bromus tectorum), an

90

annual exotic, spread rapidly throughout the Intermountain West as a result of livestock

91

movement and overgrazing (Mack, 1986), contributing to more frequent burning. Cheatgrass

92

dominates nearly 70,000 km2 in the Great Basin and is a component on an additional 250,000

93

km2 (Diamond et al. 2012). Reisner et al. (2013) found that: livestock grazing increases

94

cheatgrass dominance in sagebrush steppe, reduced grazing may be one of the most effective

95

means of conserving and restoring imperiled sagebrush ecosystems, and livestock grazing is not

96

likely a viable tool for reducing cheatgrass dominance because it promotes cheatgrass invasion.

97

3) Although livestock grazing has complex ecological consequences, large-scale reductions

98

in grazing effects are likely to reduce cumulative ecosystem degradation.

99

Recognizing the complexity of grazing issues was central to the synthesis and

100

recommendations included in Beschta et al. (2013). Our analyses provided an integrative view

101

of that complexity: we discussed three classes of ungulates (domestic, feral, wild), drawing

102

examples from diverse vegetation types (shrub steppe, desert, conifer forest) and ecological

103

attributes (such as water quality, hydrology, riparian areas, soils, hydrology, biodiversity).

104

Nevertheless, compelling reasons exist to single out livestock as a cause of ecological harm to

105

native plant communities, terrestrial and aquatic habitats, and watershed processes (Belsky et al.

106

1999; Kauffman and Pyke 2001; Belnap and Lange 2003; NRC 2002). Livestock use is a

107

principal cause of desertification in arid and semi-arid landscapes (Swetnam and Betancourt

108

1998; Belnap and Lange 2003; Fleischner 2010). It has the most extensive land-use footprint on

5
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western public lands (Beschta et al. 2013), and it continues at major public expense (Vincent

110

2012). Livestock production also contributes directly and indirectly to greenhouse gases, raising

111

increasing concern about its climate effects (Ripple et al 2014). The cessation or removal of

112

factors that cause degradation or prevent recovery is the most effective and robust approach to

113

ecological restoration (Kauffman et al. 1997). Unlike many stressors, livestock use is subject to

114

human control.

115

Svejcar et al. (2014) assert that position statements by the American Fisheries Society

116

(Armour et al. 1991) and the Wildlife Society (2010) “do not advocate removing livestock from

117

western rangelands.” These position statements, however, as well as those of the Society for

118

Conservation Biology (Fleischner et al. 1994), conclude that public-land grazing impacts need to

119

be dramatically reduced to allow recovery of degraded ecosystems—an explicit recommendation

120

of Beschta et al. (2013). Moreover, these position statements were developed without

121

consideration of climate change effects.

122

Livestock use of public lands in the West remains a major stressor with effects of increasing

123

concern under the overarching stressor of climate change. Its removal or reduction is an ecologically

124

efficient and unambiguous approach for restoring resilience to large areas of these lands (see

125

synthesis in Beschta et al. 2013). Because livestock grazing has diminished biodiversity and

126

degraded ecosystems, the burden of proof for maintaining the grazing status quo is on Svejcar et

127

al (2014). But they offer no evidence that livestock use is compatible with the recovery of

128

livestock-degraded uplands, riparian areas, or stream systems, or with retention of native species

129

in arid and semi-arid ecosystems. Absent such evidence, and in the context of a changing

130

climate, the only rational, effective, and direct alternative for ecologically restoring many

131

western public lands is to reduce the effects of their most prominent stressor—livestock.
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218
219

Figure 1. A photopoint demonstrating vegetation and stream channel change following removal

220

of livestock in the Northern Great Basin (Barnhardy Meadows, Hart Mountain National

221

Antelope Refuge, Oregon). Upper photo was taken October, 1990 after approximately one

222

century of livestock grazing during which livestock use was managed by the US Fish and

223

Wildlife Service from 1940-1990. Lower photo was taken August, 2013 following 22 years of

224

rest from livestock grazing. In this ecosystem, the reestablishment of willows (Salix spp.) and

225

other wetland obligate species, as well as increased aspen recruitment, has occurred. Previously

226

eroding stream banks have stabilized and stream channels narrowed since the removal of

227

livestock on the refuge. Photo credits: (upper) Bill Pyle and (lower) Schyler Ries.
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Abstract
ABSTRACT
Concerns over declining mule deer (Odocoileus hemionus) populations during the 1990s prompted research
efforts to identify and understand key limiting factors of deer. Similar to past deer declines, a top priority of
state wildlife agencies was to evaluate the relative importance of habitat and predation. We therefore
evaluated the effect of enhanced nutrition of deer during winter and spring on fecundity and survival rates
using a life table response experiment involving freeranging mule deer on the Uncompahgre Plateau in
southwest Colorado, USA. The treatment represented an instantaneous increase in nutritional carrying
capacity of a pinyon (Pinus edulis)—Utah juniper (Juniperus osteosperma) winter range and was intended to
simulate optimum habitat quality. Prior studies on the Uncompahgre Plateau indicated predation and disease
were the most common proximate causes of deer mortality. By manipulating nutrition and leaving natural
predation unaltered, we determined whether habitat quality was ultimately a critical factor limiting the deer
population. We measured annual survival and fecundity of adult females and survival of fawns, then
estimated population rate of change as a function of enhanced nutrition. Pregnancy and fetal rates of adult
http://onlinelibrary.wiley.com/doi/10.2193/2008107/abstract
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females were high and did not vary in response to treatment. Fetal and neonatal survival rates increased in
response to treatment, although the treatment effect on neonatal survival was marginal. Overwinter rates of
fawn survival increased for treatment deer by 0.16–0.31 depending on year and fawn sex, and none of the
95% confidence intervals associated with the effects overlapped zero. Overwinter rates of fawn survival
averaged 0.905 (SE = 0.026) for treatment deer and 0.684 (SE = 0.044) for control deer. Nutritional
enhancement increased survival rates of fetuses to the yearling age class by 0.14–0.20 depending on year
and fawn sex; 95% confidence intervals slightly overlapped zero. When averaging estimates across sexes
and years, treatment caused fetal to yearling survival to increase by 0.177 (SE = 0.082, 95% CI: 0.016–
0.337). Annual survival of adult females receiving treatment (Ś = 0.879, SE = 0.021) was higher than survival
of control adult females (Ś = 0.833, SE = 0.025). Our estimate of the population rate of change (λ) was 1.165
(SE = 0.036) for treatment deer and 1.033 (SE = 0.038) for control deer. Increased production and survival of
young (i.e., fetal, neonatal, and overwinter fawn survival) accounted for 64% of the overall increase in λ,
whereas adult female survival accounted for 36% of the increase in λ. The effect of nutrition treatment on
overwinter fawn survival alone accounted for 33% of the overall increase in λ.
We documented food limitation in the Uncompahgre deer population because survival of fawns and adult
females increased considerably in response to enhanced nutrition. We found strong evidence that enhanced
nutrition of deer reduced coyote (Canis latrans) and mountain lion (Puma concolor) predation rates of ≥6
monthold fawns and adult females. Our results demonstrate that observed coyote predation, by itself, is not
useful for evaluating whether coyotes are negatively impacting a deer population. Our results also indicate
that mountain lions may select for deer in poorer condition under some circumstances, suggesting that
mountain lion predation may not always be an additive source of mortality. Disease mortality rates of adult
females did not decline in response to enhanced nutrition. Winterrange habitat quality was a limiting factor of
the Uncompahgre Plateau mule deer population. Therefore, we recommend evaluating habitat treatments for
deer that are designed to setback succession and increase productivity of lateseral pinyonjuniper habitats
that presently dominate the winter range.

RESUMEN
Preocupaciones sobre disminuciones poblacionales de venados bura (Odocoileus hemionus) durante los
años noventa han incitado esfuerzos de investigación para identificar y entender los factores claves
limitantes de los venados. Semejante a disminuciones pasadas de los venados, la prioridad alta de las
autoridades estatales era evaluar la importancia relativa del hábitat y la depredación. Por lo tanto,
evaluamos el efecto de la nutrición aumentada de venados durante invierno y primavera en las tasas de
fecundidad y supervivencia utilizando un experimento de respuesta de tabla de vida involucrando venados
bura silvestres de la Meseta de Uncompahgre en el sudoeste de Colorado. El tratamiento representó un
aumento instantáneo en la capacidad nutricional en una área invernal dominado por piñon (Pinus edulis) y
enebro de Utah (Juniperus osteosperma), y fue pretendido simular la calidad óptima del hábitat. Estudios
previos en la Meseta de Uncompahgre indicaron que la depredación y la enfermedad fueron las causas más
comunes de la mortalidad de venados. Determinamos si la calidad del hábitat fue últimamente un factor
limitante crítico de la población de venados por manipular la nutrición y dejar la depredación como fue.
Medimos fecundidad y la supervivencia anual de hembras adultas y la supervivencia de los cervatos,
entonces estimado la tasa de cambio poblacional en función de nutrición aumentada. El embarazo y las
tasas fetales de hembras adultas eran altos y no variaron en respuesta al tratamiento. Las tasas de
supervivencia fetales y neonatales aumentaron en respuesta al tratamiento, aunque el efecto del tratamiento
sobre supervivencia neonatal fuera marginal. La supervivencia de ciervos por invierno fue
considerablemente más alto entre venados del tratamiento que venados de control. La supervivencia de
http://onlinelibrary.wiley.com/doi/10.2193/2008107/abstract
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invierno incrementó por 0.16–0.31, dependiendo del año y sexo de cervato, y ninguno de los intervalos de
confianza de 95% asociado con el efecto incluyó 0. La supervivencia de cervatos por invierno promediado
0.905 (EE=0.026) para venados de tratamiento y 0.684 (EE=0.044) para venados de control. El tratamiento
de nutrición aumentada incrementó la supervivencia de fetos a la edad añal por 0.14–0.20 dependiendo de
año y sexo de cervato, aunque los intervalos de confianza de 95% asociado con el efecto apenas incluyó 0.
Al promediar las estimaciones a través de sexos y años, el tratamiento causó supervivencia de fetos a la
edad añal incrementar por 0.177 (EE = 0.082, IC 95%: 0.016, 0.337). Supervivencia de venados hembras
recibiendo el tratamiento (Ś = 0.879, EE = 0.021) fue más alto que la supervivencia de venados controles (Ś
= 0.833, EE = 0.025). Nuestra estimación de la tasa de cambio poblacional, λ, fue 1.165 (EE = 0.036) para
venados tratados y 1.033 (EE = 0.038) para venados controles. La supervivencia por invierno de crías (i.e,
supervivencia fetalneonatalciervos pro invierno) explicó 64% del aumento global en λ, mientras que la
supervivencia de los venados hembras adultas explicó 36% del aumento en λ. El efecto del tratamiento de
nutrición en la supervivencia de ciervos por invierno solo explicó 33% del aumento global en λ.
Documentamos limitación de alimento en la población de venados de la Uncompaghre porque la
supervivencia de los ciervos y las venados hembras incrementó considerablemente en respuesta a la
nutrición aumentada. Encontramos evidencia fuerte que nutrición aumentada de venados redujó
depredación por coyotes (Canis latrans) y pumas (Puma concolor) en ciervos ≥6 meses de edad y en
venados hembras. Nuestros resultados demuestran que depredación por coyotes observada, sola, no es útil
para evaluar si los coyotes impactan negativamente a una población de venados. Nuestros resultados
indican también que las pumas pueden seleccionar venados en peor condición bajo algunas circunstancias,
sugeriendo que depredación por pumas no siempre puede ser una fuente aditiva de la mortalidad. Las tasas
de mortalidad por enfermedad de venados hembras no disminuyeron en respuesta a la nutrición aumentada.
Calidad del habitat en el área invernal fue un factor limitante de la población de venados bura de la Meseta
Uncompahgre. Por lo tanto, recomendamos evaluar tratamientos del hábitat para venados que son
diseñados para retrasar la sucesión y incrementar la productividad de los habitats del piñonenebro en
etapas avanzadas de sucesión los cuales actualmente dominan la área invernal.

RÉSUMÉ
L'inquiétude concernant le déclin des populations de cerf mulet (Odocoileus hemionus) durant les années
1990 a orienté les efforts de recherche vers l'identification et la compréhension des facteurs limitant ces
populations. Lors des précédents déclins, l'une des priorités des agences d'état en charge de la faune
sauvage a porté sur l'évaluation de l'importance relative de l'habitat et de la prédation. C'est pourquoi nous
avons évalué l'impact d'un complément d'alimentation en hiver et au printemps sur les taux de fécondité et
de survie, gra&#x030c;ce à une analyse démographique impliquant des cerfs mulets en liberté sur le Plateau
Uncompahgre, dans le sudouest du Colorado. Le complément de nutrition peut ětre considéré comme un
accroissement immédiat de la capacité d'accueil de l'aire d'extension hivernale dont l'habitat est composé de
pins du Colorado (Pinus edulis) et de genévriers (Juniperus osteosperma). Ce traitement visait à simuler un
habitat de qualité optimale. Des études préliminaires sur le Plateau de Uncompahgre ont montré que la
prédation et les maladies sont les principales causes immédiates de mortalité du cerf mulet. En manipulant la
nutrition et en laissant la prédation inchangée, nous avons déterminé si la qualité de l'habitat constituait un
facteur limitant la performance de la population. Nous avons mesuré la fécondité et la survie annuelle des
femelles adultes et la survie des faons. Nous avons ensuite utilisé ces paramètres pour estimer le taux de
croissance de la population en presence ou non de complément alimentaire. Les taux de gestation et le
nombre moyen de foetus des femelles adultes étaient élevés et ne variaient pas dans la réponse au
traitement. Le taux de survie foetale et néonatale a augmenté en réponse au traitement, bien que l'effet du
http://onlinelibrary.wiley.com/doi/10.2193/2008107/abstract
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traitement sur la survie néonatale ait été marginal. Le taux de survie hivernale des faons était nettement plus
élevé pour les cerfs ayant reçu l'apport nutritionel que pour les cerfs ayant servi de témoin. La survie
hivernale des faons a augmenté de 0.16–0.31, suivant l'année et le sexe du faon, et aucun des intervalles de
confiance à 95% associés à l'effet n'incluait 0. La survie hivernale des faons était en moyenne 0.905 (SE =
0.026) pour les cerfs de traitement et 0.684 (SE = 0.044) pour les cerfs de contr&#x006f;&#x030c;le.
L'amélioration nutritionnelle a augmenté le taux de survie des foetus a&#x030c;gés de 1 an de 0.14?0.20,
suivant l'année et le sexe, bien que l'intervalle de confiance à 95% incluait 0. En faisant une moyenne des
estimations sur les sexes et les années, le traitement d'apport nutritionel a permis une augmentation de la
survie depuis le stade foetal jusqu'à deux ans de 0.177 (SE = 0.082, 95% CI: 0.016, 0.337). Le complément
alimentaire a également eu un effet positif sur la survie des femelles adultes. La survie des femelles ayant
reçu le traitement (Ś = 0.879, SE = 0.021) était supérieure à la survie des individus témoins (Ś = 0.833, SE =
0.025). Notre estimation du taux de multiplication de la population λ est égale à 1.165 (SE = 0.036) pour les
cerfs ayant reçu le traitement et 1.033 (SE = 0.038) pour les cerfs témoins. L'augmentation de survie des
jeunes (i.e., survie fétale, néonatale et survie hivernale des faons) expliquait 64% de l'augmentation totale de
λ, contre 36% pour l'augmentation de survie des femelles adultes. L'effet du traitement nutritionnel sur la
survie hivernale des faons représentait à elle seule 33% de l'augmentation totale de λ.
L'augmentation de λ en réponse à un supplément alimentaire nous a permis de mettre en évidence que la
croissance de la population de cerfs de l'Uncompahgre est limitée par la ressource en nourriture. Nous avons
montré que l'amélioration de la nutrition réduit les taux de prédation par le coyote (Canis latrans) et le puma
(Puma concolor) sur les femelles adultes et les faons de plus de 6 mois. Nos résultats montrent que
l'observation de prédation les coyotes n'est pas en soi utile pour déterminer si cette prédation a ou non un
impact négatif sur une population de cerfs. Nos résultats indiquent également que, sous certaines
circonstances, les pumas pourraient sélectionner les cerfs en mauvaise condition, ce qui suggère que la
prédation par les pumas n'est probablement pas toujours une source de mortalité additive. Le taux de
mortalité par maladie des femelles adultes n'a pas diminué en réponse à l'amélioration de la nutrition. La
qualité de l'habitat dans l'aire de répartition hivernale est un facteur limitant la population de cerfs mulets du
Plateau de Uncompahgre. Par conséquent, nous recommandons l'évaluation de traitements visant au retour
des successions végétales et à l'accroissement de la productivité des habitats nonclimaciques de
pins/genévriers, lesquels dominent actuellement la répartition hivernale du cerfmulet.
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Animal torture, abuse called a 'regular practice' within federal
wildlife agency
By Cristina Corbin
Published March 12, 2013
FoxNews.com

It was a productive day for Gary Strader when he pulled his vehicle up to a remote site in northeast Nevada and found nine coyotes
caught in leg hold snares set by the federal government. As was routine, Strader, a former trapper with the U.S. Department of
Agriculture, signaled his dogs to attack.
His supervisor, who had accompanied him that day, watched and laughed as the dogs circled the coyotes and ripped into them,
Strader recalled.
"That was regular practice," said Strader, who in 2009 left Wildlife Services, a littleknown program within the USDA. The program is
tasked with humanely killing wildlife seen as a threat to the environment and livestock, as well as protecting the public from wildlife
hazards to commercial planes at airports.
"You let your dogs fight with them. That was part of the job," said Strader. "There's not a person in Wildlife Services who is not
aware of it."
The brutal approach by Wildlife Services is part of a culture of animal cruelty that has long persisted within an agency that uses
taxpayer money to wage an unnecessary war on wildlife, according to two U.S. congressmen who have repeatedly called for a
thorough investigation.
More On This...
Illinois lawmaker seeks to ban sale of lion meat
European Union bans sale of new cosmetic products with animaltested ingredients
When the only life a dog knows is taken away, even if it's cruel, fear can ravage the animal
Alligator wags prosthetic tail

"This agency has become an outlet for people to abuse animals for no particular reason," Rep. John Campbell, RCalif., told
FoxNews.com.
[pullquote]
"It is completely out of control," he said. "They need to be brought into the 21st century."
Campbell and Rep. Peter Defazio, DOre., penned a letter last November to Agriculture Secretary Thomas Vilsack calling for a
complete audit of the "culture" within Wildlife Services – in particular its lethal Predator Control program – by the USDA Office of
Inspector General.
Vilsack responded in a letter dated Feb. 1, saying an investigation into animal cruelty allegations was under way by the
Administrative Investigations and Compliance Branch of the USDA's Animal and Plant Health Inspection Service.
"USDA does not condone any form of animal cruelty and holds all employees responsible for adhering to Departmental and Agency
standards and directives," Vilsack wrote. "WS personnel are expected to use approved and humane methods to euthanize captured
or restrained animals whenever practicable, and in accordance with American Veterinary Medical Association guidelines."
But the lawmakers say several serious questions remain unanswered.
"I don’t understand why it should be the responsibility of the federal government to attempt to – very ineffectively and, in fact,
probably detrimentally – remove wildlife that has not been implicated in attacks on people and cattle," said Defazio, who for two
decades has championed the defunding of Wildlife Services.
Evidence showing animal cruelty has not been difficult to uncover.
In October, photos were discovered on the personal Facebook account of Wildlife Services employee Jamie P. Olson. The images
showed dogs snarling at and biting into live coyotes trapped in steel footholds, as well as pictures of coyote carcasses. The photos
were allegedly posted in an album titled "work," but it remains unclear whether they were taken while Olson was on the job or not.
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Olson, who works for Wyoming Wildlife Services, is still employed, but the matter is being investigated, according to Carol
Bannerman, a spokeswoman for the USDA’s Animal and Plant Health Inspection Service, which oversees Wildlife Services.
Wildlife Services declined to make Olson available for comment, citing the ongoing investigation.
When asked whether it was acceptable practice to have dogs attack trapped animals, Bannerman responded: "In terms of a
trapped animal, that would be considered unacceptable."
Bannerman explained that Wildlife Services regularly educates ranchers on various nonlethal methods that can be used to protect
livestock – including better fencing, guard dogs and night patrols.
But, she said, "Sometimes ranchers will come to us at a point and say, ‘Okay, we’re trying all these things and we’re still
experiencing a loss."
To the farm industry, predator control is a critical factor in maintaining the success of the nation's agriculture.
"We do not condone inhumane or cruel treatment of any animals," said Paul Schlegel, director of public policy for the American
Farm Bureau Federation. "At the same, our farmers and ranchers recognize the important role played by USDA's Wildlife Services
office."
"Livestock producers and row crop farmers all have significant investments in the land and in producing the food and fiber upon
which millions of Americans depend," Schlegel said. "We support effective predator control programs that assist farmers in bringing
their products to market and recognize the important role those programs play in helping to feed and clothe America."
But Campbell and Defazio, as well as various environmental groups, claim the government’s mission is excessive and cruel – and
argue it should not be the taxpayers' responsibility to protect private land and livestock.
Strader's statements, for example, illustrate a particularly dark side of the agency's killing methods.
"They wanted every single coyote killed," he said.
Strader said he was often tasked with hunting for coyote dens while working for the government in remote areas of Utah and
Nevada. He described how he would lower his stethoscope into the hole and listen for breathing or whining from the coyote
puppies. Then he would drop a phosphorus bomb into the den and cover its opening with dirt.
"The bombs burn so fast and so hot that it sucks all the oxygen out of the hole," he said. "They suffocate."
"I had to kill hundreds of coyote pups and pregnant females," Strader continued. "If you found a coyote den, you just bombed it."
SEND TIPS TO NEWSMANAGER@FOXNEWS.COM
Strader, as well as several others, including a management source within the USDA, also charged that Wildlife Services employees
often do not abide by trapcheck laws  meaning animals can be left for days in traps where they die from starvation or the
elements.
Strader claims his job was terminated in 2009 after he alerted supervisors to alleged wrongdoing within the agency. He said his
views on trapping animals have changed since he left.
Coyotes primarily feed on small mammals, like rabbits, rodents and squirrels, but they can also prey on larger animals like deer and
livestock. Biologists say natural predators, like coyotes, are vital to a healthy ecosystem because they keep other species'
populations down. And the more coyotes that are killed, the more coyotes will reproduce. If a member of the pack is killed, for
instance, the alpha female responds by producing more litters.
"Not only is this ethically indefensible, it’s ecologically insane," Camilla Fox, executive director of Project Coyote, said of the killings
each year by the predator control program.
A culture of cruelty has existed within the agency for decades, according to critics.
Rex Shaddox, a Texas law enforcement officer who worked for Wildlife Services in the 1980’s, said he left the agency – which at the
time was called Animal Damage Control – after a particularly disturbing occurrence.
Shaddox said he and other workers were ordered to report to a city dump in Uvalde, Texas, to witness agency officials experiment
with M44 sodium cyanide on dogs from a local pound that were supposed to be euthanized.
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“We were told to watch as they held the dogs down and shot cyanide into their mouths, one by one,” he said. “I went home and
cried that day. And then I quit.”
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Abstract
Until recently, large apex consumers were ubiquitous across the globe and had been for millions of years. The loss of these animals may be
humankind’s most pervasive inﬂuence on nature. Although such losses are widely viewed as an ethical and aesthetic problem, recent
research reveals extensive cascading eﬀects of their disappearance in marine, terrestrial, and freshwater ecosystems worldwide. This
empirical work supports long‑standing theory about the role of top‑down forcing in ecosystems but also highlights the unanticipated
impacts of trophic cascades on processes as diverse as the dynamics of disease, wildﬁre, carbon sequestration, invasive species, and
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downgrading on process, function, and resilience in global ecosystems.
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ABSTRACT
1. Mule deer and black-tailed deer Odocoileus hemionus have exhibited marked
population fluctuations throughout their range over the past century. The relative
contributions of predation, forage availability and weather to observed population
changes remain unclear and controversial.
2. We reviewed 48 studies on Odocoileus hemionus survival and predation from
the past 30 years and quantified age-specific vital rates, population growth rates
(l) and causes of mortality. We also evaluated the effect of environmental variables on variation in vital rates and the contribution of age-specific survival to
population growth.
3. Age-specific survival (f) was the most frequently studied population parameter. Odocoileus hemionus have lower and more variable fawn survival than other
ungulate species (fsummer = 0.44, CV = 0.42; fannual = 0.29, CV = 0.67). Adult female
survival conversely appeared to be high and stable throughout the geographical
range of the species (fannual = 0.84, CV = 0.06). Observed low fawn survival appears
to be compensated for by high fecundity rates.
4. Predation was the primary proximate cause of mortality for all age classes, and
was an important source of summer fawn mortality and of mortality in multiprey, multi-predator systems. However, predator removal studies suggest that predation is compensatory, particularly at high deer densities, and that nutrition and
weather shape population dynamics.
5. We propose three models to explain local population dynamics of Odocoileus
hemionus: (i) populations are limited by forage availability and weather; (ii) adult
females are limited by forage availability, fawns are limited by forage availability
and predation, and population growth is constrained by fecundity and fawn predation; and (iii) large changes in the abundance of predators or alternative prey
change predation risk and destabilize population dynamics.
6. Future research should be focused on: the effects of age-specific survival on
population growth; possible interactions between predation, forage availability
and weather; and the importance of multiple predator and prey species in shaping
the population dynamics of Odocoileus hemionus.

INTRODUCTION
Population dynamics of ungulates are complex, and how
predation and resource availability affect observed growth
rates has long been a focus of much debate (Peek 1980,

Gaillard et al. 2000, Sinclair & Krebs 2002). The effect of
predation on ungulate dynamics is particularly controversial (Gaillard et al. 1998, 2000), especially in North America
where ungulates are important game animals still coexisting
with native predators, and where managers face demands to
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maintain high population densities (Connolly 1978). While
early studies of ungulate populations were based on competing hypotheses of bottom-up effects caused by food limitation vs. top–down effects from predation (Connolly 1978,
Peek 1980), it is now acknowledged that both bottom–up
and top–down mechanisms simultaneously affect ungulate
dynamics and often interact (Sinclair & Krebs 2002, Sinclair
2003). The interactions between forage and predation are
also likely to be mediated by environmental conditions such
as weather (Hopcraft et al. 2010). Finally, ungulate body size
and the diversity of both predator and prey communities
are also critical factors, e.g., ungulate size simultaneously
affects predation risk and nutritional demands (Hopcraft
et al. 2010), and small-bodied ungulates in Africa tend to
have more predators and higher predation rates than do
larger ungulates (Sinclair et al. 2003).
To understand mechanisms underlying observed demographic variation caused by predation, resources and environmental conditions requires identifying temporal changes
in age-specific vital rates caused by these factors, as well as
the relative contributions of vital rates to population growth
(Gaillard et al. 1998, 2000, 2010). Ungulate populations
typically are characterized by high and stable survival rates
of prime-aged females, moderately variable fecundity rates,
widely variable fawn survival and lower survival and fecundity in senescent adults (Gaillard et al. 1998, 2000). In
addition, population models have shown that population
growth is affected by both variability and elasticity of vital
rates, and variable fawn survival typically has a larger effect
on population change than stable adult survival (Gaillard
et al. 1998). However, because of the high elasticity of adult
survival, small changes in adult survival can have large
effects on population growth. Senescent adults generally
have lower survival and fecundity, but the degree of variation in and causes of the reductions are poorly understood
(Loison et al. 1999), although declines in body mass with
age are the most likely explanation for observed reductions
(Nussey et al. 2011).
Despite these recent theoretical advances, observed temporal variations in many ungulate populations remain
unpredictable and poorly understood. For example, mule
deer Odocoileus hemionus, including Columbian blacktailed deer Odocoileus hemionus columbianus and Sitka
black-tailed deer Odocoileus hemionus sitkensis have exhibited large population fluctuations throughout their range in
the last century (Connolly 1978, Wallmo 1981, Unsworth
et al. 1999). These mid-sized members of the deer family
indigenous to western North America occur in ecosystems
ranging from deserts to coastal rain forests. Efforts to
explain observed population fluctuations have focused on
habitat conditions, although the effect of predation has
received considerable attention and generated the most controversy (Connolly 1978, Ballard et al. 2001). The focus on
2
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habitat and predation across a range of environmental variables has resulted in a large array of differing explanations
for observed population fluctuations, including habitat
changes caused by changing weather and land use, as well as
suspected high predation rates (Connolly 1978, 1981,
Ballard et al. 2001).
Uncertainty concerning the relative contributions of predation, forage and environmental conditions to mule deer
population fluctuations has caused challenges for the management of the species (Heffelfinger & Messmer 2003). We
reviewed studies on mule deer survival and predation published in the past 30 years, and quantified age-specific vital
rates, population growth rates (l) and causes of mortality.
We highlight data needed to predict mule deer population
dynamics more accurately and thus improve both management and conservation. We used this information to test the
following hypotheses: (i) age-specific vital rates for mule
deer, specifically high and stable adult survival and low and
variable fawn survival, are similar to those reported for
other ungulates; (ii) predation is the dominant cause of
mule deer fawn mortality in summer but is replaced by
poor nutrition in winter; (iii) predation and poor nutrition
are equal causes of mortality in adult females; and (iv) agespecific interactions between predation and nutrition drive
mule deer dynamics.

METHODS
Although there are currently 10 recognized subspecies of
mule deer, we follow Wilson and Reeder (2005) and use
mule deer to refer to all 10 collectively (i.e. to Odocoileus
hemionus). Where appropriate, we separately refer to the
black-tailed deer subspecies Odocoileus hemionus columbianus and Odocoileus hemionus sitkensis as black-tailed deer.
The separation of black-tailed deer is supported by phylogenetic analyses of mitochondrial DNA (Latch et al. 2009) and
differences in various life history traits and behaviour
between the two groups (Wallmo 1981).
We used Web of Knowledge and Google Scholar to
search all major wildlife and ecological journals using the
search terms ‘mule deer’, ‘black-tailed deer’ and ‘Odocoileus
hemionus’ combined with the keywords ‘predation’ and
‘survival’, in both topics and titles. We also searched references of published articles to find additional publications,
including government reports and unpublished theses. We
included all studies in which survival rates (f), fecundity,
cause-specific mortality, population growth rate, kill rates
or prey nutritional condition were reported (Fig. 1,
Table 1). Following earlier authors (Ballard et al. 2001) we
excluded predator diet studies, as these do not provide sufficient data to evaluate the effect of predation on prey
populations.
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Fig. 1. The geographical ranges of mule deer
Odocoileus hemionus (light and dark grey
areas) and black-tailed deer Odocoileus hemionus columbianus and Odocoileus hemionus
sitkensis (dark grey area only) in western
North America (Mackie et al. 2003). The 48
studies included in the review are shown as
grey squares (mule deer not including blacktailed deer) and black triangles (black-tailed
deer).

Definitions
We define additive mortality as an increase in one mortality
factor that increases the total mortality rate, while compensatory mortality occurs when an increase in a mortality
factor does not cause changes in the overall mortality rate
(Bartmann et al. 1992a). We also attempted to determine
the importance of different causes of mortality by comparing proximate, or immediate, causes of mortality with ultimate causes of mortality, the factors likely to be driving
observed mortalities. Following these definitions, predation
was considered the proximate cause of mortality of deer
that were killed were in poor body condition, while nutrition was considered the ultimate cause.
Following Sinclair (1989) and Messier (1991), we refer to
regulation as the density-dependent processes that move a
population towards equilibrium, and limitation as any
factor that causes a reduction in population growth rate. We
define fecundity as the average number of young per female

per year; high snowfall as occurring in a winter with snowfall greater than the upper tail of the 99% confidence interval of a 15-year mean; and summer drought as occurring in
a summer with rainfall lower than the 99% confidence
interval of the 15-year mean. We chose the 15-year timeframe due to data availability.

Survival
We searched the literature for age-specific survival estimates. We included studies in which survival rates were
reported from marked animals as well as those in which
estimates were based on herd composition surveys. We
included results from observational studies and from nonmanipulated populations in experimental studies for
summaries of survival estimates. We did not include male
survival since mule deer have a polygynous mating system,
and fluctuations in male survival do not affect population
dynamics nearly as much as fluctuations in female survival
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Table 1. The 48 studies of mule deer Odocoileus hemionus population dynamics reviewed, and the vital rates and causes of deer mortality
presented in each
Vital rates reported

Study
Atwood et al. 2007
Atwood et al. 2009
Bartmann et al. 1992a
Bender et al. 2007
Bishop et al. 2005
Bishop et al. 2009
Bleich & Taylor 1998
Bleich et al. 2006
Bowyer et al. 1998
Brown 2009
Cooley et al. 2008
Darimont et al. 2007
Farmer et al. 2006
Hamlin et al. 1984
Harrington & Conover 2007
Hatter 1988
Hatter & Janz 1994
Hornocker 1970
Hurley et al. 2011
Johnstone-Yellin et al. 2009
Krumm et al. 2010
Laundre et al. 2006
Lawrence et al. 2004
Lingle 2000
Lingle 2002
Lingle et al. 2005
Lingle et al. 2008
Lomas & Bender 2007
Lukacs et al. 2009
Matthews & Coggins 1997
McConnell & Dalke 1960
McCorquodale 1999
McCoy & Murphie 2011
McNay & Voller 1995
Miller et al. 2008
Monteith et al. 2010
Nicholson et al. 1997
Peek et al. 2002
Pierce et al. 2000
Pierce et al. 2004
Pojar & Bowden 2004
Robinson et al. 2002
Smith & Lecount 1979
Unsworth et al. 1999
White & Bartmann 1998
White et al. 1987
Whittaker & Lindzey 1999
Zager et al. 2007

4

Adult
survival

✓
✓
✓
✓
✓
✓

✓

Fawn
survival

Cause of mortality

Fecundity

✓
✓
✓

✓

✓

✓

✓

✓
✓
✓

Cause of
mortality

✓
✓
✓
✓
✓
✓

✓
✓
✓

✓
✓

l (growth
rate)

✓
✓

✓
✓
✓

✓
✓
✓
✓
✓
✓
✓
✓
✓

✓
✓

✓
✓

Other data
on predation

✓

✓
✓

✓
✓
✓
✓
✓

✓

✓

✓
✓
✓
✓
✓

✓
✓

✓
✓

✓
✓
✓
✓

✓
✓
✓
✓
✓

✓
✓

✓
✓

✓
✓
✓
✓

✓
✓
✓
✓
✓

✓

✓

✓
✓
✓

✓
✓

✓

✓
✓

✓
✓

✓
✓
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(Wallmo 1981, Gaillard et al. 1998). Furthermore, mule deer
sexes segregate outside the mating season (Bowyer 2004).
Thus, the winter and summer competition for food and
ensuing changes to the female body condition are the
primary results of intraspecific competition among females.
We summarized annual adult female survival using a
weighted mean approach, with sample size as the weighting
variable (Cooper et al. 2009). We reported variation within
studies as standard errors (SE), thus incorporating sample
size in the error estimate, and, after testing whether data
were normally distributed, used the mean SE from all
studies to calculate confidence intervals for weighted means.
We summarized fawn survival independent of sex in
three different categories: summer survival (0–6 months of
age), winter survival (6–12 months) and first-year survival
(0–12 months). These categories allowed us to evaluate
proximate causes of mortality during biologically critical
periods (Wallmo 1981, Gaillard et al. 2000). Most researchers reported survival in one or more of these categories.
When average monthly survival rates were reported instead,
we used a Kaplan–Meier estimator (Pollock et al. 1989) to
adjust these rates to match the most appropriate of our
three fawn survival categories. We only included first-year
survival rates from studies in which fawns were followed for
their entire first year of life. We report weighted means and
SE for each category using the same methods as for adult
survival. If rates were reported in a single study from more
than one category (e.g. summer and first-year survival) we
used both for summary purposes.
To determine potential bias in reported rates we used
simple linear regression to quantify the effect of small
sample sizes on age-specific survival estimates. In addition,
we calculated the coefficient of variation (CV) in agespecific survival rates to determine variability among mule
deer populations and provide comparisons to values
reported for other ungulate species by Gaillard et al. (2000).

Ecoregional variation in survival
We distinguished studies by ecoregions designated by the
Mule Deer Working Group of the Western Association of
Fish and Wildlife Agencies, to investigate possible regional
variation in survival obscured by our general summary.
Although these regions contain variable habitats, the broad
similarities in environmental conditions, land use histories
and management concerns within ecoregions provide a
useful framework for spatial comparison. Ecoregions
include: Southwest Deserts, California Woodland Chaparral, Colorado Plateau Shrublands and Forests (CO Plateau),
Northern Forests, Coastal Forests, Intermountain West and
the Great Plains (Fig. 2; Heffelfinger et al. 2006, Sommer
et al. 2007, Watkins et al. 2007, Hayden et al. 2008, Nelson
et al. 2008, Cox et al. 2009, Fox et al. 2009).

Population dynamics of mule deer and black-tailed deer

Other vital rates
We report the weighted mean fecundity of non-captive
mule deer, using sample size as the weighting variable and
the mean SE as a measure of variance. Effects of senescence
on survival and fecundity have been reported for other
ungulates (Loison et al. 1999) and we searched for evidence
of senescence effects on survival and fecundity in mule deer.
We found insufficient data on the effects of senescence on
adult female survival to provide a quantitative summary,
but we summarize reported qualitative evidence.

Factors affecting survival
We summarized the proportion of mortalities due to predation, malnutrition/disease, other causes (e.g. accidents,
vehicle collisions) and unknown causes from each study in
which cause-specific mortality for both fawns and adult
females was reported. We pooled malnutrition and disease
because several researchers did not distinguish between the
two. We then tested whether predation or malnutrition/
disease mortalities were evenly distributed in adult female
and summer and winter fawn populations, and for differences between annual fawn and adult female survival, using
a chi-square goodness-of-fit test. We assigned other and
unknown causes of mortality a value of 10% in the expected
distributions based on results from previous reviews (Connolly 1978, Ballard et al. 2001) and data we collected for this
review. We then assigned half of the remaining expected distribution to predation and malnutrition/disease mortality
(40% each) and tested the actual distribution from each
survival category against these values. We used these
expected values to provide realistic analyses of proximate
causes of mortality due to predation and malnutrition/
disease while accounting for variation due to other and
unknown causes of mortality.
We summarized results of studies of experimental predator removal and food supplementation, and observational
studies conducted during large changes in predator
numbers or alternative prey populations, and compare these
results to the proximate causes of mortality reported in
observational studies. We qualitatively summarized these
results because marked animals were followed, and causespecific mortality reported, in only three studies.
We evaluated the potential effect of weather on survival
by testing both regional and local weather effects. The mean
value of the southern oscillation index is correlated with
regional weather patterns in the western United States
(Stenseth et al. 2003). We used simple linear regression
to compare the summer (June–September), winter
(December–March) and annual mean southern oscillation
index values with all reported fawn summer, winter and
annual adult female survival, and to evaluate the relation-
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Fig. 2. Mule deer habitat ecoregions: Southwest Deserts, California Woodland Chaparral,
Colorado Plateau Shrublands and Forests
(CO Plateau), Northern Forests, Coastal
Forests, Intermountain West, and Great Plains.
Locations of studies are shown, as in Fig. 1.

ship between regional weather and mule deer survival. We
also compared annual adult female and fawn overwinter
survival during winters with high snowfall to survival
during normal winters in the same study areas using local
weather data. We obtained weather data, for all studies in
which extreme weather was reported, from National
Oceanic and Atmospheric Administration weather stations.
We did not examine the effects of summer drought, because
survival during drought years was quantified in few studies.
We report the effect size of winter weather on survival, the
reduction in survival during high snowfall winters Ehf, as:
Ehf = fi - favg where fi is the study-specific survival for high
snowfall winters, and favg is the mean survival during
normal weather in that study. We then calculated the
weighted mean effect size for each category using study
6

sample size as the weighting variable. We determined confidence intervals of effect size, after confirming survival data
were normally distributed, using the mean SE of survival
estimates from each study. We tested if the effect size of high
snowfall winters was different from zero using a one-sample
mean comparison test. To examine any potential lag effects
of high snowfall, we also tested the difference between survival the year after a high snowfall winter and average survival. We examined effect size for bias across studies by
regressing calculated effect size against sample size and the
length of the study in years (Cooper et al. 2009). If periodic
high snowfall winters have a biological effect, then longer
and larger sample sizes should show increased effects, but if
winter weather effects are due to sampling error, then longer
and larger sample studies should show a reduced effect size.

Mammal Review •• (2013) ••–•• © 2013 The Authors. Mammal Review © 2013 Mammal Society/Blackwell Publishing

T. D. Forrester and H. U. Wittmer

Population dynamics of mule deer and black-tailed deer

All statistical tests were conducted in STATA (Anonymous
2011).

Population growth rates
We report population growth rates from studies in which it
was estimated. For studies in which changes in deer densities over multiple years were reported, we estimated l in
two ways: as the slope of the regression of the log transformed counts, and as the tth root of the ratio of the initial
1

Nt t
and the final count, λ = ⎛ ⎞ where Nt equals population
⎝ N0 ⎠
size in the last year of the study, N0 equals population size in
the first year of the study and t is the duration of the study
in years (Largo et al. 2008). When these estimates were different we took the average of the two values. We also report
results from studies in which the contribution of adult and
fawn survival to l was calculated.

RESULTS
We review a total of 48 studies containing information on
survival, fecundity or causes of mortality of mule deer
(Table 1), from throughout the geographical range of mule
deer in North America (Fig. 1), although there appeared to
be a reporting bias by ecoregion (Fig. 2). This may indicate
a bias in data available in the public domain rather than a
true bias in the amount of research conducted in these
areas. Most reported research took place in the CO Plateau
and the Intermountain West ecoregions; most reported
black-tailed deer research was conducted on Vancouver
Island (Fig. 2). The Southwest Deserts and Northern Forests
(particularly in Canada) ecoregions are underrepresented.
Data on the dynamics of mule deer in the desert areas of
Nevada, Utah, and Wyoming as well as in Mexico are virtually unavailable. There was no detectable variation in
adult female survival among ecoregions where survival was
reported [Coastal Forests, CO Plateau, Intermountain West,
Northern Forests, Southwest Deserts; c2 = 1.46, degrees of
freedom (d.f.) = 4, P = 0.834]. Annual fawn survival was
insufficiently reported to test for ecoregional variation.

Survival and factors affecting survival
Fawn survival was the most frequently reported parameter
of mule deer ecology (n = 30, Table 2), with data presented
in 17 studies (Table 1). Most data were based on encounter
histories of individuals fitted with telemetry devices
(summer: n = 10 of 11 studies; winter: n = 12 of 12; first
year: n = 5 of 7). The weighted mean summer fawn survival
was 0.44 (CV = 0.42), winter survival was 0.61 (CV = 0.31)
and first year survival was 0.29 (CV = 0.67; Table 2).

Sample size explained a small proportion of variance in
reported summer or winter fawn survival (R2 = 0.06 and
R2 = 0.08, respectively). However, a large proportion of variance in first year fawn survival was explained by sample size
(R2 = 0.85): first year survival was low in studies with large
sample sizes. Estimates of first year fawn survival may have
been biased low due to the small number of studies from
which data were available.
Proximate causes of mortality for fawns were recorded in
16 studies (summer: n = 8, winter: n = 7, first year: n = 4).
Predation and malnutrition/disease were the most common
causes of mortality, and both were different than expected
by chance (summer: c2 = 17.63, d.f. = 3, P < 0.001; winter:
c2 = 9.16, d.f. = 3, P = 0.01; first year: c2 = 12.53, d.f. = 3,
P = 0.006; Fig. 3, Table 2). Predation was a more frequent,
and malnutrition/disease a less frequent cause of mortality
than expected for all fawn survival categories, although this
difference was smallest in the first year survival category. A
diverse suite of species was reported to prey on fawns.
Primary fawn predators included coyotes Canis latrans
(n = 6), mountain lions Puma concolor or bobcats Lynx
rufus (n = 3), wolves Canis lupus (n = 2), and black bears
Ursus americanus (n = 1). The weighted mean proportions
of predation and malnutrition/disease mortality were not
different between the summer and winter survival categories (predation: c2 = 0, d.f. = 1, P = 1; malnutrition/disease:
c2 = 1.59, d.f. = 1, P = 0.21).
Adult female survival was the second most frequently
reported parameter of mule deer ecology in the studies we
reviewed (n = 21, Table 1); the weighted mean adult female
annual survival was 0.84 (CV = 0.06). Adult female survival
estimates were remarkably constant throughout the entire
mule deer range and over the 30 plus years of mule deer
research we summarized. Sample sizes and study durations
explained little of the reported variation in adult female
survival (R2 = 0.09 and R2 = 0.01, respectively) and did not
appear to bias reported survival estimates.
Causes of adult female mortality were reported in 12
studies (Table 3). Predation was the largest reported proximate cause of mortality and was larger than expected by
chance (c2 = 19.6, d.f. = 3, P < 0.001; Fig. 3). The percentage
of mortality caused by predation in adult females was highly
variable and ranged from 22% to 66% (Table 3, Fig. 3). All
other causes of mortality made up smaller percentages of
total mortality which did not differ significantly from each
other (c2 = 0.46, d.f. = 2, P = 0.80; Table 3). Mountain lions
were the main reported predator of adult female mule deer,
although wolves were an important predator in British
Columbia, Canada (Hatter 1988).
Weather effects on mule deer survival depended on age
class. High winter snowfall effect sizes for adult females
were heavily correlated with sample size and study length
(R2 = 0.42 and R2 = 0.33, respectively): larger studies that

Mammal Review •• (2013) ••–•• © 2013 The Authors. Mammal Review © 2013 Mammal Society/Blackwell Publishing

7

Population dynamics of mule deer and black-tailed deer

T. D. Forrester and H. U. Wittmer

Table 2. Mule deer fawn survival rates (in three categories: summer, winter and first year) and causes of mortality

Study
Bishop et al. 2009*
Bleich et al. 2006*
Hamlin et al. 1984
Hatter 1988*
Hurley et al. 2011*
Johnstone-Yellin et al. 2009
Lomas & Bender 2007*
McCoy & Murphie 2011*
Monteith et al. 2010
Pojar & Bowden 2004
Whittaker & Lindzey 1999
Weighted mean
95% Confidence interval

Sample
size
241
R
91
28
250
30
100
228
114
230
83

Fawn survival rates

Cause of mortality as a percentage (%) of total mortality

Summer

Predation

Malnutrition/disease

Other

Unknown

0.482
0.28‡
0.608
0.616
0.452
0.266
0.210
0.514
0.337
0.501
0.341
0.440
0.33–0.55

NR
NR
90
64
64
56
27
NR
60
44
79
58
53–63

NR
NR
0
21
22
6
34
NR
12
38
0
21
14–28

NR
NR
10
14
7
6
6
NR
17
9
6
9
8–10

NR
NR
0
0
7
31
33
NR
11
10
15
12
7–10

25
72
44
65
NR
NR
67
35
NR
45
NR
NR
58
51–65

66
19
30
27
NR
NR
16
26
NR
39
NR
NR
30
25–35

9
9
26
8
NR
NR
3
26
NR
16
NR
NR
12
8–16

0
0
0
0
NR
NR
14
13
NR
0
NR
NR
0
0

NR
22
35
74
NR
NR
48
55
49–61

NR
67
15
19
NR
NR
45
36
33–39

NR
11
12
2
NR
NR
2
3
2.4–3.6

NR
0
38
4
NR
NR
5
6
5.5–6.5

Winter
Bartmann et al. 1992b
Bartmann et al. 1992c
Bishop et al. 2005
Bishop et al. 2009*
Bleich et al. 2006*
Farmer et al. 2006*
Hurley et al. 2011*
Lawrence et al. 2004
Lukacs et al. 2009
Unsworth et al. 1999
White & Bartmann 1998
White et al. 1987
Weighted mean
95% Confidence interval

241
247
295
241
109
19
301
72
2030
72†
330†
426

0.300
0.250
0.526
0.684
0.859
0.714
0.561
0.795
0.721
0.44
0.610
0.473
0.610
0.51–0.71
First year

Bishop et al. 2009*
Farmer et al. 2006*
Hatter 1988*
McCoy & Murphie 2011*
Robinson et al. 2002
Smith & Lecount 1979
White et al. 1987
Weighted mean
95% Confidence interval

241
19
28
228
R
R
426

0.330
0.51
0.39
0.33
0.21‡
0.39‡
0.224
0.287
0.187–0.387

Weighted means and 95% confidence intervals are shown for each category.
R = calculated from recruitment measures such as composition counts.
NR, not reported.
*Survival was reported in multiple survival categories.
†Not reported; calculated from general information in study.
‡Calculated from recruitment measures.

ran for more years showed reduced effect sizes. Consequently we did not report adult effect sizes since it is highly
likely that results are biased. Effect sizes of winter fawn survival showed no relationship with sample size (R2 < 0.01) or
study length (R2 = 0.11). Regional weather patterns, as indicated by southern oscillation index values, were not related
8

to summer (R2 < 0.01) or winter fawn survival (R2 = 0.07).
However, local snowfall had a large impact on overwinter
fawn survival. The weighted mean effect size of high snowfall on winter fawn survival was -0.29 (SE = 0.06) and
was significantly different from 0 (one sample t7 = -11.33,
P < 0.001). Fawn survival was reduced by up to 42% during
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Fig. 3. Proximate causes of mule deer mortality (predation, malnutrition/disease, other and
unknown) as percentages of reported total
mortality for all age classes (error bars represent 95% confidence intervals; winter and
summer mortality is calculated over 6 months,
first year and annual rates are per year).

high snowfall winters (Fig. 4). To evaluate whether high
snowfall enhanced subsequent summer forage, we compared fawn winter survival the year after high snowfall
winters with average winter survival for the same area. We
found that the weighted mean effect size was not significantly different from zero (one sample t7 = 1.17, P = 0.28).

Other vital rates and senescence
Fecundity estimates were only reported in six studies: the
weighted mean was 1.70 (SE = 0.12) fawns per female.
Captive feeding studies have shown that fecundity appears
to be positively associated with nutritional status of does
(Robinette et al. 1973, Tollefson et al. 2010) and this has
been confirmed in some non-captive populations (e.g.
Monteith et al. 2010).
Almost all researchers reported survival for adults
grouped into a single age class, and evidence of senescence
on female survival was reported in only four studies
(Table 3). In these studies, lower survival in females over
eight years old was attributed to both increased susceptibility to predation and malnutrition/disease (White et al. 1987,
Bishop et al. 2009, Hurley et al. 2011).

Population growth
Population growth rates were reported in only eight studies,
and the weighted mean value of l was 0.99 (SE = 0.04). In

five of these studies, effects of variation in age-specific survival on l were also estimated. In four studies, fawn survival
and recruitment were the largest contributors to changes in
l (Hatter & Janz 1994, White & Bartmann 1998, Lomas &
Bender 2007, Bishop et al. 2009); in one study, adult survival
had the largest effect on l (Robinson et al. 2002). Hatter
and Janz (1994) and Bishop et al. (2009) also found that
adult survival was an important secondary factor in changes
in population growth.

Experimental studies
We found six studies (five on predator control, one on
predator reintroduction) in which vital rates of mule deer
were reported following human-caused changes in predator
densities (Table 4). In three of the five predator control
studies, coyotes were removed, in one, coyotes and mountain lions were removed, and in one, wolves were removed.
Results of predator control studies remain variable, but were
more conclusive than results of earlier research (Ballard
et al. 2001). Coyote removal generally had no effect. In one
study slight increases in deer density occurred following
efforts to control coyotes, but immigration into the treatment area, rather than an increase in fawn survival, was suspected (Harrington & Conover 2007). Overall, evidence
showed that both coyote and mountain lion predation was
compensatory rather than additive (Table 4).
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Table 3. Annual adult female mule deer survival rates and causes of mortality, with weighted means and 95% confidence intervals
Cause of mortality as a percentage (%) of total mortality
Study

Region

Survival

Predation

Malnutrition/disease

Other

Unknown

Bartmann et al. 1992a
Bender et al. 2007
Bishop et al. 2005
Bishop et al. 2009
Bleich & Taylor 1998
Bleich et al. 2006
Farmer et al. 2006
Hatter & Janz 1994
Hurley et al. 2011
Lawrence et al. 2004
Lukacs et al. 2009
Matthews & Coggins 1997
McCorquodale 1999
McNay & Voller 1995
Monteith et al. 2010
Nicholson et al. 1997
Robinson et al. 2002
Unsworth et al. 1999

CO Plateau
CO Plateau
Intermountain West
CO Plateau
Intermountain West
Intermountain West and Northern Forest
Coastal Forest
Coastal Forest
Intermountain West and Northern Forest
SW Desert
CO Plateau
Northern Forest
Intermountain West
Coastal Forest
Intermountain West
SW Desert
Northern Forest
CO Plateau, Intermountain West,
Northern Forest
CO Plateau
CO Plateau
Unknown

0.86
0.81
0.81
0.91 (S)
0.75
0.86
0.80
0.84
0.89 (S)
0.86 (S)
0.84
0.85
0.80
0.74
0.89
0.81
0.72
0.85

NR
13
23
35
63
NR
45
NR
73
32
38
12
61
73
NR
NR
62
NR

NR
61
7
16
9
NR
25
NR
6
41
13
28
6
6
NR
NR
10
NR

NR
9
36
35
4
NR
30
NR
6
18
25
48
22
6
NR
NR
10
NR

NR
17
34
16
24
NR
0
NR
15
9
25
12
11
15
NR
NR
19
NR

0.87
0.83 (S)
0.85
0.84
0.745–0.935

NR
11
NR
44
22–66

NR
37
NR
17
11–23

NR
17
NR
21
14–28

NR
34
NR
18
12–24

White & Bartmann 1998
White et al. 1987
Zager et al. 2007
Weighted mean
95% confidence interval

S = senescence effects on survival are reported.
NR, not reported.

Fig. 4. Effect of high snowfall on winter fawn
survival rates, as quantified in six studies, plus
the weighted mean effect size (error bars
represent 95% confidence intervals).
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Table 4. Results from experimental studies of mule deer population dynamics, showing effects of changes in predators and nutrition

Temporal scale
(years)

Spatial
scale (km2)

Predation additive or
compensatory?

Short-term
population change

Long-term
population
change

Study

Study type

Predator species

Atwood et al.
2007
Bartmann
et al. 1992c
Bishop et al.
2009

Predator
recolonization
Predator removal

Wolf

3

680

Unknown

↓ Predation risk

Unknown

Coyote

7

140

Compensatory

None

Not measured

Nutritional
supplement

Mountain lion,
coyote, bear

4

7700

Compensatory

Not measured

Brown 2009
Harrington &
Conover
2007
Hatter & Janz
1994
Hurley et al.
2011

Predator removal
Predator removal

Coyote
Coyote

2
2

10518
1900

↑ Survival
↓ Mortality –
all types
None
↑ Density
@ Fawn : doe ratio

Predator removal

Wolf

20

2400

Predator removal

Coyote

6

Predator removal

Mountain lion

6

Hurley et al.
2011

The only conclusive evidence of additive predation was
found on Vancouver Island, British Columbia, as a result of
increasing wolf populations (Hatter & Janz 1994; Table 4).
Wolf removal on Vancouver Island led to increased adult
female mule deer survival, fawn to doe ratios, and population growth rate (Hatter & Janz 1994). However, an observational study in Montana, USA, during wolf recolonization
showed that higher wolf populations actually resulted in
lower predation risk for mule deer (Atwood et al. 2007,
2009), and the overall impact of wolves on mule deer
remains unresolved. The reduced predation was probably
due to a preference of wolves for elk Cervus elaphus, and
changes in spatial overlap between elk and mule deer in the
area after wolf recolonization.
Supplemental feeding during winter over large areas
resulted in decreased mortality due to all causes, including
predation, even though there was no evidence that predators were preying on mule deer in poor condition in control
areas (Bishop et al. 2009).

DISCUSSION
Mule deer population dynamics match the general pattern
of variable fawn survival and recruitment together with
high and stable adult survival reported for other ungulates
(Gaillard et al. 1998, 2000). However, results from our
review indicate that mule deer may experience comparatively lower (mule deer = 0.44 vs. other ungulates = 0.64)
and more variable (mule deer CV = 0.42 vs. other ungulates
CV = 0.27) summer fawn survival (Gaillard et al. 2000).

Possibly compensatory
Possibly additive

Additive

↑ Population

14700

Compensatory

14700

Compensatory

↑ Fawn survival (only
in certain
conditions)
↑ Survival
↑ Fawn : doe ratio

Not measured
Not measured

Stable at
higher level
No change in
growth rate
No change in
growth rate

Higher observed fecundity rates (1.70 in mule deer vs. 0.82
for all ungulates) apparently enable mule deer to compensate for reduced summer fawn survival over longer time
scales. As expected, observed variation in adult female survival (CV = 0.06) is considerably lower than variation in
fawn survival, and is close to the mean variation in adult
survival for all ungulates (CV = 0.09). Thus our results indicate that mule deer may depend more than other ungulates
on high fecundity and on high and stable survival of adult
females to prevent long-term population declines.
The contribution of environmental variables to vital rates
is affected by population density (Kie et al. 2003), and it is
important to note that most studies we reviewed seemingly
occurred at high density relative to nutritional carrying
capacity (K). This assessment is supported by general poor
or average body condition of adults, an increase in survival
after density reduction (i.e. Bartmann et al. 1992a), compensatory predation (Table 4), and low reporting of high
litter sizes (Kie et al. 2003). Therefore, our conclusions predominantly relate to high-density populations, since both
predation and nutrition have different effects at different
populations densities. In particular, predation at low ungulate densities can be density dependent or even inversely
density dependent (McLellan et al. 2010). At higher densities, predation is often limited by handling time and predator territoriality, and so becomes density independent (e.g.
Messier 1991, Bartmann et al. 1992a, Sinclair 2003).
Our review confirms that the proximate and ultimate
causes of mule deer mortality are often different, and that
assessing proximate causes of mortality alone results in a
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poor predictor of mule deer dynamics. Predation was the
largest proximate cause of mortality in both adults and
fawns in all studies, including in fawns during winter.
However, there was little evidence that predation mortality
was additive, or that predation drove mule deer declines.
Most predator removal studies showed that predation was
compensatory (Table 4); one provided the first evidence of
compensatory predation on adult mule deer by mountain
lions (Hurley et al. 2011). The single large-scale nutritional
supplementation study provided evidence for an increase in
survival of both fawns and adults due to feeding (Bishop
et al. 2009). These findings indicate that nutritional condition is likely to be the largest ultimate cause of mortality
for adult females and fawns, with the exception of early
summer fawn mortality (see below). This matches our
hypothesis for fawn mortality but is different than we
expected for adults. Nutrition seems generally more important for setting equilibrium population levels than predation, although predation appears to be the mortality source
that keeps populations near equilibrium density.
Nutrition further influences mule deer dynamics since
fecundity and fawn birth weight are driven by nutritional
status (Parker et al. 2009). Mule deer seem to depend on
higher fecundity to stabilize populations, and populations
are likely to be sensitive to changes in available nutrition
and have a higher intrinsic growth rate than populations of
most other ungulates in good nutritional condition, because
of the ability of mule deer to give birth to twins and triplets
(Anderson 1981). Mule deer are highly selective feeders
that depend on forage quality more than quantity (Wallmo
1981), and so annual weather effects on vegetation quality
should affect year-to-year mule deer dynamics (Parker et al.
2009). However, while we found evidence of high winter
snowfall lowering winter fawn survival, we found no evidence of precipitation affecting survival in the following
year, indicating that increases in forage in summers following high snowfall years did not compensate for lower survival in high snowfall winters. We also found that high
snowfall only had a small effect on adult female survival,
contrary to predictions for high-density populations of deer
with relatively poor body condition (Kie et al. 2003). Fecundity was too sparsely reported for us to examine nutritional
effects on birth rates in non-captive populations.
The two notable exceptions to the pattern of compensatory predation mortality were summer fawn mortality and
predation in multi-predator, multi-prey systems. Predation
is the largest proximate cause of summer fawn mortality,
and it is unlikely that early fawn predation is linked to
maternal or fawn body condition, since mule deer fawns
employ a hiding strategy to escape predators during the first
2–4 weeks following birth (Wallmo 1981). Even fawns with
higher birth weights discovered by predators while hiding
would thus be unable to escape. Most mule deer popula12
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tions also coexist with a larger suite of fawn predators
(including mountain lions, bobcats, bears, and coyotes)
than adult predators. However, the true effect of summer
fawn predation on mule deer dynamics is currently hard to
identify because few researchers have followed fawns for
their entire first year of life (n = 5 studies).
Predation also plays a larger role in declines of mule deer
in multi-prey, multi-predator systems that have experienced
large and recent changes in predator or alternative prey
populations (Hatter & Janz 1994, Robinson et al. 2002,
Cooley et al. 2008). Population declines in two mule deer
populations in Washington, USA, and British Columbia
were strongly linked to apparent competition with increasing white-tailed deer Odocoileus virginianus, mediated by
mountain lion predation on adult females (Robinson et al.
2002, Cooley et al. 2008). Increasing wolf populations in
Vancouver Island also caused a decline in a high-density
black-tailed deer population, and the predator removal
study that was conducted was successful in increasing deer
populations (Hatter & Janz 1994). Fawn predation, especially during summer, is also sensitive to availability of alternative prey species. Prey switching, both annually and
seasonally, has been observed for coyotes at high densities of
microtine rodents, lagomorphs, or ground squirrels, and
may result in reduced fawn predation rates (Hamlin et al.
1984, Lingle 2000). In one study, coyote removal only led to
increased fawn survival when populations of alternative
prey were high (Hurley et al. 2011). In some areas where
white-tailed deer and mule deer overlapped, coyotes preyed
more heavily on white-tailed deer fawns in summer, probably because white-tailed deer fawns are born earlier (Whittaker & Lindzey 1999) and because mule deer mothers show
more defensive behaviour (Lingle et al. 2005).
The importance of mortality from predation, nutrition
and weather depends on both mule deer age class and on
the community of predator and prey species, but at this
time there are not enough data to evaluate whether these
interactions are driving dynamics, and further investigation
is needed. Some modelling suggests that predation may
exacerbate population declines caused by unfavourable
weather (Laundré et al. 2006). In this case nutrition and
weather were the ultimate causes of mortality, and managers should be cautious when assessing populations, because
finding additive mortality in a declining deer population is
not proof that predation is driving the decline. Weather
is likely to interact with predation through behavioural
mechanisms. Ungulates in poor body condition take greater
risks to forage (Sinclair & Arcese 1995) and prey selection of
many predators can be influenced by prey body condition
(e.g. Sinclair & Arcese 1995, Krumm et al. 2010) although
results depend on predator species (Hornocker 1970,
McLellan et al. 2012). Other mechanisms may also be operating, since nutritional supplementation lowered predation
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mortality even though predators were not selecting nutritionally stressed adults in control populations (Bishop et al.
2009).
The reliance of mule deer populations on high and stable
adult survival rates shows that suppression of both fawn
and adult survival simultaneously from predation and other
mortality sources can lead to marked and sustained population declines. Such patterns may contribute to the declines
of other ungulates including bighorn sheep Ovis canadensis
(Johnson et al. 2010). The fact that the predator and prey
community can have a large effect on mule deer survival
rates shows that community ecology greatly influences
appropriate interventions for mule deer management.
Although evidence for predators holding deer populations
far below K is scarce, we did find evidence that mule deer
populations may be held slightly below K in communities
with changing predators and alternative prey. The concept
of a ‘community carrying capacity’ may have a high heuristic value to guide managers to make interventions (i.e.
allowing hunters to shoot a proportion of invading whitetailed deer, in order to stabilize mule deer populations) and
manage for multi-species objectives, but the role of predation in multi-prey, multi-predator systems at varying deer
population densities needs further investigation.
The role of disease appears to be minor in most mule
deer declines, but has affected mule deer locally in several
ecoregions (e.g. adenovirus outbreak in California; Woods
et al. 1996). Examples of disease interacting with other mortality factors are: hair loss syndrome increasing predation
risk and death from malnutrition of black-tailed deer fawns
in Washington (McCoy & Murphie 2011), and chronic
wasting disease increasing risk of predation by mountain
lions in Colorado (Krumm et al. 2010).
Competition between ungulates may also affect dynamics, but links between vital rates and these interactions are
currently unclear.

Feedback patterns driving mule deer
population dynamics
We identify three feedback patterns which are likely to drive
mule deer population dynamics, depending on the ecological context of the deer population:
1. In high-density populations near K, nutrition, interacting with weather, determines population equilibrium
density. Predation is primarily compensatory and, together
with malnutrition/disease, acts as a regulating force.
This pattern is most likely in food webs that are relatively
stable in terms of predator species and alternative prey
levels. Long-term population cycles will be mainly driven by
changes in nutrition because of weather and habitat change,
and compensatory predation and malnutrition/disease
will regulate populations around this shifting equilibrium

Population dynamics of mule deer and black-tailed deer

point. Extreme weather events may destabilize dynamics by
causing large and abrupt changes in survival that linger
through cohort effects (Forchhammer et al. 2001, Coulson
et al. 2006).
2. In systems with diverse predator communities, or large
populations of alternative prey or predators, fawns are limited
by predation and nutrition interactions, adult females are
limited by nutrition, and population growth is constrained by
both fawn predation and nutritional effects on fecundity.
In this scenario, fawn survival and recruitment are affected
both by nutrition (mainly acting through birth weight) and
by summer fawn predation, while adult survival is mostly
affected by nutritional status and possibly senescence effects,
depending on population age structure. Maternal nutritional
condition affects both the birth weight of fawns and fecundity, resulting in complex interactions between nutrition and
predation, which determine recruitment and population rate
of increase. These interactions and the importance of predation change depending on predator diversity and the density
of the deer population. More evidence is needed to determine
the importance of predation of fawns, in particular by bears
(e.g. Monteith et al. 2010).
3. Anthropogenic changes to habitat lead to lower nutritional capacity and/or large changes in predator and/or
alternative prey species, which modify mule deer carrying
capacity and predation risk, and are likely to destabilize
mule deer population dynamics.
This pattern is likely to occur where human activities alter
the landscape in a way that lowers nutritional carrying
capacity (i.e. by development) or changes species interactions within food webs (e.g. by expanding agriculture
resulting in invasion by white-tailed deer). Mule deer are
particularly susceptible to any alteration resulting in lower
survival of adults (Robinson et al. 2002). Both food web and
community composition and the spatial distribution of
species are likely to be important in this scenario. In today’s
rapidly changing world, this pattern will become more
important in the future.

Recommendations for research
In today’s rapidly changing socio-ecological landscapes,
there is an increasing need for scientific knowledge to guide
wildlife management. We therefore recommend research in
several areas, to improve our understanding of mule deer
population dynamics:
1. Interactions between predation, forage, and weather
need to be studied, and it is highly unlikely that we will
develop a predictive understanding of mule deer dynamics
without understanding these interactions. The relationship
between nutrition, fecundity, and predation risk is particularly interesting because of the high growth potential of
mule deer populations.
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2. Fecundity in free ranging populations is under-reported,
and is needed to estimate population growth rates. In most
studies we reviewed (20 out of 28), l was not reported, lowering our ability to measure effects of environmental variables on vital rates and population growth quantitatively.
3. Much insight into general ungulate dynamics has come
from long-term studies of marked individuals, and longterm mule deer research projects with marked individuals
would probably yield substantial insights into population
dynamics.
4. We need to understand the effects of senescence on survival and fecundity in mule deer. These effects may influence management, particularly in populations in which
female and young male deer are not hunted (i.e. in populations without antlerless harvests). In these populations,
adult female age distribution is likely to be skewed toward
older adults. Effects of senescence on survival and fecundity
could be investigated by a formal meta-analysis and better
data reporting.
5. Collaborations between resource management agencies
and universities would result in increased reporting of data
and opportunities for future meta-analyses. Much of the mule
deer literature is restricted to government reports, so there are
likely to be large amounts of research we were not able to
access. Collaborations would help to address this problem.
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ABSTRACT Wolf (Canis lupus) depredations on livestock in Minnesota, USA, are an economic problem for many livestock producers, and
depredating wolves are lethally controlled. We sought to determine the effectiveness of lethal control through the analysis of data from 923
government-verified wolf depredations from 1979 to 1998. We analyzed the data by 1) assessing the correlations between the number of wolves
killed in response to depredations with number of depredations the following year at state and local levels, and 2) the time to the next
depredation. No analysis indicated that trapping wolves substantially reduced the following year’s depredations at state or local levels. However,
more specific analyses indicated that in certain situations, killing wolves was more effective than no action (i.e., not trapping). For example,
trapping and killing adult males decreased the re-depredation risk. At sheep farms, killing wolves was generally effective. Attempting to trap,
regardless of the results, seemed more effective at reducing depredations than not trapping, suggesting that mere human activity near
depredation sites might deter future depredations. (JOURNAL OF WILDLIFE MANAGEMENT 72(3):778–784; 2008)
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Lethal control of wolves (Canis lupus) that kill livestock has
been an issue for humans as long as humans and their
livestock have coexisted with wolves. In the lower 48 United
States, persecution of wolves led to their near elimination by
the 1960s (Mech 1970). In 1974, wolves were fully
protected throughout the 48 United States by the
Endangered Species Act of 1973, at which time 700–950
wolves remained in northern Minnesota, plus a small
population on Isle Royale, Michigan (Mech 1986, Fuller
et al. 1992). Minnesota wolves then increased and expanded
their range, were reclassified to threatened in 1978 (Fritts
1982), and were removed from the Endangered Species List
in March 2007. Minnesota is now responsible for wolf
management in that state.
As wolf populations increased, they saturated wilderness
and semi-wilderness areas, where they fed primarily on
white-tailed deer (Odocoileus virginianus), and expanded into
areas of higher human and livestock concentrations (Fuller
et al. 1992, Mech 2001). Livestock depredations increased
from 16 in 1979 to 145 in 1998, primarily in the western
edge of wolf range (Harper et al. 2005). If wolves continue
to increase, livestock depredations may also increase (Mech
1998, 2001).
Increasing wolf depredations on livestock are a concern to
farmers, resource managers, agricultural officials, environmentalists, and legislators. Although nonlethal methods
have been proposed, none has consistently prevented wolf
depredations (Fritts 1982, Fritts et al. 1992), although most
have not been extensively tested (Mech et al. 1996). The
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United States Fish and Wildlife Service (USFWS) began
lethal control in 1978 (Fritts 1982), but in 1986, Congress
transferred the depredation control program to the United
States Department of Agriculture, Animal and Plant Health
Inspection Service, Animal Damage Control (Fritts et al.
1992), later renamed Wildlife Services (WS).
Under the WS system, farmers who believed their
livestock was killed by wolves contacted either their
Minnesota Department of Natural Resources (MNDNR)
conservation officer or WS. Within 48 hours MNDNR or
WS personnel investigated. If they determined that the
livestock was killed by a wolf, WS initiated trapping to catch
the depredating wolf or wolves with foot-hold traps or neck
snares. They limited trapping to within 0.8 km of the
property boundary (USFWS 1985; modification of 14 Jul
court order by Judge M. Lord, 2 May 1985) and usually to
15 days (Paul 2001). They checked traps daily, and shot
captured wolves. They released pups captured before 1
August, but euthanized those captured after 1 August
(USFWS 1985; modification of 14 Jul court order by Judge
M. Lord, 2 May 1985). Sometimes WS did not trap; other
times, they used nonlethal prevention methods such as
strobe-lights or sirens instead (Paul 2001).
Lethal control has seemed effective but has never been
assessed in depth. Fritts et al. (1992), using Minnesota data
from 1979 to 1986, found that removing depredating wolves
did not reduce total depredations in wolf range but may have
reduced depredations at some farms (Fritts et al. 1992).
Conversely, simulation of various wolf removal strategies
suggested that the reactive, WS type of control would
reduce depredations by 40% (Haight et al. 2002).
Considering advances in trapping techniques and devices,
the increase in wolf range (Berg and Benson 1999) and in
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wolf depredations (Harper et al. 2005), changes in farm
management, and the delisting of wolves in Minnesota, an
in-depth evaluation of the effectiveness of directed, lethal
depredation control is needed.
We sought to determine if lethal, directed wolf-depredation control in Minnesota reduced depredations and if
trapping different ages, sexes, and numbers of wolves
influenced control effectiveness. We tested 3 main hypotheses. First, earlier workers had found that fewer recurrent
depredations occurred after unsuccessful control than after
successful control, so we hypothesized that these findings
were caused by researchers including data from the edge of
wolf range where only transient wolves depredated. Second,
we hypothesized that killing more wolves one year would
lead to fewer depredations the next year. Third, we
hypothesized that killing wolves would increase time to
next depredation or decrease depredation-recurrence rate. In
addition to calculating effectiveness for all livestock
combined at the state level as Fritts et al. (1992) did, we
assessed effectiveness by livestock species at state, local, and
farm levels. We also added a reference group of cases where
trapping did not occur, assessed the possible effects of
season, and calculated recurrence rates. The data presented
here complement those of Fritts et al. (1992), and add
additional insight into the effectiveness of lethal wolfdepredation control in Minnesota.

METHODS
We used a database of 20 years of verified wolf-depredation
reports and wolf trapping data compiled by the USFWS
(1979–1985) and WS (1986–1998). Data included information on the location (township, range, and section) and date
of the complaint, dates the USFWS or WS trapped wolves,
type of livestock killed (cattle, turkeys, or sheep only), and
the sex, age (ad, ad–yearling, yearling, and pup), and number
of wolves trapped (killed or released) in response to each
depredation. We only used complaints for which government personnel had verified that wolves had killed livestock.
If there was any doubt we did not include the complaint in
our analysis. We excluded released pups, unless noted,
because they were not removed from the population.
The database contained 923 verified depredations at 434
different farms, with 1,440 wolves killed. We considered
multiple depredations at the same farm as separate events
unless otherwise noted. Because we excluded complaints
with questionable causes, numbers reported here differ from
those previously reported (Fritts 1982, Fritts et al. 1992).
To complete analyses of the effectiveness of lethal control,
we needed an experimental control to compare with farms at
which lethal depredation control was conducted. However, a
true experimental control, a sample of farms with verified
depredations randomly chosen to receive no trapping, did
not exist. Thus we created 2 reference groups, one with data
from verified depredation sites where controllers trapped
unsuccessfully and the second from farms with depredations
but no trapping. Reasons for no trapping varied, so we
selected only sites where given reasons would not seem to
Harper et al.
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affect the analysis, such as the following: farmer denied
permission, government manpower shortage, lack of funds,
poor ground conditions, and too much hunter activity. If the
reasons that complaints were not trapped included the
following, we did not include them in our no-trapping
reference sample: already trapping at a neighboring farm,
stock removed from area, lone wolf responsible for
depredation, or no reason given.
We used the no-trapping reference group because strong
biases may exist in the data from both the successfully and
unsuccessfully trapped farms. Farms with captured wolves
may have more wolves around them than did farms with no
captures, thus more likely sustaining repeat depredations
regardless of number of wolves caught. Farms with no
captures are more likely to have fewer wolves nearby and,
thus, sustain fewer depredations. The no-trapping data set is
not a perfect reference, but it was the best reference available.
We used the full database with released pups included to
assess how often controllers captured wolves in response to a
depredation by calculating percent of verified depredations
where WS captured 1 wolf.
Distribution of Depredations Where Trapping Was
Unsuccessful
Previous studies yielded the counterintuitive conclusion that
fewer subsequent depredations occurred where trapping was
unsuccessful than where it was successful (Fritts 1982, Fritts
et al. 1992). To determine if any pattern or bias could
explain the apparent effectiveness of unsuccessful trapping,
we assessed the temporal and geographical distributions of
complaints trapped unsuccessfully. To assess temporal
distribution, we graphed the percentage of total complaints
each month at which trapping was unsuccessful to see if
there was a seasonal effect.
To assess geographical distribution of apparent unsuccessful trapping, we used ArcView Geographic Information
System software and its extension Animal Movement (P. N.
Hooge and B. Eichenlaub, United States Geological Survey,
Biological Science Center, Anchorage, AK) to map
locations of depredated farms where trapping was unsuccessful both after single complaints and after multiple
trapping events. We hypothesized that such farms might be
in the path of dispersing wolves just passing through the
area, so they would be located primarily on the edge of each
year’s depredation minimum convex polygon (MCP; see
below). We then excluded all the unsuccessfully trapped
farms along each year’s MCP edges, allowing us to
reexamine the effectiveness of unsuccessful trapping with
the potential bias of farms affected by dispersing wolves
removed. For complaints received 1 January–30 September,
we calculated the percent with no more depredations the
rest of the year, hypothesizing that excluding edge farms
where no wolves were captured should decrease apparent
effectiveness of unsuccessful trapping.
Wolves Killed and Next Year’s Depredations
To assess if the number of wolves killed each year affected
the number of depredations the next year, we computed
779

correlations between number of wolves killed and number of
depredations in the following year for the periods 1979–
1998, 1979–1989, and 1989–1998 in response to verified
cattle, sheep, or turkey depredations, as well as depredations
on all domestic animals.
We also analyzed the data at 2 finer scales. For the first, we
used data from 4 areas of historical depredations. To create
these historical-depredation areas, we used ArcView to map
the locations of farms with 1 verified depredation each
year from 1979 to 1998 and created yearly depredation
MCPs including each year’s farms (Fig. 1).
Using the depredation MCPs from 1989 through 1998,
we created a new MCP of the area where all the MCPs
overlapped (41,079 km2; Fig. 1). Using this common MCP,
as well as the 1989 MCP (53,232 km2; Fig. 1), we examined
the depredations inside the polygons, which allowed us to
eliminate the effects of wolf range expansion (Harper et al.
2005). We examined these 2 MCPs because wolves have
preyed on livestock there since 1989.
For an even finer scale, we used ArcView to locate 2
clusters of farms with long histories of depredations in an
area of wolf depredations since 1979. We subjected one
cluster, centered around a particular farm (farm A), to
analyses using 3 data sets: 1) the data from 3 farms, 2) the
data from 4 farms, and 3) the data from all 9 farms within 10
km of farm A. Each farm had a history of depredations. The
second cluster consisted of 8 farms all centered around and
within 10 km of a different farm (farm E), all with a history
of depredations.
Use of these farm-cluster combinations also eliminated the
effects of wolf range expansion. The 10-km limit to the
radius of the farm clusters and the territorial nature of
wolves decreased the probability that increased depredations
were caused by an increased number of wolf packs nearby.
Use of 2 of the farm clusters also eliminated the effects that
any increase in the numbers of farms sustaining depredations could have on the analysis.
Depredation Recurrence Rate
To study the effects that different variables had on time to
next depredation, we computed the number of days between
the date the last wolf was removed from a farm and the date
of the next verified depredation. Our hypothesis was that
killing wolves would increase the time to next depredation,
or equivalently decrease the depredation recurrence rate. We
used 3 geographic scales. We found time to next
depredation at the same farm (0 km), at any farm within
4 km, or at any farm within 8 km. We used the locations of
the farms to determine distances, essentially treating each
farm as a point and ignoring barriers like roads or rivers. If
no further depredations occurred, or if the next depredation
was too far in the future, we considered the observation as
censored. We used 2 rules for censoring. Under the 1-year
rule we censored the observation at 365 days if no
depredation occurred in that period. Under the 31 October
rule we considered only depredations that occurred from 1
March to 31 October of a given year, and then recurrence
only to 31 October of that year. This approach removed 50
780

Figure 1. Yearly depredation minimum convex polygons (MCP) of
locations of Minnesota, USA, farms with at least one verified cattle, sheep,
or turkey depredation in 1990–1998 and shaded polygons representing the
1989 depredation MCP and the MCP where the 1989–1998 depredation
MCPs overlap.

of the depredations between 1 November and 28 February
from the study, but it corresponds to the goal of assessing
reduction of re-depredations in the current year.
As is usual for censored data, the variables for each
depredation consisted of a time and a censoring indicator.
We used the Kaplan–Meier product-moment estimators
(Kalbfleisch and Prentice 1980) to provide graphical
summaries of the time-to-next depredation curves. We
used Cox proportional-hazard models to test significance
(Kalbfleisch and Prentice 1980). The proportional hazards
model assumes the existence of a baseline time-to-redepredation
curve that is modified by multiplication by
P
exp(
bx), where each x is a predictor and the bs are
regression coefficients. We considered a number of predictors. To adjust for seasonal effects, we included
trigonometric predictors sin(2pm/12) and cos(2pm/12),
where m is the month number in all models. We also used
a factor to account for effects of prey species (cow, sheep, or
turkey). We included trapping outcome, including whether
trapping was done, whether trapping was successful, and, if
successful, age and sex of all wolves removed, in various
combinations to be described in the results section below.
We considered age and sex of wolves killed because some
ages, sexes, or pack sizes of wolves might be more prone to
The Journal of Wildlife Management
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Table 1. Trapping success of wolf-depredation control program in
Minnesota, USA, by prey species, 1979–1998.
Species

No
trapping

Unsuccessful
trapping

Successful
trapping

Success
rate

Cattle
Sheep
Turkey
Overall

21
15
2
38

264
66
30
360

433
64
28
525

0.62
0.49
0.48
0.59

preying on livestock. For example, wolf packs with pups may
depend more on livestock (Bjorge 1980), or removal of some
wolves could make others more dependent on livestock
(Bjorge and Gunson 1985, Fritts et al. 1992). We used
standard model selection methods in combination with
Akaike’s Information Criterion (AIC) to select appropriate
predictors. We repeated the analysis for the 3 distances (0
km, 4 km, and 8 km) and for the 2 time-censoring rules.
For these analyses, we removed 4 depredations from the
data base. One depredation had inconsistent dates in the
original records. Three of the re-depredations occurred
within 4 days of the original complaint, before any trapping
could be initiated. Including these latter 3 cases would
exaggerate differences between the no-trapping group and
the unsuccessful and successful (1 wolf removed) trapping
groups.

RESULTS
Cattle and sheep in Minnesota are generally confined and
not subject to wolf depredations from November to April or
May, so wolves preyed on livestock primarily in May

Figure 2. Distribution of Minnesota, USA, farms within the 1995
depredation minimum convex polygon where no wolves and where 1
wolf was removed in 1995 during individual trapping sessions (1995 data
are shown as an example).
Harper et al.
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Figure 3. Wolf livestock-depredation recurrence curves for the current
farm, within 4 km and within 8 km, estimated using the Kaplan–Meier
method on Minnesota, USA, farms, 1979–1998, for the following year,
including all complaints whether or not trapping was conducted or
successful.

through September as also reported earlier (Fritts 1982,
Fritts et al. 1992).
When federal personnel responded to depredations with
directed, lethal control, they succeeded trapping 1 wolf at
sheep or turkey farms about 48% of the time, and at cattle
farms 62% of the time (Table 1). Overall trapping success
was 59%, somewhat higher than the 53% for 1979–1986
(Fritts et al. 1992). Trapping was more successful in April–
July (65%) than in the rest of the year (52%; P , 0.001),
probably due to reduced effort (seasonal leave), poor
weather, or trap shyness. Unsuccessful trapping was not
concentrated in any particular area (Fig. 2).
All 24 correlations we tested between number of wolves
killed and next year’s depredations for all periods and areas,
for individual livestock, and all livestock combined showed
either more depredations the next year or were nonsignificant (P . 0.10). The only marginally significant
negative relationship was for all livestock across the entire
state for 1989–1998 (r2 ¼ 0.34; P ¼ 0.10).
General Depredation Recurrence Rate
When we pooled depredations on all species of livestock, the
overall rate of recurrence in the same year was quite low.
Using 365-day recurrences, at 250 days postdepredation the
recurrence rate was estimated to be 23% (95% CI ¼ 20–
25%) at the farm level, 29% (95% CI ¼ 25–32%) within 4
km of the farm, and 37% (95% CI ¼ 34–40%) within 8 km
of the farm (Fig. 3). Changing the follow-up to 31 October
of the current year did not cause any changes in conclusions
although the curves and rates are a bit different. When we
considered livestock species separately, the re-depredation
rates were higher for sheep and turkey than for cattle (Fig.
4). However, most depredations involved cattle.
The separate overall recurrence curves for each of 4
trapping outcomes (no trapping, unsuccessful trapping,
successful trapping without removal of an ad M, and
successful trapping with removal of an ad M) showed that
the recurrence rate for no trapping was higher than for the
other conditions. Figure 5 is typical of the figures for
different distances and censoring rules. Except when no
781

Figure 4. Rate of wolf livestock-depredation recurrences on Minnesota,
USA, farms, 1979–1998, including all complaints whether or not trapping
was conducted or successful, by type of prey species.

trapping was done, the rates in the other conditions were
similar, with the recurrence rate when an adult male was
removed the lowest, the rate for unsuccessful trapping the
highest, and the rate for other successful trapping intermediate.
Proportional Hazards Models
With the possible exception of removing an adult male, age
and sex of wolves killed had no effect on re-depredation
rates. In addition, total number of animals removed did not
appear to affect the re-depredation rate. We therefore report
the results of fitting Cox proportional hazards models at the
3 geographic scales and using 2 censoring rules with 2
predictors for the seasonal trend, a factor with 3 levels for
livestock species, and another factor with 4 levels for the
outcome of trapping, including no trapping, unsuccessful
trapping, successful trapping but no adult male(s) removed,
and successful trapping with adult male(s) removed. All the
models are parameterized so the baseline species is cattle,
and the baseline trapping outcome is no trapping (Table 2).
Species differences are apparent at all geographic scales. At
0 km and 4 km for either censoring rule coefficient estimates
for the trapping groups were all negative, indicating that
trapping, regardless of outcome, reduces re-depredation,
although differences are generally small. With 365-day
follow-up at 0 km, the unsuccessful trapping re-depredation
rate was lower than the no trapping rate, with P ¼ 0.04; for
31 October censoring, the rate for trapping an adult male
was lower, P ¼ 0.04 than the no trapping rate. According to
the fitted model, the re-depredation rate (95% CI) when an
adult male was killed was 0.20–0.97 times the redepredation rate for no trapping. At 8 km, trapping did
not appear to have any effect.
With data for sheep only, there was some evidence that
successful trapping led to lower recurrence rates than did no
trapping or unsuccessful trapping (P ¼ 0.04–0.06).

DISCUSSION
The depredation peak we found for cattle in May
corresponds with the availability of newborn calves, and a
slight decrease in June may be related to availability of deer
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Figure 5. Rate of wolf livestock-depredation recurrences on Minnesota,
USA, farms, 1979–1998, for all livestock combined comparing 4 groups of
trapping outcome: no trapping, unsuccessful trapping, successful trapping
with no adult males caught, and successful trapping with an adult male
caught.

fawns born in June (Mech et al. 1988, Fritts et al. 1992).
Increases over summer may be due to pups’ increasing need
for food (Fritts et al. 1992). In Alberta, Canada, cattle losses
to wolves peaked in August–September (Dorrance 1982),
perhaps due to the seasonal differences between the 2 areas
or to differing seasonal livestock practices.
Unsuccessful trapping was not concentrated in any
particular area (Fig. 2), contrary to our hypothesis that
farms where trapping was unsuccessful were primarily along
the edge of each year’s depredation MCP. Thus not all cases
of unsuccessful trapping involved dispersing wolves killing
livestock and moving on, although some may have.
None of our correlations supported the hypothesis that
killing a high number of wolves reduced the following year’s
depredations at state or local levels. This finding was similar
to that of Fritts et al. (1992) for 1979–1986 data for all types
of livestock depredations combined. Fritts et al. (1992) felt
that their finding may have resulted from pooling data from
farms with repeated depredations and new farms sustaining
depredations. We did not find this to be true, however. Our
analyses of localized farm clusters showed that as more
wolves were killed one year, the depredations increased the
following year. Examination of these localized farm clusters
also eliminated the possibility that it was an increase in
numbers of farms sustaining depredations that contributed
to the findings that killing wolves did not reduce
depredations the next year at local or state levels.
A possible explanation for the positive relationship
between number of wolves killed and higher depredations
was that farms where more wolves were captured may have
been farms where more wolves lived. A second possibility is
that any wolves remaining after trapping had learned to prey
on livestock, possibly becoming more dependent on livestock once packmates have been removed. Harper et al.
(2005) presented evidence for learned depredation behavior
in wolves.
For all analyses, trapping but catching no wolves led to
lower recurrence than not trapping at all (e.g., Fig. 5) which
suggests that the mere increase in human activity and the
introduction of foreign odor and objects at a depredation
The Journal of Wildlife Management
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Table 2. Cox proportional-hazards survival-model results for recurrences of wolf-depredation control in Minnesota, USA, 1979–1998. Shown are coefficient
estimates and significance levels when fitting seasonal adjustments, represented by the sin and cos terms, a factor for livestock species, and a factor with 4
levels for trapping outcome. Results are shown for 365-day follow-up and for follow-up until 31 October of the current year, and at 3 geographic scales, 0 km
for the farm where depredation originally occurred and farms within 4 km and 8 km of that farm. Models are parameterized so that the baseline condition is
for no trapping when the livestock species is cattle. Thus, probabilities for sheep and turkeys compare these conditions to those for cattle, and those for the 3
trapping outcomes compare to those for no trapping.
0 km

4 km

8 km

Estimate

P

Estimate

P

Estimate

P

365-day follow-up
sinm
cosm
Sheep
Turkey
No wolves caught
No ad M caught
Ad M caught

0.144
0.145
0.494
0.919
0.573
0.301
0.517

0.140
0.220
0.002
0.000
0.041
0.290
0.073

0.080
0.151
0.228
0.740
0.482
0.280
0.493

0.360
0.150
0.120
0.000
0.073
0.300
0.074

0.114
0.128
0.128
0.596
0.259
0.192
0.336

0.140
0.180
0.340
0.001
0.300
0.450
0.190

Follow-up to 31 Oct
sinm
cosm
Sheep
Turkey
No wolves caught
No ad M caught
Ad M caught

0.416
0.387
1.217
1.269
0.541
0.296
0.808

0.003
0.097
0.000
0.000
0.160
0.440
0.043

0.277
0.382
0.874
1.030
0.657
0.496
0.888

0.026
0.066
0.000
0.000
0.056
0.150
0.013

0.269
0.489
0.625
0.924
0.369
0.388
0.614

0.014
0.010
0.000
0.000
0.270
0.260
0.076

site might have been enough to reduce future depredations.
Conceivably, then, any apparent decreases in depredation
from killing wolves may actually have been due to increased
human activity instead, although this would not explain why
killing adult males in certain cases was most effective.
Human activity may also at least partly explain the
effectiveness of fladry (plastic flagging hanging on fencing
surrounding farms) as a barrier to wolf depredations. Fladry
reportedly kept wolves out of a cattle pasture for 61 days
before wolves crossed the barrier and killed livestock
(Musiani et al. 2003). Waning of the aversive response to
the fladry could have been caused by habituation to the
fladry or to the human scent.
There was no evidence that killing wolves decreased redepredation rates at farms within 8 km of an original
depredation. For complaints involving cattle and turkeys,
there was little evidence that killing wolves affected the redepredation rate any more than did unsuccessful trapping,
contrary to our hypothesis. Nevertheless, attempting to trap
seemed to provide some effectiveness. At the individual
farm level and within 4 km, targeting adult males and
continuing to trap if they are believed present may have
improved control effectiveness. This result accords with the
findings that, at least in summer, the adult male tends to
take the initiation in hunting (Mech 1999).
For depredations on sheep, killing wolves was more
effective than unsuccessful trapping or not trapping, similar
to Fritts et al. (1992). Sheep are more vulnerable to wolf
depredation than are cattle, because sheep usually flock and
are defenseless against wolves, so wolves may continue to
return for sheep, whereas cattle depredations may be more
single-event opportunities.
Conceivably, husbandry practices and habitats at farms
included in our analysis could have changed over time,
Harper et al.
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confounding our results. However, wolf depredations seem
to be linked to farm size, with larger farms having more
depredations (Mech et al. 2000, Bradley and Pletscher
2005), and some township-level habitat variables and prey
densities at farm and township levels may also affect
depredation (Treves et al. 2004, Bradley and Pletscher
2005).

MANAGEMENT IMPLICATIONS
Lethal wolf control for depredation on sheep in Minnesota
is generally effective in reducing further losses. However, for
reducing depredations on cattle 1 adult male must be
killed. Furthermore, experimenting with a regimen of daily
visits simulating trapping activities might show that such an
approach is more cost-effective than trapping and killing
wolves, especially at farms that require long travel by
controllers.
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EFFECTS OF COYOTE REMOVAL ON THE FAUNAL COMMUNITY IN
WESTERN TEXAS

SCOTT E. HENKE,'2 Department of Range and Wildlife Management, Texas Tech University, Lubbock, TX 79409, US
FRED C. BRYANT,' Department of Range and Wildlife Management, Texas Tech University, Lubbock, TX 79409, US

Abstract: Coyotes (Canis latrans) play a keystone role in the population regulation of microherbivo
mesopredators in certain ecosystems. Despite this fact, coyote control measures still are implemen

evaluated the effects of removing coyotes on sympatric populations of rodents, lagomorphs, raptors, an
malian mesopredators in a shortgrass prairie ecosystem of western Texas. Faunal communities were ex
on 2 treatment and 2 comparison 5,000-ha sites of mixed grassland and shrubland habitats for 1 year
coyote removal and for 2 years during coyote removal. We removed 354 coyotes by aerial gunning on tr
sites. Removal efforts were initiated every third month from April 1990 to January 1992. Coyote den

reduced from 0.12 ? 0.01 (t + SE) to 0.06 - 0.01 coyotes/km2 on treatment sites. Density on comp
sites remained stable at 0.14 ? 0.01 coyotes/km2. We found no differences in faunal population es

between comparison and treatment sites for the year before coyote removal. Within 9 months follow
initiation of coyote removal, rodent species richness and rodent diversity declined on treatment sites.
coyote predation, the Ord's kangaroo rat (Dipodomys ordii) became the most abundant rodent in shru
and was the only rodent species caught in grasslands after 12 months of coyote removal. Rodent dens
biomass, black-tailed jackrabbit (Lepus californicus) density, and relative abundance of badgers (Taxide
bobcats (Felis rufus), and gray foxes (Urocyon cineroargenteus) increased on treatment sites. Variation
density of desert cottontail rabbits (Sylvilagus audubonii) and raptor richness, diversity, and density
related to coyote density. Our findings were consistent with the predator-mediated coexistence hypot
which suggests that a keystone predator (coyote) can influence faunal community structure.

JOURNAL OF WILDLIFE MANAGEMENT 63(4):1066-1081

Key words: Canis latrans, community ecology, coyote, population dynamics, predator-prey interactions, Tex

Ecologists have debated the relative importion excluded several other mollusk species
tance of bottom-up versus top-down influences
(Paine 1969, 1974). The predator-mediated coas the driving force of ecosystems. Hunter
and hypothesis suggests that when freexistence
Price (1992) argued that bottom-up influences
quency-dependent predation and preference

were most important because removal of
the
occur,
prey abundance distributions tend to befirst trophic level (i.e., producers) would result
come more even, resulting in increased diverin loss of the entire system. They proposed
a
sity over
ecological time (Caswell 1978, Giller
bottom-up model of population dynamics1984).
but This evenness occurs because selective
acknowledged the feedback mechanisms
that reduces competition in the lower tropredation
consumers have on producers. Top predators
phic levels by preventing the dominant comare important in controlling herbivore populapetitors from monopolizing space and resourc-

tions, which in turn affect producers (Redford
es, thus maintaining high diversity (Glasser
1992).
1979). Predators that operate in this way have
The top-down viewpoint states that the inbeen termed keystone predators (Power et al.
teractions between higher trophic level con1996). Examples of predatory mammals as keysumers and their prey influence the structure of
stone species include sea otters (Enhydra lutris)
the lower trophic community (Estes 1996). For
in kelp forests (Estes and Palmisano 1974) and
example, sea star (Pisaster ochraceus) predation
gray wolves (Canis lupus) on Isle Royale
kept densities of all prey species low, but es(McLaren and Peterson 1994).
pecially those of the California mussel (Mytilus
Coyotes have been suggested to play a keycalifornianus), which in the absence of predastone role in chaparral (Sould et al. 1988), grassland (Vickery et al. 1992), and wetland (Sovada
'Present address: Caesar Kleberg Wildlife Reet al. 1995) ecosystems. Removal of coyotes led
search Institute, Campus Box 218, Texas A&M Uni-

versity-Kingsville, Kingsville, TX 78363, USA.
2 E-mail: scott.henke@tamuk.edu

to increased abundances of mesopredators,

which in turn reduced the abundances and di1066
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versity of prey species (Harris and Silva-Lopez
1992). However, even with this knowledge, coyote control measures often are recommended

(Quercus havardii), and yucca (Yucca spp.)

were the dominant shrubs.

Coyotes were the most abundant mammalian

because of livestock depredations (Nunley
predator (Choate et al. 1992). Mammalian me1995) and to increase the harvestable surplus sopredators
of
included badgers, bobcats, striped
(Mephitis mephitis), and gray foxes. Adgame animals (Lehmann 1984, Ransom et skunks
al.
1987, Canon 1995). Coyotes also reportedly
ditionally, 2 lagomorph, 12 rodent, and 16 avian
have an ecological value by controlling the
predator and scavenger species occurred on the

number of microherbivores (Clark 1972, Wagstudy area (Henke 1992). Black-tailed jackrabner and Stoddart 1972, Keith et al. 1977). The
bits (hereafter, jackrabbit) and desert cottontail
rabbits (hereafter, cottontail) were the lagopossibility that coyote control could release rodent and lagomorph populations causes concern
morphs. The Ord's kangaroo rat, northern grassbecause of implications to ecology and managehopper mouse (Onychomys leucogaster), deer
mouse (Peromyscus maniculatus), white-footed
ment of rangelands. Currie and Goodwin (1966)
estimated that 5.8 black-tailed jackrabbits remouse (P. leucopus), hispid cotton rat (Sigmodon hispidus), southern plains woodrat (Neotoquire as much daily forage as 1 sheep. Small
mammal herbivores can consume as much as 60
ma micropus), and hispid pocket mouse (Chae-

(Migula et al. 1970) to 80% (Taylor and Lofttodipus hispidus) were nocturnal, year-round
field 1942) of the total annual primary plant
residents. The spotted ground squirrel (Sperproduction, can maintain less desirable seral
mophilus spilosoma) was a diurnal, year-round
states (Norris 1950), and retard mass gain resident
in
that was occasionally captured in live
cattle by causing forage competition (Howard
traps. Silky pocket mice (Perognathus flavus),
et al. 1959).
plains pocket mice (P. flavescens), western harWe hypothesized that coyotes have a keyvest mice (Reithrodontomys megalotis), and
stone role in shortgrass prairie ecosystems. Speplains harvest mice (R. montanus) were nocturcifically, we hypothesized that a reduction in the
nal, winter-hibernating species. Red-tailed

coyote population would result in an increase hawks
in
(Buteojamaicensis) and northern harriers
abundance of microherbivores (e.g., rodents,
(Circus cyaneus) were year-round residents in
lagomorphs, etc.), which would lead to an evenall study sites and were the most prevalent raptors. Swainson's hawks (Buteo swainsoni) were
tual numeric increase of mesopredators.
STUDY AREA

the next most prevalent raptor occurring

throughout most of the year. American kestrels
The study was conducted on University
of sparverius), ferruginous hawks (Buteo re(Falco
Texas lands in Andrews and Martin counties,
galis), sharp-shinned hawks (Accipiter striatus),
Texas (32'5'-32'35'N, 102?10'-102?50'W). prairie
An- falcons (Falco mexicanus), and barn owls

drews and Martin counties contained mainly
(Tyto alba) were fall or winter residents, al-

semiarid, shortgrass prairie with a cool temperthough barn owls were infrequently sighted
ate, dry-steppe climate and mild winters. throughout
Elethe year. Harris' hawks (Parabuteo
vation ranges from 916 to 1,038 m and consists
unicinctus) and broad-winged hawks (Buteo
of nearly level to gently undulating plains.platypterus)
Avwere rare winter transients. Burerage annual precipitation is 35 cm, and temrowing owls (Athene cunicularia) were the most
peratures range from -5 to 380C (Connor et
al.
prevalent
owl species, constituting 89% of the
1974).
total owl community. Chihuahuan ravens (Cor-

Grasslands and shrublands were the 2 primary plant communities on the study area.

Grasslands typically consisted of black grama

(Bouteloua eriopoda), muhly (Muhlenbergia
spp.), three-awn (Aristida spp.), and dropseed
(Sporobolus spp.). Shrubland communities consisted of black grama, blue grama (B. gracilis),
three-awn, dropseed, croton (Croton spp.), and
hooded windmillgrass (Chloris cucullata). Honey mesquite (Prosopis glandulosa), cat's claw
mimosa (Mimosa biuncifera), sand shinnery oak

vus cryptoleucus) were abundant during the
spring and summer, whereas turkey vultures
(Carthartes aura) had low abundance; both species migrated out of the study area during fall.
METHODS

Experimental Design
We selected 4 sites for study, each approximately 5,000 ha; coyotes were removed (treat-

ment) on 2 sites from April 1990 to January

This content downloaded from 134.84.192.103 on Thu, 01 Dec 2016 18:53:55 UTC
All use subject to http://about.jstor.org/terms

1068 EFFECTS OF COYOTE REMOVAL * Henke and Bryant J. Wildl. Manage. 63(4):1999

GAINES

COUNTY

A NDREWS COUNTY

J,

,

HWY 176

s 4MS~ORI ir

Sie3 0I
t Site4k
Fig. 1. Location of the study sites in Andrews and Martin counties, Texas.

1992, and the other 2 sites served as compariwhereas data obtained during January were
sons (Fig. 1). To avoid ambiguity, the sitesconsidered
on
winter data of the previous year.
which coyotes were controlled were referredWe
toused permanent trapping grids (White et
as treatment sites because coyote control was
al. 1978) to generate population estimates of
small nocturnal rodents. Each site was divided
the treatment, whereas the sites that received
no treatment were referred to as comparison
into 50 100-ha parcels, and 2 randomly selected
sites. We removed coyotes from treatment parcels
sites per site were selected: 1 in grassland
by aerial gunning, which involved shootingand
coythe other in shrubland. We placed trapping
otes with a 10-gauge shotgun from a helicopter
grids near the center of the randomly selected
during the hours immediately after sunrise
and Each of the 12 x 12 trapping grids conparcel.
before sunset for 3 consecutive days each tained
sea- 144 live traps (8 x 9 x 23 cm; Sherman
son. Additionally, treatment sites had a 5-km
Trap, Tallahassee, Florida, USA) that covered
border zone from which coyotes also were1.74
re-ha. We placed traps at 12-m intervals and
moved to reduce effects of coyotes whose baited
homeeach trap with oatmeal and mixed bird
ranges may have overlapped treatment sites
and
seed.
Grids were trapped concurrently on treat-

to decrease immigration into the treatment
ment and comparison sites for 3 consecutive

sites. Treatment and comparison sites werenights
sep- each season during the first-quarter
arated by at least 19.5 km, which was considmoon phase to avoid potential biases related to
ered sufficient because the average territory
theralunar cycle (Lockhart and Owings 1974).
dius of coyotes in Texas is 1.5 km for resident
Captured rodents were identified to species,
coyotes and 4.8 km for transient coyotes (Andelt
sexed, weighed, individually marked with a tem1995).
porary color dye, and released at the capture
Monitoring Wildlife

We estimated coyote population density using the removal method of Zippin (1958). We
estimated populations of rodents, lagomorphs,
and mammalian mesopredators from surveys
conducted during April, July, October, and January 1989-92, representing 4 seasons (spring,
summer, fall, winter). Data obtained in 1989

were used as the pretreatment estimates,

site. Rodent data from each grid within seasons
were pooled. We estimated density with program CAPTURE, using the removal estimator

option (Rexstad and Burnham 1991). Rodent

biomass for each grid during each season and
year was calculated from the following equa-

tion:

Bijk = {[(nhijkNijk)(Dijk)I[fhLjk]}
where Bjk = biomass in grid i during season j
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and year k; nhjk = number caught of species hMississippi, USA), from which perpendicular
in grid i during season j and year k; Nyk = totaldistances were calculated. We estimated raptor
number of rodents caught in grid i during sea-density by using the Fourier estimator from
sonj and year k; Dyk = rodent density of grid iprogram TRANSECT (Burnham et al. 1980).
during seasonj and year k; and Xhjk = average Chihuahuan ravens and turkey vultures were
weight of species h in grid i during seasonj andclassified as scavengers and analyzed separately
year k. Diversity was calculated via the Simp- from avian predators.

son's index (see Krebs 1989:357).

We conducted spotlight surveys seasonally to Statistical Analyses
estimate populations of lagomorphs, mammali- We used a completely randomized design
an mesopredators, and owls. Two survey routes with repeated measures. Data collected during
(i.e., nonpaved roads) of approximately 12 km the pretreatment period (1989) were examined
were established on each study site. Surveyswith analysis of variance (BMDP 1990) to test
were conducted by 3 observers using 2 300,000-for differences between the main and interac-

candle-power spotlights and traveling approxi-tive effects of study treatment and season on
mately 16 km/hr. Surveys began 1 hr after sun-rodent richness, rodent diversity, rodent density,
set and typically ended at 0200. We conducted rodent biomass, lagomorph density, mammalian
surveys for 3 consecutive nights during themesopredator relative abundance, owl relative
same moon phase and similar weather condi-abundance, avian scavenger density, and raptor
tions. Transect order was chosen randomly to richness, diversity, and density. We examined
minimize repetitively sampling the same por- rodent data in a 2-stage analysis. We used an
tions of the survey routes at the same time eachanalysis of variance (BMDP 1990) to test the
night. We took visibility measurements every effect of habitat type (grassland vs. shrubland)
0.1 km on both sides of the road for each surveyon rodent richness, diversity, density, and bio-

route during each season. A 2-m pole paintedmass. We pooled rodent data across habitat

red between 0.0 and 0.6-m levels was used to
types if no differences were detected, and subdetermine visual obstruction. One observer
sequently analyzed for main and interactive efstood in the bed of a truck while another carried
fects. If significant interactions were detected,

the pole vertical to the ground and walked single
at a variates of the interaction were analyzed
900 angle from the truck. When the observer
in
separately
within each grouping of the other
the truck could no longer see the red portion
main effects. Multiple comparisons were made
of the pole, the perpendicular distance fromwith
the Tukey's studentized range (HSD) test
truck to the pole was measured with a 100-m
when significant effects were found (Cochran
measuring tape. We determined transect area
and Cox 1957). Homogeneity of variances
for each survey route during each seasonamong
by
treatments was evaluated with the Bartlett's test (Steel and Torrie 1980). Distributions
multiplying the average visibility by the route
length. We estimated lagomorph densities via
of residual errors were tested for normality via
the Fourier estimator from program TRANthe Shapiro-Wilk test. Nonnormal datasets were
SECT (Burnham et al. 1980). For each site, inlog-transformed (logio) and retested to ensure
dices of mesopredator and owl abundance were
normality.
calculated for each survey night by dividing the
We examined data collected during the treatobserved number of individuals per species ment
by period (1990-92) by using analysis of var-

the linear distance of the transect and then muliance (BMDP 1990) to test the main (treat-

tiplying the quotient by 1,000.
ment, season, year) and interactive effects on
We conducted daytime transect surveys tothe
es-same dependent variables as in the pretreattimate raptor density by driving approximately
ment period analysis. We examined rodent data
48 km of roads each season on each study site.
in a 2-stage analysis as previously described. We
Transects were traveled during the same time
evaluated analyses of significant main effects
of the day and under similar weather conditions
and interactions similarly as data of the preto reduce bias resulting from differential raptor
treatment period. We tested homogeneity of
activity and visibility (Fuller and Mosher 1987).
variances and normality of datasets as previously
Raptors were identified to species. Distances
described. Due to the number of analyses confrom the observer were estimated using a 500ducted, all tests were considered significant at
m range finder (Forestry Suppliers, Jackson,
P = 0.005 to control the experimentwise error
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approach. Power of the analyses in detecting

spring, fall, and winter (Fig. 2). Also, a seasonal
trend (P = 0.006) was observed in rodent rich-

differences among level means was estimated
according to Zar (1984:251). All means are reported + 1 standard error.

captured during the spring and summer than
during the fall and winter (Fig. 3A).

RESULTS

Treatment Period

rate, which represented a conservative statistical

ness (Table 3), with more species of rodents

Coyote Removal

Rodent Community.-On treatment sites after initiation of coyote removal, Ord's kangaroo
We removed 354 coyotes from the 2 treat-

ment sites and associated buffer zones. The

rats became the dominant rodent species in

shrubland habitats, and the only rodent species
number of coyotes removed in each of 8 concaptured in the grassland habitats (Table 2).
secutive seasons was 67, 30, 51, 53, 55, 31, 41,
The southern plains woodrat was the only other
and 26, respectively. The estimated coyote poprodent species caught in shrubland habitats afulation was reduced from 0.12 ? 0.01 coyotes/
ter 15 months of consistent coyote removal (Takm2 in April 1990 to 0.06 ? 0.01 coyotes/km2
ble 2). Relative abundance of individual rodent
in January 1992. Coyote density on the com-

fluctuated seasonally on comparison
parison sites remained stable throughoutspecies
the
sites, but the community structure remained
study at 0.14 _ 0.01 coyotes/km2 (Henke 1992).
stable throughout our study (Table 1). No staPretreatment Period

tistical differences were observed (F,,2 < 1.3, Ps
The Ord's kangaroo rat was the most abun- > 0.33, P > 0.65) between grassland and sLrubdant rodent species on all study sites, followedland habitat types for rodent richness, diversity,

by the silky pocket mouse and the northerndensity, and biomass; therefore, rodent data
grasshopper mouse (Tables 1, 2). The remainingwere pooled across habitat types for subsequent
rodent species occurred in fairly even abun- analyses of treatment effects. Treatment and
dance on all study sites during the pretreatment treatment X year differences were found in roperiod. No statistical differences were observed dent richness and diversity (Table 3). Rodent
(F1,2 < 1.5, Ps > 0.31, P > 0.67) between grass- richness was similar in comparison and treatland and shrubland habitat types for rodentment sites until winter 1990, after which richrichness, diversity, density, and biomass; there- ness was greater on comparison sites (Fig. 3A).
fore, rodent data were pooled across habitat Rodent diversity initially was greater on comtypes for subsequent analyses of treatment ef- parison sites in spring 1990; however, this trend
fects.
reversed during summer 1990 (Fig. 3B). Diversity was similar between comparison and treatRelative abundance of badgers and bobcats
ment sites during fall 1990, after which diversity
was consistently low on all study sites during the
was greater on comparison sites. Richness and
pretreatment period, while gray fox and striped
skunks were not observed on any study sites
diversity increased on comparison sites from
1990 to 1991, whereas it decreased on treat(Tables 1, 2). Before coyote removal, mean indices of relative abundance of individual me-

ment sites during the same period.
sopredators for comparison and treatment sites,Rodent density and biomass varied by season
and treatment x season (Table 3). Rodent denrespectively, were 5.5 -+ 5.5 and 0.0 ? 0.0 for
bobcats, 0.0 ? 0.0 and 0.0 ? 0.0 for skunks and
sity increased on treatment sites during summer
and fall 1990, and summer to winter 1991 (Fig.
gray foxes, and 0.0 -+ 0.0 and 9.8 + 9.8 for bad4A). Rodent biomass was similar between treatgers.

No differences (Ps > 0.06, p > 0.45) werement and comparison sites during spring 1990,

found for main or interactive effects for rodent

higher on treatment sites during summer to
diversity, rodent density, rodent biomass, jack-winter 1990, similar between treatments during
rabbit density, relative abundance of mesopre- spring 1991, and higher on treatment sites
dators, hawk richness, hawk diversity, hawk thereafter (Fig. 4B).
density, owl relative abundance, and avian scav- Lagomorphs.-Jackrabbit densities varied by
enger density during the pretreatment period treatment X year and season x year interac(Tables 3, 4). However, cottontail density varied tions (Table 3). Jackrabbit densities were similar
(P = 0.002) among seasons. Cottontail densities between treatment and comparison sites during
were greatest during the summer, followed by 1990; however, jackrabbit density was greater
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Table 1. Relative abundance of rodents and mesopredators on sites without coyote removal in Andrews and Martin counties, Texas, 1989-91.
Comparison sites

Pretreament period Treatment perio
1989

1990

1

Species Spring Summer Fall Winter Spring Summer Fall Winter Spr
Rodentsa

Dipodomys ordii 32 35 11 12 43 8 1 14
Perognathus flavus 17 18 9 0 0 15 22
Onychomys leucogaster 5 6 7 6 6 0 0
Perognathus flavescens 4 4 0 0 1 0
Reithrodontomys montanus 3 3 0 0 1 0
Reithrodontomys megalotis 3 3 0 0 8 0
Peromyscus maniculatus 5 6 0 0 2 0
Peromyscus leucopus 3 3 0 0 0 0 1
Sigmodon

Neotoma

hispidus

micropus

4

1

4

1

2

1

0

1

0

2

0

1

0

4

Chaetodipus hispidus 1 1 2 3 8 1 3 5
Spermophilus spilosoma 0 0 0 0 0 1

Mesopredatorsb
Taxidea

taxus

0

0

0

0

Felis
rufus
0
0
0
22
Urocyon cineroargenteus 0

Mephitismephitis

0

0

0

22

0

0

0
0
0
0
0 0 0 0 0

0

0

0

0

Rodent relative abundance was calculated as the n
' Mesopredator relative abundance was calculated a
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Table 2. Relative abundance of rodents and mesopredators on sites with coyote removal in Andrews and Martin counties, Texas, 1989-91.
Treatment sites

Pretreatment period Treatment perio
1989

1990

1

Spring Summer Fall Winter Spring Summer Fall Winter S
Rodentsa

Dipodomys ordii 36 41 15 9 68 42 75 33 1
Perognathus flavus 13 16 3 0 1 6
Onychomys leucogaster 8 9 5 5 4 2 1
Perognathus flavescens 4 4 1 0 1 1
Reithrodontomys montanus 0 0 0 0 0 0

Reithrodontomys

megalotis

0

1

4

0

7

8

Peromyscus maniculatus 0 1 0 0 0 0
Peromyscus leucopus 1 0 0 0 0 0
Sigmodon hispidus 0 0 0 0 0 0 2
Neotoma micropus 3 3 1 1 2 1 7
Chaetodipus hispidus 0 0 2 1 4 5

Spermophilus spilosoma 1 1 0 0 1 0

Mesopredatorsb
Taxidea

taxus

0

39

0

0

43

39

0

58

46

Felis rufus 0 0 0 0 0 0 0 43 0
Urocyon cineroargenteus 0 0 0 0 0 0 0
Mephitis mephitis 0 0 0 0 0 0 66 70
a Rodent relative abundance was calculated as the
b Mesopredator relative abundance was calculated
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Mammalian Mesopredators.--Occurrences of

mesopredators on the comparison sites re-

41.8 ? 11.7 for skunks, 2.8 + 2.8 and 63.2 14.9 for badgers, and 0.0 ? 0.0 and 21.8 ? 10.8

only varied by the treatment x year interaction
(Table 3). Indices of mesopredators were similar between study sites during 1990; however,
they increased on treatment sites while remaining stable on the comparison sites during 1991

(Fig. 6).
Avian Predators and Scavengers.-We found
no differences (FI,2 < 0.7, Ps > 0.50, p > 0.45)
in hawk richness, diversity, or density between

treatment and comparison sites (Table 4). By
season, years, or interactive effects, no differences were found (Ps > 0.06, P > 0.37) in hawk
richness or density. However, hawk diversity
varied by the year x treatment x season inter-

action (Table 4). Hawk diversity fluctuated

within the treatment and comparison sites ir-

f0)

0

treatment sites, jackrabbit density during summer, fall, and winter 1991 was greater than density during each respective season during 1990.
Cottontail density varied by the treatment X
year interaction only (Table 3). However, cottontail density fluctuated within the treatment
and comparison sites irrespective of coyote removal (Fig. 2).

The relative abundance of mesopredators

m V c qI OL CY)C U l;f'

01 CC a 01 0 c 0 3 --4

U.

1991, while jackrabbit density during summer,
fall, and winter did not differ between years. On

for gray foxes.

cscs 1; cl

U)

0
00

comparison sites, jackrabbit density during
spring 1990 was greater than during spring

mained rare during the treatment period (Table
1). After the initiation of coyote removal, average indices of relative abundance for comparito CO
- 6
O6
0 C5
0 0 C5O03
oO o CO
6 6
s6n~and treatment sites, respectively, were 0.0
V V
? 0.0 and 16.1 ? 6.9 for bobcats, 2.8 + 2.8 and
cox

c

0
cli

00? cli clJ?i In_ CTV3 Vc

on treatment sites during 1991 (Fig. 5). On the

--I cl?cl 4 , cn^--^ 1

V ..4

0b00

0H(0

O

respective of coyote removal. No discernible
pattern of hawk diversity relative to coyote den-

sity was apparent. Combining data from all
study sites, mean hawk richness was 2.8 ? 0.09

(range = 2.5-3.0), mean hawk diversity was

0.54 ? 0.04 (range = 0.45-0.73), and mean

04X':
a

aZ

c

X

hawk density was 0.8 ? 0.2 (range = 0.3-1.8)
during the pretreatment period. During the

o J ct (1 Ir?C ~

treatment period, mean hawk richness was 3.4

ad'd~dU ~ d

? 0.3 (range = 1.5-5.0), mean hawk diversity
was 0.59 + 0.05 (range = 0.10-0.78), and mean

C ; : c =XE

~EcE ~ XXQXc
a

a

aaxa

ct~~eaeco e~
H~c -k, .~,a

hawk
density
wasno
0.5differences
_ 0.05 (rangeobserved
= 0.2-1.0). (Ps >
There
were

0.07, 3 > 0.37) by treatment, season, year, or
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Table 4. F-values and associated probabilities (P) for avian predator and scavenger species on areas with and without seasonal
coyote removal in Andrews and Martin counties, Texas, 1989-91.
Hawks

Avian

Owl scavenger
Richness Diversity Density abundance density
Variable

df

F

P

F

P

F

P

F

P

F

P

Pretreatment
period
(1989)
Treatment 1,2 9.0 0.10 16.4 0.06 4.3 0.17 8.5 0.11 0.7 0.49
Season. 3,6 0.3 0.84 2.0 0.21 3.3 0.10 3.2 0.12 3.9 0.07
Treatment X season 3,6 0.3 0.84 1.2 0.38 1.9 0.22 2.2 0.19 0.7 0.58

Treatment period (1990-91)

Treatment 1,2 0.1 0.76 0.1 0.84 0.7 0.50 0.1 0.84 0.1 0.75
Season 3,6 4.3 0.06 14.8 0.004 0.1 0.95 4.1 0.07 2.7 0.14
Year 1,8 0.2 0.65 20.2 0.002 0.001 0.98 10.0 0.07 1.3 0.28
Treatment X season 3,6 0.5 0.69 1.4 0.32 1.0 0.44 0.5 0.69 0.6 0.65

Treatment X year 1,8 0.9 0.37 4.0 0.08 0.2 0.68 0.4 0.52 0.8 0.39
Season X year 3,8 2.2 0.17 11.6 0.003 0.4 0.78 1.7 0.24 0.6 0.63
Treatment X season X year 3,8 1.9 0.20 12.9 0.002 0.4 0.78 0.3 0.84 1.0 0.46

have an effect on community diversity if
any interaction in abundance of owls or only
density
there are strong competitive linkages in the lowof avian scavengers (Table 4). Mean abundance
trophic levels. Paine (1971) found removal of
of owls and density of avian scavengers, er
respeca top predator resulted in the emergence of a
tively, on all study sites was 161 ? 100 (range
competitive
dominant, and suggested strong,
= 0-841) and 4.8 ? 2.7 (range = 0.0-21.9)
durcompetitively
asymmetric cross-linkages in the
ing the pretreatment period, and 312
? 83
food
web. On treatment sites, we found that the
(range = 39-1,014) and 3.0 ? 1.1 (range
= 0.0-

Ord's kangaroo rat became the most abundant
rodent species, dominating rodent communities
DISCUSSION
in both grassland and shrubland habitat types.
Without the influence of coyote predation, the
Alteration of a predator's density has imporOrd's
tant consequences for its prey (Paine 1980).
Ifkangaroo rat was the competitive dominant. Predation may have limited abundance of
space or resources are limiting, changes resultthe Ord's
kangaroo rat, thus reducing the intening from competitive interactions are likely
to
of interspecific competition for resources
be induced within the prey guild (Paine sity
1980).
We observed decreased rodent richness and diand permitting more niche overlap and a greater richness of species. As the population of
versity on treatment sites, which suggested coyOrd's kangaroo rats increased, so did the level
otes played an important role in the structure
of rodent communities on our study area.
of interspecific competition, thus reducing rodent species richness.
Giller (1984) suggested that predation will
17.4) during the treatment period.

COTTONTAIL RABBITS

0.7 No coyote Coyote control
0.6

os . - .- - Treatment - Comparison
0.4

0

0.1

Spr 89 Sum 89 Fall 89 Win 89 Spr 90 Sum 90 Fall 90 Win 90 Spr 91 Sum 91 Fall 91 Win 91
SEASONS

Fig. 2. Desert cottontail density between comparison and treatment sites before and after a seasonal (Spr =
summer; Fall = autumn; Win = winter) coyote removal program was initiated in Andrews and Martin counties,

Bars represent 1 standard error as calculated from 2 sites/treatment.
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(A) RODENT RICHNESS
8 No coyote control Coyote control

7

W

O6

0"
Spr89 Sum 89 Fall 89 Win89 Spr 90O Sum90 Fal 90 Win 90 Spr 9l Sum 91
SEASONS

- - Treatment - Comparison

(B) RODENT DIVERSITY
0.9

0.8 No coyote control Coyote control
0.7

0.6
> o0.5
S0.4

0 0.3

0.1

Spr89 Sum89 Fall 89 Win89 Spr 90O Sum 90 Fall 90 Win 90 Spr 91 Sum 91 FaI 91 Win 91
SEASONS

Fig. 3. (A) Rodent species richness and (B) diversity between comparison and treatment sites before and after a se
(Spr = spring; Sum = summer; Fall = autumn; Win = winter) coyote removal program was initiated in Andrews and M
counties, Texas, 1989-91. Bars represent 1 standard error as calculated from 2 sites/treatment.

emicus), silky pocket mice, deer mice, and westDrought conditions during October 1989ern
March 1990 may have facilitated dominance
ofharvest mice (Brown et al. 1986).
Removal of certain species that results in litOrd's kangaroo rats by decreasing forage retle or no population change within the remainsources. Kangaroo rats are highly competitive
community suggests weakly interacting spefor food resources (Fleming 1984) and can ing
outcies (Paine 1980). Generally, we found no recompete co-occurring rodent species for limitlation between cottontails, raptors, and avian
ing resources (Whitford and Steinberger 1989).
scavengers that was related to coyote density,
Consequently, granivore species that co-ocsuggesting relatively weak cross-linkages in the
curred with the kangaroo rat (i.e., white-footed
food web between these groups and coyotes.
mouse, silky pocket mouse, plains pocket
Initial reaction of populations to environmenmouse, hispid cotton rat, western harvest
tal at
perturbations often results in wildly fluctumouse, plains harvest mouse) may have been
a competitive disadvantage from which ating
they oscillations until the system returns to a
new equilibrium point as food web linkages and
could not reassert competitiveness on treatment
interspecific competitive relationships reform
sites when forage resources improved. Interfer(Odum 1971). Fluctuating rodent populations
ence competition also was observed in rodent
occurred on treatment sites for the first 3-9
communities in the Chihuahuan Desert, where
months after coyote removal was initiated. Roexclusion of kangaroo rats resulted in population increases of cactus mice (Peromyscus dent
er- richness and diversity temporarily in-

This content downloaded from 134.84.192.103 on Thu, 01 Dec 2016 18:53:55 UTC
All use subject to http://about.jstor.org/terms

1076 EFFECTS OF COYOTE REMOVAL * Henke and Bryant J. Wildl. Manage. 63(4):1999

(A) RODENT DENSITY
70 No coyote Coyote control
60

400

40-

1.

z

o

20

c

et

cn

w 10
0

Spr

89

Sum

89

Fall

89

Win

89

Spr

SEASONS

F beTreatment --a- Comparison

(B) RODENT BIOMASS

5' No coyote Coyote control

X 4000
3500

(,3000-

m 2500

2000 ..

1 500
0

Spr 89 Sum 89 Fall 89 Win 89 Spr 90 Sum 90 Fall 90 Win 90 Spr 91 Sum 91 Fa
SEASONS

Fig. 4. (A) Rodent density and (B) biomass between comparison and treatment sites before and after a seasonal (Spr
Sum = summer; Fall = autumn; Win = winter) coyote removal program was initiated in Andrews and Martin countie
1989-91. Bars represent 1 standard error as calculated from 2 sites/treatment.

JACKRABBITS

0.9

1 No coyote control Coyote control

0.8 - - - Treatment -- Comparison

0.6

S07

,

-w 0.5
< 0.2
0.1
0

Spr 89 Sum 89 Fall 89 Win 89 Spr 90 Sum 90 Fall 90 Win 90 Spr 91 Sum 91 Fall 91 Win 91
SEASONS

Fig. 5. Black-tailed jackrabbit density between comparison and treatment sites before and after a seasonal (Spr =
= summer; Fall = autumn; Win = winter) coyote removal program was initiated in Andrews and Martin counties
91. Bars represent 1 standard error as calculated from 2 sites/treatment.
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MAMMALIAN PREDATORS
400

350

300-

S 250-

0" X 200 i . ." ........
a--'

150

-

.."

< 100

0-

Spr 89 Sum 89 Fall 89 Win 89 Spr 90 Sum 90 Fall 90 Win 90 Spr 91 Sum 91 Fall 91 Win 91
SEASONS

- -.-- Treatment - Comparison

Fig. 6. Relative abundance of mammalian mesopredators between comparison and treatment sites before and after a seas
(Spr = spring; Sum = summer; Fall = autumn; Win = winter) coyote removal program was initiated in Andrews and Ma
counties, Texas, 1989-91. Bars represent 1 standard error as calculated from 2 sites/treatment.

creased during this adjustment period, then(1961),
de- Litvaitis and Harrison (1989), and Har-

creased below that observed on comparison
ris and Silva-Lopez (1992) also noted inverse
sites. The initial increase may have resulted
relationships between coyotes and mesopredafrom a decreased mortality rate due to reduced
tors. In addition, populations of bobcats, badcoyote predation, and from immigration into
gers, and kit foxes (Vulpes velox) were found to
treatment sites by opportunistic species likeincrease
the
following coyote population reduction
cotton rat, western harvest mouse, and deer
(Linhart and Robinson 1972). Beasom (1974)

mouse (Rogers et al. 1980, Werner 1983). Also,
noted an increase in striped skunk and badger
the lag time between decreasing coyote densipopulations during the second year of a coyote

ties and increasing mesopredator abundances
removal program, and Sargeant et al. (1987)

may have resulted in the observed oscillations
found coyotes were responsible for declines in
when initial perturbations occurred to the red
sys- fox (Vulpes vulpes) populations in North
tem.

Dakota.

Keystone predators can have a regulatory efAntagonistic behavior by coyotes may be a
fect on mesopredator populations, which may
mechanism for reducing interspecific competiexplain why mesopredators rarely were encountion. Sargeant and Allen (1989) documented
tered before our coyote removal efforts. Howsuch behavior between coyotes and red foxes of
ever, after approximately 1 year of coyoteallreage and sex classes. Additionally, avoidance
moval, mesopredator numbers increasedofon
interference competition may result in spatial
treatment sites, albeit in low abundance. Alsegregation between potential competitors
though the abundance of mesopredators did(Voight
not
and Earle 1983, Sargeant et al. 1987).
increase dramatically, they were commonlyIn
enour study, mesopredator populations were
countered on treatment sites after coyote originally
relow in abundance and increased after
moval and remained extremely rare on the comcoyote removal, suggesting that mesopredators
parison sites. Mesopredator release has been
spatially avoided coyotes to potentially reduce
documented when localized extinctions or near
interspecific competition.
extinctions of coyotes have occurred (EstesAlteration of keystone-mesopredator linkages

1996). Mesopredators on our treatment sites
to prey species could cause a cascading effect

may not have exhibited dramatic increases bethrough the food web as mesopredators become

cause we only were able to reduce the coyote
more abundant and apply additional pressure
population by about 50% and did not create
ona their preferred prey items. Mesopredators

localized extinction of coyotes. Robinson
are known to consume eggs and young ground-
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nesting birds (Wade-Smith and Verts 1982,
Hernandez et al. 1997); consequently, an increase in mesopredators could effect ground-

nesting avian species. For example, red foxes
are the principal predator of ground-nesting
dabbling ducks in the Prairie Pothole Region
(Sargeant et al. 1993), where increased red fox

bilities could have remained similar between

treatment and comparison sites irrespective of
observed rodent density or biomass. Third, mobility of avian predators may have allowed them

to rest or loaf in 1 area and hunt in another.

Overall, however, caution should be used
when interpreting the results of our study. Lo-

densities due to coyote population reduction led

gistical and financial constraints limited the

to increased predation on mallards (Anas platyrhynchos; Sargeant et al. 1984). Also, indices

number of replications in our study. Therefore,
a study of this design and magnitude inherently
will have low statistical power, which can result

of activity by badgers and striped skunks were
correlated strongly with nest predation rates of

ducks in the Canadian Prairie Pothole Region
(Johnson et al. 1989).
Guthery and Beasom (1977) observed no discernible effect on lagomorph density that could
be attributed to predator control and suggested
that decreased predation would not necessarily
cause an increase in lagomorph population lev-

els. We also found no variation in density of
cottontails that could be related to coyote removal. However, coyotes did have a regulatory
effect on jackrabbits, based on the response of

the jackrabbit population to coyote removal.
Our results on jackrabbits agree with those presented by Wagner and Stoddart (1972), who described similar coyote-jackrabbit interactions in
Utah. Mortality rates of adult and juvenile jackrabbits were correlated (r2 = 0.89) with coyote:
jackrabbit ratios, which suggested that the average density of jackrabbits was limited by coy-

ote predation (Wagner and Stoddart 1972).
Wagner (1988) speculated that a sustained reduction of coyote numbers would result in a

jackrabbit increase, which in turn could lead to
overuse of vegetation and greater competition
with livestock for available forage.
Raptor populations were independent of coyote densities. Although food availability may influence density of raptors (Grant et al. 1991),

we found little relation between comparison
and treatment sites (which seasonally varied in
rodent density and biomass) for raptor richness,
diversity, or density. Several factors may have
accounted for this lack of a relationship. First,
changes in rodent density between treatment
and comparison sites may not have been sufficient to warrant raptors selecting only treatment
habitats. Second, increased rodent density and
biomass on treatment sites also resulted in a

in a high Type II error. Despite these experimental handicaps, the weight of the evidence
suggested that coyotes exerted a top-down influence on the prey community.

MANAGEMENT IMPLICATIONS
Coyotes often are removed from ecosystems

because of their predatory nature. However,
wildlife and livestock managers need to realize
that tradeoffs exist concerning coyote control.

Connolly and Longhurst (1975) developed a

simulation model and determined that a mini-

mum annual removal of 75% of the breeding
population of coyotes was needed to consistently lower coyote density. Coyote removal efforts below this threshold level had minimal ef-

fects in reducing sheep depredation losses by

coyotes (Conner et al. 1998). Studies that in-

volved short-term (<:6 months) coyote removal
programs did not note differences in prey population levels (Beasom 1974, Guthery and Beasom 1977). However, our study, which consistently removed coyotes for 2 years, began to
realize population-level changes after a time lag

of 9 months. Brown et al. (1986) also noted a

similar time lag before population-level changes
occurred in desert rodent species after the removal of a competitive dominant.
Alterations of the prey base could have cascading effects throughout the ecosystem. Increased jackrabbit density caused by a lack of
predation could cause increased competition for
forage between jackrabbits and livestock. The

situation could become exacerbated by a

change in jackrabbit behavior due to a lack of

coyote predation risk. Longland (1991) found

that foraging by jackrabbits was greatest within
10 m of shrub cover, and that foraging subsided
with increased distance. Foraging radius of jackspecies' shift from primarily quadripedal to birabbits may increase without the risk of predapedal rodents, which may be less vulnerable tion,
to
and thus, intensify competition between
certain avian predators (Marti 1987, Longland
jackrabbits and livestock. Consequently, a reand Price 1991). Consequently, capture proba-duced stocking rate may be required to offset
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competition, which may financially negate the
number of livestock saved from predation. Also,

a decrease in rodent species diversity, which
was caused by coyote control, could create additional ramifications. For example, light grazing by hispid cotton rats was found to stimulate

primary production (Howe et al. 1982). Selective grazing by microtines kept a California

sampling of biological populations. Wildlife

Monographs 72.

CANON, S. K. 1995. Management of coyotes for

pronghorn? Pages 97-103 in D. Rollins, C. Richardson, T. Blankenship, K. Canon, and S. E. Henke, editors. Coyotes in the Southwest: a compendium of our knowledge. Texas Parks & Wildlife
Department, Austin, Texas, USA.
CASWELL, H. 1978. Predator-mediated coexistence: a
nonequilibrium model. American Naturalist 112:
127-154.

grassland open and increased plant species diversity; when mice were excluded, grasses in-

creased and became dominant (Batzli and Pitelka 1970).
Overall, the goals of coyote control need to

be determined before the onset of removal ef-

CHOATE, L., R. W MANNING, J. K. JONES, JR., C.
JONES, AND S. E. HENKE. 1992. Mammals from
the southern border of the Kansan Biotic Prov-

ince in western Texas. Occasional Papers of The
Museum, Texas Tech University 152:1-34.
CLARK, F. W. 1972. Influence of jackrabbit density on

coyote population change. Journal of Wildlife
forts. Managers need to decide if coyote control
Management 36:343-356.
will reduce their animal losses; if so, they willCOCHRAN, W. G., AND G. M. Cox. 1957. Experimen-

need to plan for the potential ramifications

tal designs. Second edition. John Wiley & Sons,
New York, New York, USA.
CONNER, M. M., M. M. JAEGER, T. J. WELLER, AND
D. R. MCCULLOUGH. 1998. Effect of coyote removal on sheep depredation in northern California. Journal of Wildlife Management 62:690-699.

caused by community-level responses to coyote

removal efforts.
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Fatal Attacks by American Black Bear on People:
1900–2009
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ABSTRACT At least 63 people were killed in 59 incidents by non-captive black bear (Ursus americanus)
during 1900–2009. Fatal black bear attacks occurred in Canada and Alaska (n ¼ 49) and in the lower
48 states (n ¼ 14). There were 3.5 times as many fatal attacks in Canada and Alaska but only 1.75 times as
many black bears, and much less human contact for black bears in Canada and Alaska. There was a weak
positive correlation (rs ¼ 0.56, P  0.000) between the estimated size of a bear population within a given
jurisdiction and the number of fatal black bear attacks. Some jurisdictions had no fatal black bear attacks but
had large estimated black bear populations. Of fatal attacks, 86% (54 of 63, 1.08/yr) occurred between 1960
and 2009. There was positive linear relationship between the number of fatal black bear attacks per decade
and human population size in the United States and Canada per decade (r2 ¼ 0.92, b ¼ 0.000, P  0.001).
Of fatal attacks, 91% (49 of 54) occurred on parties of 1 or 2 persons. In 38% (15 of 40) of incidents, peoples’
food or garbage probably inﬂuenced the bear being in the attack location. We judged that the bear involved
acted as a predator in 88% (49 of 56) of fatal incidents. Adult (n ¼ 23) or subadult (n ¼ 10) male bears were
involved in 92% (33 of 36) of fatal predatory incidents, reﬂecting biological and behavioral differences
between male and female bears. That most fatal black bear attacks were predatory and were carried out by
1 bear shows that females with young are not the most dangerous black bears. As a result of our research
agencies managing black bear can more accurately understand the risk of being killed by a black bear, and can
communicate this to the public. With training, people can learn to recognize the behaviors of a bear
considering them as prey and can act to deter predation. ß 2011 The Wildlife Society.
KEY WORDS American black bear, fatal bear attacks, Ursus americanus, predation on humans, human–black bear
conflict.

Although American black bear (Ursus americanus) are members of the order Carnivora, they are largely omnivorous
(Pelton 2003). Black bear have compact and strong muscles
and can run fast for short distances. Their jaws, teeth, forearms, and claws can inﬂict serious injury to other bears and
animals, including people. Aggression and social interaction
are components of determining dominance related to occupying space, feeding, and mating. Most individual black bear
have the strength to overcome an unarmed person. However,
observations of aggressive black bear-black bear and black
bear–human interactions have shown that physical contact is
a minor component of aggressive interactions (Jordan 1976,
Eager and Pelton 1979, Herrero 1985). Black bear are
opportunistic predators but in most populations diet is primarily derived from plants and insects (Pelton 2003).
Black bear are a biologically successful, widely distributed
species, found from northern Mexico to, and occasionally
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beyond, the northern limit of trees in Canada and Alaska. A
population estimate for the early 2000s, based on correspondence with most jurisdictions where black bear are
found, estimated 750,235–917,650 black bears in North
America (Hristienko and McDonald 2007). During the
1980s and 1990s most black bear populations grew numerically and geographically (Williamson 2002). In the United
States and Canada, 60% of states and provinces reported
increasing populations, and all other populations appeared to
be either stable or ﬂuctuating with no clear trend (Garshelis
and Hristienko 2006). Between 1988 and 2001 black bear
numbers in Canada and the United States were estimated
to have increased between 17.6% and 19.8% (Garshelis
and Hristienko 2006). Black bear numbers and their wide
distribution lead to extensive contact with another widely
distributed, numerically successful mammal, human beings.
Black bear are often drawn into conﬂict situations
with humans after being attracted by peoples’ food or edible
garbage (Eager and Pelton 1979, Herrero 1985). Defensive
threat behavior is common when a person or other bear
comes within the bear’s overt reaction distance (Herrero
et al. 2005:363). When this occurs black bear behave as
The Journal of Wildlife Management  75(3)

if they were stressed. If bears do not ﬂee they usually direct
threats at the intruder. Black bear threats may include
physical behaviors such as swatting the ground with one
or both front paws, short charges (i.e., running toward)
but stopping short of contact, slow and deliberate
approaches, and clacking of the teeth by bringing the upper
and lower jaws together (Eager and Pelton 1979, Herrero
1983). These displays may be directed at other bears or
people. Sounds emitted by a black bear are also a component
of threat behavior. These have been described as hufﬁng,
snorting, gurgling, and loud growling (Jordan 1976, Eager
and Pelton 1979, Herrero 1983). Threat behaviors seldom
lead to physical attack by a black bear provided the bear is
given the personal space it requires to feel secure. Most fatal
attacks by black bear on people have been judged as predatory
(Whitlock 1950; Herrero 1985; Herrero 2002; Herrero
and Higgins 1995). Bears did not typically display physical
or vocal defensive threat behaviors during predatory
attacks (Herrero 1985, 2002; Herrero and Higgins 1995).
Behavioral components such as stalking (i.e., searching);
full out attack typically using paws, claws, jaws, and teeth,
consuming a person’s ﬂesh; and dragging, guarding, and
burying a body support the classiﬁcation of predation
(Herrero and Higgins 2003).
In 1948 a young girl was killed in a predatory attack by a
black bear near Sault Saint Marie, Michigan. This became
the ﬁrst fatal black bear attack to be assessed in the scientiﬁc
literature (Whitlock 1950). Since then serious and fatal
black bear-inﬂicted injuries have been studied as part of
analyzing bear attacks in several jurisdictions (Middaugh
1987; Gunther 1994; Gniadek and Kendall 1998; Herrero
and Higgins 1998, 1999, 2003; Miller and Tutterow 1998).
Each year in North America there are human injuries
inﬂicted by black bear. The worst of these, fatal attacks,
can be minimized by understanding the circumstances
associated with such attacks. Without this knowledge, fear
and supposition may play an undeserved role in assessing the
danger posed by black bear. Peoples’ acceptance of some
probability of black bear-inﬂicted injury, even fatal injury,
is essential for bear conservation. At the same time the public
must trust that bear managers have vigorously tried to reduce
chances of serious injury through studying and understanding attacks and sharing this information with the public.
Accurate data regarding risk of fatal attacks by black bear
may inﬂuence risk perceptions and generate public support
for bear management and conservation (Knuth et al. 1992,
Gore et al. 2007).
Our objectives were to: 1) locate, categorize, and analyze
accurate records of all fatal attacks by American black bear in
the United States and Canada, 1900–2009, and 2) synthesize
implications for management, including how fatal attacks
may be avoided. We focused on fatal attacks because these
are the most extreme and undesirable encounter between a
human and a black bear and also because detailed investigations are usually conducted for fatalities. We considered
bear and human-related variables associated with fatal
attacks, deﬁned and described below, and trends in fatal
attacks over time.
Herrero et al.  Fatal Attacks by Black Bear

STUDY AREA
Our study area was the United States, and Provinces and
Territories of Canada that had black bear populations anytime between 1900 and 2009. Although black bear are found
in northern Mexico we did not search for records of fatal
black bear attacks there because discussion with persons
knowledgeable about black bears in Mexico did not identify
any fatal attacks (D. Doan-Crider, Comfort, Texas, personal
communication). For some analyses we grouped fatal attacks
into categories of those occurring in Canada and Alaska
versus the lower 48 States because there are more black bears
and fewer people in Canada and Alaska as compared to the
lower 48 States.

METHODS
The ﬁrst author began a database with details regarding
injuries inﬂicted by American black bear or brown (grizzly)
bear (Ursus arctos) in 1967 (Herrero 1970, 1985, 2002). This
database is now in File Maker ProTM (File Maker Pro, Santa
Clara, CA), Our current analysis focuses on fatal injuries
inﬂicted by black bear, 1900–2009. During the 1990s we
contacted all of the States (U. S.), provinces and territories
(Canada), and national parks that had populations of black
bear anytime during the study period. We requested records
of fatal bear attacks that had occurred since 1900 and sought
missing details by correspondence or phone. We also
searched published literature, both scientiﬁc and popular,
as well as newspapers that were electronically accessible.
When possible we used records provided by park, state,
province, or territorial wildlife management agencies.
Otherwise, we used what seemed to be the most reliable
sources of information available. Since 2000 we have used
various computer search engines to ﬁnd basic information
regarding fatal attacks; since 2006 we have exclusively used
GoogleTM (Google Inc., Mountain View, CA) to assist our
searching. After a search engine identiﬁed a possible fatal
attack we then contacted relevant agencies for conﬁrmation
and details.
Some fatal attacks that occurred during the early decades of
the 20th century may not have been reported and thus may
not be included in our study; however because of the nature
of information sources we used we think few such incidents
exist. Inaccuracies or assumptions may have been reported
regarding the details of some incidents, however we designed
our data collecting methods to minimize inaccuracies. For
our database, we used and tried to corroborate multiple
sources of information about fatal attacks. When in doubt
regarding some piece of information for a speciﬁc incident
we left the data ﬁeld blank. Depending upon the variable
under study and the insights we wanted to develop, we
present our results either in terms of the number of
people killed or the number of incidents in which people
were killed.
Data details for some variables associated with fatal attacks
were not available. In such situations we report the number of
fatal attacks or incidents for which we do have data. For
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example, regarding the attacking black bear’s apparent
health, we had data for 34 incidents. We represent the
numbers of times an apparent health problem was identiﬁed
as 32% (11 of 34). This means we only had data for this
variable for 34 incidents, and for 11 of these the bear had a
wildlife management agency described apparent health problem, such as very low body weight, or signiﬁcant injury.
We may also have underestimated the number of predatory
attacks because data required to meet our deﬁnition of predation were not always available. We only included incidents
where the black bear fatally attacked a person. We did not
include an incident where a boy died of respiratory problems
after ﬂeeing from a black bear (Antonio Hansell, New
Hampshire, 3 August 2004) because the boy did not die
as a result of physical attack by a bear. Nor did we include 2
other fatalities where a bear was involved but did not directly
cause the person’s death (F. Beals, Maine, 1910; and M.
Wiig, British Columbia, 1966). We did include an incident
where a black bear chased a boy up a tree, injured him, and
was responsible for the boy falling and dying (M. Patterson,
Porcupine Mountains State Park, Michigan, 19 June 1978).
Here physical injury by a bear led to death. Also, we did not
include incidents where a captive black bear killed a person.
To reduce subjective interpretation of incidents, we relied
on as rigorous deﬁnitions as possible of classiﬁcation terms.
Some of these terms were deﬁned in previous publications
(Herrero and Higgins 2003). Our classiﬁcation terms and
deﬁnitions follow. 1) Predation: a series of behaviors, including searching, following or testing, attacking (capturing),
killing, sometimes dragging a person, sometimes burying
them, and often feeding upon them (to be classiﬁed as
predation in our study, killing and some related behaviors
had to be reported); vocalizing and stress behaviors by the
bear were usually absent; 2) Attempted predation: behaviors
associated with predation occurred but killing did not; 3)
Predatory attacks: incidents that involved predation or
attempted predation; 4) Front-country: locations within
2 km of traveled roads (i.e., paved roads or a high-speed
gravel roads that had regular vehicle trafﬁc), including auto
access campgrounds, landﬁlls, picnic areas, and rural home
sites and also including the portion of hiking trails within
2 km of traveled roads; 5) Back-country: locations >2 km
from traveled roads, including trails, backcountry lodges,
backcountry cabins, and backcountry campsites; and 6)
Peoples’ food or garbage: peoples’ unsecured food or edible
garbage. We considered peoples’ food or garbage to have
inﬂuenced an attack when the food or garbage was within
100 m of the attack site and if the black bear had some
behavior directed toward exploring or consuming people’s
food or edible garbage.
We used Spearman’s rank correlation to test for a correlation between black bear estimated population size in each
jurisdiction during the early 2000s and the total number of
fatal attacks per jurisdiction (Hristienko and McDonald
2007). We used linear regression to quantify the relationship
between human population size in the United States and
Canada per decade and the number of fatal black bear
attacks per decade. We determined signiﬁcance at the
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a ¼ 0.05 level for all statistical tests. We conducted all
statistical tests in SAS 9.1 (SAS Institute Inc., Cary,
NC). Decade data for the United States population 1900–
1999 came from Demographia and the Public Purpose
(2010). Data for the US population through 2009 came
from Information Please (2010). All data for Canada’s population came from Wikimedia Foundation Inc. (2010).

RESULTS
We determined 63 people were killed in 59 incidents by a
non-captive black bear during 1900–2009 (Table S1, available online at www.onlinelibrary.wiley.com). Of the fatal
attacks 49 occurred in Canada and Alaska and 14 occurred
in the lower 48 states (Fig. 1). There were 3.5 times as many
fatal attacks in Canada and Alaska, but there were only 1.75
times as many black bears and much less human contact (due
to fewer people in black bear habitat) for black bears in
Canada and Alaska. There was a weak positive correlation
(rs ¼ 0.56, P  0.000 between the estimated size of a bear
population within a given jurisdiction and the number of
fatal black bear attacks. Some areas had no fatal black bear
attacks but in the early 2000s had numerically large estimated
black bear populations (i.e., CA: 31,000 black bears; ID:
22,500 black bears; ME: 23,000 black bears; MT 20,000
black bears; and OR: 27,500 black bears; Hristienko and
McDonald 2006).
Along with increases in black bear and human populations,
fatal attacks per decade increased over time (Fig. 2). Of the
fatal attacks, 86% (n ¼ 54: 1.08/yr) occurred between 1960
and 2009. There was a positive linear relationship between
the number of fatal black bear attacks per decade and human
population size in the United States and Canada per decade
(r2 ¼ 0.92, b ¼ 0.000, P  0.001; Fig. 3). Fatal attacks

Figure 1. Locations and numbers of American black bear-inflicted human
fatalities, Canada and United States, 1900–2009.
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Figure 2. Fatal American black bear attacks by decade, Canada and United
States, 1900–2009.
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occurred between April and November, with 85% (52 of 61)
occurring between May and September (Fig. 4). Most
fatal attacks (70%, 30 of 43) took place during daytime
(0600 hours through 1759 hours), whereas 19% (8 of 43)
occurred during evening (1800 hours through 2359 hours)
and 12% (5 of 43) occurred at night (2400 hours through
0559 hours). Fatal attacks occurred in both back-country
(61%, 30 of 49) and front-country locations (39%, 19 of
49). In 87% of incidents (7 of 8) the attack persisted for
between 10 min and several hours. There was only 1 incident
<2 min.
Of fatal attacks, 91% (49 of 54) were on parties of 1 or
2 persons (Fig. 5) and 69% (37 of 54) were on parties of
1 person. In most cases, only 1 person was killed during a
fatal attack, however, in 3 incidents 2 or 3 people were killed
by the same bear within several hours. In 1 incident a black
bear killed a person one day and then a few days later
attempted to kill another person. In 95% (19 of 20) of
incidents, surviving people in the party reported not sensing
the bear until it was <50 m distant. Humans of various ages
and sexes were killed (Fig. 6). People killed were participating in a variety of activities prior to being attacked (Table 1).
Our impression is that any activity that brings people and
black bear into possible close proximity may very rarely be
associated with fatal attack. Bear cayenne pepper spray was
not used for defence during any of the fatal attacks.
There were no incidents in which there was clear evidence
that >1 bear was known to have been involved in the fatal

U.S. and Canada human population (in thousands)

Figure 3. Simple linear regression of the number of fatal black bear attacks
in the United States and Canada in each decade, 1900–2009, and the combined United States and Canada human population in each decade. Each
data point represents a decade and human population increased with
each decade.
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attack. Based on strict criteria as described in our methods,
we judged that the bear involved acted as a predator in 88%
(49 of 56) of incidents. Adult (n ¼ 23) or subadult (i.e.,
weaned from mother but not yet breeding; n ¼ 10) male
bears were involved in 92% (33 of 36) of predatory fatal
incidents. In 8% (3 of 36) of fatal incidents an adult female
bear with young inﬂicted the fatality. No incidents were
attributed to a single adult female or subadult female bear.
In 68% (23 of 34) of incidents the bear was reported to have
been healthy. In 32% (11 of 34) an apparent health problem
(e.g., underweight, injured, poor condition) was identiﬁed
by agency personnel. Rabies was never identiﬁed in a bear
causing fatal injury.
In 38% (15 of 40) of incidents peoples’ food or edible
garbage probably inﬂuenced the bear being in the attack
location, as in these incidents the bear was known to have
either fed on food or garbage or showed exploratory behavior
directed toward food or garbage that was within 100 m of the
attack site. There were no incidents in which a black bear
attacked a person in apparent defence of an ungulate or other
carcass, nor were there any incidents in which a black bear
attacked and killed a person while trying to claim an ungulate
carcass. There was 1 fatality where a hunter wounded a bear,
which then attacked and killed the hunter. There were 2
separate incidents where a black bear was breaking into a
cabin and was shot and wounded by a person in the cabin. In
each case the bear attacked and killed the person.

DISCUSSION
Assessed Risk of Fatal Black Bear Attacks
Our research offers important and unique longitudinal
insight into fatal black bear attacks on people in Canada
and the United States. The risk of fatal black bear attacks
on people in our study area was extremely low. Each year,
millions of interactions between people and black bears occur
without any injury to a person, although by 2 years of age
most black bears have the physical capacity to kill a person
(Herrero 1985, 2002).
Although the risk of a black bear fatally attacking a person
is low, it does exist. The moderately positive correlation
between the estimated number of bears in a given jurisdiction
and the number of fatal attacks suggests that the number of
black bears in an area may be one factor contributing to
chances of fatal attack. However, 5 states had black bear
population estimates of 20,000, yet no fatal attacks. The
widespread geographic distribution of fatal attacks suggests
that they may occur in a variety of bear habitats and bear
population conditions. Fatal attacks do not appear to be
associated only with a speciﬁc black bear population, geographic area, or habitat. Fatal attacks were most numerous
during the month of August, when most black bears are
ingesting high-energy foods in preparation for denning.
Rarely, a person may be perceived as potential high-energy
prey. During August there are also many people pursuing
outdoor activities, thus increasing the chances of contact
with black bear.
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Understanding and Avoiding Fatal Black Bear Attacks
Our data suggest reasons but do not explain why a greater
proportion of fatal black bear attacks occurred in Canada and
Alaska versus in the lower 48 states; more empirical research
would beneﬁt management. We speculate that many
black bears in Canada and Alaska had less contact with
people because the human population is about 10% of
the population in the lower 48 states. Most black bear
populations in Canada had far less hunting pressure
(Hristienko and McDonald 2007). Also many black bears
in Canada or Alaska existed in less productive and less diverse
habitat with periodic food stress, perhaps predisposing
some bears to consider people as prey. All, some, or none
of the foregoing factors may have contributed to the greater
proportion of fatal attacks in Canada and Alaska versus the
lower 48 States.
Why have the number of fatal attacks increased over time
and in most decades, and why have 86% of all known fatal
attacks occurred since 1960? Again, the data do not provide
an answer. We speculate that one contributing factor is
human population growth and increased recreational and
commercial activities of people in black bear habitat since
1960. The human population in Canada and the United
States increased by 10.6% from 1989 to 1999 (Demographia
and the Public Purpose 2010), whereas the black bear population increased by an estimated 17.6–19.8% from 1988 to
2001 (Garshelis and Hristienko 2006). More people are
having more opportunities to interact with black bears,
which in itself increases the chances of human–black bear
interactions and thus the occasional fatal attack. The positive

linear relationship between the number of fatal black bear
attacks per decade and human population size per decade
also supports the supposition that fatal bear attacks over time
are related to the number of people potentially in bear
habitat.
Considering additional dimensions of fatal black bear
attacks on people over the past 110 years offers understanding and insight for multiple avoidance strategies. First,
the number of people in parties where a person was fatally
attacked suggests that parties of 1 or 2 people are more likely
to be fatally attacked than are larger parties. Also contributing to the high representation of groups of 1 or 2 people
might be that larger groups are less frequent. We have no
data regarding the frequency of groups of different sizes in
different areas. Also numerically larger parties are probably
louder and more intimidating and better able to ﬁght off a
black bear attack. Second, people of all ages and sexes were
victims of fatal attacks showing that fatal attacks do not favor
young, small, or older people. Because we do not know the
exposure rate to bears for different age cohorts of people we
cannot tell if bears are more likely to fatally attack a speciﬁc
age group. Our impression from our data is that young and
older people may be more vulnerable to fatal attack because
they may be perceived as less threatening and may be less able
to resist serious attack.
Third, no speciﬁc activity by a person, beyond being in bear
habitat and near the attacking bear, was associated with fatal
injuries. Most bears involved in fatal attacks were not known
to have had a history of association with people. Because fatal
attacks took place in both front- and back-country locations
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Figure 5. Party size and number of fatal American black bear attacks, Canada and United States, 1900–2009.
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Figure 6. Age and sex of people killed by American black bear, Canada and
United States, 1900–2009.

we believe that some attacking bears had prior experience
with humans and others did not.
Fourth, no one who was killed by a black bear had bear
spray. Nor was bear spray available for other party
members to deter the attacking bear. Two studies of the
effectiveness of bear spray that had capsaicin as its active
ingredient demonstrated its effectiveness but noted possible
interference with wind (Herrero and Higgins 1998, Smith
et al. 2008).
Fifth, in 38% of fatal black bear attacks, people’s food or
garbage was present and the bear either fed on it or oriented
toward it, suggesting that it may have attracted the bear and
contributed to the attack. Our experience with bear behavior
and attacks leads us to speculate that black bears that become
increasingly aggressive in going after peoples’ food or garbage
have an increased chance of initiating a serious or fatal attack.
People’s unsecured food or garbage is recognized as being
a root cause of human–bear conﬂict (Herrero 1985, 2002;
Beckmann et al. 2004). We are not suggesting that
poorly secured food or garbage usually contributes to fatal
attacks, however, on some occasions it has, which is another
reason for highly bear-resistant management of people’s
food and garbage. Fatal and other serious black bear
attacks that might have been predicted and avoided by
management actions have resulted in lawsuits that awarded
large settlements in compensation to the injured person It is
therefore important to recognize circumstances and black
bear behavior that might increase chances of serious or fatal
attack.
Sixth, most fatal black bear attacks were predatory and all
fatal attacks were carried out by 1 bear. With training, people
can learn to recognize the behavior of a bear that is considering them as prey. Potentially predatory approaches are
typically silent, and may include stalking or other following,
followed by a fast rush leading to contact. We know of

incidents where a black bear behaved as if it were considering
or carrying out a predatory attack and was deterred by
people’s aggressive actions such as shouting, or hitting with
rocks, ﬁsts, or sticks. Once predatory behavior is initiated it
may persist for hours unless it is deterred. After 1 person has
been killed by a black bear, the bear may attempt or succeed
in killing other nearby people, as demonstrated by the 3
incidents in which 2 or 3 people were killed. Such bears
appear to be strongly motivated, as if a switch had been
thrown. Once a black bear has killed a person there is an
increased chance that it will try to kill other people. Such
bears should be removed from the wild. Some of the attacks
that we did not classify as predatory may have in fact been
predatory, as our criteria for classifying incidents as predatory
were strict.
Seventh, male bear were responsible for most predatory
attacks, likely reﬂecting biological and behavioral differences
between male and female bears. Females select habitat
and behave to support security (Garneau et al. 2008). On
the other hand, male black bears typically have larger home
ranges, exposing these bears to more risks because of more
potential interactions with people, especially if the bear
population is hunted (Pelton 2003). Males represented
60% of the hunting harvest in the United States and 74%
in Canada from 1999 to 2001 (Hristienko and McDonald
2007). In Canada there was a similar total black bear harvest
(20,184 bears) as in the lower 48 states (21,080 bears), but
there was substantially less hunting pressure in Canada than
in the United States (i.e., 59,387 hunters vs. 313,727 hunters,
respectively) on a larger black bear population during 1999–
2001. With far less hunting pressure more bold males survive. Males take more risks to feed and fatten to be able to
compete with other males to breed (Noyce et al. 2001,
Garneau et al. 2008). We see predation on a person as being
a rare, high risk activity with a potentially high food reward,
in which a bear might ingest much quality food by feeding on
a person, but also will probably be killed by other humans.
Eighth, given the strength and opportunistic predation by
black bears one can ask why bears do not prey on people
more often. Part of the answer may be that bears that try to or
do prey on people are usually killed and removed from a
population’s gene pool, decreasing the frequency of any genes
the individual might have had that could contribute to
predatory attacks on people. It is well known among dog
breeders that it is possible to selectively breed for or against
aggression. It is highly likely that this selection would also be
possible for bears. It may also be true that individual bears

Table 1. Activity of victim prior to American black bear fatal attack, Canada and United States, 1900–2009.
Occupational
8a

Camping

Homesite

Hiking

Other

Unknown

Total

10b

8c

8d

20e

9

63

Geological exploration ¼ 3; Forestry ¼ 2; Working on a drill rig ¼ 2; Trapping ¼ 1.
Back-country camping ¼ 6; Front-country camping ¼ 4.
c
Back-country homesites ¼ 5; Front-country homesites ¼ 3.
d
Hike quietly ¼ 3; Hike, unknown noise level ¼ 2; Walk ¼ 3.
e
Playing ¼ 4; Fishing ¼ 5; Sitting ¼ 3; Hunting ¼ 1; Filming ¼ 1; Jogging ¼ 1; Horse riding ¼ 1; Berry picking ¼ 1; Biking ¼ 1; Picking wild
plums ¼ 1; Feeding bear ¼ 1.
a

b
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that try to prey on people are normal bears responding to
opportunity or circumstance and that their genetic makeup is
typical of the population they are part of.
Ninth, in about 30% of fatal attacks bear health problems
were identiﬁed that may have contributed to predatory
behavior. A food-stressed bear may be more willing to take
risks such as those that occur during attempted predation.
Most bears involved in fatal attacks were thought to be
healthy.
Finally, we found no instances of a black bear attacking and
killing a person near an animal carcass. In this regard, black
bear behavior around ungulate carcasses was different than
that of brown bear (U. arctos). Brown bears occasionally
attack or even kill people in defence of an ungulate carcass
or to claim a carcass (Herrero and Higgins 1999, 2003),
thus supporting the view that black bears are generally less
aggressive than brown bears (Herrero 1985).
Reducing Risks From Black Bears
Coupled with human dimensions insight about perceptions
of risk associated with human–black bear interactions,
our results can contribute to reducing risks from black bear,
including fatal black bear attacks and circumstances associated with fatal and potentially fatal attacks. Knowledge of
fatal attacks may be used to manage assessed and perceived
risk (Knuth et al. 1992; Gore et al. 2005, 2007). Both
assessed and perceived risks from black bear are important
given the large black bear populations in Canada and the
United States. As conﬂicts between humans and black bear
continue to increase (Beckmann et al. 2004, Gore 2004,
Beckmann 2009) accurate information becomes fundamental to informed human–bear conﬂict management.
Communicating about black bear-inﬂicted human fatalities
in a statistical manner can contribute to better understanding
about black bear attacks, further reduce chances of serious
injury or death, and promote public appreciation about black
bear. However, we note that an analysis of fatal attacks that
occurred over a long time period (110 years) may make black
bear seem more dangerous than they are, because some
people may focus on the total number and ignore the long
time period during which the fatal attacks occurred.
Approaches such as intensive hunting (McDonald 2003,
Ternent 2008) or supplemental feeding (Ziegeltrum 2004)
have been suggested to reduce depredations and serious black
bear attacks. Although these approaches may be effective this
has not been scientiﬁcally demonstrated and they are controversial (The Wildlife Society 2007).

MANAGEMENT IMPLICATIONS
An important management strategy to reduce potentially
fatal and other black bear attacks is to inform people how
to avoid and manage aggressive encounters with black and
other bear species. Strategies such as carrying deterrents like
bear spray, traveling in groups >2 people and being alert
for bears and bear sign are well known and are supported
by our results. It is also important to be able to recognize
bear behaviors preceding serious attacks, as we described,
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and to know how to deter aggressive bears (Herrero, 1985,
Herrero, 2002, Safety in Bear Country Society 2009).
A person should try to aggressively deter or ﬁght off a
potentially predatory bear using all possible deterrents such
as bear spray, loud noises, ﬁsts, ﬁrearms, rocks, knives, or
clubs. If a bear acts stressed and is showing defensive threat
behaviors, then a predatory attack is unlikely, which is
counterintuitive to many people because the bear is acting
aggressively. However, this aggression is defensive, and if
the bear is given space it will likely leave. Also, if an aggressive female with young is encountered, a predatory attack is
extremely unlikely since most predatory attacks by black
bear were by single male bear. While female black bear, even
with cubs, seldom attack people they can be provoked into
attacking if harassed by people or dogs (Herrero 1985,
Herrero 2002; Herrero and Higgins 1999, 2003). The nature
of fatal attacks by black bear is somewhat different than
fatal attacks by brown bear. For brown bear a substantial
proportion of serious and fatal attacks are defensive and are
carried out by a female with young (Herrero 1970; Herrero
and Higgins 1999, 2003).
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ABSTRACT Manipulating predator populations is often posed as a solution to depressed ungulate populations.
However, predator–prey dynamics are complex and the effect on prey populations is often an interaction of predator
life history, climate, prey density, and habitat quality. The effect of predator removal on ungulate and, more
speciﬁcally, mule deer (Odocoileus hemionus) populations has not been adequately investigated at a management
scale. We tested the efﬁcacy of removing coyotes (Canis latrans) and mountain lions (Puma concolor) for increasing
survival and population growth rate of mule deer in southeastern Idaho, USA, during 1997–2003. We assigned
8 game management units (GMUs) to treatments under a 2  2 factorial design (treatments of coyote removal and
lion removal) with 2 replicates of each treatment or reference area combination. We used methods typically available
to wildlife managers to achieve predator removals and a combination of extensive and intensive monitoring in these
8 GMUs to test the hypothesis that predator removal increased vital rates and population growth rate of mule deer.
We determined effects of predator removal on survival and causes of mortality in 2 intensive study sites, one with
coyote and mountain lion removal and one without. We also considered the effects of other variables on survival
including lagomorph abundance and climatic conditions. In these 2 intensive study areas, we monitored with
radiotelemetry 250 neonates, 284 6-month-old fawns, and 521 adult females. At the extensive scale, we monitored
mule deer population trend and December fawn ratios with helicopter surveys. Coyote removal decreased neonate
mortality only when deer were apparently needed as alternate prey, thus removal was more effective when
lagomorph populations were reduced. The best mortality model of mule deer captured at 6 months of age included
summer precipitation, winter precipitation, fawn mass, and mountain lion removal. Over-winter mortality of adult
female mule deer decreased with removal of mountain lions. Precipitation variables were included in most
competing mortality models for all age classes of mule deer. Mountain lion removal increased fawn ratios and
our models predicted fawn ratios would increase 6% at average removal rates (3.53/1,000 km2) and 27% at
maximum removal rates (14.18/1,000 km2). Across our extensive set of 8 GMUs, coyote removal had no effect on
December fawn ratios. We also detected no strong effect of coyote or mountain lion removal alone on mule deer
population trend; the best population-growth-rate model included previous year’s mountain lion removal and
winter severity, yet explained only 27% of the variance in population growth rate. Winter severity in the current and
previous winter was the most important inﬂuence on mule deer population growth. The lack of response in fawn
ratio or mule deer abundance to coyote reduction at this extensive (landscape) scale suggests that decreased neonate
mortality due to coyote removal is partially compensatory. Annual removal of coyotes was not an effective method to
increase mule deer populations in Idaho because coyote removal increased radiocollared neonate fawn survival only
under particular combinations of prey densities and weather conditions, and the increase did not result in population
growth. Coyote-removal programs targeted in areas where mortality of mule deer fawns is known to be additive and
coyote-removal conditions are successful may inﬂuence mule deer population vital rates but likely will not change
direction of population trend. Although mountain lion removal increased mule-deer survival and fawn ratios, we
were unable to demonstrate signiﬁcant changes in population trend with mountain lion removal. In conclusion,
beneﬁts of predator removal appear to be marginal and short term in southeastern Idaho and likely will not
appreciably change long-term dynamics of mule deer populations in the intermountain west. ß 2011 The Wildlife
Society.
KEY WORDS alternate prey, Canis latrans, climate, coyote, mortality, mountain lion, mule deer, Odocoileus hemionus, predator
control, Puma concolor, survival analysis.
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Respuesta Demograﬁca del Ciervo Mula a la Reducción
Experimental de Coyotes y Pumas en el Sureste de Idaho
RESUMEN La manipulación de las poblaciones de depredadores se plantea a menudo como una solución para
reducir las poblaciones de ungulados. Sin embargo, las dinámicas depredador-presa son complejas y el efecto sobre las
poblaciones de presas es a menudo una interacción entre depredador, historia de vida, clima, densidad de presas y calidad
del hábitat. El efecto de la eliminación de depredadores en ungulados y, más concretamente, en la población de ciervo
mula (Odocoileus hemionus) no ha sido adecuadamente investigado con una perspectiva de gestión. Pusimos a prueba la
eﬁcacia de la eliminación de coyotes (Canis latrans) y pumas (Puma concolor) para aumentar la supervivencia y la tasa de
crecimiento de la población de venados en el sureste de Idaho, USA, durante el periodo 1997–2003. Se asignaron ocho
unidades de gestión de la caza (GMU) a los tratamientos bajo un diseño factorial 2  2 (tratamientos de eliminación de
coyote y eliminación de pumas) con dos repeticiones de cada tratamiento o combinación de zona de referencia. Se
utilizaron métodos comunmente disponibles a los gestores de la fauna silvestre para el traslado de depredadores y una
combinación de vigilancia extensiva e intensiva en estas 8 GMU para probar la hipótesis de que la eliminación de
depredadores aumenta las tasas vitales y la tasa de crecimiento de la población del ciervo mula. Se determinaron los
efectos de la eliminación de depredadores en la supervivencia y las causas de mortalidad en los dos sitios de estudio
intensivo, uno con la eliminación de ambos, pumas y coyotes y el otro sin dicha eliminación. También se consideraron
los efectos de otras variables en la supervivencia, como la abundancia de lagomorfos y las condiciones climáticas. En
estas dos áreas de estudio intensivo, monitorizamos con radiotelemetrı́a 250 recién nacidos, 284 cervatillos de 6 meses
de edad, y 521 hembras adultas. En una escala espacial mas amplia, monitorizamos la tendencia de la población de ciervo
mula y la tasa de supervivencia de cervatillos en el mes de Diciembre con censos realizados desde un helicóptero. La
eliminación de coyotes reducio la mortalidad neonatal sólo cuando los ciervos se necesitaban como presa alternativa, por
lo que la eliminación fue más eﬁcaz cuando las poblaciones de lagomorfos se redujeron. El mejor modelo de mortalidad
de venados capturados a los 6 meses de edad fué el que incluı́a precipitación de verano, precipitacion de invierno, masa
cervatillo, y eliminación del león de montaña. Durante el invierno la mortalidad de venados hembra adultas disminuyó
con la eliminación de pumas. Las variables relativas a precipitación se incluyeron en la mayorı́a de los modelos de
mortalidad para todas las clases de edad de ciervo mula. La eliminación de pumas aumento la tasa de cervatillos y los
modelos predijeron el 6% de incremento en la tasa de cervatillo para una tasa de extracción media (3,53/1.000 km2) y
27% para una tasa de extracción máxima (14,18/1.000 km2). La eliminación de coyotes no tuvo ningún efecto sobre los
coeﬁcientes de cervatillo de diciembre en ninguno de los 8 GMU. Tampoco se detectó ningún efecto de la eliminación
de coyotes o pumas en la tendencia numerica de la población de ciervos mula, el modelo con la tasa de crecimiento más
alta era el que incluyó los pumas eliminados el año anterior y la gravedad del invierno, sin embargo, sólo explicó el 27% de
la varianza en la tasa de crecimiento de la población. La severidad del invierno en el año actual y anterior fue la inﬂuencia
más importante en el crecimiento de población de ciervos mula. La falta de respuesta en la tasa de abundancia de
cervatillo o de venados a la reducción de coyote en esta extensa escala sugiere que la disminución de la mortalidad
neonatal debida a la eliminación de coyote es parcialmente compensatoria. La extracción anual de coyotes no era un
método eﬁcaz para aumentar las poblaciones de ciervo mula en Idaho porque la eliminación de coyote aumento la
supervivencia de cervatillos con radiocollares sólo bajo determinadas combinaciones de densidades de presas y
condiciones meteorológicas, y el aumento no se tradujo en un crecimiento de la población. Los programas
especı́ﬁcos de eliminación de coyotes en las áreas donde se sabe que la mortalidad de ciervo mula es aditiva y en
las que las condiciones de extracción de los coyotes tienen éxito, pueden inﬂuir en las tasas vital de población de ciervo
mula, pero probablemente no van a cambiar la tendencia numerica de la población. Aunque la reducion de pumas
aumentó la sobrevivencia de ciervos mula y la tasa de cervatillos, no hemos podido demostrar cambios signiﬁcativos en la
tendencia de la población con la eliminación de pumas. En conclusión, los beneﬁcios de la eliminación de depredadores
parecen ser marginal y a corto plazo en el sureste de Idaho, y no van a cambiar sensiblemente la dinámica a largo plazo de
las poblaciones de ciervo mula en el oeste montañoso de los Etados Unidos.

Réponse Démographique du Cerf Mulet à la Réduction
Expérimentale des Populations de Coyotes et de Pumas
dans le Sud de l’Idaho
RÉSUMÉ La manipulation des populations de prédateurs est souvent proposée comme une solution pour réduire
les populations d’ongulés. Cependant, les dynamiques prédateur-proie sont complexes et l’effet sur les populations
2
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de proies est souvent une interaction entre le cycle de vie du prédateur, le climat, la densité des proies et la qualité de
l’habitat. L’effet de la suppression du prédateur sur les populations d’ongulés et, plus spéciﬁquement, de cerf mulet
(Odocoileus hemionus) n’a jamais été étudié de façon satisfaisante pour un objectif de gestion. Nous avons testé
l’efﬁcacité de la suppression des coyotes (Canis latrans) et des pumas (Puma concolor) sur l’augmentation de la survie
et du taux de croissance de la population de cerf mulet dans le sud-est de l’Idaho, États-Unis, de 1997 à 2003. 8
unités de jeu de gestion (GMUs) ont été soumises aux traitements selon un plan factoriel 2  2 (traitements de
suppression du coyote et de suppression du puma) avec 2 répétitions de chaque combinaison de traitement ou de
zone de référence. Nous avons utilisé des méthodes que les gestionnaires de la faune ont généralement à disposition
pour effectuer les retraits de prédateurs et la combinaison de surveillances extensive et intensive dans ces 8 GMUs
aﬁn de tester l’hypothèse selon laquelle le retrait des prédateurs augmente le taux vital et le taux de croissance de la
population de cerf mulet. Les effets de la suppression des prédateurs sur la survie et les causes de mortalité ont été
déterminés dans les deux sites d’étude intensive, l’un avec le retrait des pumas et des coyotes et l’autre sans. Les effets
sur la survie d’autres variables, incluant l’abondance des lagomorphes et les conditions climatiques, ont été examinés.
Dans ces deux zones d’étude intensive, nous avons suivi par radio-télémétrie 250 nouveau-nés, 284 faons de 6 mois,
et 521 femelles adultes. À plus grande échelle, la tendance démographique de cerf mulet et le ratio de faons en
Décembre ont été suivis par hélicoptère. L’élimination des coyotes diminue la mortalité néonatale seulement
lorsque les cerfs semblent nécessaires comme proies alternatives, ainsi le retrait des coyotes est plus efﬁcace lorsque
les populations de lagomorphes sont réduites. Le meilleur modèle de mortalité des cerfs mulet à 6 mois d’âge obtenu
inclue les précipitations estivales et hivernales, la masse des faons, et le retrait du puma. La mortalité hivernale des
biches adultes diminue avec la suppression des pumas. Les variables liées aux précipitations sont incluses dans la plus
part des modèles de mortalité pour toutes les classes d’âge de cerf mulet. La suppression des pumas augmente le
ratio de faons et nos modèles prédisent une augmentation de 6% du ratio de faons pour des taux de retrait moyens
(3,53/1,000 km2) et de 27% pour des taux de retrait maximum (14,18/1,000 km2). La suppression du coyote n’a eu
aucun effet sur les ratios de faons de Décembre pour les 8 GMUs extensives. Aucun effet important du retrait du
coyote ou du puma seul sur la tendance démographique des cerfs mulet n’a été détecté; le meilleur modèle de taux de
croissance de la population inclut le retrait des pumas l’année précédente et la sévérité de l’hiver, qui cependant
n’explique que 27% de la variance du taux de croissance de la population. La sévérité de l’hiver de l’année en cours et
de la précédente est la variable la plus inﬂuente sur la croissance de la population de cerfs mulets. L’absence de
réponse du ratio de faons et de l’abondance du cerf mulet à la réduction des coyotes pour une large échelle (paysage)
suggère que le déclin de la mortalité néonatale du à la suppression du coyote est partiellement compensé. Le retrait
annuel des coyotes n’est pas une méthode efﬁcace pour accroı̂tre les populations de cerfs mulets dans l’Idaho car la
suppression du coyote a augmenté la survie des faons suivis pas radio-télémétrie seulement sous certaines
combinaisons de densité des proies et de conditions météorologiques, et l’augmentation ne se traduit pas par
une croissance démographique. Les programmes de retrait du coyote ciblant les zones où la mortalité des faons est
connue pour être additive et où les conditions permettent un retrait du coyote avec succès, peuvent inﬂuencer les
taux vitaux de la population de cerfs mulet, mais ne changera probablement pas le sens de la tendance démographique. Bien que le retrait des pumas augmente la survie des cerfs mulet et le ratio de faons, nous n’avons pas pu
démontrer de changement signiﬁcatif dans les tendances démographiques après élimination des pumas. En
conclusion, les avantages de la suppression des prédateurs semblent être marginaux et à court terme dans le
sud-est de l’Idaho et ne modiﬁeront pas sensiblement les dynamiques à long terme des populations de cerf mulet
dans l’ouest montagneux des Etats-Unis.

Contents
INTRODUCTION ................................................................................. 4
STUDY AREA......................................................................................... 6
METHODS............................................................................................. 7
Experimental Design ............................................................................. 7
Predator Reduction ............................................................................... 7
Coyote removal and population index ................................................... 7
Mountain lion removal and population index ........................................ 9
Lagomorph Abundance ......................................................................... 9
Weather Covariates ............................................................................... 9
Mule Deer Survival and Productivity ................................................... 10
Capture methods ............................................................................. 10

Hurley et al.  Mule Deer Demographic Response

Survival and cause-specific mortality of mule deer................................. 10
Changes in Deer Fawn Ratios and Population Growth Rate................. 11
Neonatal fawn-at-heel ratios ............................................................ 11
Fawn-to-adult female ratios ............................................................. 12
Population growth rate .................................................................... 13
RESULTS.............................................................................................. 13
Predator Reduction ............................................................................. 13
Mule Deer Survival and Productivity ................................................... 14
Neonatal fawns .............................................................................. 15
Six-month-old fawns....................................................................... 16
Adult females.................................................................................. 17

3

Causes of Mule Deer Mortality............................................................ 19
Changes in Mule Deer Fawn Ratios and Population Growth Rate ....... 20
Neonate fawn-at-heel ratios ............................................................. 20
Fawn-to-adult female ratios ............................................................. 20
Population growth rate .................................................................... 21
DISCUSSION ....................................................................................... 21
Predator Reduction ............................................................................. 22
Factors Affecting Deer Productivity and Survival................................. 23
Neonatal fawn survival ................................................................... 24
Survival of fawns in winter ............................................................. 24
Adult female deer survival ................................................................ 25

INTRODUCTION
Predator regulation of ungulates is a complex and controversial
issue. Predation is considered regulatory if predation rate
decreases with decreasing density (density-dependent) and if
predation results in an equilibrium density that is lower than
nutritional carrying capacity (K; Caughley 1979, Sinclair 1989).
Peek (1980) restated 2 common competing theories of
ungulate regulation: 1) stability results from an interaction
between ungulates and the plants they eat; and 2) stability is
imposed by predators. Peek (1980) and Caughley (1981) noted
that regulation by food and regulation by predators are not
mutually exclusive and may be expected to act concomitantly,
leading to a third hypothesis that the strength of predation
can be mediated by habitat productivity (Nilsen et al. 2009).
Predation can affect a prey population only if it is at least partially
additive to mortality from other causes, which seems to occur
for many ungulates (Keith 1974, 1983; Caughley 1976,
1981; Vucetich et al. 2005). Theberge and Gauthier (1985)
noted that 3 conditions must be met to assert that predators
are regulating ungulate prey: the ungulate population is
depressed well below K, mortality is the primary factor inﬂuencing changes in prey numbers, and predation is the major cause of
mortality.
Differing conclusions about the role of predation on ungulates
within a speciﬁc area are quite likely because of complex interactions of environmental variables that inﬂuence potential population growth rate and density, including additive versus
compensatory mortality, primary productivity, abundance of alternate prey species, and variability in the predator–species community (Theberge and Gauthier 1985, Messier 1994, Orians
et al. 1997). Earlier studies of predator control often failed to
use adequate experimental designs and often concluded predator
control increased ungulate populations without addressing confounding factors (see reviews by Boutin 1992, Orians et al. 1997,
Ballard et al. 2001). Connolly (1978b) cited 31 studies that
supported the hypothesis of ungulate population regulation by
predators, whereas 27 studies suggested no regulation. In a review
of more recent work, Ballard et al. (2001) summarized conditions
within a mule deer (Odocoileus hemionus) population that determine whether predation constitutes additive or compensatory
mortality. Evidence in these 2 reviews suggested that predators
do not cause declines in mule deer populations in undisturbed
environments, but may prevent or delay population recovery after
a decline.
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Emerging evidence suggests top predators may be capable of
regulating ungulates to lower densities in some predator–prey
systems. Research has documented the effectiveness of predator
removal to increase recruitment and potentially population size in
white-tailed deer (Odocoileus virginianus), moose (Alces alces),
caribou (Rangifer tarandus), and pronghorn (Antilocapra
americana) populations on a limited scale (Beasom 1974,
Guthery and Beasom 1977, Stout 1982, Smith et al. 1986,
Hayes et al. 2003, Boertje et al. 2009). Complementary evidence
is provided by recent studies on trophic cascades precipitated by
the loss of a top predator in terrestrial systems (Hebblewhite et al.
2005, Terborgh et al. 2006, Beyer et al. 2007). In these examples,
loss of large predators such as wolves (Canis lupus) released
herbivores from regulation, and allowed herbivore density
to increase to nutritional carrying capacity, altering vegetative
characteristics of the landscape. Similarly, removal of coyotes
(Canis latrans) inﬂuenced the faunal community in western Texas
by reducing species richness and diversity of small mammals and
increasing diversity of mesopredators (Henke and Bryant 1999).
Consistent with the interactive effects of predation and food,
ungulates will often minimize predation risk by trading use of
quality habitat for security at the expense of optimal nutrition
(Pierce et al. 2004, Kauffman et al. 2007, Wirsing et al. 2008,
Hebblewhite and Merrill 2009). Thus, under risk of predation,
food and predation may interact to drive behavioral decisions to
avoid optimal foraging habitats or adopt inefﬁcient foraging
strategies, contributing to reduced ungulate density. These decisions at the individual level can translate to population-level
interactions between predation and bottom-up primary productivity to mediate the strength of predation, the third hypothesis
outlined above. For example, recent meta-analyses of roe deer
(Capreolus capreolus) populations across Europe show that predators can only regulate or limit roe deer at higher latitudes under
low primary productivity (Melis et al. 2009). At lower latitudes
with higher primary productivity, the strength of predation is
reduced and likely compensatory. These results have been corroborated as well in North America, especially for white-tailed
deer (Dumont et al. 2000), but climatic variation still helps
explain population ﬂuctuations as in roe deer (Melis et al. 2009).
Mule deer have historically exhibited volatile population
ﬂuctuations in the western United States (Unsworth et al.
1999, Gill et al. 2001, Peek et al. 2002). These ﬂuctuations
have been especially evident in the intermountain west, which
includes Idaho, Nevada, Utah, Colorado, Wyoming, and
Montana. Mule deer populations in the western United States
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gradually increased beginning in the 1920s, peaked in the late
1940s to early 1960s, then declined during the late 1960s to mid1970s (Denny 1976). In southern Idaho, populations rebounded
through the 1980s and then underwent a widespread decline in
the 1990s (Idaho Department of Fish and Game 1999). The
complex combinations of factors that drive these population
ﬂuctuations are only partially understood but include climate,
predation, competition with other herbivores, and interactions
among factors. On top of this complex template of interacting
variables, the role of human management actions such as predator
control, harvest management, and habitat improvement on
reversing population declines is difﬁcult to understand.
The role of predation in population regulation of mule deer is
difﬁcult to assess because ecological communities in which mule
deer occur are complex, with alternate prey species and a rich
predator community. A direct positive relationship exists
between coyotes and the abundance of lagomorphs, the primary
prey of coyotes (Hoffman 1979; Todd and Keith 1983; Knowlton
and Gese 1995; O’Donoghue et al. 1997, 1998). Clark (1972)
reported that changes in coyote density were correlated with
density of black-tailed jackrabbits (Lepus californicus) in southeastern Idaho. Contradictory predator/prey dynamics may occur
with increased primary prey density; coyote populations may
increase, thereby increasing the predation rate and decreasing
deer survival (Prugh 2005), or conversely, coyotes may focus
predation on increasing primary prey and decrease deer predation
rate. For example, Patterson and Messier (2000) documented
that coyote kill-rates on white-tailed deer were inversely related
to snowshoe hare (Lepus americanus) densities. Similarly, Hamlin
et al. (1984) observed that fawn mortality in mule deer attributed
to coyotes was lowest when microtine rodent populations were
high in Montana. Mountain lions (Puma concolor) are obligate
predators of ungulates, but alternate prey also may impact the
predation rate on mule deer, as lagomorphs are often a major prey
item (Cunningham et al. 1999). Thus, effects of predator control
may be uncertain in ecologically complex communities.
Studies that have tested the effect of coyote removal on mule
deer demography have observed varied results (Austin et al. 1977,
Robinette et al. 1977, Smith and LeCount 1979, Trainer et al.
1981), although no removals were implemented at large scales
(>1,000 km2). Harrington and Conover (2007) evaluated the
effect of coyote removal for protection of livestock on mule deer
and pronghorn populations at a landscape scale but did not
examine confounding effects such as habitat and climate.
Bartmann et al. (1992) used an experimental framework to
determine that the effect of coyote removal on fawns in winter
was compensatory, as fawn survival did not change, although
mortality due to predation was reduced. Two studies observed
minimal effects of removing mountain lions on mule deer populations (Robinette et al. 1977, Logan and Sweanor 2001).
Logan and Sweanor (2001) concluded that mountain lion predation was partially compensatory and mule deer populations
were limited by the interaction of predation and climate-induced
habitat condition.
Controversial and uncertain as the effect of predation may be on
ungulates, wildlife professionals often receive considerable pressure to reduce predator populations in an effort to increase
populations of ungulates (Todd 2002), including mule deer,
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despite questionable cost:beneﬁt analyses. As reviewed above,
however, management applications of predator removal were
often ineffective for increasing mule deer populations because:
1) populations were at or near K and mortality was compensatory,
2) predation was not a limiting factor, 3) predator populations
were not sufﬁciently reduced, 4) complexities of multi-species
predator–prey communities were not considered, and 5) predator
control efforts were diluted because they were dispersed over a
large area (>1,000 km2; Ballard et al. 2001). Ballard et al. (2001)
critiqued the weak state of evidence for effects of predator control
on mule deer, in particular the small scale over which most
previous control efforts had occurred (i.e., <1,000 km2, sensu
Mosnier et al. 2008). Large-scale experimental tests of predator
removal are necessary to evaluate the efﬁciency, logistical practicality, and cost of removals to increase mule deer populations
and, ultimately, hunter harvest and harvest opportunities.
Furthermore, most mule-deer–predator-control studies were
conducted over short time frames (1–3 yr) and often failed to
examine confounding or interacting variables (Ballard et al.
2001). To enhance decision-making processes regarding predator
removal, Ballard et al. (2001) and others (Orians et al. 1997)
recommended a rigorous, large-scale experimental approach over
a sufﬁciently long temporal scale to include favorable and severe
weather conditions, as well as measurements of alternate prey,
hunter harvest, and habitat condition.
Mule deer numbers in southern Idaho declined signiﬁcantly
during winter 1992–1993, and provided an example of the challenge of understanding the causes of ﬂuctuating mule deer populations. Loss of up to 50% of a population in some areas was
attributed to dry conditions during the previous summer, resulting in inadequate fat storage and fawn growth, followed by
above-average winter snowfall (Idaho Department of Fish
and Game 1999, Bishop et al. 2005). The theory of densitydependence (Caughley and Sinclair 1994, Eberhardt 2002),
supported by empirical evidence in ungulates (Robinette et al.
1977, McCullough 1979), predicts that mule deer fawn-to-adult
female ratios, recruitment, and population size should have
increased following such dramatic declines during subsequent
years. However, mule deer populations in southern Idaho were
stationary or continued to decline during 1993–1997. In addition, the number of fawns per 100 adult females in late fall–early
winter decreased from 89 (SD ¼ 7.21) during 1988–1990 to 68
(SD ¼ 5.97) during 1994–1997 (Hurley and Unsworth 1998).
The failure of the populations to increase was puzzling because
weather conditions favored survival, harvest of antlerless deer was
eliminated in 1994, and populations were apparently below K, as
evidenced by minimal mortality from winter malnutrition and
vacant peripheral winter range (Idaho Department of Fish and
Game 1999).
A possible explanation for the stationary or declining populations may be reduced productivity through nutrition or senescence in adult females (Connolly 1981, Hamlin and Mackie
1989, Bishop et al. 2009). Alternatively, high predator-caused
mortality of adults or fawns or both may have driven declines
(Ballard et al. 2001). The major causes of mortality in these
populations were weather (favoring survival during this period),
hunting (lowered during this period), and predation by mountain
lions and coyotes (Unsworth et al. 1999, Bishop et al. 2005).
5

These lines of evidence supported the potential role of predation
in preventing the recovery of mule deer populations after the
declines of 1992–1993. This situation provided an opportunity to
test the role of predators in suppressing the recovery of mule deer
populations.
We tested the hypothesis that predator reduction increases
mule deer populations at temporal and spatial scales relevant
to wildlife managers in mule deer populations. Bishop et al.
(2009) designed companion research to investigate the effect
of enhanced nutrition, together targeting 2 alternate hypotheses
of declining mule deer populations in the western United States.
We followed recommendations for study design identiﬁed by
Ballard et al. (2001), and conducted predator removal at spatial
(>1,000 km2) and temporal scales (6 yr) adequate to control for
potentially confounding variables on mule deer demography. We
used existing management tools by working cooperatively with
the U.S. Department of Agriculture’s (USDA) Wildlife Services
and sport hunters to reduce predator populations. From a wildlife
manager’s perspective, predator removal must affect the entire
target deer population to be of value. We assured the management relevance of our predator removal experiment by conducting predator removals and deer population monitoring at the
scale of a game management unit (GMU; range: 923–
3,511 km2). We hypothesized that predator removal would increase the growth rate of mule deer populations through increased survival of adult females and fawns (Table 1). Thus, our
objectives were: 1) evaluate coyote and mountain lion removal as
a means to increase survival and abundance of mule deer and 2)
identify the inﬂuence of deer population characteristics, alternate
prey abundance, and weather conditions on effectiveness of
predator removal to enhance mule deer population dynamics
(see speciﬁc predictions in Table 1).

STUDY AREA
The study area encompassed 14,700 km2 and included Idaho
Department of Fish and Game (IDFG) GMUs 54, 55, 56, 57,
71, 73A, 73 Elkhorn (73E), and 73 Malad (73M) in southeastern
Idaho, 1997–2003 (Fig. 1). Elevation ranged from 1,060 m to
3,150 m. Topography was typiﬁed by several north-south mountain ranges separated by wide valleys (Appendix A). Topography

and climate were similar across the study GMUs. Southeast
Idaho is characterized by hot, dry summers; cool, dry winters;
and warm, wet springs (Fig. 2). Average annual weather was
29.8 cm precipitation and 86 growing-degree days (108 C
base; U.S. Bureau of Reclamation 2004). During most winters,
snow accumulation on the valley ﬂoors was <20 cm.
Vegetation communities were similar across all study GMUs
(Table 2). Vegetation at lower elevations was dominated by
agricultural ﬁelds of dry-land grain and Conservation Reserve
Program (CRP) perennial grasses, big sage (Artemisia tridentata),
and juniper (Juniperus osteosperma). At higher elevations, mountain-shrub complexes of antelope bitterbrush (Purshia tridentata),
snowberry (Symphoricarpos spp.), and serviceberry (Amelanchier
alnifolia) were found on more xeric sites. Patches of aspen
(Populus tremuloides) and chokecherry (Prunus virginiana) occurred on mesic sites. Douglas ﬁr (Pseudotsuga menziesii) forests
were common on north slopes above 2,000 m. Valley bottoms
were primarily private agricultural lands, and uplands were mostly
public land, administered by the United States Forest Service
(USFS), Bureau of Land Management (BLM), or Idaho
Department of Lands. Livestock grazing and recreation, including deer hunting, were primary public land uses.
Each experimental unit (GMU) encompassed a single mountain range that included both summer and winter ranges for one
subpopulation of deer with minimal interchange with other
experimental units (Appendix A). Game Management Unit 73
(Fig. 1) contained 2 subpopulations and was split into 73 Elkhorn
(73E) and 73 Malad (73M) before treatment assignments. Two
subpopulations of mule deer also occurred in GMU 71 and only
the southern subpopulation was included in the study due to
existing population trend area design. Deer wintered on the
western and southern portions of each GMU and migrated
10–40 km to summer on the eastern and northern portions of
the mountain ranges. Game Management Units 56, 71, 73A,
73E, and 73M were managed with antlered-only hunting regulations. Hunting season length ranged from 14 to 27 days.
Season structure in GMUs 54, 55, and 57 offered 27 days of
antlered-only hunting with limitations on hunter numbers. Prior
to 2000, adult female and fawn (i.e., antlerless) hunting opportunity was not offered anywhere in the study area. Antlerless deer

Table 1. Predicted influence of predator removal treatments and covariates on mule deer survival and population growth in southeastern Idaho during 1997–2003.
Model
Main effects models
Group covariates models

Individual covariate models
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Prediction
1. Coyote removal will increase deer survival, fawn ratios, and population growth
2. Mountain lion removal will increase deer survival, fawn ratios, and population growth
1. Increased lagomorph populations will reduce coyote predation on deer. Coyotes are generalist predators and an increase
in main prey (lagomorphs or small mammals) will decrease the need for deer as a prey item
2. Increased lagomorph populations will not reduce mountain lion predation on deer. Mountain lions are obligate predators
on deer and increased alternate prey will not change selection unless deer numbers decrease
3. Increased precipitation in spring-summer will increase fawn survival and recruitment through increased nutrition of adult
females and fawns
4. Increased precipitation in fall-winter will decrease deer survival and recruitment through increased energy expenditure and
decreased forage availability
5. Increased winter severity (lower temperature and increased snow depth) will decrease winter survival, recruitment and
population growth rates
1. Increased fawn mass will increase survival through increased fat reserves and maturity
2. Females fawns generally survive better than males
3. Birth timing near peak fawning will increase survival due to predator swamping near peak fawning, whereas inclement
weather will decrease survival of early fawns and delayed maturity will decrease survival of late fawns
4. Neonate siblings will divide available nutrients and predator defense from the dam, decreasing fawn survival
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Figure 1. Study areas in southeastern Idaho where we monitored mule deer under different predator removal regimes, 1997–2002. Labels indicate game management
units (GMUs). Intensive study units were GMU 56 and GMU 73A where survival was estimated via telemetry.

harvest was limited to general archery or youth-only, any weapon
hunts during 2000–2002. Average annual antlerless harvest for
2000–2002 varied between 1.2% and 2.3% of estimated population size for GMUs 54, 56, 71, 73A, 73E, and 73M, whereas
antlerless harvest in GMUs 55 and 57 represented <0.5% of the
population.

METHODS
Experimental Design
We selected 8 GMUs of similar habitat (Fig. 1, Table 2) to
evaluate effects of coyote and mountain lion removal on recruitment and growth of mule deer populations during 1997–2003.
We termed these GMUs the extensive study area. Combinations
of coyote and mountain lion treatment resulted in a 2  2
factorial treatment design with 2 replicates each (Fig. 1,
Table 2). To avoid confusion, we refer to predator-control
GMUs as treatment and GMUs without predator control as
reference. We randomly assigned 4 GMUs to coyote removal
treatment. We then assigned 4 GMUs to increased mountain
lion harvest, 2 with coyote removal treatments and 2 without. We
grouped GMUs selected for mountain lion removal on the
eastern half of the study area to maximize removal effects and
minimize the effect of large home ranges of mountain lions. The
2 reference GMUs received no experimental coyote or mountain
lion treatment. Although we designed the study to assess efﬁcacy
of predator removal on fawn-to-adult female ratios as a factorial
approach, predator removal rates varied over time and across
replicate sites. Knowledge of true removal density of coyotes
and mountain lions from each GMU each year prompted us
to modify the factorial design. Instead, we used a regression
approach with rate of coyote and mountain lion removal as
the key independent variables to analyze the mule deer
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recruitment and population response. We used aerial surveys
to monitor size of mule deer populations (Unsworth et al.
1994; Table 2) and fawn-to-adult female ratios (fawn ratios)
across all study areas. Under the predator-regulation hypothesis,
we predicted that predator removal would increase fawn ratios
and population rates of increase, as modiﬁed by climate covariates
(Table 1).
To complement population and recruitment sampling within
our extensive study area, we also intensively monitored causespeciﬁc mortality and survival of adult females and fawns with
radiotelemetry in GMU 56 (reference area) and GMU 73A
(treatment area; Fig. 1). These GMUs were near the center of
the overall study area and provided year-long habitat for 2
distinct subpopulations of deer. We predicted predator removal
would either decrease mortality if regulated by predators or
change the causes of mortality if regulated by nutrition or
climate. In this intensive study area, we included the effects of
potential confounding factors on the effects of predator removal
as inﬂuenced by several covariates (Tables 1 and 3), which we
describe below.
We organized methods and reporting of results ﬁrst with main
effect and covariate development, followed by deer mortality
models from the intensive study area and concluded with population-level analyses from the extensive study area. This organization allowed the progressive examination of how predator
removal effects at the individual and group level scaled up to
the integrative metric of population growth.
Predator Reduction
Coyote removal and population index.—United States
Department of Agriculture Wildlife Services personnel removed
coyotes by shooting coyotes from helicopters or ﬁxed-wing
aircraft in the 4 treatment GMUs during winter and early spring
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Figure 2. Climograph (top panel) of study area in southeastern Idaho, 1948–
2003. Mean values of maximum temperature and total precipitation are plotted by
month to depict normal climate patterns throughout the year during seasons.
Values are a composite of all weather stations in the study area. Bottom panel
depicts the total precipitation in summer growing season (16 Apr–30 Sep) and
winter (1 Oct–15 Apr) for each year of the study.

1997–2002 (Fig. 1). Flights were repeated throughout winter
while snow cover provided acceptable tracking conditions. Aerial
coyote removal began 1 January and continued through midApril. Beginning in 1999, additional ground efforts including
trapping, calling, shooting, and pup removal at den sites were
implemented through July. Ground efforts were concurrent
with aerial removal and intensiﬁed when snow conditions

deteriorated; most of the ground effort was concentrated during
the early pup rearing time period (late spring to early summer).
Ground-based efforts were also concentrated within fawning
areas where neonates were especially vulnerable (Knowlton
1976). Wildlife Services also removed coyotes from reference
GMUs in response to speciﬁc livestock depredation problems.
We converted total number of coyotes removed from a GMU
(both reference and treatment) by Wildlife Services to density of
coyotes removed based on land area of the GMU (no. removed/
1,000 km2). Recreational coyote harvest was open year-round to
sportsmen possessing a hunting or furbearer license (required for
trapping). All furbearer licensees were mandated to report coyote
harvest by county, which did not necessarily align with GMU
boundaries; thus, recreational harvest was reported as a check on
anomalous recreational harvest but we did not incorporate it into
analyses.
Effectiveness of coyote removal was inﬂuenced by snow conditions, aircraft availability, effort, methods, and coyote ecology.
Aerial coyote removal was most effective during periods with
100% fresh snow cover, but helicopter availability often did not
coincide with optimal snow conditions. This variability in conditions resulted in differential removal of coyotes among treatment areas (study GMUs) and years, which we partially mitigated
with ground-based efforts. As previously mentioned, different
removal rates between treatment GMUs and among years led us
to a regression model-based analysis, rather than a strict analysis
of variance (ANOVA) design-based analysis of efﬁcacy of predator control.
We conducted annual scat surveys in all study units to estimate
coyote density (Knowlton 1984). We randomly selected 50 1.6km road or trail segments as transects in each of the 8 study
GMUs. We surveyed transects from May to July of each year.
Observers drove an all-terrain vehicle (ATV) once in each direction along each road at <8 km/hr and removed scats at the
beginning of the survey period. We duplicated the process
approximately 10 days later to count the number of new scats
deposited. The index was expressed as scats/mile per day and we
calculated the density as coyotes/km2 ¼ ((Index)  100  2.66)/
29.58 (Knowlton 1984). In 1998, we surveyed transects in Units
56 and 73A (the intensive study areas) only, and we expanded
efforts to all units in 1999. We discontinued transects in GMUs
71 and 54 after 1999 and 2000, respectively, due to logistical
constraints. We sampled the remaining 6 GMUs through 2002.

Table 2. Mule deer population estimates from initial aerial surveys (Unsworth et al. 1994) within predefined survey areas, southeastern Idaho, 1995–1998. Percent
vegetation type is the land area of these major vegetation types within each game management unit (GMU).
Estimate

% Vegetation type

GMU

Treatment

Area (km )

Survey year

n

90% CI

Sagebrush

Deciduous

Coniferous

Agriculture

54
55
56
57
71a
73A
73 Elkhorna
73 Malada

Reference
Coyote
Reference
Coyote
Lion
Both
Both
Lion

3,511
2,654
2,338
923
941
1,128
1,434
1,031

1996
1995
1998
1997
1996
1996
1996
1996

2,445
785
2,561
717b
1,003
1,324
908
962

159
89
256

49.2
50.0
44.0
54.3
36.3
32.3
36.7
28.3

6.2
2.9
3.7
0.9
16.3
5.4
7.5
10.7

4.1
12.1
6.9
14.6
14.2
10.3
10.0
11.4

26.6
25.2
41.6
17.9
27.4
41.5
44.1
46.3

a
b

8

2

120
97
104
270

Portion of GMU based on mule deer herd segment use (Appendix A).
No population estimate available, so we applied a correction factor for population estimate in subsequent years (1.35) to raw count of 531.
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Table 3. Definitions and variable abbreviations of factors we tested in mortality, fawn ratio, and population-rate-of-change models in southeastern Idaho during
1997–2003. Intensive analysis type refers to mortality models in Game Management Units (GMUs) 56 and 73A; extensive refers to fawn ratio and population rate of
change for all GMUs.
Abbreviation

Definition

Analysis type

CRD
LRD
StudyArea
Lagomorphs
Precip
PreviousPrecip
Z-Precip
WSI
Mass
Sex
BirthTime
Siblings

Coyotes removed/1,000 km2 annually in GMU
Mountain lions removed/1,000 km2 annually in GMU
0 ¼ GMU 73A, 1 ¼ GMU 56
Annual lagomorph population index for the intensive study GMUs 56 and 73A
Total precipitation (cm) for the current season
Total precipitation (cm) for the previous season
Z-score of current season precipitation minus Z-score of previous season precipitation
Winter Severity Index
Estimated mass (kg) of neonate fawns at age 4 days and mass (kg) of 6-month-old fawns at capture
Used in fawn models only, coded as 0 ¼ female, 1 ¼ male
Timing of neonate fawn birth in relation to median birth date for cohort
Presence of siblings with neonate fawn, coded as 0 ¼ no sibling, 1 ¼ siblings present

Intensive and extensive
Intensive and extensive
Intensive
Intensive
Intensive and extensive
Intensive and extensive
Intensive
Extensive
Intensive
Intensive
Intensive
Intensive

Mountain lion removal and population index.—We altered hunting-season length or harvest quotas to manipulate mountain lion
harvest during 1998–2002. Mountain lion hunting seasons were
closed 48 hr after hunter harvest reached a predetermined quota.
Structure of mountain lion seasons in liberal-harvest (treatment)
GMUs was changed from liberal female quota systems for the
1997–1998 seasons to general seasons (not limited by quota) in
1998–1999, then back to liberal quotas for the 1999–2000
through 2001–2002 seasons. Female quotas in the conservative-harvest (reference) GMUs remained unchanged throughout
1997–2002. Number of mountain lions harvested in each GMU
was determined through a mandatory registration of all successful
mountain lion hunters in Idaho. Most mountain lion removal
occurred from 1 December (start of hound season) to 15 January
(approx. 80%) with remaining removal distributed until the
season close on 31 March. We converted the total number of
mountain lions removed from a GMU to density (no. removed/
1,000 km2) of lions removed.
We gauged the magnitude of mountain lion removal using a
lion-population index. We indexed mountain lion populations
within intensive-study GMUs from 1998 to 2001 by combining
dust-track (Smallwood and Fitzhugh 1995) and aerial snowtrack survey methods (Van Sickle and Lindzey 1991) to develop
a ground-based tracking method. We divided the reference (56)
and treatment (73A) GMUs into 46-km2 quadrats and then
stratiﬁed the quadrats into high or low probability of ﬁnding a
mountain lion track based on habitat type and expert opinion. We
drew a random sample of 25% of the quadrats in each stratum
from each GMU and we surveyed transects in proportion to strata
availability while snow conditions remained acceptable. Two days
after a snowfall of 5 cm, we counted tracks from snowmobiles
along up to 32 km of snow-covered roads in each quadrat.
Personnel traveled at 10–16 km/hr along routes in both directions. We measured stride length and track dimensions for each
mountain lion track observed on transect to identify unique
individuals (Smallwood and Fitzhugh 1993). The index was
expressed as the number of unique tracks/km for all quadrats
within a GMU.
Lagomorph Abundance
We developed estimates of relative lagomorph density using
indices within intensive GMUs (56 and 73A) where we also
estimated survival rates of mule deer (Fig. 1). Because coyotes are
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generalist predators and shift prey selection based on availability
(Hamlin et al. 1984, Randa et al. 2009, but see Patterson et al.
1998), we predicted that increased lagomorph density would
decrease mortality of fawns (Table 1). We used vehicle headlight
surveys to estimate lagomorph abundance from 1998 to 2002
(Trout 1978) in the 2 intensive units. We initiated surveys 1 hr
after sunset on clear nights from late August to early October. We
established 1 transect in each GMU within the intensive study
area to sample all habitats used by mule deer. Length of
each transect was proportional to GMU area (i.e., GMU
56 ¼ 104 km, GMU 73A ¼ 56.2 km). Observers traveled secondary roads at 32–48 km/hr and recorded lagomorphs observed
in vehicle headlight beams on the roadbed. We recorded species
of lagomorphs: black-tailed jackrabbits (L. californicus, whitetailed jackrabbits (L. townsendii), or mountain cottontail
(Sylvilagus nuttallii); and distance along transect. The index
was expressed as a weighted average (by transect length) of
lagomorphs observed per 100 km for both GMU transects to
produce an overall area estimate.
Weather Covariates
Annual variation in mule deer survival in Idaho is large
(Unsworth et al. 1999, Bishop et al. 2005) and likely tied to
climate; therefore, we developed 2 synthetic climatic variables to
minimize the number of parameters in mortality models.
Previous studies indicated that below-average summer precipitation, which reduced forage quality (Marshal et al. 2005),
accompanied by above-average winter precipitation resulted in
low over-winter survival and reduced population growth (Hamlin
and Mackie 1989, Peek et al. 2002, Bishop et al. 2005). We also
hypothesized that high previous winter precipitation accompanied by low summer precipitation would result in decreased fawn
survival during summer mediated by reduced nutritional condition of adult females (Table 1).
We used data from the AgriMet weather station (U.S. Bureau
of Reclamation 2004) in Malta, Idaho, to quantify seasonal
precipitation and temperature during 1998–2003 for survival
modeling and fawn-to-adult female ratio analysis. This weather
station was located in the geographic center of the study area and
the only station that provided complete data during this study
period. The summer period (16 Apr–30 Sep) corresponded to the
growing season (min. temp >28 C), with most precipitation
falling as rain. We considered 1 October to 15 April as winter,
9

when most precipitation fell as snow. We included total seasonal
precipitation in survival and fawn-to-adult female ratio
modeling.
Our ﬁrst synthetic climate covariate, termed Z-precipitation,
captured winter and summer climate by subtracting the Z-score
or standard score (Zar 1984) of previous-season total precipitation from the Z-score of current-season total precipitation. By
standardizing seasonal precipitation across the mean precipitation for the study period (1998–2002), the magnitude of deviation from mean was comparable across seasons. During winter, a
larger value of this variable indicates below-average summer
precipitation and above-average winter precipitation. The opposite is true during summer when a larger value indicates belowaverage winter precipitation and above-average summer
precipitation.
Previous studies also showed that winter severity decreased
mule deer vital rates and density (Mackie et al. 1998, Peek
et al. 2002). To account for differential effects of snow depth
and temperature on population growth rate of mule deer populations, we used data (Western Regional Climate Center 2004)
within or near each GMU (Fig. 1) to generate a second synthetic
climate variable, winter-severity index (WSI), for each study area.
We estimated missing values for individual weather stations by
regressing monthly means of the chosen weather station with
monthly means of the nearest weather station (Fig. 1). We used
total snowfall during December and January and monthly mean
maximum temperature during November through March as
indicators of winter severity. To create a standardized index of
winter severity, we also calculated Z-scores (Glover and Mitchell
2002, Peek et al. 2002) from these monthly values. These scores
were expressed as number of standard deviations of that monthly
value above or below the 50-yr mean. We estimated a snow
severity index (SSI) from mean Z-scores for total snowfall in
December and January. A winter temperature severity index
(TSI) consisted of the average Z-score of mean monthly
maximum temperature for November through March. We
then calculated the WSI as: WSI ¼ (SSI  TSI)/2.
Mule Deer Survival and Productivity
We used radiotelemetry to evaluate the effect of predator removal
and other factors on survival of individual deer within intensive
study areas. Minimal coyote removal and conservative lion harvest occurred in the reference area (GMU 56), whereas both
liberal mountain lion harvest and active coyote removal was
focused in the treatment area (GMU 73A).
Capture methods.—We used methods described by White et al.
(1972), Smith (1983), and Riley and Dood (1984) to capture
neonate fawns from 1998 to 2002. We observed adult females
exhibiting fawning behavior until they fed their newborn fawns
or otherwise identiﬁed fawn locations through behavior (White
et al. 1972). We searched the identiﬁed area and captured fawns
by hand after the female moved away. To minimize capture
inﬂuences or predator attraction, we used latex gloves to handle
the fawn and did not collect blood or insert an ear tag. To sample
the entire reproductive unit and reduce capture bias, we
attempted to capture all fawns in a litter. We measured fawn
mass, chest girth (directly behind shoulders on the exhale), hind
foot length (tip of hoof to calcaneous), and growth ring of front
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hoof (Robinette et al. 1973) to estimate age and condition.
We ﬁtted fawns with brown or black expandable radiocollars
designed to break away 6–8 months after capture. Transmitters
were equipped with mortality sensors (4-hr delay) and weighed
89–98 g.
We captured adult deer and 6-month-old fawns during winter
using drive nets (87% of captures), net-guns (11%), and clover
traps (2%) from 1998 to 2002. In the ﬁrst year, we captured deer
during December–March. Thereafter, captures began in
December and were completed by 22 January. We ﬁtted adult
females and 6-month-old fawns with ear tags and 320-g radiocollars with mortality sensors. We measured hind foot length and
chest girth of all animals. Transmitters deployed on female fawns
were permanently afﬁxed and pleated to expand as the animal
grew. All 6-month-old male collars were designed to break away
within 1 yr. We measured fawn mass to the nearest 0.4 kg with a
calibrated spring scale and estimated age of adult females from
tooth eruption and wear patterns (Robinette et al. 1957).
We tested for the possibility of disease-related compensatory
mortality, which could confound predator removals, by comparing disease proﬁles of study animals to regional estimates of
disease prevalence across Idaho. We collected a blood sample
from each adult female during 1998–2000, allowed it to clot,
centrifuged it, and harvested sera. We tested sera for pregnancy
and exposure to disease agents to ensure we were not missing
important non-predation mortality. Sera were analyzed for pregnancy-speciﬁc Protein-B (PSPB) by Bio-Tracking, Inc.,
Moscow, Idaho, USA (Sasser et al. 1986) and tested for respiratory and other infectious pathogens common to the western
United States at Bureau of Animal Health Labs, Boise, Idaho,
USA. Sera were tested for anaplasmosis, bluetongue, bovine
respiratory syncytial virus (BRSV), brucellosis, bovine virus diarrhea (BVD), epizootic hemorrhagic disease (EHD), infectious
bovine rhinotracheitis (IBR), parainﬂuenza-3 (PI3), Lepto
swaziac, L. australis, L. autumnalis, L. ballum, L. bratislava,
L. canicola, L. gryppo, L. harjo, L. ictero, and L. pomono Idaho.
We deﬁned disease prevalence as: Pi ¼ xi/ni, where xi ¼ number
of deer positive for exposure, and ni ¼ number of deer sampled.
An Idaho Department of Fish and Game veterinarian or laboratory biologist was on site during most captures to assist with
sampling and assure animal welfare. The animal handling protocol was approved by the Animal Care and Use Committee,
Idaho Department of Fish and Game Wildlife Health
Laboratory, Caldwell, Idaho, USA.
Survival and cause-specific mortality of mule deer.—
We monitored telemetry signals for mortality of adult and 6month-old deer via aerial or ground telemetry every 2 days during
winter and spring (1 Dec–15 May) and approximately twice
weekly during summer and autumn (16 May–30 Nov). These
dates coincided with winter use through spring migration and
summer use through fall migration of mule deer. We monitored
neonates at 1- to 2-day intervals during summer and twice weekly
throughout autumn until collars were shed. When we received a
mortality signal, we investigated the site within 24 hr. We
identiﬁed the cause of death using criteria developed by Wade
and Bowns (1985) and categorized mortalities as coyote, mountain lion, bobcat, unknown predator, malnutrition, natural, other,
and unknown. We retrieved whole carcasses of fawns and
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delivered them to the IDFG Wildlife Health Lab, Caldwell,
Idaho, USA, for necropsies and disease sampling when possible.
We considered adults and 6-month-old deer that died 5 days
after capture to be possibly capture-related and removed them
from analysis.
We estimated survival rates (Kaplan and Meier 1958, Pollock
et al. 1989) and variances for neonates (birth to 6 months), 6month-old fawns (6–12 months), and adult females (>12
months) in each GMU by year and pooled across years. We
tested differences in pooled survival rates by age group and season
between reference and treatment GMUs using log-rank tests
(Pollock et al. 1989, Hosmer and Lemeshow 1999). We tested
for differences in mean age of adult females between treatments
by mortality cause with t-tests in STATA ver. 10.1 (StataCorp,
College Station, TX). We used competing-risk analysis to assess
differences in mortality cause between age classes in reference and
treatment areas by calculating a cumulative incidence function
(CIF) for each age class and mortality cause (Heisey and
Patterson 2006). We tested for differences in CIFs between
predator removal treatments using the PepeMori test (Pintilie
2006). We conducted analyses using STATA ver. 11.1 (Coviello
and Boggess 2004, StataCorp).
We modeled relationships between instantaneous mortality
rates and predator removal, alternate prey abundance, weather,
and body mass using Cox proportional hazards models (Cox and
Oakes 1984, Murray 2006). This semi-parametric method
allowed for left-truncation (i.e., staggered entry where animals
continually enter the analysis) and right-censoring. We rightcensored an animal when the transmitter failed, the collar was
shed, or the animal left the study area. We calculated hazard
ratios, often called risk ratios, for each predictor (Hosmer and
Lemeshow 1999, Harrell 2001), where a hazard ratio >1 represents increasing risk of mortality and <1 represents decreasing
risk as the predictor increases (Cantor 1997). We considered the
hazard ratio signiﬁcant if the 95% conﬁdence interval did not
overlap 1.0. We initiated the study period after the ﬁrst capture in
each GMU. We considered neonates at risk at birth and under
observation at estimated age of capture. Failure time for 6month-old fawns and adults was the number of days between
marking and death or censoring. The primary assumption for
Cox models is that predictors are proportional with respect to
time, or the relationship between log of the hazard rate and the
variable does not change with time (no time-by-predictor interactions; Harrell 2001). We tested this assumption graphically and
using Schoenfeld’s test to assess violations of the time-bypredictor interaction assumption (Hosmer and Lemeshow 1999).
We tested the primary treatment of predator control using
coyote and mountain lion removal rate (no. removed/
1,000 km2) as a covariate in Cox models. We separated mortality
analyses by age of fawns (neonate, 6-month-old) for summerautumn (16 May–30 Nov) and winter-spring (16 Dec–15 May)
as these samples were independent (i.e., different animals). The
beginning dates are slightly modiﬁed from previously deﬁned
seasonal periods based on initial capture of fawns for that season.
The time period for winter mortality time period of adults was 1
December to 15 May. We modeled mortality for both 6-monthold fawn and adult mule deer with predator-removal efforts
beginning in December (the start of that winter). For example,
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we modeled winter mortality 1998 (1 Dec 1997 to 15 May 1998)
for adults with coyote and mountain lion removal of the same
period (1 Dec 1997 to early summer 1998). We modeled summer
mortality (16 May–30 Nov) in 1998 with the same removal. We
modeled adult female mule deer with season as a covariate.
Individual animal predictors used in fawn mortality models
included sex, mass, and number of siblings for neonates and
sex and mass for 6-month-old fawns. Because we captured fawns
on different dates during the capture period, we were concerned
that growth or weight loss could have confounded the value of
mass as a predictor. For 6-month-old fawns, we examined differences in weight over time (during the capture period) by sex
between GMUs 56 and 73A and among years with analysis of
covariance (ANCOVA). For neonates, we examined mass differences over time between sexes and among years. If we detected a
signiﬁcant change in mass in the group of captured fawns, we
adjusted individual mass to the predicted mass at median age of
capture (4 days) to make individual body size comparable across
years. We included age as a continuous linear predictor by
individual years for adult females and we imputed missing values
for individual measurements by using average values by year and
study area. We incrementally aged surviving individuals as we
included them in the next-year analysis.
We used Akaike Information Criteria with small sample size
correction (AICc) for model selection (Burnham and Anderson
2002). Because sample size of proportional hazards models is a
function of the number of deaths (Harrell 2001), we limited the
number of predictor variables considered using a forward-type
selection process (Klein and Moeschberger 2003). We limited the
predictors examined to main effects (coyote and mountain lion
removal), main and alternate prey, precipitation, and individual
animal predictors (Table 3). We included study area as a covariate
to explain inherent site differences in survival not related to the
removal treatment. We reasoned this inclusion would strengthen
the test of main effects by removing variance not explained by
included covariates. We screened predictors for collinearity by
season and retained the predictor most closely related to mortality
(Murray and Conner 2009). We began by comparing AICc for all
1-predictor models. We added predictors to the 1-predictor
model with the lowest AICc until a new 2-predictor model
was selected. We used variable inﬂation factors >2 (VIF;
STATA ver. 10.1) to identify possible confounding predictors.
Model building continued in this fashion until the AICc did not
decrease with addition of new variables (Klein and Moeschberger
2003). We added and retained interactions of covariates included
in the top model only if the additional terms decreased AICc. We
designated a competing model set for each age class if models
were <4 DAICc of the top model (Appendix B). We conducted
statistical analyses for survival and mortality models using
STATA ver. 10.1 and considered parameters signiﬁcant at
a  0.05. We generated estimates of survival from the top
models for the range of covariate values to evaluate goodnessof-ﬁt and effect size of individual parameters.
Changes in Deer Fawn Ratios and Population Growth Rate
Neonatal fawn-at-heel ratios.—We used fawn-at-heel ratios
during the fawning season to index parturition rates of mule
deer in the reference and treatment GMUs within the intensive
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study area and predicted that with predator control, fawn-at-heel
ratio would increase (Table 2). To estimate fawn-at heel ratios,
we observed deer in fawning areas every 3–4 days during 25 May–
25 June, 1998–2002. Distinct adult females with fawns were
observed from a distant vantage point until the observer was
conﬁdent all fawns with an individual adult female were identiﬁed. Observation usually included a feeding and bedding cycle
with fawns in plain view. We veriﬁed observations with capture
attempts of neonates and repeated observations of the adult
female using the same habitat patch. We calculated fawn-atheel ratio, which included only adult females with fawns, as:
G
P

R^ ¼

i¼1
G
P

fi
(1)
di

i¼1

where fi is the number of fawns in the ith animal group observed
(i ¼ 1, . . . , G), di the number of adult females in the ith animal
group observed (i ¼ 1, . . . , G), and G the number of animal
groups observed during the time period.
We calculated variance for fawn-at-heel ratios by cluster sampling where we treated each group of deer as a cluster (Cochran
1977:249, Samuel and Garton 1994):
G
P

^ ¼
V^ðRÞ

ð1ðG=N ÞÞ
Gd

2

^ i Þ2
ðfi Rd

i¼1

G1

(2)

where R^ is the ratio of fawns to adult females, fi the number of
fawns in group, di the number of adult females per group, d the
mean number of adult females per group, G the number of groups
observed, and N the number of groups in the population.
We calculated conﬁdence intervals (95%) for fawn-at-heel
ratios as:
R^  tn1

qﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃ
^
V ðRÞ

(3)

Fawn-to-adult female ratios.—We estimated sex and age-class
structure of mule deer populations in all 8 GMUs during
December and early January 1998–2003 (Table 1). We surveyed
a representative sample of 6- to 10-km2 quadrats using a Bell
47G3B helicopter (Bell Helicopter, Hurst, TX), including all
elevations and habitats in which deer were present. We sampled
quadrats without replacement until we obtained a sample of
500 deer or 50% of the estimated population (Unsworth et al.
1994). We classiﬁed deer as adult female (1 yr old), fawn,
yearling male (1–2 antler points/side), 3-point male, or 4-point
male. We computed fawn-to-adult female ratios (FDR) for
each GMU each year as previously for fawn-at-heel ratios.
We estimated variance of fawn-to-adult female ratio according
to Cochran (1977) by:
G
P

^ ¼
V^ðRÞ

^ iÞ
ðfi Rd

(4)

d GðG1Þ

We calculated an asymptotic conﬁdence interval as:
R^  Z1ða=2Þ
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qﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃ
^
V^ðRÞ

E

(5)

 
f
¼ PSf
d

(6)

We employed a hierarchical analysis of deviance (ANODEV)
modeling approach, ﬁrst adjusting fawn ratios for year and site
effects prior to examining effects of predator removal. We could
account for year effects by using either an indicator variable or
precipitation data considered important to fawn survival and
adult fecundity. Although year indicators explained 43% of
the overall variability in fawn ratios, summer precipitation, previous winter precipitation, and their interaction explained 41%.
Hence, to incorporate site effects, we can write equation 1 as:
E

 
f
¼ mYi Aj
d

(7)

where m is the mean productivity, Aj the effect of the jth area
(j ¼ 1, . . . ,8), and Yi the effect of the ith year (i ¼ 1, . . . ,9).
In turn, survival can be written as a function of non-predator
and predator effects:
Sfij ¼ SNij SCoyoteij SLionij

(8)

where SNij is the survival probability for fawns in the ith year at
the jth site from non-predator effects, SCoyoteij the probability of
surviving coyote predation in the ith year at the jth site, and SLionij
the probability of surviving mountain lion predation in the
ith year at the jth site.
Equation 8 assumes sources of mortality act independently. In
turn, we can re-parameterize predator survival parameters as:
Sij ¼ eCðPredatorDensityij RemovalDensityij Þ

(9)

where C is the vulnerability coefﬁcient.
Equation 9 is equivalent to catch-effort models used to characterize ﬁshery and hunting exploitation (Seber 1982:296).
Combining equations 4–9 and absorbing site- and time-speciﬁc
predation densities into the location (Aj) and year (Yi) effects
leads to the multiplicative response model:
E

 
f
¼ mYi Aj eCL ðLionRemovalDensityij Þ eCc ðCoyoteRemovalDensityÞ
d ij

(10)

The log of the expected value leads to the log-linear model:
ln E

2

i¼1
2

Fawn-to-adult female ratio is an expression of net fecundity; in
other words, a function of both reproductive rate and fawn
survival. If predation by coyotes and mountain lions is heavily
focused on young, predator removal might be manifested in
^ Productivity
higher fawn survival, and consequently, higher R.
(P) also was expected to differ between years and locations due to
natural variability. Hence, fawn-to-adult female ratios can be
modeled as a function of survival processes (Sf):

 
f
¼ ln m þ ln Yi þ ln Aj þ CL ðLRDÞij þ CC ðCRDÞij
d ij

(11)

Equation 11 attempts to ﬁrst describe any inherent differences
in fawn-to-adult female ratios that may be attributable to annual
or location differences in productivity and baseline predator
densities. Additional variation in fawn-to-adult female ratios
is then described by reductions in mountain lion and coyote
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densities. In equation 11, vulnerability coefﬁcients should be
positive if predator removal increases fawn-to-adult female
ratios. We parameterized both an unweighted and weighted
(equation 12) ANODEV model. Fawn-to-adult female ratios
were weighted (W) for analyses with:
W ¼

1
^
V^ðln RÞ

1
R^
^
SEðRÞ

¼

1
CV2

(12)

where CV is the coefﬁcient of variation in FDR.
Analysis was based on general linear models using a log-link
and normal error structure. A residual analysis indicated a lackof-ﬁt of the unweighted model (x2 ¼ 8.42, P ¼ 0.004) to the
data. No lack-of-ﬁt was indicated for the weighted model (only 1
of 40 observations had residuals >2) so we used it for interpretation. We used a 1-tailed test of signiﬁcance for treatment
effects in this analysis because we hypothesized predator removal
to increase fawn ratios.
Population growth rate.—We used aerial surveys to estimate
mule deer population size in all 8 study GMUs during 1997–
2003. We conducted surveys in a Bell 47G3B helicopter from late
March to mid-April each year to coincide with early spring
vegetation growth, when deer occurred in large groups and
visibility bias was reduced. We included winter ranges and major
migration routes in search areas to account for differences in
timing of migration. We sampled all subunits within search areas
according to previous protocols (Samuel et al. 1987, Ackerman
1988, Unsworth et al. 1994).
We used population estimates derived from aerial surveys to
estimate rates of population change. We calculated annual rate of
population change, expressed as rt (instantaneous rate of change
at time t), for each GMU as:


Ntþ1
rt ¼ ln
Nt

(13)

where Nt is the population at time t.
We used generalized linear regression models (GLM) to test
the effect of varying rates of predator removal on population
growth rate. We tested the effect of predator removal ending in
the current year’s rate of increase estimate (i.e., r1999 is the change
between 1998 and 1999 surveys and is matched with predator
removal from December 1997 to July 1998). We included a
GMU-speciﬁc WSI in models to control for varying effects of
snow depth on winter survival and recruitment. We lagged
mountain lion-removal density (lionlag), coyote-removal density

(coyotelag), and winter severity (wsilag) 1 yr to account for the
effect of increased survival on total population productivity.
However, coyote removal and 1-yr-lagged coyote removal
were correlated (r ¼ 0.73, P < 0.001), as were mountain lion
removal and 1-yr-lagged mountain lion removal (r ¼ 0.58,
P < 0.001). As a result, we did not enter lagged effects of a
treatment effect into the same model as one with the treatment
effect, limiting the maximum number of variables for model
selection to 4. Because of this correlation and the repeatedmeasures nature of population rate of increase, we tested for
autocorrelation in the rate of increase and main effects of coyote
or mountain lion removal treatments over the 6 1-yr intervals of
the study (Hebblewhite 2005). The limited number of variables
allowed us to develop a candidate set of models of population
growth rate including all combinations of the removal treatments
and winter severity.
We ranked the candidate set of models using the Akaike
Information Criteria adjusted for small sample sizes (AICc;
Burnham and Anderson 1998). We determined the top model
set by including the ranked models in order until the sum of
evidence weights was >0.95 (Burnham and Anderson 1998). We
added interaction terms to the top models to identify signiﬁcant
inﬂuences on the variable coefﬁcients and the new models
(n ¼ 2) were included in the top model set (Hosmer and
Lemeshow 1999). We estimated relative variable importance
(v) from this model set by summing the model weights across
all models where the variable of interest occurred (Burnham and
Anderson 1998). We considered statistical tests for fawn-toadult female ratio and population rate of change analyses signiﬁcant at a  0.10 because of the increased sampling variance
related to population surveys.

RESULTS
Predator Reduction
Coyotes were removed from 4 treatment areas (GMUs 55, 57,
73A, and 73E) from winter to summer during 1997–2002 (Fig. 1,
Table 4). Coyote-removal density (CRD) increased throughout
the study period in response to increased effort and expenditures
and averaged 53.3 coyotes/1,000 km2 for the study period
(Table 4). Mean CRD for livestock conﬂicts in reference
GMUs (54, 56, 71, 73M) was 8.52 coyotes/1,000 km2
(SD ¼ 9.71). We increased ground-based efforts in 2000 and
2001 to maintain coyote removal rates, when snow-tracking
conditions and helicopter availability hampered efforts.
Recreational coyote harvest was low (x  SD ¼ 2.7  1.8/

Table 4. Coyotes removed (n) and density of coyotes removed per 1,000 km2 (CRD) from treatment Game Management Units (GMUs) 55, 57, 73E, and 73A in
southeastern Idaho during 1997–2002. Cost includes contract aircraft, ground operating expense, and personnel time for experimental removal of coyotes. Cost does not
include coyotes removed for livestock protection.
GMU 55

GMU 57

GMU 73A

GMU 73E

Summary

Year

n

CRD

n

CRD

n

CRD

n

CRD

Total coyotes

Mean CRD

Total cost ($)

Cost/coyote ($)

1997
1998
1999
2000
2001
2002
Mean

81
51
46
52
41
64
56

30.52
19.22
17.33
19.59
15.45
24.12
21.04

27
16
41
44
77
74
47

29.25
17.34
44.42
47.67
83.42
80.17
50.38

60
106
106
127
116
185
117

53.19
93.97
93.97
112.59
102.84
164.01
103.43

50
95
32
151
110
110
91

34.87
66.25
22.32
105.30
76.71
76.71
63.69

218
268
225
374
344
433
310

36.96
31.15
55.49
45.89
79.19
70.96
53.27

34,106
40,269
27,211
47,252
51,009
49,119
41,494

156.45
150.26
120.94
126.34
148.28
113.44
135.95
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1,000 km2) and similar across all experimental units. Mean
recreational removal rates by county ranged from 0.45/
1,000 km2 in Oneida County (GMUs 73E and 73M) to 4.78/
1,000 km2 in Power County (GMUs 56 and 73A). Most of the
harvest in Power County was likely outside of the study area on
the Snake River plain, a higher-density coyote habitat than the
isolated mountain ranges of the study area.
We completed 1,126 coyote scat transects during the study
period. Our coyote density indices were extremely variable, especially in removal units, making interpretation difﬁcult. From
the perspective of evaluating effect size of our coyote removal, the
initial density estimate for coyotes in the intensive-study GMUs
was 0.22/km2 adult or 0.15/km2 breeding adults obtained from
the 1998 GMU 56 transects. We used this reference GMU for an
initial estimate because active removal began in 1997 in the
removal GMU. Applying this density estimate to GMU 73A,
an initial estimate of the absolute numbers of the potential
breeding population was 248 adult coyotes in the 1,128-km2
study unit. Therefore, regardless of variation in our coyote population index, these densities equate to percentage coyote removal
for our experimental treatments ranging from 24% in 1997 to
75% in 2002 for GMU 73A.
Removal rates for mountain lions varied across years and
GMUs. In the intensive study area, mountain lion removal

was 2–6 times greater in GMU 73A (treatment) than in
GMU 56 (reference) areas during 1998–2002. In the extensive
study areas, mountain lion removal was greater in treatment
GMUs versus reference GMUs during 1998–2001 but returned
to previous levels by 2002 (Table 5) although harvest was unrestricted. Conservative female quotas were met in reference
GMUs, resulting in season closure before 31 March. Snow
conditions were favorable for developing a lion population
index to test effects of lion harvest in 3 (1998, 1999, and
2001) of 5 intensive-removal years (Table 6). Declines in indices
reﬂected increased mountain lion harvest during 1999–2001 in
the treatment GMU (Table 6), conﬁrming our ability to reduce
lion populations through harvest in the treatment areas. We
observed peak lagomorph index values in 1999 followed by
the lowest levels in 2000 (Table 7). The index varied 7- and
3.5-fold across years in reference and treatment GMUs, respectively (Table 7).
Mule Deer Survival and Productivity
We captured mule deer neonates (n ¼ 250), 6-month-old fawns
(n ¼ 301), and adult females (n ¼ 254) at sites uniformly distributed across seasonal use areas in GMUs 56 and 73A during
1998–2002. Mean annual sample of radiocollared mule deer
included 50 neonates, 60 6-month-old fawns, and 104 adult

Table 5. Mountain lions removed per 1,000 km2 in conservative harvest units (Game Management Units [GMUs] 54, 56, 55, 57a; 8,650 km2b total area) and liberal
harvest units (GMUs 70, 71, 73 Elkhorn, 73 Malad, 73A; 7,115 km2 total area), southeastern Idaho, 1997–2002.
Conservative harvest GMUs

Liberal harvest GMUs

Year

54

56

55

57

Mean

71

73 Malad

73A

73 Elkhornc

Mean

1997
1998
1999
2000
2001
2002

6.8
6.4
2.8
6.0
3.2
4.4

3.5
1.8
2.6
1.8
2.2
1.3

4.0
2.2
4.5
3.1
3.1
5.4

3.4
1.1
3.4
0
0
2.3

4.4
2.9
3.5
2.7
2.1
3.4

0
0
2.1
4.3
4.3
0

1.6
2.5
6.9
2.5
2.8
2.2

3.5
8.9
14.2
8.9
4.4
2.7

1.6
2.5
6.9
2.5
2.8
2.2

1.7
3.5
7.5
4.6
3.5
1.8

a

Identiﬁed as conservative mountain lion harvest starting in 1998.
Excludes 900 km2 of non-mountain lion habitat.
c
Excludes 5 kittens removed from GMU 73.
b

Table 6. Mountain lion track indices, Game Management Units (GMUs) 56 (reference) and 73A (treatment), southeastern Idaho, 1998–2001.
GMU 56a

GMU 73A

Year

Quadrats surveyed

Total km

Tracks counted

Tracks/100 km

Quadrats surveyed

Total km

Tracks counted

Tracks/100 km

1998
1999
2001

6
13
5

131.2
180.5
138.9

2
7
3

1.53
3.88
2.16

6
6
5

119.9
134.0
131.4

5
1
2

4.17
0.75
1.52

a

Identiﬁed as conservative mountain lion harvest starting in 1998.

Table 7. Lagomorphs observed (n) in headlight surveys, Game Management Units (GMUs) 56 (reference) and 73A (treatment), southeastern Idaho, 1998–2002.
GMU 56

GMU 73A

Combined index

Year

km surveyed

n

No./100 km

km surveyed

n

No./100 km

Weighted mean

1998
1999
2000
2001
2002

92.8
92.8
102.4
104.0
95.6

4
13
2
8
3

4.31
14.00
1.95
7.69
3.14

46.5
54.4
47.2
46.3
56.2

1
4
1
2
3

2.15
7.35
2.12
4.32
5.34

3.60
11.55
2.01
6.65
3.95
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females. Four 6-month-old fawns and 2 adult females died of
capture-related injuries.
We collected blood from 95 adult females, 12 yearling females,
and 4 female fawns within GMUs 56 and 73A in 1998. During
1998, pregnancy rates were 98%, 83%, and 0% for females 2 yrs
old, females 1.5 yrs old, and fawns, respectively. In 1999, we
collected blood from 57 adults and 11 yearling females in 4 study
areas (GMUs 54, 56, 71, and 73A); pregnancy rates were 91% for
females 2 yr old and 100% for yearlings. We compared serologic proﬁles for 135 adult females within the study area with
proﬁles for 58 adult females in 4 other mule deer populations in
central and southern Idaho (M. Hurley, Idaho Department of
Fish and Game, unpublished data). We reported disease prevalence (Pi) for GMUs within the study as disease name ¼ Pi for
the study area (range of Pi for 4 other populations). Diseases
documented in the study area and other areas in Idaho included
anaplasmosis with a prevalence Pi ¼ 0 (range 0–0.76), bluetongue ¼ 0.03 (range 0–0.13), BRSV ¼ 0.06 (range 0–0),
BVD ¼ 0.41 (range 0–0.92), EHD ¼ 0 (range 0–0.13),
IBR ¼ 0 (range 0–0.38), and PI3 ¼ 0.27 (range 0.33–0.88).
Neonatal fawns.—Mass gain of neonates differed among years
(F4, 225 ¼ 3.67, P ¼ 0.007) but not among areas. Therefore, we
calculated a regression equation for each year to predict mass at
age 4 days and remove annual variation in growth rates (Fig. 3).
During summer, estimated survival (S) of neonates in the reference area (S ¼ 0.459, SE ¼ 0.048) was lower (x21 ¼ 3.41,
P ¼ 0.069) than survival in the treatment area (S ¼ 0.556,
SE ¼ 0.047) when we combined all years (Fig. 4). Neonatal
fawn survival varied by year and was higher in the treatment
GMU in 1999 (x21 ¼ 5.47, P ¼ 0.019), 2002 (x21 ¼ 3.81,
P ¼ 0.051), and apparently lower in 2000 (x21 ¼ 1.93,
P ¼ 0.16; Fig. 5).
Probability of mortality (hazard) increased from birth until July,
then declined rapidly in August in the treatment area, but not in
the reference area until October (Fig. 6). The hazard function
(pooled across years) was apparently higher in the reference area
until October; however, 95% conﬁdence intervals overlapped,
attesting to variability of survival and removal treatments among
years. In our model without the interaction term (second model
in Table 8), increased density of coyotes removed, higher lagomorph index, and larger body mass all decreased mortality of
neonatal fawns. Coyote removal was the strongest predictor in all
models tested without an interaction. The study area term was
negative, indicating that mortality was initially higher in the
treatment area in the absence of predator removal, suggesting
a greater effect than observed in survival estimates without
covariates (Fig. 5). Study area indicated lower mortality in the
treatment area when modeled univariately, verifying the treatment effect. Addition of a signiﬁcant interaction of CRD and
lagomorph index decreased DAICc by 1.87, received 0.398 of
AICc weight, and represented the best model (Appendix B,
Table 8). A model with mountain lion removal was competing
(DAICc ¼ 3.68) when included with coyote removal and mass
(Appendix B). Low and high survival rates were predicted well
by the best model: GMU 56, S ¼ 0.38 versus predicted S
(Spred) ¼ 0.43, GMU 73A, S ¼ 0.69 versus Spred ¼ 0.66 in
1999; and GMU 56, S ¼ 0.48 versus Spred ¼ 0.47, GMU
73A, S ¼ 0.74 versus Spred ¼ 0.75 in 2002.
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Figure 3. Linear regressions of mass of neonatal mule deer fawns versus age at
capture that we used to predict mass at 4 days of age, southeastern Idaho during
1998–2002. Predicted mass was used as a covariate in the neonatal fawn mortality
models.
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Figure 4. Kaplan–Meier survival curves for neonatal mule deer fawns in summerfall (19 May–30 Nov) in Game Management Unit (GMU) 56 (reference,
n ¼ 118) and GMU 73A (treatment, n ¼ 132), southeastern Idaho, 1998–
2002. We pooled data across years. Minimal numbers of coyotes and mountain
lions were removed from the reference area, whereas intensive removal of coyotes
and mountain lions occurred in the treatment area.

Six-month-old fawns.—Mass of 6-month-old fawns was greater
for males than females (F1, 269 ¼ 32.80, P < 0.001), declined
from 1998 to 2002 (F4, 266 ¼ 5.26, P < 0.001), and did not vary
between study areas (F1, 269 ¼ 1.20, P ¼ 0.263; Table 9). A
signiﬁcant interaction of year and study area (F4, 266 ¼ 3.46,

Figure 6. Baseline hazard function for neonatal mule deer fawns in summer (top)
and hazard function attributable to coyote-caused mortality (bottom) in southeastern Idaho, 1998–2002. Gray lines indicate 95% confidence intervals. Minimal
coyotes and mountain lions were removed from the reference area, whereas intensive removal of coyotes and mountain lions occurred in the treatment area.

Figure 5. Kaplan–Meier survival estimates and standard errors by year for mule
deer fawns in summer and winter in southeastern Idaho, 1998–2002. Minimal
numbers of coyotes and mountain lions were removed from the reference area
whereas intensive removal of coyotes and mountain lions occurred in the treatment
area.
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P ¼ 0.009) suggested the pattern of mass difference varied
among years and between study areas. Mass did not change
over the capture period (b ¼ 0) for any of the 5 yr (16 Dec–
22 Jan; ANCOVA, F4, 266 ¼ 0.50, P ¼ 0.735). Therefore, we
used measured mass at capture as an individual covariate in
survival models.
During winter, fawn survival in the reference area (S ¼ 0.561,
SE ¼ 0.050) was not different (x21 ¼ 0.947, P ¼ 0.36) from
survival in the treatment area (S ¼ 0.627, SE ¼ 0.044) when we
combined all years (Fig. 7). Six-month-old (winter) fawn survival
varied by year, with treatment GMU higher in 2000 (x21 ¼ 6.81,
P ¼ 0.009) and reference higher in 2002 (x21 ¼ 4.23, P ¼ 0.04;
Fig. 5). Probability of mortality (hazard) increased from
December to a peak at approximately 15 March and then
declined until May (Fig. 8). The lagomorph index and
Z-precipitation were highly correlated (r ¼ 0.76); we retained
Z-precipitation because it was related to mortality (x21 ¼ 23.1,
P < 0.001) and the lagomorph index was not (x21 ¼ 1.37,
P ¼ 0.24). Three competing models explained mortality of 6month-old fawns during winter (Appendix B), and the 2 highest
contained mountain lion removal as a predictor. In the top model,
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Table 8. Best-competing-mortality models in order of ranking as identified by Akaike Information Criteria (AICc; Appendix B) for fawns in summer-fall (16 May–
15 Dec), Game Management Unit (GMU) 56 (reference) and GMU 73A (treatment), southeastern Idaho, 1998–2002. We evaluated strength of association with
mortality time for each model with partial likelihood-ratio tests for the fitted model and individual parameter tests of b 6¼ 0.
AICc

Model x2

df

Model P

Parameter estimate

Parameter P-value

Hazard ratio

95% Hazard ratio CI

Coyote removal
Lagomorphs
Mass
Study area
Coyote T Lagomorphs

1,116.92

18.92

5

0.002

S0.011
0.044
S0.194
S1.359
S0.002

0.074
0.430
0.092
0.015
0.045

0.99
1.04
0.82
0.26
0.99

0.99–1.00
0.94–1.16
0.66–1.03
0.09–0.77
0.99–1.00

Coyote removal
Lagomorphs
Mass
Study area

1,118.79

14.97

4

0.005

S0.015
S0.051
S0.203
S0.998

0.011
0.111
0.077
0.065

0.98
0.95
0.82
0.37

0.97–0.99
0.89–1.01
0.65–1.02
0.13–1.07

Coyote removal
Mass

1119.34

10.31

2

0.006

S0.005
S0.231

0.008
0.043

0.99
0.79

0.99–1.00
0.63–0.99

Factor

Table 9. Mean mass (kg) by sex of 6-month-old mule deer fawns, Game Management Unit (GMU) 56 (reference) and GMU 73A (treatment), southeastern Idaho,
1998–2002.
GMU 56

GMU 73A

Females

Males

Females

Males

Year

n

Mass

SE

n

Mass

SE

n

Mass

SE

n

Mass

SE

1998
1999
2000
2001
2002

12
9
14
16
13

36.57
35.40
34.19
33.39
36.08

0.908
2.331
1.168
0.802
0.876

12
20
16
14
17

39.96
40.29
36.85
35.16
37.49

1.012
0.986
0.649
0.669
1.228

11
17
11
12
16

34.92
35.45
34.42
35.42
32.94

0.959
0.793
0.773
1.346
0.916

10
17
18
13
14

37.67
39.58
38.58
36.57
34.32

1.423
1.251
1.166
1.466
1.015

Z-precipitation, mass, and mountain lion removal were important predictors of mortality (Table 10). Inclusion of sex decreased
AIC but was not a signiﬁcant parameter. Below-average
summer precipitation and above-average winter precipitation
(Z-precipitation) increased mortality, higher mountain lion removal and greater mass decreased mortality, and female mortality
was lower than males. Coyote removal was not related to fawn
mortality in the winter (x21 ¼ 0.23, P ¼ 0.62).
Our models predicted mortality could decrease up to 37% with
maximum mountain lion removal during an average winter.

Figure 7. Kaplan–Meier survival curves for 6-month-old mule deer fawns in
winter-spring (16 Dec–15 May) in Game Management Unit (GMU) 56 (reference, n ¼ 143) and GMU 73A (treatment, n ¼ 139), southeastern Idaho, 1997–
2002. Data are pooled across years.
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Mortality decreased 28% with a wet summer (maximum precipitation observed) and dry winter (minimum precipitation) or
increased 52% with a dry summer and wet winter. Models
predicted a 19% decrease in mortality with each 4.55-kg increase
in mass, which was the maximum average difference between
years.
Adult females.—Hazard functions were not proportional in our
adult female mortality models when season was included as
a covariate (proportional hazards global test x23 ¼ 9.31,

Figure 8. Baseline hazard function for neonate mule deer fawns in winter, southeastern Idaho, 1998–2002. Gray lines indicate 95% confidence intervals. Minimal
numbers of coyotes and mountain lions were removed from the reference area,
whereas intensive removal of coyotes and mountain lions occurred in the treatment
area.
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Table 10. Best-competing-mortality models in order of ranking as identified by Akaike Information Criteria (AICc; Appendix B) for fawns in winter-spring (16 Dec–
15 May), Game Management Unit (GMU) 56 (reference) and GMU 73A (treatment), southeastern Idaho during 1998–2002. We evaluated strength of association with
mortality time for each model with partial likelihood ratio tests for the fitted model and individual parameter tests of b 6¼ 0.
AIC

Model x2

df

Model P

Parameter estimate

Parameter P-value

Hazard ratio

95% Hazard ratio CI

Z-precipitation
Mass
Lion removal
Sex

1,121.86

42.97

4

<0.001

0.625
S0.090
S0.058
0.370

<0.001
<0.001
0.045
0.69

1.87
0.91
0.94
1.45

1.32–2.65
0.87–0.96
0.89–0.99
0.97–2.14

Z-precipitation
Mass
Lion removal

1,123.12

39.65

3

<0.001

0.630
S0.076
S0.060

<0.001
<0.001
0.037

1.87
0.93
0.94

1.32–2.66
0.87–0.97
0.89–0.99

Z-precipitation
Mass
Sex

1,124.25

38.52

3

<0.001

0.766
S0.092
0.389

<0.001
<0.001
0.055

2.15
0.91
1.48

1.52–3.02
0.87–0.96
0.89–2.20

Factor

P ¼ 0.025, season x21 ¼ 8.08, P ¼ 0.005). Stratiﬁcation by season was an option but required the assumption of equal coefﬁcients across strata with different baseline hazards. Given
differing life-history traits between seasons, this assumption
was biologically unlikely, prompting us to separate mortality
models by season.
Survival of adult female mule deer during summer was 0.93 in
all years and both intensive-study GMUs. During summer, adult
female survival in the reference GMU (S ¼ 0.950, SE ¼ 0.015)
did not differ (x21 ¼ 1.33, P ¼ 0.242) from the treatment GMU
(S ¼ 0.970, SE ¼ 0.009) when we combined all years, but it

Figure 9. Kaplan–Meier survival estimates and standard errors by year for mule
deer adult females in summer and winter in southeastern Idaho, 1998–2002.
Minimal coyotes and mountain lions were removed from the reference area,
whereas while intensive removal of coyotes and mountain lions occurred in the
treatment area.
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varied among years with the only difference observed between
reference and treatment in 1999 (x21 ¼ 6.71, P ¼ 0.0096,
Fig. 9). The baseline hazard was lowest in summer for adult
females and increased through the winter (Fig. 10). Summer
precipitation and the previous winter precipitation were highly

Figure 10. Annual baseline hazard function for adult female mule deer (top) and
hazard function attributable to mountain lion–caused mortality (bottom) in southeastern Idaho, 1998–2002. Gray lines indicate 95% confidence intervals. Minimal
number of coyotes and mountain lions were removed from the reference area,
whereas intensive removal of coyotes and mountain lions occurred in the treatment
area.
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correlated (r ¼ 0.87), therefore we did not enter these covariates
into the same model. Correlations of all other covariates were
<0.28. The 2 top models had similar weight (0.28 and 0.29), and
the top model included an age-by-lion-removal interaction term
(Appendix B). The competing model with the fewest covariates
(previous winter precipitation and age) was the third-ranked
model ðw ¼ 0:188Þ. Precipitation in the previous winter was
the best predictor of adult female mortality; higher precipitation
increased mortality (Table 11). Mortality increased with age and
decreased with higher mountain lion removal. The positive
interaction indicated the effect of mountain lion removal decreased with increasing age, suggesting compensatory mortality
as individuals aged.
Adult female survival during winter in the reference area
(S ¼ 0.932, SE ¼ 0.017) did not differ (x21 ¼ 0.583,
P ¼ 0.463) from the treatment area (S ¼ 0.945, SE ¼ 0.026)
across years. The top model for winter ðw ¼ 0:372Þ included age,
mountain lion removal, and study area, which were all signiﬁcant
(P < 0.001, Appendix B, Table 11). Inclusion of additional
predictors, although competing models, did not improve the
AICc score (Appendix B). Mortality of adult females decreased
with mountain lion removal, increased with age, and was initially
lower in the reference area (Table 11). Annual survival of adult
females was apparently higher (x21 ¼ 3.27, P ¼ 0.071; Fig. 9) in
the treatment GMU during 1999, coinciding with high mountain lion removal (Table 5). By winter 2001, adult female survival
was lower in the treatment area than the reference area during
winter (Fig. 9). This pattern is evident in the baseline and lioncaused mortality hazard functions, as both functions were lower
in summer in the treatment area than the reference area.
However, in winter, the baseline hazard was higher on the
treatment area, likely driven by the increased mortality during
the severe winter of 2002 (Fig. 2), whereas the lion-caused
mortality hazard remained higher on the reference area
(Fig. 10). As with neonatal fawns, these patterns suggest mortality without predator removal would have been higher in the
treatment area. Coyote removal was not related to adult mortality
(hazard ratio ¼ 1.002, P ¼ 0.395).

Summer models predicted that maximum recorded precipitation during the previous winter would increase mortality 16%.
Our models predicted that mortality would increase 3% during
summer and 2.8% during winter with each 2-yr increase in age.
Our models predicted a 5.5% decrease in adult female winter
mortality following maximum mountain lion removal of
14/1,000 km2.
Causes of Mule Deer Mortality
Cumulative-incidence-function mortality rates during 1998–
2002 varied between treatments and among age classes
(Table 12). Mortality rates of neonatal fawns from coyote,
mountain lion, and undetermined predators were apparently
lower in the treatment GMU, but not signiﬁcantly, whereas
we observed no differences in winter (Table 12). These multiyear mortality rates exhibited the expected pattern but not the
certainty of the mortality models (Tables 8 and 10) likely due to
the variation introduced by dissimilar annual predator-removal
treatments and sample-size requirements of the PepeMori test
(Pintilie 2006).
Annual mountain lion-caused mortality of adult females was
lower and natural mortality was higher in the treatment GMU
during both seasons (Table 12, Fig. 10). Mountain lions
killed older adult females (7.1 yr, SE ¼ 0.73) than occurred in
the treatment GMU population (5.2 yr, SE ¼ 0.12, t12 ¼ 2.48,
P ¼ 0.015). The pattern was similar, but not as pronounced in
the reference GMU (mountain lion kills, 5.7 yr, SE ¼ 0.60;
population, 5.2 yr, SE ¼ 0.11, t20 ¼ 0.78, P ¼ 0.22). Females
killed by lions were older in the treatment area than reference area
(t32 ¼ 1.49, P ¼ 0.073). Adult females that died of natural
causes (malnutrition or entire carcass with non-predator but
unconﬁrmed cause of death) were older in the treatment
GMU (8.1 yr, SE ¼ 1.11, n ¼ 7, t5 ¼ 2.36, P ¼ 0.038) and
reference GMU (8.5 yr, SE ¼ 0, n ¼ 2, t2 ¼ 29.51, P  0.001)
than were present in the populations, but age of females that died
of natural causes was not different between areas (t7 ¼ 0.22,
P ¼ 0.41). Of the 9 total natural cause deaths, 6 died in winter
to early summer of 2002. Contrary to expectations, coyote-caused

Table 11. Best-competing-mortality models in order of ranking as identified by Akaike Information Criteria (AICc; Appendix B) for adult female mule deer by season,
Game Management Unit (GMU) 56 (reference) and GMU 73A (treatment), southeastern Idaho, 1998–2002. We evaluated strength of association with mortality time
for each model with partial likelihood-ratio tests for the fitted model and individual parameter tests of b 6¼ 0.
AICc

Model x2

Df

Model P

Parameter estimate

Parameter P-value

Hazard ratio

95% Hazard ratio CI

317.10

16.98

4

0.0019

0.23
0.06
S0.28
0.03

0.007
0.550
0.076
0.152

1.25
1.07
0.76
1.03

1.06–1.47
0.86–1.32
0.56–1.03
0.99–1.07

Previous winter precipitation
Age
Lion removal

317.17

14.88

3

0.0019

0.23
0.18
S0.08

0.006
0.014
0.119

1.26
1.20
0.92

1.07–1.49
1.04–1.38
0.83–1.02

Previous winter precipitation
Age

317.96

12.07

2

0.0024

0.22
0.19

0.009
0.010

1.24
1.20

1.05–1.46
1.05–1.39

31.67

3

<0.0001

0.19
S0.25
S1.21

<0.001
<0.001
<0.001

1.21
0.78
0.30

1.08–1.36
0.67–0.90
0.14–0.61

Factor
Summer–fall (16 May–15 Dec)
Previous winter precipitation
Age
Lion removal
Age T lion removal

Winter–spring (16 Dec–15 May)
Age
514.95
Lion removal
Study area
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Table 12. Fates of radiocollared mule deer by age class and treatment, southeastern Idaho, 1998–2002. We calculated mortality rates with cumulative incidence function
(CIF) in the presence of competing causes for all years combined. We tested differences between CIFs with predator removal treatment or reference areas with PepeMori
x2 tests.
Treatment Game Management Unit (GMU) 73A
Age class (fate)

n

CIF

Neonatal fawns (birth to 30 Nov)
Bobcat
4
0.029
Coyote
13
0.107
Lion
6
0.072
Predationa
6
0.052
b
Natural
13
0.118
3
0.026
Otherc
Unknown
5
0.057
6-month-old fawns (16 Dec–15 May)
Bobcat
3
0.022
Coyote
15
0.148
Lion
18
0.135
Malnutrition
9
0.067
Other
2
0.014
Unknown
2
0.014
Adult females (annual)
Coyote
4
0.013
Lion
14
0.049
Predation
3
0.012
Natural
7
0.024
Other
1
0.003
Unknown
8
0.027

PepeMori x2

Reference GMU 56

95% CI lower

95% CI upper

n

CIF

95% CI lower

95% CI upper

x2

P

0.010
0.059
0.027
0.021
0.064
0.007
0.017

0.068
0.170
0.148
0.104
0.189
0.069
0.131

4
15
13
9
11
4
4

0.037
0.128
0.109
0.079
0.118
0.036
0.041

0.012
0.075
0.061
0.039
0.060
0.012
0.013

0.086
0.195
0.173
0.138
0.196
0.083
0.093

0.08
0.94
0.93
0.08
0.15
1.33
0.39

0.78
0.33
0.34
0.78
0.70
0.25
0.53

0.006
0.070
0.083
0.033
0.003
0.003

0.058
0.252
0.201
0.118
0.047
0.046

1
23
16
10
2
9

0.007
0.173
0.130
0.074
0.014
0.065

0.001
0.114
0.070
0.038
0.003
0.032

0.035
0.242
0.209
0.126
0.047
0.114

0.95
0.00
0.00
0.16
1.21
4.04

0.33
0.97
0.95
0.69
0.27
0.04

0.0003
0.024
S0.001
0.006
S0.003
0.009

0.026
0.073
0.025
0.041
0.010
0.046

1
20
3
2
2
5

0.004
0.082
0.013
0.008
0.008
0.020

0
0.047
0
0
0
0.003

0.011
0.116
0.028
0.019
0.019
0.038

2.98
2.96
0.52
3.21
1.12
1.26

0.08
0.09
0.47
0.07
0.29
0.26

a

Predation ¼ conﬁrmed predation, but species of predator not identiﬁed.
Natural ¼ malnutrition, disease, or other non-predatory natural cause (generally whole carcass).
c
Other ¼ human-caused, fence, vehicle accident, etc.
b

mortality of adult females was higher in the treatment area; four
were killed by coyotes in the treatment area and one was killed in
the reference area (Table 12).
Changes in Mule Deer Fawn Ratios and Population Growth
Rate
Neonate fawn-at-heel ratios.—Based on June fawn-at-heel
ratios, twinning rates were high in GMUs 56 and 73A
(Fig. 11). A post hoc analysis conﬁrmed that fawn-at-heel ratios

Figure 11. Neonatal mule deer fawn-at-heel ratios and 90% confidence intervals
for 2 deer populations within the intensive study area in southeastern Idaho, 1998–
2002. Both coyotes and lions were intensively removed from the treatment game
management unit (GMU) but not the reference GMU.
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were similar between reference (56) and treatment (73A) GMUs
during 1998 and 1999 (t78 ¼ 0.26, P ¼ 0.79). Observed ratios
were lower (t146 ¼ 2.18, P ¼ 0.031) during 2000–2002 in the
treatment area and exhibited a declining trend through 2002.
Fawn-to-adult female ratios.—We calculated early winter fawnto-adult female ratios (fawn ratios) for each study area and year
(Table 13). Overall mean fawn ratio was 0.588 (SE ¼ 0.013) and
ranged from 0.322 (SE ¼ 0.029) to 0.839 (SE ¼ 0.048).
Coyote removal (P ¼ 0.314) had no effect on fawn ratios, but
mountain lion removal had a weak positive effect (P ¼ 0.109;
Table 14). Vulnerability coefﬁcients that we estimated to test our
hypothesis of increased fawn ratios with predator removal were
not signiﬁcant for coyote removal (0.0015, SE ¼ 0.0015,
t28 ¼ 1.016, P ¼ 0.318, 2-tailed), but were positive for
mountain lion removal (0.0161, SE ¼ 0.00952, t28 ¼ 1.688,
P ¼ 0.051, 1-tailed). There was no interaction between coyote
and mountain lion removals (P > 0.72) in either analysis.
Individually, summer precipitation (F1, 38 ¼ 4.97, P ¼ 0.032)
and previous winter precipitation (F1, 38 ¼ 3.56, P ¼ 0.067) had
negative effects on fawn ratios, but we found a positive interaction between those terms (F1, 38 ¼ 9.95, P ¼ 0.003). This interaction suggests a positive inﬂuence on neonatal survival with
increased late-summer precipitation, whereas early-summer precipitation had a negative effect. Because they were biologically
meaningful, we subsequently used precipitation variables in lieu
of year effects for modeling changes in fawn ratios.
As removal of mountain lions increased, fawn ratios increased
weakly but signiﬁcantly, regardless of whether coyotes were
removed (P ¼ 0.089, 1-tailed; Fig. 12d) or not (P ¼ 0.063, 1tailed; Fig. 12c). Conversely, as removal density of coyotes
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Table 13. Fawn-to-adult female ratios (FDR) and SE for mule deer within each of the predator removal treatments during December–January in southeastern Idaho,
1997–2003. We used fawn-to-adult female ratios in years 1999 through 2003 to test the effects of coyote and mountain lion removal.
Reference 1,
Game Management Unit
(GMU) 54
Winter
1997
1998
1999
2000
2001
2002
2003

FDR

0.60
0.60
0.59
0.54
0.55

Reference 2,
GMU 56

Coyote 1,
GMU 55

Coyote 2,
GMU 57

SE

FDR

SE

FDR

SE

FDR

SE

0.054
0.041
0.044
0.037
0.043

0.64
0.65
0.47
0.68
0.58
0.55

0.039
0.034
0.026
0.031
0.025
0.036

0.56
0.58
0.46
0.60
0.47
0.49

0.047
0.048
0.041
0.055
0.035
0.034

0.54
0.51
0.56
0.67
0.57
0.54

0.071
0.056
0.045
0.052
0.054
0.090

increased, fawn ratios did not increase signiﬁcantly, regardless of
whether mountain lions were removed (P ¼ 0.161, 1-tailed;
Fig. 12b) or not (P ¼ 0.54, 1-tailed; Fig. 12a).
The weighted ANODEV estimated a vulnerability coefﬁcient
of CL ¼ 0.0161 for mountain lion predation. Hence, we expected
fawn ratios to be modiﬁed by mountain lion removal (LRD) by
the quotient, e0.0161(LRD). Using this equation, we predicted that
under the average removal density (3.53/1,000 km2) of mountain
lions observed across the study GMUs, the fawn ratio would
increase by 6% over no removal. We would expect fawn ratios to
increase by 27% at the maximum removal rate we observed
(14.84/1,000 km2) over that of no mountain lion removal.
Population growth rate.—Mule deer population rate of change
varied across the study area independent of coyote- or mountain
lion–removal treatments (Fig. 13). We tested for autocorrelation
in our population data to assess violation of assumptions in linear
regression. The dependent variable in regression models, mule
deer population rate of increase, was not autocorrelated
(P > 0.22) within study GMUs for any of the 6 time lags across
the study period. As might be expected with assigned experimental treatments, some evidence of autocorrelation existed
within individual GMUs for coyote- and lion-removal density,
although none for the ﬁrst time lag (CRD P > 0.116, lionremoval density P > 0.18), which is biologically most important.
Given the lack of autocorrelation, standard GLM regression
procedures were appropriate for evaluating the effects of predator
removal on mule deer population growth.
Table 14. Weighted analysis of deviance (ANODEV) for fawn-to-adult female
ratios based on covariates for coyote or mountain lion removal densities,
southeastern Idaho, 1999–2003. We separately tested the main effects of
removal for each species after adjusting for year and site effects. df ¼ degrees of
freedom, dev ¼ deviance, MDev ¼ mean deviance.
Source

df

Dev

TotalCor
Year effects
Summer precipitation
Winter precipitation
Summer  winter precip.
Site
Total after adjusting for year and
site effects
Coyote removal
Error
Mountain lion removal
Error

39

73.770

1
1
1
7
29

8.556
6.283
15.284
12.179
31.464

1
28
1
28

1.136
30.293
2.799
28.629
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MDev

F

P

1.136
1.082
2.799
1.022

1.050

0.314

2.738

0.109

Lion 1,
GMU 71

Lion 2,
GMU 73 Malad

Coyote and lion 1,
GMU 73 Elkhorn

Coyote and lion 2,
GMU 73A

FDR

SE

FDR

SE

FDR

SE

FDR

SE

0.74

NA

0.55
0.62
0.62
0.65
0.32

0.051
0.044
0.037
0.033
0.029

0.74
0.50
0.63
0.63
0.64
0.66
0.42

NA
0.088
0.059
0.060
0.046
0.042
0.039

0.68
0.77
0.57
0.58
0.73
0.61
0.53

NA
0.072
0.097
0.066
0.052
0.034
0.032

0.84
0.58
0.52
0.71
0.78
0.72
0.51

0.048
0.037
0.033
0.051
0.032
0.037
0.030

The rate of increase of mule deer populations was best explained
by severity of the winter preceding the interval of interest. Both
winter severity index and the 1-yr lagged winter severity index
were included in competing (<2D AICc) models (Table 15).
There were no signiﬁcant interactions within the top models,
however, when we included the positive lionlag  WSI interaction (t51 ¼ 1.6, P ¼ 0.12) in model 3, this model replaced model
2 as the best model (Tables 15 and 16). This interaction was the
only addition that decreased the AICc value (17.59) of the
parent model. Although predator removal in the preceding year
(lagged predator removal) was included in the top 3 models, little
additional information was contributed over the model including
only winter severity and lagged winter severity (DAICc ¼ 0.75,
Table 15). Models with lagged predator-removal-only factor
explained little variation in rate of population increase (R2
lionlag ¼ 0.015, adjusted R2 coyotelag ¼ 0.016). Nevertheless,
model coefﬁcients were positive (Table 16), indicating that
increases in lion or CRD, lagged 1 yr, was associated with
increased population growth rate.
Relative variable importance, based on the conﬁdence set of
models (Table 15; models 1–9, DAICc ¼ 2.92, sum of
weights ¼ 0.954; Burnham and Anderson 1998:168–169), indicated that winter severity in the preceding winter and winter
severity were approximately 2.5 times as important as lagged
removal treatments. Populations in several study GMUs were
reduced in 2002 due to forage limitations caused by the dry
summer in 2001 followed by above-average winter snowfall
(Figs. 2 and 13). Populations in the southernmost GMUs (56,
73E, and 73M) declined 43–53% in 2002 (Fig. 13). Lagged
removal treatments were 3 times (coyote removal) to 9 times
(lion removal) as important as current removal treatments.

DISCUSSION
Our experimental efforts to change mule deer demography
through removal of their 2 top predators had minimal effects,
providing no support for the hypothesis that predator removal
would increase mule deer populations. In contrast to our predictions (Table 1), we found inconsistent effects of predator
removal on life-history and population metrics. Population
growth rates did not increase following predator reduction as
predicted. December fawn ratios increased with mountain lion
removal but not coyote removal. We observed decreased mortality of neonate fawns with increased coyote removal and decreased
mortality of 6-month-old fawns and adult females with increased
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Figure 12. Relationship of fawn-to-adult female mule deer ratios versus (a) coyote removal density within the 4 game management units (GMUs) that did not receive a
mountain lion removal treatment, (b) coyote removal density within the 4 GMUs that did receive a mountain lion removal treatment, (c) mountain lion removal density
within the 4 GMUs that did not receive a coyote removal treatment, and (d) mountain lion removal density within the 4 GMUs that did receive a coyote removal
treatment in southeastern Idaho, 1999–2003.

mountain lion removal. However, the effects of decreased mortality of fawns and adults were not manifested in population rate
of increase, and our results suggest other factors, especially
climate and the interaction between predation and primary productivity, regulate mule deer population dynamics in southern
Idaho.

Figure 13. Spring mule deer population growth rate (r) for 8 subpopulations in
southeastern Idaho, 1997–2003. We labeled each pair of replicates to depict coyote
and mountain lion treatments, Ref ¼ reference areas, Lion ¼ experimental
mountain lion removal, Coyote ¼ experimental coyote removal, Coyote and
lion ¼ experimental coyote and mountain lion removal.
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Predator Reduction
Effect sizes of our removal of mountain lions or coyotes were of
sufﬁcient magnitude and variation to provide a deﬁnitive test
of the effects of predator removal on mule deer populations
(Ballard et al. 2001), although predator-removal densities
varied across study GMUs and year. We applied the maximum
coyote-removal effort possible in a management context,
mitigating the constraints of tracking conditions for helicopter
removal and helicopter availability by assigning a Wildlife
Services employee to each GMU for additional ground-removal
efforts. For coyotes, our population estimates were similar to
those reported elsewhere in the literature. Our initial density
estimate for coyotes in the intensive-study GMUs was 0.22/km2
adult or 0.15/km2 breeding adults. This estimate was twice
that of Clark’s (1972) estimate of 0.114/km2 adult coyotes or
0.08/km2 breeding adult coyotes for the same area. Our estimate
was similar to mean densities reported for the Missouri
River Breaks (0.21 coyotes/km2) or prairie environments
(0.14 coyotes/km2) in Montana (Hamlin et al. 1984, Pyrah
1984). Mean density estimates for a 2-yr period in Colorado
were 0.205 coyotes/km2 (Karki et al. 2007). The maximum
estimated removal rate of 75% of the coyote population in
GMU 73A in our study is similar to that reported by Karki
et al. (2007), who observed a mean removal rate of 59.7%
(range ¼ 40.5–75%) also using helicopter-removal effort, but
not trapping, in Colorado. Concordance of these studies with
our data suggests our density estimate and corresponding removal
rate were reasonably accurate.
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Table 15. Top model set (models 1–9) of selection results using Akaike Information Criteria (AICc) testing the main effects of coyote and mountain lion removal and
winter severitya on mule deer rate of population increase, 1997–2003, where DAICc ¼ AICc units from the best model and W ¼ Akaike Information Criteria evidence
weights.
Model

K

AICc

DAICc

W

lionlag þ wsi þ wsilag þ lionlag  wsi
coyotelag þ wsi þ wsilag
lionlag þ wsi þ wsilag
wsi þ wsilag
coyotelag þ wsi þ wsilag þ wsi  wsilag
lionlag þ coyote þ wsi þ wsilag
coyote þ wsi þ wsilag
lion þ coyotelag þ wsi þ wsilag
lionlag þ coyotelag þ wsi þ wsilag
wsilag
lion þ coyote þ wsi þ wsilag
lionlag þ wsi

5
4
4
3
5
5
4
5
5
2
5
3

17.59
17.37
17.28
16.84
16.08
15.41
15.22
14.92
14.77
13.40
12.88
6.67

0
0.22
0.31
0.75
1.51
2.18
2.37
2.67
2.82
4.19
4.71
10.92

0.189
0.169
0.161
0.130
0.088
0.063
0.058
0.050
0.046
0.023
0.018
0.001

Model rank
1
2
3
4
5
6
7
8
9
10
11
12

a
We evaluated the covariates including coyotes removed/1,000 km2 (coyote), coyotes removed lagged 1 yr (coyotelag), mountain lions removed/1,000 km2 (lion),
mountain lions removed lagged 1 yr (lionlag), winter severity (wsi), and winter severity lagged 1 yr.

Table 16. Top 3 general linear models relating mule deer population rate of increase to removal of coyotes and mountain lions, and winter severity in southeastern Idaho,
1997–2003. Variables included in the model set were: lionlag ¼ mountain lions removed in the previous year, wsi ¼ winter severity, wsilag ¼ winter severity in the
previous year, coyotelag ¼ coyotes removed in the previous year.
Model
lionlag þ wsi þ wsilag þ lionlag  wsi
coyotelag þ wsi þ wsilag
lionlag þ wsi þ wsilage
a

Adjusted R2
0.268
0.239
0.244

b0

SE
a

0.11
0.07
0.11a

0.044
0.042
0.045

b1
0.01
0.001
0.02

SE
0.011
0.0009
0.010

b2

SE
a

0.24
0.11a
0.14a

0.081
0.049
0.051

b3
a

0.20
0.21a
0.19a

SE

b4

SE

0.052
0.055
0.053

0.03

0.018

Parameters where probability of b ¼ 0 is <0.05.

Mountain lion removal was similarly high but variable in
treatment GMUs compared to reference GMUs during the study
period because of ﬂuctuating hunter behavior and success rates.
Despite this variation, harvest rates were quite high. For example,
Holmes and Laundre (2000) estimated a population of 16–17
resident and independent mountain lions for GMU 73A through
intensive capture and telemetry methods, 1997–1998. We
documented 16 mountain lions removed from GMU 73A during
1998–1999, which would suggest a harvest rate of >94%.
Laundre et al. (2007) estimated 11–15 independent mountain
lions per 1,000 km2 within their study area, which included
GMUs 55 and 57 in our study area, during the period of study
from 1997 to 2002. Applying our removal rates to these density
estimates suggests we removed 0–94% of independent lions per
GMU. This reduction was corroborated by our track indices,
with the lowest observed values in 1999, 2 yr after removals
were initiated. Furthermore, in all treatment areas except
GMU 71, adult female harvest exceeded 25% of total harvest
by 2000 and declined in 2001–2002, indicating a high harvest
rate for 1998–2000 (Anderson and Lindzey 2005). Anderson
and Lindzey (2005) estimated a density of 29 mountain lions/
1,000 km2 in the Snowy Range of Wyoming, and Choate
et al. (2006) estimated densities of 12–32 mountain lions/
1,000 km2 in central Utah depending on duration of exploitation.
These density estimates are based on high-quality mountain
lion habitat, whereas we based our removal estimates on the
entire area of the GMU and included low-quality mountain
lion habitat. Our removal-rate estimate would increase if we
conﬁned the area estimate to more traditional mountain lion
habitat.
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As mountain lion populations decreased, hunting became more
difﬁcult and hunting pressure declined during the 2001–2002
general harvest seasons. Harvest was further reduced due to poor
snow conditions and hunter success in 2001. Lindzey et al. (1992)
reported a mountain lion population recovered to pre-removal
numbers within 9 months following cessation of a 36% removal
experiment. Logan and Sweanor (2001) found that a population
recovered 31 months after a 47% removal effort. The work of
these authors suggests that the lower rate of removal of mountain
lions in the liberal harvest GMUs during the last 2 yr of the study
may have allowed population recovery by 2002.
Factors Affecting Deer Productivity and Survival
Pregnancy rates of adult and yearling female mule deer were high
in all study areas. These rates were higher than most reported for
similar habitats in the Intermountain West (Robinette et al.
1977, Anderson 1981). Fawn-at-heel ratios were also higher
than most fetal rates reported in a comprehensive review by
Anderson (1981) and similar to recent work (Bishop et al.
2009). Therefore, observed below-average recruitment rates in
the study areas were probably not the result of low pregnancy or
fetal rates in these populations.
Low incidence of disease-related death among fawns or adults
and normal serology values indicated these agents were not
limiting vital rates of mule deer in southeast Idaho. Disease
prevalence for mule deer in the study area was in the lower
end or even below the ranges of prevalence in other populations
in Idaho, with the exception of BRSV, which causes lower
respiratory tract infections in young cattle. However, only 6%
of adults sampled were positive for BSRV antibodies in our study
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area. Antibody prevalence for anaplasmosis, bluetongue, and
EHD were lower within the study area than reported for
California (Chomel et al. 1994) and North Dakota (Hoff
et al. 1973).
Neonatal fawn survival.—Few studies have tested the effect of
predator removal on mortality of neonatal mule deer fawns
(Austin et al. 1977, Smith and LeCount 1979, Trainer et al.
1981), and none at large landscape scales. In contrast, many
studies have tested the effect of coyote removal on white-tailed
deer mortality (Ballard et al. 2001). This distinction is important
because mule and white-tailed deer have different anti-predator
strategies (Lingle et al. 2005), likely differentiating the effect of
reduced coyote density. Coyotes are less likely to attack mule deer
fawns than white-tailed deer fawns and are less likely to kill mule
deer fawns if attack is commenced. Defensive behavior by mule
deer dams generally contributes to lower predation rates by
coyotes (Lingle et al. 2005). Given these distinct species traits,
it is not surprising that we did not observe the dramatic results
seen with coyote-removal experiments on white-tailed deer
(Beasom 1974, Kie and White 1985).
We documented decreased mortality of fawns from birth to
6 months old through coyote removal as hypothesized. Coyotecaused mortality of neonates in the reference area was 0.13, which
is similar to other recent work, 0.13 (Pojar and Bowden 2004)
and 0.12 (Bishop et al. 2009). Coyote-caused mortality rate
across all years was lower in the treatment unit (0.11), but not
signiﬁcantly. Nevertheless, the effect of coyote removal was the
most important predictor in our mortality models, suggesting
speciﬁc conditions facilitate increased effect of coyote removal
during some years. The generalist nature of coyote prey selection
as inﬂuenced by vulnerability and availability of prey may lead to
the inconsistent effect of coyote removal. Overall rates of mountain lion–caused mortality rates were lower in the treatment
GMU (0.07) than the reference GMU (0.11), suggesting the
effects of mountain lion removal may be somewhat confounded
by the stronger predictor, coyote removal.
Coyote populations in our study probably mirrored their primary prey, lagomorphs, similar to other studies of coyote ecology
(Hoffman 1979, Todd and Keith 1983, Gese 1995), with
important implications for mule deer fawns, a secondary prey
in our system. As lagomorph density increased, fawn mortality
decreased (Table 8, second model), suggesting coyote predation
may switch to mule deer at lower lagomorph densities.
Furthermore, there was an interaction between coyote removals
and lagomorph density (Table 8, ﬁrst model), such that at high
lagomorph densities the effects of coyote removal decreased fawn
mortality even more than expected just based on main effects.
The higher mortality of fawns during low lagomorph abundance
was contrary to our expectations, although the coyote removal
rate was close to median (113 coyotes removed/1,000 km2). The
relative scarcity of primary prey may have increased coyote dependence on mule deer fawns for prey, thereby canceling the
effect of reduced coyote density.
We hypothesize that coyote populations ﬂuctuate with their
main prey items, lagomorphs and small mammals, and when one
of these prey populations is reduced, coyotes switch to deer fawns
as alternate prey. Previous research has documented the inﬂuence
of coyote/primary prey ratio on prey selection and survival of
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ungulates. Hoffman (1979) reported that coyotes switched to
mule deer during low jackrabbit abundance in the south portion
of our reference area and adjoining northern Utah. Snowshoe
hare (L. americanus) abundance explained 94% of the variation in
coyote food habits in Alberta, Canada (Todd and Keith 1983),
and greater abundance of snowshoe hare decreased the rate of
coyote predation on white-tailed deer in Nova Scotia, Canada
(Patterson and Messier 2000). Mortality of mule deer fawns
attributed to coyotes was lowest when microtine rodent populations were high in Montana (Hamlin et al. 1984). Prugh (2005)
observed that the ratio of Dall sheep (Ovis dalli) killed per coyote
did not change as coyote populations increased with increasing
snowshoe hare abundance (i.e., no prey switching), but the
resultant increase in the coyote population led to more sheep
killed. Because coyote and lagomorph populations can be highly
correlated (Clark 1972, Hamlin and Mackie 1989, Knowlton and
Gese 1995), we think our predator–prey ratio likely remained
similar at all levels of lagomorph abundance until coyote removal
changed the ratio. Thus, the beneﬁts of increased lagomorphs to
fawn survival would not be realized until a reduction in coyote
populations increased the available food items per coyote. These
results emphasize the key importance of understanding the community ecology of all prey species in predator–prey studies
(DeCesare et al. 2010).
Fawn vulnerability also may have increased due to nutritional
condition. As we observed, higher birth mass was associated with
decreased neonatal mortality in mule deer (Lomas and Bender
2007, Bishop et al. 2009) and most other temperate ungulates
(Gaillard et al. 2000). Rate of mass gain is another important
aspect of neonatal fawn development because fawn body mass
before winter is a reliable predictor of survival to recruitment
(Bartmann et al. 1992, Unsworth et al. 1999, Lukacs et al. 2009).
Mass gain is dependent on dam nutrition, behavior (Robinette
et al. 1973), and nutritional resources available to the fawn
(Parker et al. 2009). Rate of mass gain was highest in 1998
when total summer precipitation was nearly twice that of other
years, suggesting that adult females in 1998 were on a higher
nutritional plane than in other years. Forage quality has been
linked to increased precipitation in arid climates such as prevails
in our study area (Hamlin and Mackie 1989, Marshal et al. 2005).
Thus, above-average precipitation during the growing season and
increased mass gain should positively inﬂuence summer fawn
survival (Knowlton 1976, Lomas and Bender 2007). Conversely,
exposure to cold, wet weather shortly after birth can increase
neonate mortality (Gilbert and Raedeke 2004, Pojar and Bowden
2004), as we observed death due to exposure following measurable snow falls in 3 of 12 (25%) fawns captured at birth sites.
Survival of fawns in winter.—Mortality of 6-month-old fawns
in winter decreased with higher summer precipitation, greater
mass, and lower winter precipitation, as hypothesized. Fawn
mortality followed the pattern of mountain lion removal,
but not coyote removal, as evidenced by mortality models.
Unexpectedly, the highest winter mortality we observed did
not coincide with extremes in winter precipitation. During the
year with the highest winter mortality (2002), winter precipitation equaled the median for all 5 yr, but precipitation during the
2 previous summers (2000 and 2001) was low (Fig. 2), validating
the role of summer nutrition and fat deposition for mitigating
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winter weather conditions. The importance of summer and
autumn nutrition and resulting mass gain in temperate environments has been highlighted in mule deer (Hobbs 1989, Bartmann
et al. 1992, Unsworth et al. 1999), elk (Cervus elaphus, Cook
et al. 2004), and most other ungulates (Parker et al. 2009).
Furthermore, total winter (1 Oct–15 Apr) precipitation may
mask important time periods within winter. For example,
November and December snowfall and minimum temperature
are important predictors of over-winter fawn survival in Colorado
(Bartmann et al. 1992) and Idaho (M. Hurley, Idaho Department
of Fish and Game, unpublished data).
Adult female deer survival.—The most inﬂuential factors on
adult mortality during summer were precipitation during the
previous winter and age. This higher mortality was likely related
to poor body condition of adult females entering summer
(16 May) following a winter with above-average precipitation
or low precipitation the previous summer. Malnutrition mortality
of adult females was not consistent across years, as 6 of 9 losses
were in 2002, similar to Bishop et al. (2005), where all adult
female losses to malnutrition occurred in 1 yr of a 5-yr study.
Natural mortality of adult females (n ¼ 9, Table 12) occurred
between 1 March and 15 August, 3 of which died after the start of
summer when stresses due to gestation and lactation were highest
(Parker et al. 2009). The high cost of lactation caused adult
female caribou to continue to lose mass for 3 weeks after parturition (Parker et al. 1990), a situation that could increase
mortality into the summer. Bender et al. (2007) also reported
decreased body condition and annual survival of adult female
mule deer when the previous growing-season precipitation was
below average.
The effect of age was important in both summer and winter.
Age may increase vulnerability to predation as mountain lions kill
older deer of both sexes disproportionate to availability
(Hornocker 1970, Spalding and Lesowski 1971, Ackerman
et al. 1984, Kunkel et al. 1999). We observed that mountain
lions killed older adult females than were available in the population in the treatment GMU, but not the reference GMU,
suggesting increased availability of this age class. In addition,
we hypothesize that increased mortality related to adult female
age in the treatment area may be a function of decreased mountain lion-caused mortality earlier in our study. Increased mortality from natural, non-predatory causes in the treatment area
(Table 12) suggested compensatory mortality as the senescent
portion of the treatment population expanded. Evidence of
senescence was observed in 25 of 59 mammal populations investigated by Gaillard et al. (1994). Senescence, manifested in
increased mortality beginning at 7 yr of age, has been documented in bighorn sheep (Ovis canadensis), roe deer
(C. capreolus), isard (Rupicapra pyrenaica, Loison et al. 1999),
and mule deer (Bishop et al. 2009). Festa-Bianchet et al. (2003)
observed a 10–15% decrease in survival in senescent age classes
of roe deer, bighorn sheep, and mountain goats (Oreamnos
americanus).
Factors Affecting Mule Deer Fawn Ratios and Population
Growth Rate
Fawn-to-adult female ratios.—Females in the treatment area
appeared to be less productive during the last 3 yr of our study.
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Fawn-at-heel ratios were equal between treatment and reference
areas during the ﬁrst 2 yr of investigation, followed by a trend
toward lower ratios in the treatment areas during the last 3 yr
(Fig. 11). This scenario indicates progressively lower fetal rates in
the intensive treatment area, possibly due to an increased number
of older and younger (yearlings), less productive females, or a
density-dependent reduction in overall condition and pregnancy
or fetal rate of deer (Robinette et al. 1973, Stewart et al. 2005).
Bishop et al. (2009) documented an over-winter increase in fetal
survival with increased adult nutrition. In a summary of 10
investigations, Connolly (1981) reported pregnancy rate and
the number of fetuses per adult female declined in the older
age classes (7 yr) of mule deer.
December fawn ratios are widely used by wildlife managers to
index recruitment to 6 months of age as the ratios integrate
pregnancy, fetal, and fawn survival rates. Caughley (1974)
cautioned against the use of age ratios to explain population
dynamics without supporting measures of population performance. Our consistently high summer survival of adults provides
a constant value for the ratios, whereas neonate survival was
highly variable to December. As previously noted, variation in
fawn ratios could be because of variation in pregnancy rates or
survival rates, clouding interpretation of mechanisms of changes
in recruitment. Despite this uncertainty, December fawn ratios
provided a useful metric to interpret fawn ratios within our study
area, as changes in neonatal survival were reﬂected in fawn-toadult female ratios.
Among predator-removal treatments, only mountain lion
removal provided signiﬁcant predictive value for fawn ratios in
all 8 populations. However, mountain lion removal was a weak
predictor of neonate survival. Sample size may be a factor in the
survival analysis as mountain lions killed only 6 (CIF ¼ 0.07)
neonate fawns in the treatment area and 13 (CIF ¼ 0.11) in the
reference area. Our mortality rates from mountain lions were
higher than Pojar and Bowden’s (2004) felid predation rate of
0.032, but lower than Tatman (2009) where 8 of 44 (18%) fawns
died of mountain lion predation.
Precipitation was the most signiﬁcant factor for predicting fawn
ratios. Fawn ratios in our study areas declined with increased
previous winter precipitation and increased summer precipitation, but the signiﬁcant interaction between these variables makes
interpretation difﬁcult. This relationship may seem contradictory
to ﬁndings of increased survival of neonate fawns with increased
summer precipitation, but timing (by months) of precipitation
appeared important. Pojar and Bowden (2004) reported
that fawn ratios declined with higher June precipitation in
Colorado. Similarly, Gilbert and Raedeke (2004), summarizing
a 20-yr data set on black-tailed deer (O. hemionus), observed cold
temperatures and high precipitation during the fawning period
had a negative impact on fawn recruitment. Our sample of fawns
most vulnerable to inclement weather, <4 days old (n ¼ 74), was
limited. Nevertheless, we veriﬁed death due to exposure following measurable snow falls in 3 of 12 (25%) fawns captured at birth
sites.
We speculate that the winter-summer precipitation interaction
on fawn ratios was a result of early neonatal mortality caused by
inadequate adult nutritional condition at parturition (winter
precipitation, Bishop et al. 2009) or direct mortality due to
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exposure (summer precipitation). However, increased precipitation in late summer may increase forage quality and nutritional
intake by adult females and fawns, thus decreasing late-summer
mortality and explaining the positive interaction.
Population growth.—Growth rates of mule deer populations in
southeastern Idaho appeared to be limited by annual climate
variation, within the context of habitat conditions, but were
not strongly limited by predation. Winter severity was the
most signiﬁcant factor limiting mule deer population growth.
It was not unexpected that the 1-yr lagged effects of winter
severity and predator removal were more important predictors
than current effects. Models with lagged predator removal were
ranked higher than with weather severity alone, suggesting the
effect of mountain lion removal in the previous year may partially
offset a decrease in survival caused by severe weather conditions.
Although we did not ﬁnd strong evidence of mountain lion
removal on mule deer population growth, Logan and Sweanor
(2001) found that mountain lion predation can suppress deer
population growth during poor forage quality years. Bleich and
Taylor (1998) reported that predation accounted for >70% of
known deaths of adult female mule deer and that mountain lions
were responsible for 90% of those. Given that mountain lions
caused 60% of the known mortality of adult females in our study,
any reduction in this mortality cause should increase population
growth.
Annual forage quality and quantity in our study area was likely
related to summer precipitation, as shown in other arid environments (Mackie et al. 1998, Marshal et al. 2005). We found that
summer precipitation and fawn mass were correlated and were
signiﬁcant predictors of winter survival. Mass of mule deer fawns
was positively related to winter survival in other studies
(Bartmann et al. 1992, Unsworth et al. 1999, Bishop et al.
2005, Lukacs et al. 2009). With low summer precipitation, fawns
experienced above-average mortality during the ensuing winter,
even in low-snowfall winters. We observed extreme fawn (92%)
and adult (26%) mortality rates during a winter (2002) with
average precipitation following low precipitation during the 2
previous summers. Predators, although a signiﬁcant mortality
agent, were not regulating the populations we investigated. We
observed slight changes in population parameters, but not population trend, with predator removal. We demonstrated effects of
mountain lion removal to increase adult female survival and
fawn-to-adult female ratios. Furthermore, we observed a weak
positive relationship between mountain lion removal and deer
population rate of increase. However, the minimal short-term
improvement in vital rates was tempered with the observed
decline in fawn-at-heel ratios and increased mortality of adult
females in predator-removal areas during the ﬁnal years of study.
The variability of mule deer populations in the northern portions of their range limits the evaluation of trophic cascades
caused by removal of top predators. Although coyotes and
mountain lions are important mortality agents, the magnitude
and frequency of weather-caused mortality events overwhelms
the effects of predators for population regulation of mule deer
in this study area. Short-term modiﬁcation of mule deer
behavior is plausible through predator removal as observed in
elk-wolf (Kauffman et al. 2007) and marine systems (Wirsing
et al. 2008). For example, increased use of high-density coyote
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habitat (mid-elevation shrubland) following removals may
increase landscape carrying capacity for mule deer within this
study area.
The degree to which density-dependence affects survival and
population growth of ungulates has received considerable
attention in recent years as data sets broaden to include comparative sites or true manipulative experiments (Gaillard et al. 1993,
Coulson et al. 1997, Stewart et al. 2005, Kjellander et al. 2006,
Wang et al. 2006). These works and others generally support the
key role of density on vital rates, such as juvenile survival, age at
ﬁrst breeding, reproductive rates, and adult survival proposed by
previous authors (McCullough 1979, Eberhardt 1985). Local
habitat density is also important for red deer calves if resources
are limited (Coulson et al. 1997). Festa-Bianchet et al. (2003),
however, cautioned that many determinations of density dependence may be confounded by changes in adult age structure.
Wang et al. (2009) also demonstrated that density dependence
was only evident in ungulate populations without large carnivores
and in areas of low spatial or climate heterogeneity. Density
dependence, age structure, or climate variability may have
inﬂuenced our interpretation of the effect of predator removal
on mule deer population growth. As examples of these inﬂuences,
mule deer populations doubled in some GMUs during the study
period, age structure likely changed where predator removal
increased survival rates, and we observed a 3-fold annual variation
in precipitation. Although any of these changes may mimic a
density-dependent response as outlined above, the pervasive
effect of weather conditions on most of our measured vital rates
highlights the importance of weather in mule deer population
growth.
McLeod (1997) suggested that the concept of a food-based
carrying capacity is not useful in estimating herbivore dynamics in
highly variable environments. Mule deer populations in southern
Idaho were compromised by annual weather-related changes in
K and the frequency of weather-related population reductions
(approx. 10-yr intervals) limits identiﬁcation of density-dependent trends in vital rates. Even at the lowest population levels of
mule deer we measured, drought conditions may reduce the
nutritive quality of the habitat below required levels for growth
and lactation in summer and maintenance in winter (Parker et al.
1999, Lomas and Bender 2007, Parker et al. 2009), decreasing
fawn survival. As evidence, Bishop et al. (2009) documented
improvements in most vital rates with increased nutrition in
the winter. Annual changes in forage quality and their subsequent
effects on nutritional carrying capacity (Hobbs and Swift 1985)
need to be considered when estimating or modeling the effects of
density on deer population growth (Hobbs 1989) or vital rate
changes may be interpreted as a density-dependent signal when
the effect is caused by forage quality, irrespective of density. In
highly variable environments in Montana, mule deer populations
grew during periods of favorable weather conditions and declined
in unfavorable conditions irrespective of density (Mackie et al.
1998). In the variable and patchy habitats of the Missouri Breaks
study area, population growth and recruitment did not follow
density-dependent theory. Coulson et al. (2001) determined that
dynamics of Soay sheep (Ovis aries) populations were independent of population size and depended largely on the interaction
of weather patterns with age and sex structure. Mule deer
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populations in our study area and others that experience high
climatic variation appear to ﬂuctuate independent of density.
Other variables also may have affected the power of our experiment. For example, climatic variation could inﬂuence aerial
population surveys. We observed considerable spatial variation
between years in counts of population abundance that were
related to climate conditions and migration timing, likely
increasing sampling variance of these surveys. Therefore, we
observed increased variability as the metric scaled-up from individual survival to population surveys. The effect size of mountain
lion removal that we observed on survival estimates may not have
been large enough to overcome the sampling variance in our
population surveys. Another possible limit to effect size was the
lingering effects of medium mountain lion removal levels in
conservative harvest areas before our experiment (Table 5).
Harvest was reduced in 1998 (Table 5) when GMUs were
assigned as reference areas. We tested current and 1-yr lagged
mountain lion removal in population growth models, but a latent
effect of the previous higher harvest rate could introduce variance
in the models if mountain lion populations took >2 yr to recover.
Compensatory versus additive mortality of predation.—The compensatory nature of coyote predation on mule deer was best
explained by the combined vital and population rates we measured. We documented increased survival of neonatal fawns,
negligible change in fawn ratios, and no effect on mule deer
population rate of increase as a result of coyote removal. These are
strong clues that increased survival of neonatal fawns is compensated by other forms of later mortality before manifesting in a
measurable increase in population growth rate. Eberhardt (1985)
suggested juvenile survival of ungulates was more sensitive to
density-dependent effects and environmental variation than
adults. Removing coyotes during periods of increasing mule
deer populations shifted the mortality cause of fawns from coyotes to malnutrition, suggesting a compensatory response in
winter (Bartmann et al. 1992). In winter, we observed higher
coyote-caused mortality in the reference area but no difference in
mortality of fawns between the reference and treatment areas,
again suggesting compensatory mortality. Also, because we did
not observe appreciable disease-related mortality or high disease
prevalence, disease is unlikely to be the compensatory mortality
mechanism. Coyote-caused mortality appears to be mostly
compensatory in the deer populations we studied, as in other
areas of the western United States (Ogle 1971, Bartmann et al.
1992).
Mountain lion-caused mortality appears to be mostly additive
in the short-term, as evidenced by increased survival of adults and
6-month-old fawns and by fawn ratios following mountain lion
removal. Although variable juvenile survival with constant adult
survival will often drive population rates of increase (Gaillard
et al. 1998), these rates are very sensitive to small changes in adult
survival. Seven of 9 African ungulate species studied declined
primarily as a result of adult survival (Owen-Smith and Mason
2005), leading the authors to observe that lowering adult survival
by 0.1 transformed a growing population into a declining population for 5 of these species. Predation by mountain lions, however, also appears compensatory in a longer time frame. Although
mountain lion–caused mortality was reduced in the treatment
area, mortality due to natural causes (malnutrition or unknown
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whole carcasses) increased and overall survival decreased in winter
during the last 3 yr of our study.

MANAGEMENT IMPLICATIONS
Understanding mule deer population dynamics is a priority for
state wildlife managers in the West. Predator removal always
emerges during the search for management techniques to increase mule deer populations, prompting professionals and the
public to question effectiveness, cost, and probability of success.
Our intent was to enable managers to predict the effects of
predator-removal programs within a variety of environmental
conditions on mule deer population demographics. We conducted an experiment with tools readily available at temporal
and spatial scales relevant to wildlife managers.
We noted that coyote removal had the greatest effect on
neonatal fawns in summers when fawns were needed as alternate
prey. Therefore, if there was a population-level effect of coyote
removal, it would be expected to be maximized through coyote
removal from fawning-summer range of mule deer in years when
density of one primary prey species for coyotes is low. Monitoring
lagomorphs and small mammals in late April may provide a lowcost method to assess when coyote removal may have a possibility
of success.
To estimate the cost-per-deer produced of coyote-removal
programs, we conducted a simple post hoc analysis using a
deterministic age-based Leslie matrix (Leslie 1948) to model a
10-yr population increase resulting from an increase in fawn
survival as observed in GMU 73A (fawn survival increased
15% in 2 of 5 yr as a result of coyote removal). We randomly
selected 4 yr of the 10 to increase survival by 0.15 to mimic what
we observed in GMU 73A. We applied average survival rates for
adult females (0.89) in the reference area and adult males in a
typical male-only (0.40 annual survival), general-season hunt
scenario in this area. Initial age structure was modeled with
the pattern of survival indicated by our mortality models, decreasing adult survival by 3% each year (survival was set to 0 at age
15). The number of adults in the initial 73A population survey
was assigned to an age based on this decreasing survival until the
overall adult population survival was 0.89. Recruitment was set to
the mean of the reference area with a 1:1 sex ratio at birth. We
allowed the age structure to stabilize for 20 iterations and after
resetting the initial population to the 73A population size,
allowed recruitment to vary to reﬂect increased survival of neonate fawns in 4 randomly selected years. We then applied the
average annual cost of coyote removal for GMU 73A during this
study ($10,276) to yield a cost-per-deer-produced estimate. In
10 yr, 335 additional deer would be added to the population due
to increased survival of fawns at a cost of $307 per deer
($102,761/335 deer). Focusing speciﬁcally on harvestable deer,
65 additional yearling males would be produced at $1,581 per
deer over the entire 10-yr period. If increased trophy harvest were
the objective, we estimated that 6 additional 4-yr-old males
would survive to harvestable age over 10 yr at a cost of
$102,845, or $17,127 per deer.
This example illustrates the maximum effect, minimum-cost
scenario under an annual coyote removal program for the conditions we observed. The cost per coyote removed would increase
exponentially if increased effort was applied to our study areas.
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The cost could be decreased by systematically applying coyote
removals based on primary prey populations, but cost would
increase by required surveys of primary prey. Conversely, the
cost would increase if mortality was compensatory, as we observed. This analysis would only apply if the increase in neonatal
fawn survival produced a measurable effect in population parameters, a result we did not observe in our study. Estimated cost
could be reduced up to 60% if coyote removal was employed in
optimal years (removal increased survival each year), when deer
populations were below K, primary coyote prey was low, precipitation favored neonatal survival (low winter, high summer), and
coyote hunting conditions were favorable. Regardless, these simple cost comparisons demonstrate the signiﬁcant costs of predator
control to increase harvestable mule deer, ignoring the weak
overall support we found for these population-level increases.
Our removal goal was a simple numerical reduction of coyotes
with an immediate, comparative decrease in predation rate of
mule deer. We were not attempting to reduce the coyote populations for an extended period. Thus, the often-misunderstood
70% coyote removal rate needed to maintain reduced coyote
population (Connolly and Longhurst 1975, Connolly 1978a,
Pitt et al. 2001) does not apply to our research. Increased expenditure on coyote removal was not likely to improve the cost-perdeer beyond our modeling efforts. On the contrary, it would
likely have increased cost exponentially.
We did not conduct a cost analysis for the effects of mountain
lion removal on mule deer due to its inherent difﬁculty.
Maintenance of effort may be a limiting factor in achieving a
target long-term removal rate. Actual removals were conducted
by licensed hunters who purchased a mountain lion tag. Interest
in mountain lion hunting fades with declining populations or
poor hunter success. In these instances, professionals such as
Wildlife Services staff may be required to strategically remove
lions. Realistically, public attitudes in many western states may
not favor paid killing of mountain lions to increase mule deer
populations.
The political and biological realities of wildlife management are
often mutually exclusive. Nowhere is this more evident than in
the arena of predator removal to increase game populations. In
the context of population dynamics, our research provided little
evidence that predator removal changed the overall population
status of mule deer, especially with coyote removal. Amount and
timing of precipitation, likely related to plant phenology and
winter energy expenditure, had a greater inﬂuence on population
vital rates. Predation is a signiﬁcant limiting factor of mule deer
populations; however, the effect on rate of increase is unpredictable due to yearly variation in climate-linked habitat carrying
capacity and alternate prey populations. These changes in carrying capacity or increases in deer numbers will ultimately dictate
the role of predation in mule deer population dynamics.
The limited effects of predator removal from this study and the
pervasive effects of enhanced nutrition from Bishop et al. (2009)
lead us to logically conclude that enhanced nutrition will increase
mule deer populations more effectively and predictably than
predator removal. The challenge now is to determine cost-effective methods of enhancing quality of naturally occurring forage in
mule deer range in areas where increasing mule deer populations
is an important goal. Research to answer this question for winter
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range is currently underway in Colorado, but research documenting the effects of enhanced nutrition on summer range is needed.

SUMMARY
Coyote Removal
1. Neonatal fawn survival increased after coyote removal.
Effectiveness of removal was dependent on the abundance
of primary prey (lagomorphs) for coyotes because coyotes
appeared to switch to mule deer fawns at low lagomorph
densities.
2. Winter fawn survival and adult survival did not increase
following coyote removal.
3. The effect of coyote removal on population growth rate was
undetectable.
Mountain Lion Removal
1. Mountain lion removal increased winter fawn survival.
2. Adult female mule deer survival increased with mountain lion
removal, up to 5.5% annually at maximum removal rates.
3. Fawn-to-adult female ratios increased with mountain lion
removal. We predicted a 6% increase at average removal
and up to 27% at maximum mountain lion removal.
4. Mountain lion removal had a minimal, positive effect on mule
deer population growth rates.
Factors Affecting Mule Deer Vital Rates
1. Pregnancy rates of adult females were high (91–98%).
2. Fawn-at-heel ratios in June were high (1.62–1.81) in normal
climate years.
3. Disease was not a factor in mule deer survival.
4. Age was an important factor in adult mortality.
5. Climate was the most important factor explaining survival of
fawns in winter, adult females in summer, fawn ratios, and
population growth rate.
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Appendix A. Minimum population use polygons (MCP, 95% minimum convex polygons) of radiocollared mule deer outlining terminal winter ranges and summer
ranges of distinct subpopulations. Arrows depict movement direction from winter to summer range. Locations were collected by the Idaho Department of Fish and
Game for other investigations from 1999 to 2008 and seasonal sample sizes were variable (range from 6 to 126), thus polygon size should not be considered to encompass
subpopulation home range sizes.
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Appendix B. Cox’s proportional hazard mortality models for fawns and adult female mule deer by season in southeast Idaho, during 1998–2002. We included models
with Akaike Information Criteria (AICc) values within 4 AICc units of the best model (DAICc) of the overall best model after determining models in forward stepwise
procedure. W ¼ Akaike Information Criteria evidence weights. We display single-factor models of variables included in the competing model set to assess relative
contributions to complex models. Variables included in models of the top model set were: CRD ¼ coyote removal density, Mass ¼ mass at capture or at 4 days old for
neonates, Area ¼ study area, Lagomorphs ¼ lagomorph index, LRD ¼ lion removal density, Z-Precip ¼ standardized composite of summer and winter precipitation,
Previous Precip ¼ total precipitation in the previous season, Precipitation ¼ precipitation during modeled season.
Model rank

Model

Neonatal fawns (birth to 30 Nov)
1
CRD þ Mass þ Area þ Lagomorphs þ CRD  Lago
2
CRD þ Mass þ Area þ Lagomorphs
3
CRD þ Mass
4
CRD þ Mass þ Area
5
CRD þ Mass þ Lagomorphs
6
CRD þ Mass þ LRD
7
CRD
8
Area
9
Mass
10
Lagomorphs
11
LRD
6-month-old fawns (16 Dec–15 May)
1
Z-Precip þ Mass þ LRD þ Sex
2
Z-Precip þ Mass þ LRD
3
Z-Precip þ Mass þ Sex
4
Z-Precip þ Mass
5
Z-Precip
6
LRD
7
Mass
8
Sex
Adult females summer (16 May–30 Nov)
1
Previous Precip þ Age þ LRD þ Age  LRD
2
Previous Precip þ Age þ LRD
3
Previous Precip þ Age
4
Previous Precip þ Age þ Lagomorphs
5
Previous Precip þ Z-Precip
6
Previous Precip þ LRD
7
Previous Precip
8
Age
9
LRD
10
Z-Precip
11
Lagomorphs
Adult females winter (1 Dec–15 May)
1
Age þ LRD þ Area
2
Age þ LRD þ Area þ Precipitation
3
Age þ LRD þ Area þ Z-Precip
4
Age þ LRD þ Area þ Previous Precip
5
Age
6
Z-Precip
7
LRD
8
Previous Precip
9
Area
10
Precipitation

Hurley et al.  Mule Deer Demographic Response

K

AICc

DAICc

W

5
4
2
3
3
3
1
1
1
1
1

1,116.92
1,118.79
1,119.34
1,119.34
1,120.16
1,120.60
1,121.41
1,124.31
1,124.65
1,125.66
1,127.27

0.00
1.87
2.42
2.42
3.24
3.68
4.49
7.39
7.73
8.74
10.35

0.398
0.156
0.119
0.118
0.079
0.063
0.042
0.010
0.008
0.005
0.002

4
3
3
2
1
1
1
1

1,121.86
1,123.12
1,124.25
1,125.89
1,135.69
1,144.78
1,145.10
1,158.43

0.00
1.26
2.39
4.04
13.83
22.92
23.25
36.57

0.508
0.270
0.154
0.068
0.001
0.000
0.000
0.000

4
3
2
3
2
2
1
1
1
1
1

317.10
317.17
317.96
319.53
319.90
320.92
322.28
323.45
325.67
327.73
327.80

0.00
0.07
0.87
2.43
2.80
3.83
5.18
6.35
8.57
10.64
10.71

0.290
0.280
0.188
0.086
0.071
0.043
0.022
0.012
0.004
0.001
0.001

3
4
4
4
1
1
1
1
1
1

514.95
515.83
516.03
516.52
527.38
529.95
534.91
537.76
541.97
542.45

0.00
0.88
1.08
1.57
12.43
15.00
19.96
22.81
27.02
27.50

0.372
0.239
0.217
0.170
0.001
0.000
0.000
0.000
0.000
0.000
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Abstract
Increasing reports of human/cougar conflicts may suggest that cougars are increasing in the Pacific Northwest. We determined minimum
relative densities and average fecundity, survival, and growth rate of an apparently increasing cougar population in northeastern Washington,
USA; northern Idaho, USA; and southern British Columbia, Canada, from 1998 to 2003. Minimum relative densities declined from 1.47 cougars/
100 km2 to 0.85 cougars/100 km2. We estimated average litter size at 2.53 kittens, interbirth interval at 18 months, proportion of reproductively
successful females at 75%, and age at first parturition at 18 months for a maternity rate of 1.27 kittens/adult female/yr. Average survival rate for
all radiocollared cougars was 59%: 77% for adult females, 33% for adult males, 34% for yearlings, and 57% for kittens. Hunting accounted for
92% of mortalities of radiocollared cougars. The annual stochastic growth rate of this population was k ¼ 0.80 (95% CI ¼ 0.11). Contrary to
accepted belief, our findings suggest that cougars in the Pacific Northwest are currently declining. Increased conflicts between cougars and
humans in this area could be the result of the 1) very young age structure of the population caused by heavy hunting, 2) increased human
intrusion into cougar habitat, 3) low level of social acceptance of cougars in the area, or 4) habituation of cougars to humans. To help preserve
this population, we recommend reduced levels of exploitation, particularly for adult females, continuous monitoring, and collaborative efforts of
managers from adjacent states and provinces. (JOURNAL OF WILDLIFE MANAGEMENT 70(1):246–254; 2006)

Key words
age-sex-structured model, British Columbia, carnivore, cougar, fecundity, Idaho, minimum density, population dynamics, Puma
concolor, survival, viability analysis, Washington.

Cougar (Puma concolor) populations are believed to be increasing
throughout western North America (Riley and Malecki 2001), as
evidenced by the increased frequency of reported human/cougar
encounters or complaints (Beier 1991, Chester 2003) and
increasing numbers of cougar harvested (Dawn et al. 2003). This
is especially true in Washington, USA, where harvest regulations
have recently changed amid much controversy (Martorello 2003).
Although bounties for predators were abolished in 1960, the
number of cougars hunted in the state during the past century has
increased (Spencer et al. 2001). Hunting with hounds became
illegal in 1996 after voter Initiative 655 was passed, but the
hunting season’s length and bag limit were both increased to
compensate for any decline in harvest. The years following
Initiative 655 were marked by an increase in the number of
human/cougar conflicts—annual registered complaints rose from
247 in 1995 (the year before the ban) to 495 in 1996 and 927 in
1998 (Washington Department of Fish and Wildlife 1999).
Because of these complaints, Engrossed Substitute Senate Bill
(ESSB) 5001 was passed in 2001, allowing the use of hounds for
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cougar removals related to public safety concerns. The 2001
Washington game status report (Martorello 2001) suggested that
cougars were stable or increasing statewide and were moderately
exploited, so hunting regulations have continued to become more
permissive. To further satisfy local safety concerns, emergency
cougar hunts were adopted in March 2003 in Stevens, Ferry, and
Okanagan counties in northeastern Washington, USA. Recent
reports from neighboring Idaho, USA (Nadeau 2003), and British
Columbia, Canada (Austin 2003), showed that hunting effort has
also increased, with harvest levels in Idaho, USA, as much as
700% higher than 20 years ago.
Many hypotheses have been proposed to account for the
increased number of cougar complaints in Washington. The most
popular belief is that more frequent complaints indicate an
increasing cougar population. Alternatively, encroachment of
expanding suburbs into cougar habitat could be a cause (Spencer
et al. 2001, Dickson and Beier 2002). However, hunting itself
could also be indirectly responsible for the increased frequency in
cougar/human conflicts. Carnivore populations under heavy
hunting pressure may have a younger age structure than nonhunted
populations, as seen in African lions (Panthera leo; Smuts 1978)
and wolves (Canis lupus; Jedrezejewska et al. 1996). Removing
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older animals can cause social disruption (M. E. Sunquist,
University of Florida, unpublished data) and increase the numbers
of immigrating/settling juveniles or young-adults from adjacent
areas (Wielgus et al. 2001). Juveniles and young adults are
responsible for most attacks on humans and livestock (Beier 1991).
Finally, low levels of public acceptance of cougars, or cougar
habituation to humans, can amplify the perception that cougars are
increasing (Riley and Decker 2000, Riley and Malecki 2001), and
the large number of complaints could be a local backlash to
Initiative 655. Recent essays about cougar attacks (Deurbrouck and
Miller 2001, Etling 2001, Baron 2003) could have contributed as
well to raising public apprehensiveness of cougars.
The objective of this study was to test the hypothesis that
cougars are increasing by determining growth rate of the
population and corresponding trends, if any, in minimum relative
density in northeastern Washington, USA; northern Idaho, USA;
and southern British Columbia, Canada, between 1998 and 2003.
We examined the demographic rates of 32 radiocollared cougars
in the Selkirk Mountains in northern Idaho, USA (Panhandle
area); southeastern British Columbia, Canada (Kootenay region);
and northeastern Washington, USA (Pend Oreille County),
between 1998 and 2001, and of 21 other cougars in the Colville
National Forest in northeastern Washington (Ferry and Stevens
counties), USA, between 2002 and 2003. Seven animals from the
Selkirks were monitored throughout the study.

Study Area
The study area was located in the Northern Rocky Mountain,
USA, ecoprovince (Bailey 1995) and the Southern Interior
Mountains of British Columbia, Canada (Demarchi 1996; Fig.
1). The area was characterized by rugged terrain with numerous
ridges (1,500–2,000 m) interspersed by valleys (500 m). Average
winter temperature was 08C, and the average summer temperature
was 228C. Precipitation fell mostly in the winter and averaged 510
to 1,020 mm per year.
Mixed evergreen–deciduous forest dominated the landscape. In

Figure 1. Study area in the Pacific Northwest, USA. Blank and hatched
polygons represent the 95% adaptive kernel and minimum convex polygon
composite home ranges of all cougars monitored from 1998 to 2003.
Lambert et al.
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lower elevations, western red-cedar (Thuja plicata) and western
hemlock (Tsuga heterophylla) were the dominant tree species in
mature forests, with black cottonwood (Populus balsamifera
trichocarpa) in poorly drained areas. Open, mixed stands of
Douglas-fir (Pseudotsuga menziesii) and ponderosa pine (Pinus
ponderosa) were common on more xeric south-facing slopes
(Ketcheson et al. 1991). At higher elevations, white spruce (Picea
glauca) dominated the forest, with subalpine fir (Abies lasiocarpa)
composing the understory and lodgepole pine (Pinus contorta)
common in recently burned areas (Coupe et al. 1991).
White-tailed deer (Odocoileus virginianus) were the most
abundant ungulate, but mule deer (Odocoileus hemionus), elk
(Cervus elaphus), moose (Alces alces), and mountain caribou
(Rangifer tanrandus caribou) were also present (Katnik 2002,
Robinson et al. 2002). Common predator species, beside cougar,
included coyote (Canis latrans), black bear (Ursus americanus),
bobcat (Lynx rufus), and, to a lesser extent, grizzly bear (Ursus
arctos), lynx (Lynx canadensis), and wolf (Canis lupus).
Cougar harvest was permitted throughout the study area, but
regulations varied among jurisdictions. In Washington, USA, the
hunting season was 1 August to 15 March from 1998 to 2003.
Hounds were prohibited in 1996, but their use was allowed after
2000 to meet public safety concerns. In Idaho, USA, the hunting
season was 15 September to 31 March from 1998 to 2000, and 30
August to 31 March from 2000 to 2003. Excluding 1998, hounds
were permitted from December to March (dates varied slightly
among years). In British Columbia, Canada, cougar hunting with
hounds was permitted in the southeastern Kootenay region from
10 September to 28 February and until 31 March in the
southwestern Kootenays.

Methods
Capture and Monitoring
We searched the study area for cougar tracks in snow each year
(Nov to Apr) from 1998 to 2003. Hounds were released on fresh
tracks and used to tree cougars (Hornocker 1970) .30 kg
(yearlings and adults). We immobilized treed cougars that were
5 m from the ground by injecting a mixture of ketamine
hydrochloride (200 mg/mL) and xylazine hydrochloride (20 mg/
mL), at a dosage of 0.4 mL/10 kg of body mass, with a projectile
dart in the hindquarter (Ross and Jalkotzy 1992, Spreadbury et al.
1996). We fitted cougars with mortality-sensing very high
frequency (VHF) radiocollars and classified them either as kitten
(0–1 yr), yearling (1–2 yr), or adult (2þ yr), based on their general
appearance and tooth wear (Ashman and Greer 1976). We
administered yohimbine hydrochloride to the captured animals
(0.2 mg/kg of body mass) as a chemical antagonist of the xylazine
hydrochloride (Seal et al. 1987). All animals were handled in
accordance with Washington State University Animal Care
Permit (IACUC) Number 3133. We located instrumented
cougars about once a week by aerial or ground telemetry from
14 December 1998 to 20 May 2003 and determined ground
locations with triangulation using LOAS (Ecological Software
Solutions, Urnäsch, Switzerland).
Trends in Minimum Density and Abundance
We estimated minimum mean annual density of all cougars and of
adults only (cougars/100 km2 and adults/100 km2) in the study
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area by counting all captured and monitored animals in the annual
95% adaptive-kernel composite home range of all adult females,
using the animal movement extension in program ArcViewt
(ESRI, Redlands, California; Hooge and Eichenlaub 1997). This
method has been used in other carnivore studies (Wielgus and
Bunnell 1994, Wielgus et al. 1994, Wielgus and Bunnell 2000,
Hellgren et al. 2005) and assumes that all cougars present were
captured in the female composite home range. Because our
capture efforts were limited by workforce, constrained by weather
(winter only), concentrated along roads, and not distributed evenly
(in time and space) in the study area (Fig. 1), this assumption was
most likely violated. Therefore, our density estimates should not
be considered as absolute real densities but, rather, as relative
minimum densities, to be used only as corroborative evidence to
track trends in relative density among years. We chose to exclude
males and younger cougars from deriving the composite home
range because 1) males had larger home ranges and were often in
outer areas where we could not detect and monitor all females, and
2) younger cougars were often with their mothers, so their
inclusion in the composite home range would have resulted in
pseudoreplication. Densities of adult females were determined as
the number of adult females divided by the composite home-range
area. For adult males and yearlings (both sexes), we used 2
techniques. The first method summed the animals that were
monitored each year, divided by the area of the adult female
composite home range. The second method, also used for kitten
density, was based on survival and fecundity rates and used the
stable age distribution (dominant right eigenvector, [SAD];
Morris and Doak 2002:222) to determine the annual proportion
of adult males, yearlings, and kittens that we would expect if the
demographic rates of this population were constant. We then
multiplied annual female densities in the composite home range
by the corresponding male, yearling, or kitten fraction of the
population to establish their respective densities. The SAD
method assumes a stable age and sex structure of the population,
which was uncertain for our studied population because our data
covered only 5 years, but it allowed collateral density estimates for
categories in which we had fewer animals monitored (adult males,
yearlings, kittens). Because of the lack of population closure and
because we wanted to use a realistic initial abundance in our
population viability analysis (PVA), average cougar abundance in
the study area was obtained by extrapolating the average annual
minimum-density estimate over the minimum convex polygon
(MCP) of all studied animals rather than over the smaller 95%
adaptive-kernel, composite home range.
Fecundity
Maternity rates (mx) were the average number of kittens of each
sex (mxm, mxf) produced during 1 year by any mother of age x
(Case 2000). Because cougars can reproduce all year long (birthflow population), we conducted frequent checks of potentially
reproductive females. We determined the reproductive status of
females at capture by examining lactation, color and size of the
nipples (to detect previous maternities), and presence of kittens or
yearlings. Subsequent changes in the reproductive status were
detected by weekly telemetry locations. We investigated a decrease
in a female’s movements that lasted longer than 10 days
(approximately the maximum time spent at kill sites) as a possible
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birth event (Hemker et al. 1986, Beier et al. 1995) and determined
litter size by investigating dens or by track counts (Banhurst and
Lindzey 1989, Ross and Jalkotzy 1992, Kerley et al. 2002). We
calculated annual maternity rates (mx) by dividing the average
litter size by the average successful interbirth interval (in yr units)
and multiplying by the proportion of kittens of each sex and the
proportion of reproductively successful adult females (i.e.,
pregnant or involved in raising a litter). The latter parameter
was used in calculating maternity rates because failing to consider
the proportion of unsuccessfully reproducing females would bias
kitten production upward by including only reproductively
successful females during short study periods (Wielgus et al.
2001). Fecundity rates (Fx) of our postbreeding model were
defined as Fx ¼ mxþ1 3 Sxf (Case 2000), where mxþ1 is the
maternity rate of the next age class, and Sxf is the annual survival
rate of females of age x. We assumed Fx had the same standard
deviations as Sxf (see below) because sample sizes were too small
to estimate the standard deviations for fecundity. This would
likely result in underestimates of the standard deviations and in
conservative estimates of population decline because standard
deviations of survival should be smaller than standard deviations of
the product of survivals and maternities.
Survival
We determined the survival of kittens by comparing direct
observations or track counts on snow (Ross and Jalkotzy 1992,
Kerley et al. 2002) at different time intervals. Because we could
not monitor kittens daily, we evaluated their survival rate as the
proportion of known survivors after the first year of life (365 d).
To estimate survival of radiocollared animals, we used the
Mayfield method (1961) modified by Heisey and Fuller (1985)
because of its high precision when demographic rates are constant
within time intervals p (Samuel and Fuller 1996, see next
paragraph). We estimated average annual survival rates by using
the geometric mean of all years,
Y

ð P St Þ1=Y ;
t¼1

where t represents each year of the study, Y the total number of
years, and St the annual survival rates. We computed a 95%
confidence interval with Akçakaya’s (2002) unbiased weighted
variance,
Y
X

St ð1  St Þ

t¼1
Y
X

;
nt

t¼1

where nt is the annual number of cougars monitored in each class.
This variance estimate minimizes sampling error and accounts for
demographic stochasticity (Akçakaya 2002).
To meet the required assumption of constant mortality of the
Mayfield method, we analyzed the statistical distribution of the
deaths over a year (365 d) to determine the time intervals when
survival probabilities were constant. This yielded 2 seasons: the
high mortality (HM) season (13 Nov to 20 May) and the low
mortality (LM) season (21 May to 12 Nov; Fig. 2). Most of the
The Journal of Wildlife Management
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Figure 2. Monthly distribution of the cougar mortalities in the Pacific
Northwest, USA, from 1998 to 2003. High mortality (HM) season was from
13 November to 20 May and low mortality (LM) season was from 21 May to 12
November. Seasons were defined by the median date of the deaths and were
used to meet the assumption of constant mortality within each time interval
required by the Heisey-Fuller survival analysis.

deaths (22 of 23) during the HM season were hunting-related,
whereas the only death that occurred during the LM season was
caused by starvation. Intervals for each period were chosen based
on the median date of the deaths for each period. We tested for
differences in survival between sex and age classes using a 2-tailed
t-test (P ¼ 0.05).
Population Growth and Short-Term Viability
We constructed a postbreeding, 2-sex, age-classified, stochastic
matrix model to estimate annual stochastic population growth (k)
and its 95% confidence interval. For environmental stochasticity
in the model, we assumed that 1) environmental conditions in
successive years were uncorrelated; 2) fecundity and survival rates
were uncorrelated, but annual survival rates of each sex- and ageclass were correlated; 3) all cougars were equally at risk within the
study area (no spatial structure); 4) no catastrophes or bonanzas
occurred; 5) cougars were senescent at 12 years of age (Beier
1996); and 6) male density did not affect female fecundity, with
the exception that a male density of zero would cause a zero
fecundity rate. Different survival rates of adult males and females
during this study justified the use of a 2-sex, Leslie matrix model
(Caswell 2001) composed of 24 classes (Fig. 3). Males and females
of the same age succeeded each other from row to row and column
to column (Caswell 2001), and subdiagonals were filled with the
average demographic rates for the period 1998–2003. The
dominant eigenvalue of this matrix corresponded to the finite
rate of increase (k1) of the population, and the dominant right
eigenvector to the SAD (Caswell 2001). We assessed the relative
influence of each parameter r on the population growth rate by
determining and comparing their elasticity (Er), defined as
Er ¼

r ]k1
k1 ]r

(Morris and Doak 2002), where ]k1 is the change in the growth
rate caused by a 10% increase (]r) in each parameter. As part of a
descriptive analysis of population growth from 1998 to 2003, we
examined annual survival rates in 5 distinct matrices and calculated
annual dominant eigenvalues, despite having few animals
represented in each sex and age category during some years.
Lambert et al.
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Figure 3. Structure of the Leslie matrix used to model population growth for
female and male cougar kittens (KitF, KitM), yearlings (YeaF, YeaM), and adult
(xF, xM, where x is the age class from 3 to 12) in the Pacific Northwest, USA,
from 1998 to 2003. In the first 2 rows, fecundity rates (Fx) represent the
probability that a female of age x will give birth to a male (mxm 3 S(x1)f) or
female (mxf 3 S(x1)f) kitten. The survival rates for kittens (Skf, Skm), yearlings
(Syf, Sym), adult males (Sxm), and adult females (Sxf) are the elements of the
second subdiagonal.

Because we had insufficient kitten survival data during some years,
we used the average kitten survival rate for all the annual matrices.
Our model took the form n(t) ¼ L 3 n(t  1), where n is the
vector of population abundance, t is the time in years, and L is a
Leslie matrix (Fig. 3). At time zero, n was the vector of initial
abundance, defined by the average density, extrapolated to the
entire 32,800-km2 study area.
Environmental stochasticity was incorporated into our model by
randomly generating the Fx and Sx elements of L at every time
step from normal distributions with standard deviations given in a
matrix V. Because there was no biological reason that variances of
the average survival rates of each sex- and age-class should be
different within a year and because annual sample sizes were low
for some classes, we used the standard deviation of annual survival
rates for all radiocollared animals combined to define environmental stochasticity in V (Caswell 2001).
We included demographic stochasticity in our model by drawing
the number of survivors in each sex–age class from a binomial
distribution (based on the abundance ni(t) of each ith class and on
the survival rates si from L) and the number of kittens born each
year from a Poisson distribution, using the random number
generator of RAMAS 4.0 (Applied Biomathematics, Setauket,
New York). Consistent with the youngest age reported in
literature (Maehr et al. 1989, Logan and Sweanor 2001), we set
age at first parturition at 1.5 years.
To obtain the stochastic growth rate k, we projected the
population 30 times over 1,000 years or until it fell to n ¼ 0
animals. For every simulation, we computed the geometric mean
of [n(t þ 1)]/n(t)] over all pairs of adjacent years to obtain a first
estimate of k (Morris and Doak 2002). We selected the arithmetic
mean and 95% confidence intervals of all simulations as the best
estimate of the population growth rate.
We assessed population viability by examining the population
trajectories of 5,000 simulations of our model projected over 25
years. Initial abundance was set by our density estimates
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extrapolated to the 32,800-km2 MCP area. All PVAs were
performed with the software RAMAS.

Results
Trends in Minimum Density and Abundance
We captured and monitored 52 cougars between 14 December
1998 and 20 May 2003, resulting in 19,337 cougar-radio-days and
2,737 radio-locations. Twenty were males (8 adults and 12
yearlings), and 32 were females (27 adults and 5 yearlings). The
MCP of all cougar locations in this study encompassed
approximately 32,800 km 2 (48821 0 N–49835 0 N, 115857 0 W–
119804 0 W), whereas the 95% adaptive-kernel composite estimate
for all animals was 5,600 km2 (Fig. 1). Home ranges of adult
females represented by .30 locations (n ¼ 18 females, x ¼ 112
locations) averaged 653 km2 but were highly variable (95% CI ¼
1,671). Annual density estimates and trends from the annual
count of monitored cougars in each class were very similar to the
estimates based on SAD multiplied by the adult female density,
although SAD estimates were slightly higher when yearlings and
kittens were included (Fig. 4). Average annual minimum density
varied from a high of 1.46 cougars/100 km2 in 1998–1999 to 0.85
cougars/100 km2 in 2002–2003, with an average annual change of
12 6 16% (mean 6 95% CI; Table 1). The average minimum
density for all years was 0.46 6 0.24 adults/100 km2 and 1.09 6
0.54 cougars/100 km2. Total abundance in the 32,800-km2 study
area was estimated at 357 cougars (1.09 cougars/100 km2), which
was used as the starting point of every PVA.
Fecundity
Based on observations of 15 litters, we estimated mean litter size
at 2.53 6 1.01. The M:F ratio of 1:1.13 for 17 kittens was not
different from equality (Z ¼ 0.25, P ¼ 0.81). We documented only
1 successful interbirth interval (18 months) but used this value in
our model because it was consistent with results from studies with
larger sample sizes over longer time series (19.7 months, Ross and
Jalkotzy 1992; 17.3 months, Lopez-Gonzalez 1999; 17.4 months,
Logan and Sweanor 2001). Further, we estimated that 75% of all

Figure 4. Adult and total cougar density in the Pacific Northwest USA, from
1998 to 2003, calculated with the 95% adaptive-kernel composite home
range method for adult females and projected with both capture data and
stable age distribution (SAD) vector to calculate adult male and yearling
densities. Kitten density was calculated with the SAD.
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adult females were reproductively successful (pregnant or with
offspring) in any year. This approximation could overestimate
fecundity, considering the 41–64% range reported by Robinette et
al. (1961), Toweill et al. (1984, 1988), and Ross and Jalkotzy
(1992), but seemed reasonable to us because highly exploited
populations often exhibit higher productivity than populations at
carrying capacity (Ricklefs 1990). Based on these parameters, we
estimated the maternity rate to be 0.63 kittens of each sex per year
([2.53 3 0.5 3 0.75]/1.5) for females older than 2, and 0.32 for
females between 1 and 2 (half the adult rate because females can
start to reproduce at 1.5 yr old).
Survival
Hunting accounted for 22 of the 24 deaths of radiocollared
cougars, and indirectly caused the death of 5 of 21 dependent
kittens by death of the mother. We censored 9 of the 52
monitored cougars after they lost their collars or moved out of the
study area. We included their radio-days in the survival analysis
until censoring, but excluded them thereafter. Four other cougars
were excluded from all analyses because 1 died as a result of
capture procedures and 3 others lost their radiocollars or could not
be found in the study area after day 1. Overall, 31 of the 52
radiocollared cougars lived or were monitored for less than 1 year
after capture. The average annual survival rate for all radiocollared
cougars from 1998 to 2003 was 59 6 20%, but variation occurred
between age and sex classes, and among years (Table 2). Average
survival rate was higher for adult females (77%) than for adult
males (33%, t ¼ 7.80, df ¼ 34, P , 0.01) or yearlings (34% t ¼
10.33, df ¼ 43, P , 0.01). Survival did not differ between yearling
males (37%) and yearling females (32%, t ¼ 0.35, df ¼ 15, P ¼
0.73), so they were pooled. Yearling survival (34%) was lower
than kitten survival (57%, t ¼ 4.92, df ¼ 36, P , 0.01), so we kept
the 2 estimates distinct in our model. In total, we recorded only 2
natural mortalities for radiocollared cougars: 1 adult female was
found with a broken neck and 1 adult male starved. The standard
deviation of the annual survival rates of all radiocollared cougars
was 0.17, which was used in the matrix V to incorporate
environmental stochasticity in our PVA model.
Population Growth and Short-Term Viability
The deterministic finite rate of increase k1 of the average
projection matrix was 0.87. The SAD was 30% adult females,
8% adult males, 25% yearlings (1:1 sex ratio), and 37% kittens
(1:1 sex ratio). There were very few animals (particularly males) in
older age classes (Fig. 5), and animals 4 years of age and older
represented only 22% of the population. Annual deterministic
growth rates followed the pattern of adult female survival rates
(Fig. 6), starting with k1 ¼ 1.24 in 1998 and then progressively
declining to 1.04, 0.92, 0.59, and 0.87 in 2002–2003. Elasticity
analysis confirmed that adult female survival affected growth rate
the most, with Ef ¼ 0.69, whereas the elasticity value was 0 for
adult males, 0.17 for yearling survival, 0.17 for kitten survival, and
0.19 for maternity rate (elasticities do not sum to 1 because both
maternity and female survival rates were involved in fecundity
rates [Fx ¼ mxþ1 3 Sxf]).
The stochastic finite rate of population growth was k ¼ 0.80 6
0.11. On average, the population fell to half its original size after 5
years and had less than 30 animals after 25 years (Fig. 7).
The Journal of Wildlife Management



70(1)

Table 1. Adult and total cougar minimum density (per 100 km2) in the Pacific Northwest, USA, as determined by the 95% adaptive-kernel composite home
ranges of adult females (km2) and the abundance (n) of kittens, yearlings, and adult females and males in the study area, 1998 to 2003.
Kitten

1998–1999
1999–2000
2000–2001
2001–2002
2002–2003
Average
a
b

Yearling

Adult F

Adult M

Density

Composite home range (km2)

SADa

SADa

Cap.b

Cap.b

SADa

Cap.b

Adult

Total

1,826
3,308
3,582
4,744
5,641
3,820

11.1
16.1
14.9
17.3
21.1
16.1

7.3
10.6
9.8
11.4
13.8
10.6

2
8
7
5
5
5.4

9
13
12
14
17
13

2.3
3.3
3.1
3.6
4.4
3.3

4
2
3
3
3
3

0.67
0.47
0.42
0.36
0.37
0.46

1.47
1.21
1.05
0.86
0.85
1.09

Abundance estimated with the stable age distribution (SAD).
Number of captured (Cap.) and monitored animals in the study area.

Discussion
Trends in Minimum Density and Abundance
We documented dispersal of collared cougars in and out of the
core study area but did not have enough cougars in all jurisdictions
to allow comparison between these groups. Therefore, we assumed
that density and demographic rates were similar for cougars in
Washington, USA; Idaho, USA; and British Columbia, Canada.
Trends in minimum relative density corresponded to trends in
population demography and growth rate, adding corroborative
evidence to the estimated demographic decline. Average minimum adult and total population densities were in the lower range
of densities reported for cougars elsewhere (from 0.44 to 13.03
cougars/100 km2, Smallwood 1997). Our estimates were comparable to densities observed in 2 populations in Utah, USA (0.37
adults/100 km2, Lindzey et al. 1994; 0.96 cougars/100 km2,
Lopez-Gonzalez 1999), but considerably lower than those
observed in 5 other populations, including Alberta, Canada (2.7
to 4.2 cougars/100 km2, Ross and Jakoltzy 1992); British
Columbia, Canada (3.5 to 3.7 cougars/100 km2, Spreadbury et
al. 1996); Idaho, USA (2.9 adults/100 km2, Hornocker 1970); and
New Mexico, USA (1.72 to 3.91 cougars/100 km2, Logan and
Sweanor 2001). Even the starting density, at 1.47 cougars/100
km2 in 1998–1999, was lower than most other populations,
suggesting that the popular perception that cougars were at an
extremely high density was incorrect.
Although intense trapping efforts were repeated each winter, our
estimates should be considered minimums because capture efforts
were not distributed evenly in the study area. We strongly suspect
the existence of uncaptured individuals in the annual 95%
adaptive-kernel home range of the adult females. Higher SAD
estimates for total density might indicate we did not capture and
monitor all yearlings in the study area, but it could also mean the
population structure has not reached stability yet. The gradual

annual increase in the composite home range area as new animals
were added to the study may also have contributed to the
estimated decline in density (Smallwood 1997). However,
captured animals, especially males, leaving the composite range
likely offset uncaptured animals in the 95% composite female
home range. Further, our estimates included animals that were
monitored for only a few days. Other cougar studies probably
suffered from the same problem of uncaptured animals and lack of
population closure, so our density estimates, although minimums,
should be comparable to others in the literature. We caution
readers not to interpret our density estimates as absolute real
numbers because of the uncertainties involved but to interpret
them as relative trend indicators and as corroborative evidence of
the demographic trends.
Demographic Rates
Litter size (2.53) was consistent with those reported elsewhere
(2.4, Hemker et al. 1986; 2.2, Ross and Jalkotzy 1992; 2.4,
Lindzey et al. 1994; 3, Logan and Sweanor 2001). However, small
sample size made it necessary to estimate interbirth interval, age at
first litter, and proportion of successful reproducing females from
the literature. Because the elasticity value of maternity rate was
relatively low (0.19), uncertainties in fecundity values should have
a negligible influence on population projection results.
Survival rates indicated that this cougar population was heavily
hunted (causing 92% of radiocollared cougar mortality) compared
with other populations (15%, Logan et al. 1986; 5%, Logan and
Sweanor 2001; 35%, Spencer et al. 2001). The overall survival
rate (0.58) was similar to that encountered in Arizona (0.62,
Cunningham et al. 2001). Survival rate of adult females (0.77) was
similar to those of other cougar populations (0.77, LopezGonzalez 1999; 0.82, Logan and Sweanor 2001; 0.77 for all
adults, Spencer et al. 2001) and higher than the 0.67 reported by
Cunningham et al. (2001). However, adult male survival (0.33)

Table 2. Annual survival rates (% [n]) for cougar kittens (0–1 yr), yearlings (1–2 yr), and adult (2–12 yr) males and females in the Pacific Northwest, USA, from 1998
to 2003.
1998–1999
Kittens
Yearlings
Adult males
Adult females
Totala
a

—
100 (2)
21 (3)
100 (9)
69 (14)

1999–2000
25
53
50
90
76

(4)
(7)
(2)
(12)
(21)

2000–2001
100
24
27
91
65

(3)
(7)
(3)
(11)
(20)

2001–2002
75
17
26
52
35

(8)
(5)
(3)
(13)
(22)

2002–2003
43
41
100
76
77

(7)
(5)
(3)
(16)
(23)

Mean

SD

57
34
33
77
59

11
18
24
10
10

(21)
(17)
(8)
(28)
(52)

Includes only radiocollared cougars.
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Figure 5. Stable age distribution of the cougars in the Pacific Northwest, USA,
based on survival and fecundity rates estimated in the study area from 1998 to
2003.

was much lower than in other areas (0.62, Lopez-Gonzalez 1999;
0.58, Cunningham et al. 2001; 0.91, Logan and Sweanor 2001).
Similarly, kitten and yearling survival were lower than most rates
reported in the literature. However, tracking involved uncertainties because of the possibility of unseen but live kittens, so kitten
survival could have been underestimated. Still, our estimate (0.57)
was in the range reported by other studies (0.72, Hemker et al.
1986; 0.59 to 0.63, Logan and Sweanor 2001; 0.42, LopezGonzalez 1999; 0.76, Robinette 1961). Yearling survival (0.34)
was lower than reported elsewhere (0.56 and 0.88 for subadult
males and females, Logan and Sweanor 2001; 0.60 and 0.80 for
juvenile males and females, Spencer et al. 2001).
The elasticity of adult female survival outweighed that of any
other parameter, highlighting the large influence of adult female
survival on population growth and reducing the effect of
uncertainties from other parameters that had smaller sample sizes
and larger standard deviations.
Population Growth and Viability
The estimated declining trend in minimum annual density (12
6 16%) corresponded to the decline indicated by the stochastic
(20 6 11%) and deterministic (13%) growth rates, adding
corroborative evidence for the decline. Because the stochastic
growth rate incorporates environmental and demographic variability, it is believed to be more realistic than the deterministic
growth rate (Caswell 2001, Morris and Doak 2002). The

Figure 6. Annual survival rates of adult females and deterministic growth rates
k1 (dominant eigenvalue of annual matrix model) for cougars in the Pacific
Northwest, USA, 1998 to 2003.
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Figure 7. Simulated trajectory of the cougar population in the Pacific
Northwest, USA, based on survival and fecundity rates from 1998 to 2003.
Squares represent the annual average abundances, vertical lines are standard
deviations, and empty circles are the maximum and minimum values obtained
in 5,000 simulations.

difference between the 2 values in our model (Dk¼ 0.07) is
probably related to the large magnitude of environmental variation
in demographic rates (SD ¼ 0.17), which could have been reduced
by larger sample sizes. Regardless of which method was used, both
indicated a steeply declining population.
Our results are limited by uncertainties in some of the model
parameters and density estimates. However, the very high
elasticity value for adult female survival (0.69) and relatively large
sample size (n ¼ 28) for this parameter seem to support the
population decline we report, despite uncertainties in other
parameters. They also indicate that a small increase in female
survival would suffice to increase k. Regarding our density
estimates, the simulated population trajectories would simply
have taken longer to reach extirpation if they had been higher, but
the growth rate would not have been affected.
A limitation for population projections is the underlying model
assumptions that all means and standard deviations for demographic rates will remain constant in space and time. This is
unlikely to happen, especially because this population is managed
under 3 jurisdictions that have different cougar-management
regimes. Therefore, long-term projections should be interpreted

Figure 8. Number of cougar harvested in the surrounding management units
of our study area, from 1993 to 2003 (D. Martorello, Washington Department
of Fish and Wildlife, unpublished data; W. Wakkinen, Idaho Fish and Game,
unpublished data; G. Woods, British Columbia Ministry of Water Land and Air
Protection, unpublished data).
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with caution. Further, immigration from neighboring populations
could increase the viability of this population (Beier 1993,
Sweanor et al. 2000), or a very sparse cougar density could trigger
a lower hunting effort and/or success. In our case, the lack of
population closure and extracomposite movements of some
cougars suggest this population is part of a larger metapopulation.
Additional research should be made to determine demographic
rates of the cougars surrounding our study area and to verify
whether this population is a sink for adjacent populations.
Nevertheless, the number of cougars harvested in management
units adjacent to our study area declined from 1998 to 2003 (Fig.
8), which might indicate decreasing cougar abundance and add
corroborative evidence to the population decline.
Our results reject the hypothesis that cougars are currently
increasing in northeastern Washington, USA; southern British
Columbia, Canada; and northern Idaho, USA. The cougar
population appears to be declining. This decline could be reversed
if harvest rates were decreased, especially for adult females. The
increased level of cougar complaints following 1996 does not seem
to be due to excessively high densities and growth rates but could
be related to 1) very young age structure of the population caused
by heavy hunting (Fig. 5); 2) increased human intrusion into
cougar habitat; 3) low level of social acceptance of cougars in the
area; or 4) habituation of cougars to humans. Further studies are
needed to elucidate these possible factors. Educational programs,
such as the one undertaken in western Washington, USA (Project
C.A.T.; Koehler and Nelson 2003) and strategies to haze cougars
away from humans might help alleviate the social tension related
to cougars.

Management Implications
Our research indicates that wildlife managers should not assume
that increasing cougar/human complaints correspond with increasing cougar populations. Indeed, increased complaints may
accompany a rapidly declining population as shown here.
Furthermore, increased hunting could actually result in increased

cougar complaints because of the younger age structure of the
cougar population and the higher proclivity of young animals to
encounter humans and cause complaints. Sustainable hunting
regulations and bag limits should not be based on numbers of
cougar complaints—but should be based on estimated demographic trends obtained through census or radiotelemetry.
Assuming the precautionary principle (Cooney 2004), we
recommend that cougar managers in the Pacific Northwest 1)
reduce the exploitation of this population to a more conservative,
sustainable level, especially for adult females; 2) keep monitoring
this and other populations to assess trends in cougar population
demography and cougar complaints; and 3) collaborate in
conservation and monitoring efforts with wildlife managers from
adjacent states or provinces where cougar populations overlap.
The conflicts surrounding cougar management in our study area
are not uncommon in other regions of North America. Other
populations that are believed to be increasing, as suggested by
more frequent cougar complaints, could be declining as well.
Conducting similar demographic analyses where complaints are
increasing could shed light on this situation.

Acknowledgments
We offer sincere thanks to R. Beausoleil, G. Koehler, S. Gehrt,
and 3 anonymous reviewers for providing insightful comments on
this manuscript. Support for this research was provided by
Bombardier Inc, British Columbia Ministry of Environment,
Columbia Basin Fish and Wildlife Compensation Program, Idaho
Department of Fish and Game, Fonds de recherche sur la nature
et les technologies (Government of Québec), the National Science
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Abstract
Context. Wolf predation on livestock can cause economic hardship for livestock producers as well as reduce tolerance for
wolves. Lethal control of wolves is often controversial; thus, development of effective non-lethal methods for reducing
wolf–livestock conﬂict is important. Electriﬁed ﬂadry is a new tool that is similar to ﬂadry (i.e. a barrier system that scares
wolves), but electriﬁed ﬂadry also incorporates an electric shock designed to decrease the potential for wolves to habituate to
the barriers.
Aim. Evaluation of electriﬁed ﬂadry requires understanding of its effectiveness relative to ﬂadry and the costs and beneﬁts
of applying it in the ﬁeld.
Methods. By using captive wolves, we compared the effectiveness of electriﬁed ﬂadry v. ﬂadry for protecting a food
resource during 2-week trials. We then performed a ﬁeld trial with electriﬁed ﬂadry for managing wolves in Montana,
USA. We measured livestock depredation and wolf activity on six treatment and six control pastures, calculated the cost of
installation and maintenance, and surveyed all study participants about application of electriﬁed ﬂadry.
Key results. We found electriﬁed ﬂadry 2–10 times more effective than ﬂadry at protecting food in captivity and that
hunger increased the likelihood of wolves testing ﬂadry barriers. In ﬁeld trials, we installed 14.0 km of EF systems in
treatment pastures and detected wolves twice in control pastures but never in the treatment pastures. No livestock were killed
by wolves in treatment or control pastures. A completed electriﬁed ﬂadry system cost $2303 for the ﬁrst km and $2032 for
each additional km, and required 31.8 person-hours per kilometre to install. We observed 18 failures (i.e. electriﬁed system
stopped working) during a total of 394 days of use. In total, 83% of ranchers who used ﬂadry would continue to use it under
certain conditions, indicating some psychological beneﬁt to users.
Conclusions and implications. The present study has demonstrated that electriﬁed ﬂadry offers superior protection
compared with non-electriﬁed ﬂadry; however, further ﬁeld tests are warranted to help determine whether beneﬁts outweigh
costs.

Introduction
Wolf (Canis lupus) predation on livestock can cause economic
hardship for livestock producers and lead to animosity towards
wolves; however, some management actions (especially lethal
control methods) have poor support from the general public
(Mech 1970; Ciucci and Boitani 1998; Reiter et al. 1999;
Bangs and Shivik 2001; Treves et al. 2002). Management of
predation must be effective in stopping damage, and also needs
to be socially acceptable; different damage-management
situations may have very different contexts and it is a difﬁcult
task to identify the best lethal and non-lethal method for a
particular problem (Mech 1996). Presumably, a greater variety
of options would assist managers in a wider variety of complex
situations. Thus, there exists a strong need for a greater number of

effective management strategies that will help alleviate
depredation pressure from wolves (Breck 2004; Shivik 2006).
Recent studies using the barrier technique known as ﬂadry
(ﬂagging interspersed on a single strand of nylon twine)
documented that, for short durations, captive and free-ranging
wolves avoided ﬂagging that prevented access to food (Okarma
1993; Okarma and Jedrzejewski 1997; Musiani and Visalberghi
2001; Musiani et al. 2003; Shivik et al. 2003). Fladry is a type of
primary repellent in that it relies on producing a ﬂight or startle
response to deter predatory behaviour (Shivik et al. 2003; Shivik
2004). In earlier work, ﬂadry has been rendered ineffective
through the process of habituation (Musiani et al. 2003),
which results in extinction of an animal’s fear towards a novel
object (Shivik et al. 2003). Habituation is determined by the
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intensity of a stimulus (e.g. ﬂadry) and the motivation of
individual animals (Shivik et al. 2003). A key motivational
factor for many animals is hunger (e.g. Wilson et al. 1993,
1994) and it has been suggested that hunger in wolves plays
an important part in the process of habituation.
Secondary repellents rely on conditioning by using aversive
stimuli where ﬂight behaviour is initiated by discomfort, pain, or
a general negative experience to prevent a particular behaviour
(Elliot and Covington 2001; Shivik et al. 2003; Shivik 2004).
Fladry can be modiﬁed to incorporate an aversive stimulus by
replacing the nylon twine that supports the ﬂagging with an
electriﬁed wire (Gallagher Turbo-wire, North Kansas City,
MO) to create electriﬁed ﬂadry (EF). By combining primary
and secondary repellents, EF may at ﬁrst frighten, and then
condition wolves to avoid the barrier, thus providing a longerlasting non-lethal tool.
Our ﬁrst objective was to use controlled trials with captive
wolves to compare the effectiveness of ﬂadry to that of EF and
explore whether food motivation inﬂuenced the likelihood of
wolves habituating to either repellent. We hypothesised that
because EF combines primary and secondary repellency, it
would outperform ﬂadry at preventing wolves from accessing
a highly desirable food source. Positive results from these trials
encouraged us to apply EF in the ﬁeld where our objectives
were to test the efﬁcacy of EF on protected pastures relative
to unprotected control pastures, perform a ﬁnancial analysis of
costs and beneﬁts of installing and maintaining EF, and determine
the willingness of livestock owners to use EF. All work was
approved by the National Wildlife Research Center’s Institutional
Animal Care and Use Committee QA-1332.
Materials and methods
Study area
For captive trials, we conducted controlled pen experiments
during the winter 2006, by using 45 wolves in 15 packs,
including 36 grey wolves (Canis lupus) in 10 packs, three
Mexican grey wolves (Canis lupus baileyii) in two packs, and
six red wolves (Canis rufus) in three packs. Pack sizes ranged
from one to seven animals and each pack had its own enclosure
at the Wildlife Science Center (WSC), Forest Lake, Minnesota.
Enclosures were 105–925-m2 chain-link fenced areas that
contained one 19-L water bucket, one or two den boxes
(2–5 m2) and natural vegetation, including shrubs and trees.
We conducted the ﬁeld study in 2007 on private ranches that
had experienced conﬂict with wolves in south-western and
western Montana (Fig. 1). The study area of south-western
Montana (‘Boulder River’) was located in the Boulder River
valley near McLeod (45390 N, 110060 W), 27 km south of Big
Timber. The western Montana study area (‘Arlee’) was on the
Flathead Indian Reservation near Arlee (47100 N, 114050 W),
42 km north or Missoula.
At both study areas, vegetation consisted of mixed native and
non-native grass pastures. Native ungulates, including whitetailed deer (Odocoileus virginianus), mule deer (Odocoileus
hemionus), elk (Cervus elaphus) and moose (Alces alces),
were found throughout the study areas, as were grizzly bears
(Ursus arctos), black bears (Ursus americanus), mountain lions
(Felis concolor), coyotes (Canis latrans) and wolves. Domestic

Fig. 1. Map of the study area in south-western Montana, including six
treatment pastures on four ranches and combined wolf-pack ranges, and in
western Montana, including six treatment pastures on ﬁve ranches.

ungulates included horses, sheep, cattle, and llamas that used a
variety of pastures and open grazing areas. Wolf activity and
conﬁrmed depredations historically warranted close monitoring
and at times occasional lethal removal of individuals from packs.
Three wolf packs were known to use Boulder River in 2006 and
two in 2007. Livestock that were conﬁrmed killed by wolves in
the Boulder River study area included four calves and nine sheep
in 2007. The Arlee area had one known wolf pack in both 2006
and 2007. Livestock that were conﬁrmed killed by wolves in the
Arlee study area included seven calves and one llama in 2006 and
eight calves, two cows and one llama in 2007. It is critical to note
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that the number of livestock conﬁrmed killed by wolves is a
minimum estimate and does not include animals killed but not
detected or reported.
Pen study
We randomly selected ﬁve packs to receive ﬂadry, ﬁve to receive
EF and ﬁve to receive no barrier systems (Fig. 2). We ran trials in
three phases, with each phase lasting 2 weeks. Phase 1 was a
baseline treatment, where all packs received tethered carcasses
and no barriers. Phase 2 had ﬁve naïve packs that received ﬂadry
treatement (np!F), ﬁve naïve packs that received EF (np!EF)
and ﬁve that were controls. Phase 3 had ﬁve packs that had
received electric ﬂadry in Phase 2 and received ﬂadry in Phase 3
(ef!F), ﬁve packs that had previously received ﬂadry in Phase 2
and received electric ﬂadry in Phase 3 (f!EF), and ﬁve controls
that remained with no barriers.
For the ﬂadry and EF treatments, we sectioned off an 18-m2
area within the pen by running the barrier from one side of the pen
to the other. We constructed the ﬂadry systems protecting the food
resource, following the method of Musiani and Visalberghi
(2001). That is, ﬂadry and electriﬁed ﬂadry systems (Carol’s
Creations, Arco, ID) consisted of red plastic ﬂags (50  10 cm)
interspersed at 50-cm intervals on a 0.2-cm-diameter blue nylon
twine. We suspended the nylon twine 50 cm above the ground and
attached it to ﬁbreglass posts set at 3-m intervals. During the
construction of the EF system, the nylon twine that typically held
the ﬂagging was replaced with a 0.2-cm electric mixed-metal
strand twine (Gallagher Turbo Wire, North Kansas, MO) of nylon
and wire. We suspended the EF from the ﬁbreglass posts in the
same manner as for the ﬂadry system. We suspended a second
0.2-cm electric ground wire (Gallagher Turbo Wire) 13 cm above
the ground and attached it to the ﬁbreglass posts. A 12-V batterypowered fence energizer (Gallagher B260) electriﬁed the wire
and produced a pulsed energy output of 2000 V, with 2.6 J of
stored energy and a resistance of 500 ohms. Three 1-m copper
grounding rods grounded the circuit.
We mounted passive infrared motion-activated cameras
(Reconyx RM30, Holmen, WI) 1.2 m high on the outside of
the pen fence. Cameras were aimed along the barrier line and set to
acquire a series of photos (four photos per second) if a wolf
approached the barrier. Cameras were equipped with infrared

Packs 1–5

Phase
1:Controls
Controls
Phase 1:

Packs 6–10

Packs 11–15

Naïve packs
Packs

Phase 1: Controls
Naïve packs

Phase 1: Controls
Naïve packs

Phase 2: Controls
Naïve packs

Phase 2
Fladry

Phase 2
Electric fladry

Phase 3: Controls
Naïve packs

Phase 3
Electric fladry

Phase 3
Fladry

Fig. 2. Diagram of the experimental design implemented to compare wolf
response to ﬂadry with that to electriﬁed ﬂadry. The study was conducted on
captive wolves at the Wildlife Science Center, Minnesota, USA.

illumination for night-time use, so that we were able to monitor
24 h per day. The food resource was one eviscerated road-killed
white-tailed deer (Odocoileus virginianus) previously collected
in the surrounding area. Deer carcasses were the wolves’ normal
maintenance food. We chained deer carcasses to the corner of
the pen with 1.2 m of 0.47-cm stainless-steel chain to prevent
carcasses from being dragged out of the corner. We maintained
the Wildlife Science Center wolf-feeding protocol during the
study, i.e. wolves were provided food, in the form of a deer
carcass, in alternating fast and provisioning periods. At the start of
the trial, we placed a deer carcass in the experimental area where it
remained in the protected area for 5 days; on Days 6 and 7, we
supplied carcasses in the unprotected area and replaced the
old carcass in the protected area with a new one. We deﬁned
an approach as a single wolf occupying a location 2 m from a
barrier line in a single recorded photo-data image. We show
descriptively how approaches varied by treatment group
(i.e. np!F, np!EF, ef!F, f!EF) relative to the number
of days in the trial and the fasting regime.
We deﬁned latency to cross as the time elapsed between the
start of the trial and an event of a single wolf crossing the barrier
line (measured in days) to freely feed on the protected carcass. We
used the Kaplan–Meier survival estimator in program MARK
(i.e. known-fate model, White and Burnham 1999) to test for
differences in latency to cross the barrier. Thus, the encounter
history for each pack included 14 intervals (days). We included
only packs in the four primary treatments (np!F, np!EF, ef!F,
f!EF) for this analysis because all baseline packs (i.e. Phase 1)
and control packs in Phases 2 and 3 were feeding on the deer
carcass within 5 min. Because we measured latency to cross
in days, inclusion of the baseline and control data would have
biased results for those packs that reacted to a barrier treatment but
still crossed within the ﬁrst day. We tested six competing models
explaining differences in the latency to cross the barrier among the
four primary treatments and whether the number of wolves in each
pack (PackSize) inﬂuenced the latency to cross (see Table 1). We
used the small sample-size correction of AIC to select the top
model (Burnham and Anderson 2002). We also calculated the
mean latency to cross for each of the four primary treatment
groups; for packs that never crossed, we used 14 days as part of
this calculation.
Field trial
We identiﬁed six pastures on four ranches in Boulder River and
six pastures on ﬁve ranches in Arlee. In each study area, we
randomly assigned pastures either to control (i.e. no EF barrier) or
to an EF treatment where EF was installed around the entire
perimeter of the treatment pasture. The pastures (16–122 ha)
contained 40–200 cows at the beginning of the calving period.
When possible, we set ﬂadry lines 1 m outside the existing barbedwire fence, away from cattle, to minimise destruction and
ingestion of ﬂags by cows. We attached ﬂadry lines to 61-cm
ﬁbreglass posts placed at 7.6-m intervals between t-posts set at
30.5 m and on corners.
We monitored pasture perimeters by using all-terrain vehicles
to scan 5 m inside and 5 m outside of ﬂadry barriers twice a week
for 3 months, to determine wolf activity in or near the 12 pastures.
We also checked perimeters opportunistically when weather and

Electriﬁed ﬂadry and wolves

Wildlife Research

711

Table 1. Results of survival analysis to test for differences between the ﬂadry treatments
S represents latency to cross ﬂadry barriers, G1–G4 represent the four primary treatment groups where G1 = np!F, G2 = np!EF,
G3 = ef!F and G4 = f!EF (see Materials and methods for further description of treatments); PackSize is a covariate representing the
number of animals in each pack, ‘v’ represents differences among G1 to G4 and ‘ = ‘ represents equivalence between treatment groups
Model

AICc

Delta
AICc

AICc
weight

No. of
parameters

Deviance

(1) S: (G1 v G2 v G3 v G4)
(2) S: (G1 v G2 v G3 v G4; PackSize)
(3) S: (G1 v G2 = G3 = G4)
(4) S: (G1 v G2 v G3 = G4)
(5) S: (G1 = G3 v G2 = G4)
(6) S: (G1 = G2 = G3 = G4)

46.51
48.30
48.64
50.53
66.92
77.60

0.00
1.79
2.13
4.02
20.42
31.09

0.53
0.22
0.18
0.07
0.00
0.00

4
5
2
3
2
1

38.26
37.93
44.56
44.37
62.85
75.57

Results
Pen study
During Phase 1 (i.e. baseline with no barriers), all 15 wolf packs
crossed the camera line and fed on the deer carcass within 5 min.
Similarly, in both Phase 2 and 3, all ﬁve control packs crossed to
the carcasses within 5 min. In Phase 2, no trend in approach
data emerged with the ﬂadry treatment (np!F), with all packs
crossing the ﬂadry barrier within a day. With the EF treatment
(np!EF), approaches through time decreased during the
2-week trial and exhibited a decrease subsequent to feeding in
the unprotected area on Days 6 and 7, and Days 13 and 14 (Fig. 3).
In Phase 3, ﬂadry (ef!F) and EF (f!EF) trials started with fewer
approaches by wolves, on average, than for treatments in Phase 2
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Cost, maintenance and social acceptance
We calculated cost per kilometre of installing and maintaining
ﬂadry, and the mean time to install ﬂadry per kilometre. We
performed maintenance on a system only when it failed (i.e. was
no longer electriﬁed) and used these data to calculate a failure
rate. We used a mail survey to measure attitudes of all
participating livestock owners, concerning the application
and effectiveness of EF for protecting pastures used for
calving. The survey was similar for owners of protected and
unprotected pastures and consisted of questions on EF, covering
applicability, effectiveness, affordability, amount of wolf
sign, outcomes of the project and willingness to participate in
the future. We descriptively compared survey responses of
owners of protected and unprotected pastures.

600

Mean approaches

snow conditions facilitated detection of wolf tracks. Because
all nearby packs had at least one wolf radio-collared (collared
previously by Montana Fish, Wildlife & Parks or USDA-Wildlife
Services), we monitored wolf presence and absence in the vicinity
of ranches by scanning the valley for telemetry signals from the
ground with handheld antennas and VHF radio-collars. Finally,
we searched for dead or injured cattle by riding the entire pasture
and conversing with ranch personnel monitoring spring calving.
We recorded the number of days wolves were present in the
general study areas by using telemetry, presence and absence of
wolf tracks inside and outside of pastures, and the conﬁrmed
injured or dead livestock on control v. treatment ranches. Because
of the low sample size, we present descriptive data from control
and treatment areas.

2
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Trial day
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Fig. 3. Approaches (x  s.e.) by captive wolf groups (n = 5) and days
fasted for ﬂadry and electriﬁed-ﬂadry treatments at Wildlife Science
Center, Minnesota, USA.

(Fig. 3), although the wolves continued to test both treatments
throughout the trial. Also in Phase 3, packs exhibited a decrease in
approaches subsequent to feeding on Days 6 and 7, and Days 13
and 14 (Fig. 3).
The survival analysis showed strong support for differences
in the latency to cross the barrier among all four treatment groups
(i.e. top two models in Table 1 contained 75% of AICc weight)
and weak support for the hypothesis that pack size inﬂuences
the latency to cross the barrier (i.e. addition of the covariate
PackSize to the top model decreased the AICc value for that
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model, see Models 1 and 2 in Table 1). During Phase 2, latency
to cross EF (x  s.e.) was 10 times greater (np!EF:
10.0  2.5 days) than that to cross ﬂadry (np!F:
1.0  0.0 days), whereas during Phase 3, latency to cross EF
(f!EF: 14  0.0) was nearly two times greater than that to cross
ﬂadry (ef!F: 8.2  2.7) (Fig. 4).
Field trials
We detected wolves by telemetry on 11 of 20 and 19 of 29
monitoring days in the Arlee and McLeod study areas,
respectively. We did not document any livestock mortality,
nor did we ﬁnd scat inside or outside of any protected or
unprotected pastures. After combining both study areas, we
detected wolves via track surveys outside of control pastures
on 2 days, inside of control pastures on 2 days, outside of
treatment pastures on 1 day, and never within treatment pastures.
Cost, maintenance and social acceptance
We installed 14.0 km of EF systems between the two study areas,
and used three to eight people per pasture to install fencing. The
one-time costs for a completed EF system were $2303 for the ﬁrst
kilometre and $2032 for each additional kilometre. We spent
an average of 31.8 person-hours per kilometre when installing
fencing. Several factors caused systems to fail, including the
following: branches falling on fence; deer, elk and cattle crossing
fence; and heavy snows. We observed 18 failures during a total of
394 days of use and calculated a failure rate of 0.003 failures
km–1 day–1. Mean time to locate and ﬁx problems was 49.2 min
(s.e. = 11.3) per failure event.
All nine project participants responded to the questionnaire.
For participants with a protected pasture (n = 6), ﬁve were willing
to participate in another EF project in the future. Respondents
with protected pastures primarily perceived low levels or no wolf
sign before, during and after the EF were removed, both in
protected pastures and near or around protected pastures. With
respect to applicability and efﬁcacy of EF, ﬁve of six respondents
agreed or strongly agreed that livestock were not stressed by

Survial functions of fladry treatments
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Fig. 4. Survival functions representing the latency of wolf packs to cross
ﬂadry and electriﬁed ﬂadry in four different treatments. Trials were performed
in captivity for 2-week durations at the Wildlife Science Center, Minnesota,
USA.

ﬂadry and three of six either disagreed or strongly disagreed that
EF decreases the risk of depredation by wolves. But ironically,
three of six also agreed or strongly agreed that because of EF,
they were less concerned about livestock when livestock were
not being watched. However, all six either disagreed or strongly
disagreed that EF was affordable and only two of six would
recommend the use of EF to neighbouring landowners.
Furthermore, there was complete agreement that it would be
unlikely that EF would be implemented if a producer incurred the
total cost to apply it to any pasture size ranging from 8 to 65 ha. As
the size of the pasture increased, respondents were less willing to
use it. Respondents were more agreeable with using EF when
there was cost sharing or no support required from producers.
For ranchers surveyed with unprotected pastures (n = 3), two
were interested in participating in EF projects in the future and
respondents varied on agreement to the applicability and potential
efﬁcacy of EF. When questioned whether EF was affordable
and not too expensive, all three disagreed, moreover, all three
respondents were either unlikely or very unlikely to use EF if they
had to bear the total cost and labour of implementing the tool. As
the size of the pasture increased, respondents were less willing to
use it. However, opinions to the use of EF in the future shifted
towards likely when there would be cost sharing.
Discussion
Our captive trials demonstrated that EF was superior to ﬂadry
for protecting highly desirable food items in captive situations.
For both ﬂadry and EF treatments, wolves demonstrated an initial
wariness in approaches and then began to more frequently
investigate the barrier during the habituation process. As
wolves began biting at the ﬂags, ﬂadry systems failed but EF
administered negative conditioning that reinforced the initial
fear response. The combination of primary and secondary
repellents greatly increased the efﬁcacy of this non-lethal
predation-management tool.
We also found that the number of approaches to ﬂadry and EF
barriers generally increased as fasting time increased. We suggest
that increases in approaches were related to food motivation and
the willingness to take more risks to obtain a resource as hunger
increased, while decreases in approaches through time were
explained by conditioned avoidance and decreased motivation
through satiation. The implication of this result is that wolves will
likely habituate to ﬂadry faster when coupled with an increase in
food motivation, thus having abundant native prey available for
wolves will be critical for reducing wolf–livestock conﬂict.
A carryover effect of conditioned avoidance was seen in Phase
3 with the ﬂadry treatment (ef!F) where one pack did not cross
for 9 days and two packs did not cross for 14 days, although
eliciting guarded approaches, even with the lack of negative EF
stimulus. We believe these packs were reluctant to cross the ﬂadry
barrier in Phase 3 because they still exhibited conditioned
avoidance behaviours after having been exposed to EF. The
cautious approaches and delayed crossing behaviours may also
be explained by the lack of food motivation at the start of the trial.
Response to ﬂadry treatments in Phase 3 eventually showed an
increase in mean approaches that may be explained by constant
testing by wolves and the lack of negative reinforcing stimulus
because the ﬂadry was not electriﬁed.

Electriﬁed ﬂadry and wolves

Although EF proved superior to ﬂadry in captivity, caution is
needed when extrapolating the success of this tool to ﬁeld settings.
The following three important factors help determine whether a
management tool is utilised in the ﬁeld: efﬁcacy, installation and
maintenance costs, and user acceptance. Our ﬁeld trial provided
limited information about the efﬁcacy of EF for excluding
wolves that could be used to compare the beneﬁts of EF to its
costs. Primary evidence included detection of tracks inside
an unprotected pasture on 2 days, and outside protected and
unprotected pastures on 3 days, whereas we never found
tracks within treatment pastures. However, our ﬁeld trial did
demonstrate the feasibility of installing and maintaining EF,
providing strong evidence that the electriﬁed portion of this
system is durable in ﬁeld conditions. Furthermore, modifying
the design of EF can substantially decrease the direct and indirect
costs associated with EF. Shortening the ﬂagging to <30 cm
would enable EF to be placed on an existing barbed-wire
fence with industry-standard hardware. In addition, it is not
necessary to utilise the braided turbo wire as a ground wire; it
is cheaper to utilise an industry-standard high tensile-strength
electric wire, which maintains the functionality of the EF.
A change of the design of EF to an integrated approach with
existing fencing would decrease the number of people, supplies,
installation time and difﬁculties with transportation and handling
of equipment, thus likely improving stakeholder’s willingness to
use this tool.
Finally, basing the evaluation of EF only on its efﬁcacy may
erroneously discount its biological and sociological importance.
In our study, ﬁve of six ranchers that used ﬂadry would continue to
use it under certain conditions, which suggest that its use provides
some psychological beneﬁt through the belief that EF has the
potential to reduce risk of livestock loss and thus ease concern
about livestock losses when livestock are not directly being
watched by people (Lance 2009). That said, there was little
interest to invest in EF as a tool. Study participants may have
been reticent to invest in EF because background rates of livestock
killing by wolves were generally low throughout much of the
immediate and surrounding study areas, thus limiting the
potential beneﬁts of EF relative to its cost. If depredation risk
was higher, it is possible that attitudes about EF or any other tool
may be different. In the long term, having a tool with a higher
probability of success will more likely garner social acceptance
amongst users. We believe EF provides such assurances, given it
is properly maintained.
Recommendations and conclusions
We believe that there is a high probability that EF is effective for
excluding wolves from smaller pastures; thus, discounting the use
of EF because it costs more than ﬂadry may be a mistake. Wolfcaused livestock losses are difﬁcult to prevent in their entirety;
however, wolf-caused livestock losses have been shown to
affect a recurring set of livestock owners, suggesting a spatial
component to conﬂicts (Sime et al. 2007). Targeting application
of EF to the areas prone to conﬂict may decrease risk and assist
these disproportionately affected livestock owners.
Management of predation on livestock by wolf is an adaptive
process that uses a multi-faceted approach to foster tolerance
of predators, predator management and acceptable predation-
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management tools. Non-lethal tools are generally criticised for
having short-term success and for being ‘costly’ when compared
with lethal methods (Shivik 2004, 2006). Yet, lethal tools also
have associated criticisms and costs and may not provide the
most effective long-term approach when considering diverse
stakeholders and when costs and beneﬁts are deﬁned more
broadly (Phillips et al. 2004; Berger 2006). Thus, we caution
against making judgments about any management tools, unless
this is done with understanding of the biological, economical and
sociological context of the situation and through time. Non-lethal
tools such as EF may be essential for fostering and increasing
tolerance of predators, especially when used in combination with
other lethal and non-lethal tools (Sime et al. 2008). Under the
terms of some compensation programs, the use of non-lethal tools
may also be a pre-condition for reimbursement. Where wolves
and livestock overlap, a suite of ﬁeld-based management tools
and social equity considerations, such as cost sharing of nonlethal tools, are required to facilitate wolf conservation over the
long term.
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Abstract: Since the 1980s wildlife managers in the United States and Canada have expressed
increasing concern about the physical threat posed by cougars (Puma concolor) to humans.
We developed a conceptual framework and analyzed 386 human–cougar encounters (29 fatal
attacks, 171 instances of nonfatal contact, and 186 close-threatening encounters) to provide
information relevant to public safety. We conceived of human injury and death as the outcome
of 4 transitions affected by different suites of factors: (1) a human encountering a cougar: (2)
given an encounter, odds that the cougar would be aggressive; (3) given aggression, odds
that the cougar would attack; and (4) given an attack, odds that the human would die. We
developed multivariable logistic regression models to explain variation in odds at transitions
three and four using variables pertaining to characteristics of involved people and cougars.
Young (≤2.5 years) or unhealthy (by weight, condition, or disease) cougars were more likely
than any others to be involved in close (typically <5 m) encounters that threatened the involved
person. Of cougars in close encounters, females were more likely than males to attack, and
of attacking animals, adults were more likely than juveniles to kill the victim (32% versus
9% fatality, respectively). During close encounters, victims who used a weapon killed the
involved cougar in 82% of cases. Other mitigating behaviors (e.g., yelling, backing away,
throwing objects, increasing stature) also substantially lessened odds of attack. People who
were moving quickly or erratically when an encounter happened (running, playing, skiing,
snowshoeing, biking, ATV-riding) were more likely to be attacked and killed compared to
people who were less active (25% versus 8% fatality). Children (≤10 years) were more likely
than single adults to be attacked, but intervention by people of any age reduced odds of a
child’s death by 4.6×. Overall, cougar attacks on people in Canada and the United States were
rare (currently 4 to 6/year) compared to attacks by large felids and wolves (Canis lupus) in
Africa and Asia (hundreds to thousands/year).

Key words: attack, cougar, human–wildlife conflicts, mountain lion, public safety, puma,
Puma concolor, risk
Since the 1980s, wildlife managers in the
United States and Canada have expressed
increasing concern about the physical threat
posed by cougars (Puma concolor) to humans.
Reports by states and provinces at regularly
convened mountain lion workshops document
rising numbers of problematic encounters
between cougars and people throughout
cougar range, especially during the early 1990s
and 2000s (e.g., Wakeling 2003, Barber 2005).
Of perhaps greatest relevance to everyone
involved, numbers of confirmed attacks by
cougars on humans and resulting human
fatalities increased by 4- to 5-fold between the
1970s and 1990s (Sweanor and Logan 2010). This
has made human safety a priority for most state
and federal bureaus that manage cougars (e.g.,
Arizona Game and Fish Department 2005).
Management of public safety has become
complicated for cougar managers since the

1980s, not only because of greater perceived
threats from cougars, but also because of
stakeholder conflict. Historically, cougars that
were judged to be a threat were tracked down
and killed. Intensified hunting also was used to
reduce numbers of cougars near people (e.g.,
Treves and Karanth 2003). But, during the last
2 decades, lethal approaches to management
of cougars for human safety have precipitated
negative public reactions. Not only have public
exchanges about cougar management become
more common, but cougar mortality and the
eﬀectiveness of lethal practices also have been
subject to critique by an emerging group of
predominantly urban, educated, and female
stakeholders (Mattson and Clark 2010). At the
same time, traditional stakeholders, who are
more often male, hunters, and rural residents,
support lethal methods (Mattson and Clark
2010). Cougar managers are, thus, subjected to
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conflicting demands that, since the 1960s, have
arisen from a diversification of stakeholder
world views and are linked to urbanization and
economic and educational changes (Reading et
al. 1994, Rasker and Hansen 2001, Hansen et al.
2002).
Virtually all those who are concerned about
cougar management seem to agree that human
safety is desirable. They disagree primarily
on allocations of responsibility and the role
of lethal versus nonlethal methods of control
(Mattson and Clark 2010). With stakeholders
at odds, better information about factors
governing cougar attacks on humans can
create a wider range of management options to
address conflicting demands. Fitzhugh (1988),
Beier (1991), Fitzhugh and Fjelline (1997), and
Fitzhugh et al. (2003) pioneered inquiry into
factors governing cougar attacks on people
to provide managers and the public with
improved means of preventing and managing
attacks. Beier (1991) and others, including
Etling (2001) and Deurbrock and Miller (2001),
employed case histories and summary statistics
to focus almost exclusively on attacks resulting
in physical contact. The body of work unified by
E. Lee Fitzhugh and summarized by the Cougar
Management Guidelines Working Group
([CMGWG] 2005) focused on judging threat
and preventing physical contact during close
human encounters with cougars; these studies
primarily used deductive reasoning, anecdote,
and observations of captive felids to draw
conclusions. Fitzhugh et al. (2003) and Coss et
al. (2009) provided the most in-depth analyses to
date, applying exploratory univariate statistical
analyses to 379 and 185 cases, respectively. Their
work identified some characteristics of victims
that increase risk of attack. These characteristics
include the presence of children, being alone,
exhibiting prey-like movement, and lacking
an aggressive, loud response. For the involved
cougars, key factors included being young and
in poor condition. Dogs also were identified as
a higher risk factor for nearby people because
they can trigger cougar aggression.
Our goal for this research was to build on
previous investigations in 2 ways: first, by
describing a conceptual frame for thinking
about risks posed by cougars to humans and
potential biases in data used to judge those
risks; and, secondly, by adopting a multivariable
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model-building approach informed by our
conceptual frame to analyze a larger sample of
close encounters, attacks, and fatalities. Human
injury and death are contingent on several
transitions in cougar behavior that likely are
explained by diﬀerent human behaviors that
are relevant to cougar managers or people
involved in close encounters. We structured our
analysis according to these transitions and likely
explanations. Because data on the total numbers
of unproblematic cougar–human encounters
are incomplete and attendant details are rarely
recorded, the statistical analyses that we report
focus on the odds that a close encounter would
result in physical contact (an attack), and that an
attack would result in human death. Given the
uncontrolled nature of field observations used
in our analysis, defensible inferences about the
eﬀect of a single factor depend on some kind
of control for the intervening (e.g., correlated)
eﬀects of other factors (Burnham and Anderson
1998). Multivariable statistical models, such as
we report here, that were created and evaluated
using prior ecological knowledge oﬀer the best
prospects for such control and the surest means
of judging the relative importance of diﬀerent
factors to human safety.

A conceptual frame
The chain of events leading to human injury
or death can be thought of as a series of states
and transitions (Figure 1). Transitions are
probabilistic (denoted by P), are directly linked
to and estimable as log odds (ln[P/(1-P)]), and,
according to our conceptualization, consist
of the following odds: (1) that a cougar will
encounter a person; (2) given an encounter,
that the cougar will be aggressive; (3) given
aggression, that the cougar will make physical
contact with involved people (attack); and, (4)
given contact, that the involved person will die.
Each transition is followed by an outcome that
can be counted and that constitutes data. These
data include: (1) number of encounters between
cougars and people; (2) number of encounters
during which a cougar was aggressive; (3)
number of cougar attacks on people (i.e.,
physical contact); and (4) number of human
deaths resulting from cougar attacks. The ratios
of subsequent to antecedent counts are a logical
basis for estimating probabilities, and factors
associated with each transition are a logical
basis for explaining outcomes.
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Figure 1. Conceptual frame for analyzing outcomes of cougar–human encounters and for judging prospective data bias. White boxes (with n followed by a name) denote outcomes of potential management
concern; dark boxes (with p followed by a name) denote transitions that are a prospective opportunity for
intervention by managers or by people involved in close encounters with cougars.

Each transition and resulting state is
associated with diﬀerent aspects of risk and is
likely explained by diﬀerent factors relevant to
human intervention. Numbers of encounters
with cougars is analogous to the concept of
exposure in risk management (Pritchard 2000),
which pertains to the level of contact with a
hazard. Per person, exposure is likely governed
largely by local cougar densities and the amount
of time the person is active in cougar range
during times of day when cougars are active
(Sweanor et al. 2007). Exposed persons would
not include those who are inside a protective
vehicle or structure. Exposure is expressed in
terms of time and unit area-specific probabilities
of a human–cougar encounter. Given exposure,
succeeding transitions are likely governed
primarily by both the physical characteristics
and behaviors of involved cougars and people.
Each transition is characterized by diminished
prospects of productive intervention by cougar
managers as transitions move from aggression,
to attack, to death. Wildland managers have the
greatest opportunities to aﬀect odds of human
injury and death by: (1) managing exposure

(e.g., local cougar densities or times and levels
of human activity; (2) responding to cougar
aggressions that do not result in physical
contact; (3) responding to cougar attacks to
prevent others; and (4) educating users of
cougar range about means of preventing and
managing encounters to reduce the odds of
physical contact.
Each transition has diﬀerent definitional and
logistical issues that aﬀect conceptual clarity
and data bias. With human injury and death as
the primary outcomes of concern, an encounter
does not happen unless a cougar is aware of a
person. Most people are probably not aware
of encounters, given the secretive nature of
cougars; and oﬃcial records are probably
biased or otherwise unreliable because many
encounters go unreported or because people
who do report encounters apparently often
mistake other species (e.g., bobcats [Lynx
rufus] and domestic dogs and cats) for cougars
(Beier 1991; Figure 1). We do not know of any
study where numbers of encounters have been
estimated and explained by researchers under
controlled circumstances.
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Aggression occurs when a cougar, encountering a person, responds in such a way as to
increase the odds of physical contact, either
as an act of predation or in defense of self,
dependent young, or killed prey. Construed
in this way, aggression is a continuum
along several dimensions of motivation and
expression that are diﬃcult to judge even by
felid experts, much less by novices (Leyhausen
1979). Some non-contact encounters are very
likely reported when the involved people felt
threatened but had no reliable knowledge
of the aggression actually exhibited by the
cougar. Other noncontact encounters might
be reported out of curiosity about the animal.
In contrast to non-contact encounters, that is,
encounters resulting in human injury or death,
are typically unambiguous, well-documented,
and, at least since the 1960s, comprehensively
recorded (Fitzhugh et al. 2003).

Methods
We focused our statistical analysis on
explaining transitions from cougar aggression
to human injury and from human injury to
human death. Because we assumed that almost
all injuries and deaths had been documented
since at least the 1960s, we interpreted our
results regarding odds of death literally and,
for the most part, as unbiased (79% of injuries
and deaths in our database were post-1959;
however, see our discussion of data below).
By contrast, we faced considerable conceptual
ambiguity and bias aﬀecting data about close
but non-contact encounters.
We addressed these problems in several
ways. First, we defined cougar behavior as
threatening based solely on impressions of the
involved people and without passing judgment
on levels or types of aggression exhibited by
the cougar. We also included only threatening
encounters during which a cougar approached
to a distance much <50 m (near attack, in the
language of Beier [1991]), which increased the
likelihood that these encounters did pose a
threat to the involved people (Fitzhugh 1988,
Halfpenny et al. 1993, Fitzhugh and Fjelline
1997, CMGWG 2005, Sweanor et al. 2005) and
that they correctly identified a cougar. Roughly
75% of these close encounters were at estimated
distances of ≤5 m (see Results). We further
diﬀerentiated cases as probable and confirmed,

based on considerations that we describe below.
We assumed that we documented an unknown
but probably only small percentage of all close
encounters, which meant that we interpreted
our estimated odds as indices biased high. Our
emphasis for this transition was on estimating
the comparative rather than absolute importance of explanatory factors.

Data
We used data for this analysis only from cases
involving wild cougars in the United States and
Canada, excluding cases likely attributable to
captive or recently captive animals, and going
back only to 1890 (as per Beier 1991). Data were
obtained from 5 primary sources: (1) oﬃcial
state or provincial records; (2) records compiled
by Beier (1991 and personal communication);
(3) records compiled by Etling (2001), which
encapsulated those of Beier (1991) and Danz
(1999); (4) our own searches of newspaper
records for all states in cougar range, in part
using newspaper archives accessible online
through the Access World News, News Bank
(<http://infoweb.newsbank.com>), which, depending on the paper, dated back from the mid1980s to late 1990s); and (5) records compiled
by L. Lewis and posted on the Internet (site
no longer available). We did not consider the
latter to be authoritative, but, nonetheless, we
found them informative when subjected to
confirmation and critical examination. Records
of Etling ended in 2000, and those of Beier in
2003. After 2000, we relied primarily on state
and provincial records and our own searches.
None of these sources was mutually exclusive.
We judged each record to be either confirmed
or probable based on several criteria. A confirmed case was on an oﬃcial state or provincial list
or on the lists of Beier or Etling, without any
indication of doubt or equivocation regarding
the outcome and involvement of a cougar.
Confirmed cases also appeared in original
newspaper records, especially those reporting
encounters without physical contact and where
a state or federal oﬃcial with appropriate
authority (e.g., wildlife manager, police oﬃcer)
reported that the encounter was authentic.
A case was considered probable if it had
plausible circumstantial evidence implicating
involvement of a cougar, but the authorities
registered doubt or equivocation about the
authenticity of the encounter.
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We built a database that encapsulated all of
the information we could glean from written
records regarding date, time, location, and
circumstances; the nature of involved human
victims; victim responses; and the types and
numbers of involved cougars. We coded activities of human victims at the time of an encounter
according to 11 categories that emerged from
our examination of records: playing, running,
skiing or snow-shoeing (snow-related), biking,
ATV riding, walking, horseback riding, working,
hunting, fishing, and at home or camp. We
subsequently consolidated these activities into
3 categories that reflected the victim’s overall
level and nature of movement: active (the first 5
categories); intermediate (the next 5 categories);
and sedentary (the final category).
Insofar as victim responses were concerned,
we categorized the reaction as aggressive if the
victim either made loud noises, tried to appear
larger, threw something, or charged or otherwise aggressively approached the involved
cougar. We categorized a person as having
backed away if they simply backed away or
were able to climb a tree or get inside a nearby
house or vehicle; we distinguished this from the
ran-away category. We also recorded whether
an attacked person fought back or not. Finally,
we categorized persons as being comparatively
passive if all available information suggested
that they had not been responsive or did not
have a chance to react.
We recorded whether a victim possessed a
weapon, fired it, and killed the involved cougar,
as 3 diﬀerent variables. We considered victims to
be armed if they possessed a loaded firearm or
a bow with an arrow fitted or readily available.
We diﬀerentiated whether a cougar had been
killed during an encounter by the involved
people or was killed later by authorities.
We described victims as being children if
they were ≤10 years old; teenagers if they were
11 to 19 years old; and adults if they were ≥20
years old. We considered an adult to be present
if the adult was the victim or part of a group
to which the victim belonged. We considered a
group to be ≥2 people who, by all indications,
were within distance of ready physical contact
of each other. Otherwise, we considered an
adult to be nearby if they were within sight or
sound of an attack. We also recorded victim
age and group size as continuous variables.
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Considering animals that were part of a group,
we recorded whether ≥1 dog was nearby at the
time of an encounter or attack.
We also recorded factors related to the
involved cougars. Barring instances of missing
information, we categorized cougars as young
if they had been described as such or were
aged as ≤2.5 years old, and adult if otherwise.
We categorized cougars as unhealthy if they
were underweight (either described as such or
by Beier’s [1991] criteria) or were described as
being either diseased, injured, or healthy. We
recorded cougar age, weight, and numbers as
continuous variables. Given the incompleteness
of written accounts, most records had missing
values, especially related to involved cougars
and details of victim behavior.
We used information about involved
cougars that was from both carcasses and field
observations. We included field observations
for 3 reasons: (1) only a comparatively small
percentage of judgments were based on
field observations alone (27% regarding age
class, 18% regarding sex, and 9% regarding
condition); (2) for the entire sample, judgments
about sex and age class based on carcasses
did not diﬀer substantially from those based
on field judgments (χ32 = 3.4, P = 0.33); and
(3) to maximize the otherwise small sample
sizes for information about involved cougars
(including field judgments on condition [n
= 98]; sex [n = 159]; and age class [n = 187]).
Because we had comparatively few cases with
information about the involved cougar, we
specified models, including and excluding
cougar-related information. This allowed us
to consider cougar-related eﬀects while also
taking fuller analytic advantage of cases where
little or no information was available about the
involved cougars.

Analysis
We analyzed the log odds that a close
encounter would result in physical contact (an
attack) in 2 ways, using (1) only confirmed cases
and (2) both confirmed and probable cases.
We reduced odds of mistakenly implicating
a cougar (i.e., errors of commission) by using
only confirmed cases. In contrast, we implicitly
balanced errors of commission and omission,
invoking weight of evidence (Smith et al. 2002),
when using both confirmed and probable cases.
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We always included probable cases in our
analysis of odds that physical contact resulted
in human death because exclusion of probable
cases for this transition likely led to significant
bias. Almost all of the probable deaths in our
database (6 of 7) involved a lone human victim,
which is not surprising. In these instances, there
were no witnesses, and human remains were
sometimes found only after substantial time
elapsed (i.e., weeks to up to 3 years). Overall,
the use only of confirmed cases of human
injury or death resulted in proportional underrepresentation of lone victims versus victims in
groups (χ12 = 5.3, P = 0.02; 16% of lone victims
versus 5% of victims in groups excluded from
analysis). To exclude probable cases would
have likely led to under-estimating the risks of
being alone near cougars.
We used logistic regression and maximum
likelihood methods to specify our multivariable
models. We selected best models to minimize
the sample-size corrected Akaike Information
Criterion (AICc; Burnham and Anderson 1998)
and used the logit transformation (ln[P/(1-P)])
as our link function. We judged overall model
performance by: the score test for the global null
hypothesis that β = 0; the Hosmer-Lemeshow
goodness-of-fit test; the adjusted coeﬃcient of
determination (R2L); and area under the receiver
operating characteristic (ROC) curve (c; Allison
1999, Hosmer and Lemeshow 2000). We used
ratios of deviance to degrees of freedom to judge
variance inflation. If this ratio was considerably
>1, we used the deviance ratio to adjust the
covariance matrix, with resulting increases in
standard errors and changes to other statistics
used for tests (Allison 1999).
We judged the relative importance of
explanatory variables in several ways: (1)
change in AICc (ΔAICc) and –2 × lnL (Δ–2lnL)
with deletion and replacement of each variable,
in turn, from the model that minimized AICc;
(2) the Akaike weight (w) calculated for models
excluding each variable in turn, which can
be interpreted as the comparative likelihood
of each model given the data (i.e., low values
indicate little support for excluding a variable);
and (3) probability that βi (the estimated
variable parameter) = 0 by the Wald Chi-square
test (Burham and Anderson 1998, Allison 1999,
Hosmer and Lemeshow 2000). Because of
missing values, each model that we considered
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tended to be based on diﬀerent samples and
degrees of freedom, and, so, for calculating
ΔAICc and Δ–2lnL, we fixed the sample at
that used to specify the model minimizing
AICc. Our use of Akaike weights to judge the
relative importance of variables was equivalent
to considering as many top models as
corresponded to the number of variables in our
best model, but with each of these additional
models missing 1 variable.
We set α = 0.10 rather than 0.05 for rejection of
null hypotheses in tests of statistical significance
to reduce commission of type II errors, which
is conservative relative to management
implications. Mistakenly concluding that
an eﬀect did not occur, when it did (i.e.,
committing a type II error), pertaining to some
driver of cougar attacks, might cause managers
or potential victims to ignore some behavior or
management action that could, in fact, reduce
risk. It is unlikely that similar risk would arise
from committing a type I error.
Given the sparseness of data for human
fatalities, we also conducted univariate
analyses for each variable that was a candidate
for explaining variation in the odds of death
given physical contact. Given a globally
significant test for rejecting the null hypothesis
of homogeneity, we conducted multiple
comparisons among proportions of fatalities by
variable categories, employing a test based on
angular transformations that was analogous to
the Tukey test (Zar 1984).
We used simultaneous Bonferroni confidence
intervals (Byers et al. 1984) to compare the
observed proportional distribution of cougars
involved in encounters, by sex-, age-, and
condition-class, with a proportional distribution
expected by a population of cougars in the
San Andres Mountains of New Mexico. This
population was unexploited, which may not be
representative of cougars throughout the West,
but we did have information on the physical
condition of trapped animals; such information
was important to our comparison. Although we
do not know how condition of these animals
compared to cougars throughout the West,
the San Andres Mountain cougars were more
likely to be in poorer condition because this
population was naturally regulated for much of
the study, and prey abundance was known to be
declining (Logan and Sweanor 2001). Logan and
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Sweanor (2001) describe methods for capturing contact: 4% were recorded in two of the first 3
and weighing cougars and for estimating their sources given in Methods; 43% were listed in
proportions by sex- and age-class.
one of these sources; and 54% were from our
primary research, of which 73% dated after
Results
1999. Of the 102 cases without physical contact
Our database consisted of 386 cases of which and where the nearest approach of the cougar
343 (89%) cases were confirmed. Of these, 29 was noted, the median nearest distance was 2
cases were fatal attacks (of which eight were m (25th to 75th percentile = 1 to 5 m, rounded to
probable); 171 cases involved non-fatal physical the nearest m).
contact attacks (seventeen were probable);
and 186 cases involved cougar behavior that Annual trends in attacks
Per annum, recorded confirmed, and
was perceived as threatening during a close
encounter but did not result in physical contact probable incidents where a wild cougar injured
(eighteen probable). Of the cases involving or killed a person were low during the 1900s to
physical contact by a cougar: 22% were the 1940s (0.2 to 0.7/year), reached a minor peak
recorded in all three of the first 3 sources given in the 1950s (1.5/year), and trended upward
in Methods; 37% were recorded in two of these beginning in the 1970s to a major peak in both
sources; and 28% were recorded in one. The injuries (5.4/year) and fatalities (0.9/year) in the
remaining 14% were based on our primary 1990s (Figure 2A). Viewed as a 3-year running
research. Of the cases not involving physical average 1978 to 2008 (Figure 2B), instances of
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Figure 2. (A) Mean annual numbers of recorded cougar–human encounters resulting in physical contact
(attacks), by decade, 1900 to 2008; (B) running 3-year mean of recorded cougar attacks on people, 1978 to
2008. Hatched bars are for confirmed cases only, whereas narrower black bars include probable cases.
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physical contact peaked twice, around 1994
(7.0/year) and 1998 (7.7/year), and dropped,
apparently stabilizing at around 4.0 to 5.3 per
year since 2000.

Cougars involved in close encounters
and attacks
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respectively. Unhealthy adult females, young
females, and young males involved in attacks
or close encounters were estimated to weigh
27 (n = 1), 24 ± 2, and 27 ± 2 kg, respectively,
which (except for young females) were within
the parameters for underweight set by Beier
(1991): <30, <20, and <30 kg, respectively. We
had no weight estimates for unhealthy adult
males involved in attacks or close encounters.
Controlling for eﬀects of cougar sex-, age-,
and condition-class, we found no evidence
that weight estimates diﬀered between field
judgments and measurments from carcasses (F1
= 0.2, P = 0.64).

We found 76 cases where the sex, age, and the
condition of involved cougars were all recorded.
In 70 of these cases, this information was from
carcasses, and in the remaining six from field
judgments. Of these cougars, young females
and young males were proportionately most
common (0.37 and 0.34, respectively), whereas
healthy adult females and unhealthy adults of
both sexes were proportionately least common Effects of a weapon
If a person involved in a close encounter with
(0.05 and 0.12, respectively). The proportional
distribution of cougars involved in encounters a cougar discharged a weapon and killed the
and attacks among 8 sex-, age, and condition- cougar, the encounter self-evidently ended. The
classes was not the same as the proportional cougar did not have options to subsequently
distribution observed for an unhunted exercise in response to the involved person.
population of cougars in the San Andres Of the people involved in a reported close
Mountains, New Mexico (n = 294; χ72 = 935.5, encounter who carried a weapon (n = 71), 78%
P < 0.0001). Proportions diﬀered primarily by (± 5 SE) chose to use it. Of those who fired a
(1) more unhealthy young males and
females and (2) fewer healthy adults
and healthy young females among
cougars involved in attacks or close
encounters compared to cougars in
the San Andres Mountains (Figure
3). The overall sex ratio of involved
cougars was 48:52, females to males
(n = 161).
Weights estimated for cougars
that were involved either in close
encounters or attacks (n = 47) were
consistent with judgments regarding
whether they were healthy or
unhealthy and with weights obtained
from cougars during the long-term
study in the San Andres Mountains,
New Mexico. Healthy adult males,
young males, adult females, and
young females involved in attacks
or close encounters were estimated Figure 3. Proportional distribution of cougars involved in attacks or close encounters with people in the United States
to weigh 62 ± 4 (SE), 45 ± 3, 42 ± 2, and Canada, 1890–2008, by sex-, age-, and condition-class,
and 34 ± 2 kg, respectively, which, compared to proportions of cougars in each class observed
during a long-term study in the San Andres Mountains, New
with the exception of adult females, Mexico (Logan and Sweanor 2001). Bars and associated 90%
were almost identical to weights confidence intervals represent proportions of cougars in attacks
estimated for these same classes in or close encounters; black dots represent proportions expected
by the San Andres population; < represents a class where the
the San Andres Mountains: 60 ± 0.5, observed proportion was less than expected; and > represents a
44 ± 0.6, 33 ± 0.6, and 32 ± 0.6 kg, class where the observed proportion was greater than expected.
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weapon, 82% ± 5% succeeded in killing the
cougar.
Excluding cougars killed after an encounter
(typically by some oﬃcial), the best model for
diﬀerentiating cougars that were killed during
an encounter from those that were not contained
a single variable, whether the involved person
was sport hunting or not (n = 349; score test
χ12 = 62.2, P < 0.0001; R2L = 0.220; c = 0.705). The
odds index that a cougar was killed during an
encounter was 10.8× greater when a hunter
was involved versus any other type of person.
Hunters were recorded as carrying weapons in
96% ± 3% of cases compared to in 10% ± 2% of
cases for all other categories of involved people.
Our category of hunters excluded individuals
who were hunting cougars for sport; most were
hunting other big game.
Juvenile cougars were less commonly
among those killed during an encounter (51%)
compared to those that were not killed (73%; n
= 182, likelihood ratio χ12 = 6, P = 0.02). Of the
147 cougars not killed during an encounter,
66% (n = 97) were killed later, providing reliable
information on animals that survived the
immediate encounter.
Considering only cases without physical
contact, we did not reject the hypothesis that
the nearest distance between cougars and
people did not vary, depending on whether
a weapon was present and used or not (F2,96
= 0.24, P = 0.79). In other words, we found no
indication that cougars were shot at a distance
farther than was recorded for cougars in cases
where a weapon was not used, excluding
cases where physical contact occurred.

Odds that a close encounter
resulted in physical contact
Our best model to explain the indexed log
odds that a close encounter resulted in physical
contact—excluding cougars killed during the
encounter and not considering factors related to
the involved cougars—contained 5 explanatory
variables (Figure 4):
1. victim reaction (2 classes: was aggressive
or backed away or fired a weapon but
missed; did not react, either by choice or
lack of opportunity);
2. victim group size and composition (3
classes: adult group or lone adult; child
with ≥1 adults; child alone or in a group
of children);
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3. season (2 classes: fall [September to
November]; remaining months);
4. whether and where a dog was present
(2 classes: dog present on the trail; no
dog present or dog present at a camp or
residence); and
5. level and nature of victim movement
(2 classes: active; intermediate or
sedentary).
This result was consistent, regardless of
whether probable cases were included or
excluded, and statistics for both models
indicated excellent performance. Statistics for
the model based on all cases were: n = 198;
score test χ72 = 65, P < 0.0001; deviance/df = 0.82,
df = 26, P = 0.73; Hosmer-Lemeshow test χ72 =
7, P = 0.51; R2L = 0.46; c = 0.84. Statistics for the
model based on only confirmed cases indicated
a somewhat better performing model and were:
n = 180; score test χ62 = 67, p < 0.0001; deviance/
df = 0.77, df = 21, P = 0.76; Hosmer-Lemeshow
test χ72 = 3, P = 0.93; R2L = 0.51; c = 0.86.
When we included cougar-related eﬀects, our
best model consisted of 5 variables, including
variables (1), (3), and (4), whether the involved
person was hunting or not, and the sex of the
involved cougars (excluding cougars that were
killed during the encounter; Figure 4). Classes
for variables (1), (3), and (4) diﬀered from
above, as follows:
(1) victim reaction (2 classes: was aggressive
and retreated or fired a weapon but missed;
backed away only or did not react, either
by choice or lack of opportunity); (3) season
(3 classes: fall; summer [June to August];
remaining months); and (4) whether and where
a dog was present (3 classes: dog present on
trail; no dog present; dog present at camp or
residence).
Statistics for this model also indicated
excellent performance: n = 86; score test χ72 = 39,
P < 0.0001; deviance/df = 1.089, df = 20, P = 0.35;
Hosmer-Lemeshow test χ82 = 6, P = 0.61; R2L =
0.67; c = 0.94.
Behavioral reactions, group size and
composition, and activity level all provided
substantial explanation for variation in indexed
odds of an attack, given that the involved cougar
survived discharge of a weapon (Table 1). The
indexed odds of an attack was 5.4× greater
(averaged over all models) for cases where a
victim did not have a chance (or did not choose)
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Figure 4. Relations between close cougar–human encounters that resulted in physical contact in the United
States and Canada, 1890–2008, and variables included in explanatory models. These results exclude
cases where the victim killed a cougar during an encounter. Categories for each variable are shown prior
to consolidation on the basis of reductions in AICc. Solid horizontal lines indicate variable categories that
were subsequently consolidated in the best model when not considering cougar-related effects. Dashed
horizontal lines indicate categories that were consolidated in the model including cougar-related effects.
Dots and associated SEs indicate modeled parameter estimates for the log odds of physical contact, given
a recorded close encounter. Black dots indicate the model including all cases, but excluding cougar effects.
White dots indicate the model including cougar effects. Hatched bars and associated SEs are univariate
proportions calculated using all cases with information for each respective variable. Relative model parameter and univariate estimates differ because of model control for other modeled effects.

to back away or react aggressively, compared
to where the victim engaged in some kind of
mitigating behavior. Considering the eﬀect of
group size and composition, the indexed odds
of attack when a child was present alone or in a
group of children was 14.0× greater compared
to when the involved people were a group of
adults. Even when children were accompanied
by an adult, indexed odds of attack were
6.4× greater than that of a group comprised
exclusively of adults. Similarly, of 23 cases
involving mixed groups of adults and children
that were attacked, children were the initial
victim in 17 cases (which diﬀered from a 50:50
ratio of children:adults, χ12 = 7, P = 0.01); and
when there was an adult victim in these cases
(whether attacked initially or subsequently),
six of seven were female. Finally, of the victimrelated eﬀects, people who were engaged
in rapid erratic movement or who exhibited
intermediate levels of activity at the time of
a close encounter experienced 4.8× greater

indexed odds of being attacked compared to
people involved in more sedentary activity at
home or camp.
Of the remaining variables, presence of a dog
and season had a consistently strong eﬀect;
cougar sex had a strong eﬀect in the model
including cougar-related factors; and whether
the involved person was hunting or not had
a weak eﬀect only in the model that included
cougar factors (Table 1). Averaged over models
and categories, indexed odds of attack given a
close encounter were 2.1× greater for a person
either without a dog or in company of a dog
around a home or camp compared to a person
with a dog on a trail or road. Compared to either
when people were unaccompanied by a dog or
with a dog on a trail, encounters involving dogs
at a residence occurred more often at night
(39% versus 8%) and less often during day
(11% versus 48%; χ32 = 30.0, P < 0.0001). All else
being equal, indexed odds of a female cougar
attacking during a close encounter were 56.2×
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3.8
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26.0

0.0
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Confirmed cases,
excluding cougar factors

Victim a hunter
versus other

23.9

0.0

(Best model)

Victim reaction

ΔAICc

Explanatory
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All cases, excluding cougar factors

Table 1. Statistical measures of performance for variables in models explaining the indexed log odds that a close encounter between a human and cougar
would result in physical contact, for cougar–human encounters in Canada and the United States, 1890–2008. ΔAICc and Δ–2lnL are for changes in model
values when the corresponding variable is excluded. Akaike weights indicate relative support for the best model and for models excluding the corresponding
variable, considering as many models as there are variables.
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greater than indexed odds of a male attacking.
Finally, all else being equal, indexed odds of a
cougar attacking during a close encounter were
12.4× less, on average, during fall compared
to all other seasons. Fall was associated with
a disproportionately large number of close
encounters between people and adult female
cougars, which comprised 0.36 of cougars in
encounters during fall compared to 0.11 during
all other seasons (χ32 = 11, P = 0.01). Similarly,
adult female cougars comprised 0.41 of cougars
involved in close encounters with hunters
compared to 0.12 of cougars involved in
encounters of all other types (χ32 = 13.4, P = 0.004).

Odds that physical contact resulted in
death
Considering all attacks, 14.6% were fatal to
the involved person, although death rate varied
from 10.9% for adults, to 15.8% for teenagers,
to 19.2% for children. Adults, teenagers, and
children comprised 51.0%, 9.6%, and 39.4%,
respectively, of all people physically contacted
by a cougar (i.e., attacked) and 37.9%, 10.3%,
and 39.4% of all fatalities. Of the children, 75%
were attacked while in a group (≥2 people) of
any kind (wholly children or mixed children
and adults), which increased to 92% if cases
were included where an adult was near enough
to intervene.
The best model for the log odds that a
cougar attack would result in a human death
included the eﬀects of victim group size and
composition, as well as the level and nature
of victim movement. Reductions in AICc
supported collapsing variable categories to (1)
lone child versus all others and (2) active versus
all others. This model performed moderately
well: n = 164; score test χ22 = 21, P < 0.0001;
deviance/df = 0.18, df = 1, P = 0.67; HosmerLemeshow test χ12 = 0.03, P = 0.87; R2L = 0.18;
c = 0.71 (Figure 5). The multivariable models
that included cougar-related variables tended
to be unstable and poorly specified, primarily
because of sparse data for certain categories.
The best of these models included cougar age
class (young versus adult) and level and nature
of victim movement (Figure 5) and exhibited
modest performance: n = 104; score test χ22 =
15, P = 0.0007; deviance/df = 0.001, df = 1, P =
0.99; Hosmer-Lemeshow test χ22 = 0.0, P = 1; R2L
= 0.22; c = 0.76.

Human–Wildlife Interactions 5(1)
Considering the single cougar-related eﬀect,
victims were 6.4× more likely to die if attacked by
an adult than by a young cougar. Adult cougars
killed 32% of their victims, whereas young
cougars killed only 9% of theirs. This eﬀect
was the strongest of any that we considered for
explaining odds of human death (Table 2).
Considering victim-related factors, the
nature and level of activity at the time of the
attack oﬀered a better explanation for variation
in odds of death compared to victim group size
and composition (Table 2). Victims who were
active at the time of attack were more likely to
die compared to victims who were sedentary
or involved in intermediate levels of activity
(28% died compared to 8% for the other activity
classes pooled; Figure 5); modeled odds that an
active victim would die, given an attack, was
4.0× greater. Considering the characteristics of
victim groups, lone children were more likely
to die, compared to any other type of victim
(50% lone children died, compared to 11%
for all other cases). The modeled odds that a
lone child would die was 4.6× greater than for
victims under any other circumstances. This
result included instances where an adult was
within sight or sound of the attack. In instances
where the victim was a lone child and no adult
was nearby four of five died, compared to four
of eleven when an adult was nearby. No adult
victim who was part of a group of adults or
within sight or sound of another adult died
from an attack.

Discussion
We interpreted our models of a cougar attack
resulting in death of the victim and a close
encounter resulting in an attack, diﬀerently.
The data on cougar-caused injuries and deaths
supported strong inference. These phenomena
were comparatively unambiguous, and data
were likely comprehensive since the 1960s
(Fitzhugh et al. 2003). The modeled odds
warranted being interpreted literally. By
contrast, the odds of physical contact during
a close encounter were probably biased high
(perhaps very high) and also were aﬀected by
bias in coverage of encounters that did not result
in injury. This bias arose because our sample
of close encounters very likely constituted
only a small percentage of the total, whereas
our observations of physical contact likely
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Table 2. Statistical measures of performance for variables in models explaining the log odds that physical contact between a human and
cougar would result in human death, for cougar–human encounters in Canada and the United States, 1890–2008. ΔAICc and Δ–2lnL are
for changes in model values when the corresponding variable is excluded. Akaike weights indicate relative support for the best model
and for models excluding the corresponding variable, considering as many models as there are variables.
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comprised all of those that occurred during the
last 40 years. Without physical contact, a close
encounter also suﬀered from definitional and
conceptual ambiguity. We, thus, treated the
modeled odds as a biased index of true odds in
need of careful interpretation.
However, we were primar-ily interested in
determining comparative, rather than absolute,
eﬀects of variables in our models. This objective
linked closely to management concerns, which
focus on key drivers and potential points of
intervention. We were most concerned about
bias that aﬀected comparative evaluations of
explanatory variables that was to some extent
contingent on the conceptual and statistical
adequacy of our models. We used models to isolate the eﬀects of individual variables through
conditioning on the eﬀects of all other variables
(i.e., conditional independence; Dawid 1979).
As Kyburg (1969) remarked, modeling often
is a simple matter of finding the appropriate
reference class, i.e., the class that a certain
subject is a random member of, relative to our
body of knowledge. Residual variation contains
the remaining bias, and when residuals are
small, the potential eﬀects of bias are lessened
(Rosenbaum 1984). We avoided over-fitting,
or spurious explanation, by selecting models
on the basis of parsimony and conceptual
plausibility (Burnham and Anderson 1998). All
of the relevant metrics indicate that our models
explaining odds of physical contact during
a close encounter performed very well and
thereby provide a basis for judicious inferences
about the relative importance of variables.

Cougar characteristics
Relative to other large carnivores with a
history of attacking humans, cougars are among
the least lethal. In the recent past, fatality rates
for tiger (Panthera tigris) and lion (Panther leo)
attacks have been 78% (Nyhus and Tilson 2004,
Chowdery et al. 2008) and 62% (Treves and
Naughton-Treves 1999, Packer et al. 2005, Begg
et al. 2007), respectively, compared to 15% for
our sample of cougar attacks. Even leopard
(Panthera pardus) and hyena (Crocuta crocuta)
attacks have had higher recorded fatality
rates (32% and 31%, respectively; Treves and
Naughton-Treves 1999, Begg et al. 2007). These
diﬀerences among species may be partly a
function of body mass. Maximum sizes for
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tigers and lions are in the range of 200 to 300
kg, whereas leopards, cougars, and hyenas are
typically no larger than 70 to 100 kg (Nowak
1999). This possible eﬀect of predator body
mass on human fatality rates is consistent with
the greater lethality of adult compared to young
cougars (32% versus 8%); however, age-related
increases in hunting proficiency undoubtedly
explain part of this diﬀerence. More to the point,
the ratio of predator size to size of human prey
is likely a factor in fatality rates. For example,
wolves (Canis lupus) killed roughly 62% of the
children they attacked in India (n = 3 episodes;
Rajpurohit 1999) and lions and leopards killed
roughly 88% and 74%, respectively, of the
women and children they attacked in Africa
(Treves and Naughton-Treves 1999). These
high rates are consistent with the much higher
fatality rate among lone children attacked by
cougars (50%) compared to lone adults (13%).
Even though older cougars were more
lethal to the humans they attacked, young and
unhealthy cougars were much more likely
than any other age- or condition-class to be
involved in close encounters that threatened
the involved people (i.e., close-threatening
encounters; Figure 6). This result is consistent
with the results and speculations of previous
investigators (Beier 1991, CMGWG 2005), but
it is based on a larger sample size and on an
explicit comparison with conditions expected
from the well-studied San Andres, New Mexico,
population. Hypothetically, close-threatening
encounters would be more common in areas
with comparatively high densities of young
cougars in poor condition (Løe 2002). This could
happen under at least 2 scenarios. (1) There is
evidence that densities of young, dispersing
cougars are likely to be comparatively high
where local densities of resident adults have
been depressed by hunting, as long as other
nearby and less-heavily exploited areas serve
as sources of dispersers (Robinson et al. 2008).
Under such a scenario, heavy localized hunting
of older cougars could increase rather than
reduce exposure of people to close-threatening
encounters with cougars. (2) Alternatively,
comparatively high densities of nutritionally
stressed young cougars could be caused by
local shortages of prey. As our results show,
however, human injury or death resulting
from close encounters with young cougars is
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Figure 5. Relations between fatal cougar attacks on humans in the
United States and Canada, 1900 to 2008, and variables included in
explanatory models. Categories for each variable are shown prior to
consolidation on the basis of reductions in AICc; horizontal lines indicate variable categories that were subsequently consolidated in the
best model. Dots and associated SEs represent modeled parameter
estimates for the log odds of death given physical contact (attack).
Black dots indicate the model that includes all cases, but excludes
cougar effects. White dots indicate the model including cougar effects. Hatched bars and associated SEs are univariate proportions
calculated using all cases with information for each respective variable. Univariate denotes results of univariate tests of homogeneity of
proportions by categories within variables. Proportions with the same
capital letters, within variables, are not different based on multiple
comparisons.

likely governed by a number of other factors,
including the nature and behaviors of involved
people.
Cougars that were young and in poor
condition increased the odds that they would
be involved in a close-threatening encounter,
but of the involved animals, females seemed
more likely to attack. We did not expect, nor
could we readily explain, this pattern. We posit
3 explanations: (1) female cougars experienced

a greater energetic incentive
to attack; (2) reproductive
females were defending their
(often undetected) young; and
(3) prey recognition by and
prey images of females were
broader and more flexible.
The first explanation might
hold for females with dependent young (Ackerman et al.
1986), which then holds for
the second explanation, and is
also consistent with the greater
tendency of females with cubs
to exhibit threat behaviors during close approaches (Sweanor
et al. 2005). However, adult
(as opposed to young) females
were
uncommon
overall
among cougars involved in
close encounters. The third
explanation is consistent with
the more diverse prey of more
varied sizes killed by females
compared to males in areas
such as northern Arizona
(Mattson et al. 2007). Moreover,
we speculate that competition
for food has its greatest
impact on females (Logan and
Sweanor 2010), which might
cause comparatively more
females to include humans
as prey. This result clearly
warrants reexamination in
light of more evidence.

Effects of weapons

People with weapons who
are involved in close encounters with cougars had a definitive eﬀect on the odds of an
attack. Most people who had a weapon used it,
and they typically killed the involved cougar,
eﬀectively ending an encounter. These results
run counter to speculations that people carrying
weapons might not have time to use them or, if
they did, would not use them eﬀectively. Even
so, possession and use of a weapon had no
apparent eﬀect on odds of death, given an attack,
which is consistent with previous analyses of
large carnivore attacks (Løe 2002). The strong
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Figure 6. Young cougars, like this one, were more
likely to attack, but not kill, people than were cougars
of any other age. (Photo courtesy Brandon Holton,
National Park Service, Grand Canyon National Park)

eﬀect of weapons on odds of an attack begs the
question: how many times were weapons used
when an attack would not have occurred in any
case? Almost all people with weapons involved
in close encounters were adults who were less
likely to be attacked in the first place.
We have no information that definitively
addresses this question of potential overreaction
by people with weapons. However, the nearest
distance of the cougar to the involved person is
relevant. Weapons were used at distances much
closer than those of Sweanor et al. (2005) when
these researchers deliberately approached
cougars and elicited a response from them.
People in the cases we examined also did not
use weapons at distances appreciably greater
than those at which cougars decided whether
to attack or not. This critical distance of 1 to
5 m—at which cougars apparently exercised
choice—was evident in cases where victims did
not have or use weapons. All of this evidence
suggests that most people who used weapons
were not overreacting to the near approach of a
cougar. In any case, having and using a weapon
was precautionary from the perspective of
human safety, although we do not consider here
the intrinsic risks of carrying a loaded weapon.
Given the tendency of people with weapons
to use them, it is noteworthy that adult female
cougars were disproportionately involved in
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close encounters with hunters. The greater
incidence of close encounters with adult female
cougars could have arisen from the unique extent
to which hunters were dispersed. Although
hunters exhibit an attraction to roads, trails, and
camping areas, they, nonetheless, spend more
time away from these linear features compared
to people under most other circumstances
(e.g., Thomas et al. 1976, Millspaugh et al.
2000, Diefenbach et al. 2005). Unlike young
and dispersing cougars, adult females tended
to be more uniformly distributed and are
expected to comprise a greater proportion of
independent animals in a cougar population
(Logan and Sweanor 2001), which would
mean a proportionately greater encounter rate
with hunters compared to people distributed
exclusively in point or linear concentrations.
This speculative explanation is consistent with
the increase in proportions of female cougars
among hunter kills in Washington, from 42
to 59%, after a shift in hunting methods from
dogs to spot-and-stalk, predator calling, and
incidental encounters by deer (Odocoileus
heminous) and elk (Cervus elaphus) hunters
(Marotello and Beausoliel 2003). Use of
hounds probably allowed hunters to exercise
greater selectivity by sexing and releasing
treed female cougars (Zornes et al. 2006).

Effects of other human behaviors
People involved in even moderate levels
of rapid or erratic movement at the time of
an encounter not only were more likely to
be attacked, but also to die as the result of
a cougar attack. This finding is consistent
with previous speculations based on case
studies and generalized knowledge of feline
behavior (e.g., Leyhausen 1979) that rapid
transverse movement by a human can trigger
instantaneous predatory responses from nearby
cougars (Fitzhugh 1988, Beier 1991, Rollins and
Spencer 1995, Fitzhugh and Fjelline 1997). By
contrast, Coss et al. (2009) suggested that rapid
movement decreased odds of severe injury
given that an attack was occurring. We do not
have any ready explanation for this diﬀerence
in results.
People who were sedentary seemed to
more often interact with cougars whose intent
seemed uncertain or exhibited intense curiosity
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(Etling 2001, Deurbrock and Miller 2001)—a
likely mix of defensive and predatory impulses
(Leyhausen 1979). People who reacted to
an encounter aggressively or in a deliberate
manner were more successful at staving oﬀ an
attack compared to those who did not. Given
the gaps in our data, our definition of human
aggression included a number of specific
behaviors, including yelling, throwing objects,
charging, looming large, and the nonlethal
firing of a weapon. But this result is consistent
with previous recommendations (Fitzhugh
1988, Beier 1991, Fitzhugh and Fjelline 1997,
CMGWG 2005) and with the results of Fitzhugh
et al. (2003) and Coss et al. (2009), suggesting
that sustained loud noise and other signs of
aggression could deter cougar attacks.
There was a predictable eﬀect of activity at
the time of a close encounter on subsequent
victim responses, with eﬀects, in turn, on odds
that a cougar would attack. Active people not
only were more likely to deal with an overtly
predatory cougar at the onset, but also they
were less likely able to respond in a mitigating
manner. Among those who did not kill the
involved cougar outright, sedentary people
more often had a chance to successfully
respond by backing away compared to people
who were active (in 27% versus 7% of cases,
respectively). Similarly, compared to people
involved in sedentary activities, unarmed and
active people less often had a chance to deter
an attack through any kind of reaction (52%
versus 16% of cases, for those who were active
versus those who were sedentary). Consistent
with this interpretation, the only cases where
an unarmed and active person was able to
stave oﬀ a cougar attack were those where
they responded quite aggressively (Etling
2001), suggesting that extreme measures
were required to countervail against strong
predatory responses to prey-like movements.

Effects of age and group size
Given a close encounter, cougars were
more likely to attack if children were present
and, given the presence of both children and
adults, more likely to select children. Attacked
children were also more likely to die compared
to attacked adults. These results are consistent
with those of previous investigators who
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concluded that, compared to adults, children
were at greater risk around cougars (Fitzhugh
1988, Beier 1991, Fitzhugh et al. 2003). This
result also was consistent with a broader
pattern of relations between predator body
mass and selection for children (Løe 2002).
Large predators, such as lions and tigers, kill
proportionately fewer children, historically—in
the range of 5 to 35%—compared to mediumsized predators, such as wolves and leopards,
which have historically killed 51 to 52%
children—nearly identical to the fraction of
children among cougar victims in our sample
(52%). Not only might children more often
move in ways that excite a predatory response
from cougars, but also, compared to human
adults, children might be closer to the right size
for cougars. We speculate that stature rather
than mass is the critical variable. Patterns of
predation observed in regions such as northern
Arizona, where cougars have access to prey of
diverse sizes, suggest that preferred prey are 50
to 130 kg in mass (Mattson et al. 2007), which
is closer to the mass of adults than children. By
contrast, children 8 to 10 years of age are, on
average, closer in height (130 to 140 cm; Centers
for Disease Control 2010) to that of adult mule
deer (Anderson 1981) and elk calves (Bubenik
1982), which are the preferred prey of cougars
throughout much of their North American
range (Iriarte et al. 1990).
Children did not gain much protection
by being in groups, even when adults were
present or nearby. The odds of an attack given
a close encounter were not much diﬀerent
when children were alone, in groups, or in the
company of adults. This result is consistent
with previous observations by Fitzhugh (1988),
Kadesky et al. (1998), Fitzhugh et al. (2003),
and Coss et al. (2009). Predatory cougars might
not be deterred by the presence of adults
or by group size because cougars routinely
prey on social animals, often selecting among
groups for smaller individuals, such as calves.
Nonetheless, the presence of other people
reduced odds of death for children who were
attacked. Interventions, especially by nearby
adults, clearly saved a number of people (Etling
2001) and, in the case of children, apparently
halved the fatality rate. No adult in the
company of other adults died from an attack.
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Effects of a dog
Our results suggested that the presence of
a dog did not increase the odds of a cougar
attacking a nearby person, at least during
daylight when dogs and people were out
walking. Given a close encounter, odds of
an attack were less when a dog was present
compared to when it was not. The exception
to this general pattern pertained to dogs at
night near a residence or camp. Under these
circumstances, the odds of an attack were
nearly as great as for people unaccompanied
by a dog. An explanation for the discrepancy
between results for dogs on trails and dogs at
residences plausibly relates to the motivation
of involved cougars. Evidence from individual
cases suggests that a residence scenario
involved a person intervening to defend a dog
from overt predation, which is consistent with
a peak in predatory activity by cougars during
dusk and night (Beier et al. 1995, Anderson and
Lindzey 2003, Mattson et al. 2007, Sweanor et al.
2007). These results support recommendations
to secure dogs at night, but do not support
recommendations to exclude dogs from
trails as a means of increasing human safety.

Effects of season
The eﬀect of season on modeled odds of
a cougar attack during a close encounter is
probably the most likely of any eﬀect to have
resulted from sampling bias. The eﬀect of
season persisted even when controlling for
other factors that might be correlated with
season, including size and composition of
the involved human groups, whether the
involved people were hunting or not, and
characteristics of the involved cougars. It may
be that people were more likely to report closethreatening encounters that did not result in
an attack during the fall, especially compared
to during the summer. The small eﬀect of
whether a victim was hunting or not, which
was evident when controlling for cougarrelated factors, could also have been an artifact
of hunters more often reporting encounters,
compared to people engaged in other types
of activities. This is another eﬀect that
warrants reexamination with more evidence.

Numbers of attacks and deaths
Probably the most important result of our
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investigations was the comparative rareness
of deadly cougar attacks. In recent decades
cougars accounted for around one, on average,
of the roughly 150 animal-caused deaths in the
United States every year, most of which were
caused by domesticated animals (Langley and
Morrow 1997). Even though attacks increased
from 1 to 3/year during the 1970s and 1980s
to 4 to 8/year during the 1990s, attacks have
since dropped. The major increase in recorded
attacks between 1990 and 1994 was probably
real given that data collection was relatively
consistent and comprehensive during this
period. However, the greater number of attacks
recorded during the 1970s and 1980s compared
to earlier decades, especially pre-1950, could
have been largely an artifact of less-intensive
record keeping and fewer accessible records for
1890 to 1950.
Large carnivores, especially in Asia and
Africa, have killed, and continue to kill, many
more people than cougars have killed. Tigers in
India killed a minimum of 150 to 1,300 people
per year between 1930 and 1960 (Løe 2002), and
lions in Tanzania killed >870 people during
1990 to 2005 (Packer et al. 2005). At the scale of
regions, leopards killed 158 people during 1987
to 2000 in Pauri Garwhal, India (Goyal 2001);
in the Sundarbans, tigers attacked 249 people
during 1999 to 2001 in India, and in Bangladesh
tigers killed 401 people during 1977 to 2001
(Reza at al. 2002, Azad et al. 2005). Similarly,
a population of roughly 250 lions in the Gir
Forest of India attacked >14 people and killed >2
people per year during 1978 to 1991 (Saberwal
et al. 1994). Wolves from roughly 5 packs in
Hazaribagh, India, attacked 122 children during
1980 to 1986 and 80 children during 1993 to
1995 (Rajpurohit 1999). By comparison, wild
cougars have killed only 21 to 29 people during
the nearly last 120 years in the United States
and Canada, despite an extensive range that
overlaps with millions of people (Halfpenny et
al. 1993, George and Crooks 2006, Arundel et al.
2007, Sweanor et al. 2007).
We find it diﬃcult to explain why cougars
attacked so few people despite almost certainly
having many opportunities (Halfpenny et al.
1993, Sweanor et al. 2007). As we noted above,
people are optimal size for cougar prey, whether
adults, by mass, or children, by stature. Some
explanation for lack of attacks may stem from
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the daytime partitioning of human (day) and
cougar (night) activity (Sweanor et al. 2007). Yet,
night-active predators, such as leopards, have
killed many people in Africa and Asia (Treves
and Naughton-Treves 1999, Goyal 2001). As
others have speculated (Fitzhugh 1988, Kruuk
2002), learning among cougars likely plays
a substantial role in determining whether
humans are considered prey. Seidensticker
and McDougal (1993) observed that bipedal
humans do not exhibit the transverse posture of
most ungulate prey, which also means that the
nape of the neck—the natural point of attack
for most felids (Leyhausen 1979)—is not in the
right place.
Studies of other large predators show that
man-eating is often attributable to individuals,
prides, or packs that have learned to consider
people prey, with resulting localized outbreaks
of attacks (McDougal 1987, Daniel 1996,
Rajpurohit 1999, Yamazaki and Bwalya 1999,
Peterhans and Gnoske 2001, Kruuk 2002, Begg et
al. 2007). However, traditions of felids attacking
people can persist for decades, such as in the
Sundarbans of India and Bangladesh (Sanyal
1987, Reza et al. 2002), and in coastal regions
of Tanzania (Packer et al. 2005). Persistence of
learned behaviors could also explain diﬀerences
between widespread attacks on humans by
wolves in Asia and eastern Europe (Kruuk
2002, Graves 2007) and rare wolf attacks on
people in North America (McNay 2002). These
behaviors of other species elsewhere in the
world serve as a cautionary tale and may partly
explain the high concentration of cougar attacks
on Vancouver Island, British Columbia (Kruuk
2002), where 27% of confirmed attacks and 24%
of confirmed human deaths have occurred in
<1% of cougar range.
Other potential explanations invoke genetics.
Compared to large felids of Africa and Asia,
those of the Western Hemisphere are perhaps
not as likely to treat humans as prey because
of shorter evolutionary exposure to our species.
Alternatively, cougars that prey on people
could have been subject to negative directional
selection, especially since European settlement,
but also perhaps for the entire 13 to 14 millennia
that relatively well-armed humans have been in
the Americas (Kelly and Todd 1988, Kay 1994,
Frison 1998).
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Management implications
Based on the weight of the evidence, our
analysis supports the following management
implications.
• Young cougars in poor condition are
more likely than other cougars to
threaten people. However, the resulting
close threatening encounters do not
often result in human injury and death.
By contrast, adult cougars are less likely
to threaten people, but are more likely to
cause death when they do attack.
• Repeat encounters involving young
cougars in poor condition can allow for
management intervention. The much
rarer attacks by adult cougars are a classic
low-frequency, high-consequence event
that is diﬃcult to anticipate and prevent.
• Possession and use of firearms by people
involved in close (<5m) encounters with
cougars is precautionary and eﬀective at
preventing physical contact.
• Cougar attacks and resulting human
deaths are more likely if a child is present
during a close encounter or if the victim
is moving rapidly or erratically.
• The presence of adults does not
appreciably lessen the odds of a cougar
attacking a child, but adult intervention
reduces the odds that an attacked child
will die.
• Aggressive behavior (yelling, throwing
objects, charging, looming large, discharging a weapon) by people involved
in close encounters lessens the odds that
the involved cougars will attack.
• The presence of dogs during daylight
hours reduces the odds of a cougar
attacking a person. On the other hand, the
presence of a dog outside of a residence
at night increases odds of human injury,
largely as a result of the involved people
intervening to deter cougars attacking
dogs.
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(Top) Deer ID479 within a few hours of birth during the day of her initial capture on 20 June 2008. (Bottom) Deer ID479 and her mother ID256 in
Round Valley, California, USA during autumn 2008. Deer ID256 was ﬁrst captured on 20 November 2002, and remained in our study through the last
capture event of our study in March 2009. During that time she resided on the east side of the Sierra crest during summer and was captured a total of
12 times. She failed to recruit young during 2005, but she was a successful mother and recruited a single young during 2006, 2007, and 2008, and twins
during 2004. Our long-term, individual-based study revealed the importance of nutritional condition in understanding life-history characteristics and
population regulation of large herbivores. Photos by Kevin L. Monteith
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Life-History Characteristics of Mule Deer: Effects of
Nutrition in a Variable Environment
KEVIN L. MONTEITH,1,2 Department of Biological Sciences, Idaho State University, 921 S. 8th Ave, Stop 8007, Pocatello, ID 83209, USA
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ABSTRACT Vital rates of large herbivores normally respond to increased resource limitation by following a

progressive sequence of effects on life-history characteristics from survival of young, age at first reproduction,
reproduction of adults, to adult survival. Expected changes in life-history characteristics, however, should operate
through changes in nutritional condition, which is the integrator of nutritional intake and demands represented
primarily by the deposition and catabolism of body fat. Elucidating seasonal patterns of nutritional condition and its
relative influence on individual and population performance should improve our understanding of life-history
strategies and population regulation of ungulates, provide insight into the capacity of available habitat to support
population growth, and allow assessment of the underlying consequences of mortality on population dynamics. We
acquired longitudinal data on individual female mule deer (Odocoileus hemionus), and linked those data with
environmental and population characteristics. Our goal was to provide a nutritional basis for understanding lifehistory strategies of these large mammals, and to aid in the conservation and management of large herbivores in
general. We studied a migratory population of mule deer that overwintered in Round Valley on the east side of the
Sierra Nevada, California, USA, and was subject to a highly variable climate and predation from a suite of large
carnivores. We intensively monitored nutritional and life-history characteristics of this population during 1997–
2009 as it recovered from a population crash, which occurred during 1985–1991. Deer in Round Valley migrated to
high-elevation summer ranges on both sides of the crest of the Sierra Nevada (Sierra crest), where a rain shadow
resulted in a mesic and more forested range on the west side compared with xeric conditions east of the Sierra crest.
Average survival of neonatal mule deer to 140 days of age during 2006–2008 was 0.33 (SE ¼ 0.091), but was lower
for neonates on the west side (0.13, SE ¼ 0.092) compared with those on the east side (0.44, SE ¼ 0.11) of the
Sierra crest. Birth mass and nutritional condition of mothers had a positive effect on survival of young; however,
those effects were evident only for neonates born east of the crest where predation pressure was less intense
compared with the west side. Black bear (Ursus americanus) predation was the main cause of mortality for west-side
young (mortality rate ¼ 0.63, SE ¼ 0.97) compared with canid and felid predation for east-side young (0.29,
SE ¼ 0.076). Mean autumn recruitment of young during 1997–2008 was lower for females on the west side (0.42,
SE ¼ 0.037) than for females on the east side (0.70, SE ¼ 0.041) of the crest, and was affected positively by March
ingesta-free body fat (IFBFat) of individual females. At the level of the population, ratios of young-to-adult females
(1991–2009) were highly variable and strongly related to March IFBFat of adult females during the current and
preceding year. Reproduction by yearling females was sensitive to per capita availability of forage during summer (as
1-yr-old individuals), thereby influencing whether a sufficient body mass for ovulation was obtained. Litter size
remained high (1.69, SE ¼ 0.027) during the study, but was influenced positively by forage availability, negatively
by summer temperature, and was greater for females that resided on the west side of the Sierra crest during summer
than those on the east side. In contrast, pregnancy rates remained unchanged across years of study (0.98,
SE ¼ 0.005). Survival of prime-age (2- to 9-yr-old) females was 0.90 (SE ¼ 0.021) in summer, 0.94 (SE ¼ 0.012) in
winter, and 0.87 (SE ¼ 0.025) annually. Although relatively stable across years, both winter and summer survival
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were influenced positively by the preceding April snowpack relative to the density of the population. Mean IFBFat
of adult females was 7.2% (SE ¼ 0.077) in March 1997–2009 and 9.7% (SE ¼ 0.23) in November 2002–2008.
Nutritional condition offered a mechanistic link between factors that influence resource limitation and population
performance, because condition of adult females in autumn and late winter was sensitive to the nutritional history of
individual animals as related to forage growth, population density, migratory tactic, reproductive costs, and
nutritional carryover. Nutritional condition of adult females in March also was the most parsimonious predictor of
finite rate of population growth (l) during the forthcoming year. The relative magnitude of effect of nutritional
condition on survival and reproduction was mostly in accordance with the predicted changes of vital rates in
response to resource limitation for populations of large herbivores. Our results indicate that management and
conservation of large herbivore populations could be improved by integrating indices of nutritional condition into
current monitoring and research programs. We offer a method to estimate the proximity of a population to
nutritional carrying capacity (NCC) that is based on nutritional status of the population relative to population
performance (termed animal-indicated NCC). The proximity of the population to animal-indicated NCC
represents the short-term capacity of the environment to support population growth. A nutritional approach to
monitor and manage populations offers a direct link to the capacity of the habitat, and reduces the need to estimate
population abundance or set goals according to population size. We also propose that the consequences of mortality
(degree of additive or compensatory mortality) on population dynamics can be assessed by comparing the estimated
nutritional capacity for survival and recruitment of young to that measured empirically, because more young are
produced than what the habitat can support when nutrition is limiting. Our approach is useful for quantifying
effects of predation, and provides a basis for determining the efficacy of predator control to enhance ungulate
populations. Ó 2014 The Wildlife Society.
KEY WORDS additive mortality, California, carrying capacity, compensatory mortality, density dependence, environmental
stochasticity, migration, nutritional condition, Odocoileus hemionus, predation, Sierra Nevada.

Caracterı́sticas de Historia de Vida del Ciervo Mulo: el
Efecto de la Nutrición en Presencia de un Medio Ambiente
Variable
RESUMEN Normalmente, la respuesta de las estadı́sticas vitales de los grandes herbı́voros a una mayor restricción

de recursos es una secuencia progresiva de efectos en las caracterı́sticas de la historia de vida, que van desde la
supervivencia de los juveniles y la edad de la primera reproducción, hasta la reproducción de los adultos y la
supervivencia de estos. Los cambios previstos en las caracterı́sticas de la historia de vida, sin embargo, deben
experimentarse a través de cambios en el estado de nutrición (niveles de grasa corporal), constituido por la ingesta y
las necesidades alimenticias, representadas principalmente por la deposición y el catabolismo de la grasa corporal. El
esclarecimiento de los patrones estacionales del estado de nutrición y su influencia relativa, tanto en el desempeño
individual como en el de la población, debe mejorar la comprensión de las estrategias de historia de vida y de la
regulación de las poblaciones de ungulados, ası́ como también, dar una idea de la capacidad del hábitat disponible
para sustentar el crecimiento de la población y permitir la evaluación de las consecuencias subyacentes que tiene la
mortalidad en la dinámica demográfica. Adquirimos datos longitudinales sobre individuos de ciervo mulo
(Odocoileus hemionus), y vinculamos estos datos con las caracterı́sticas ambientales y demográficas. Nuestro objetivo
era ofrecer una base nutricional para la comprensión de las estrategias de historia de vida de estos grandes mamı́feros
y ayudar en la conservación y gestión de los grandes herbı́voros en general. Se estudió una población migratoria de
ciervo mulo que habitó, por un perı́odo que sobrepasó el invierno, en Round Valley, al este de la Sierra Nevada en
California, EE.UU., la cual estuvo sujeta a un clima muy variable y a la depredación de un conjunto de grandes
carnı́voros. Monitoreamos intensamente las caracterı́sticas nutricionales y de historia de vida de esta población
durante el perı́odo 1997–2009, perı́odo durante el cual, dicha población se recuperaba del drástico descenso
experimentado durante el perı́odo 1985–1991. En el verano, los ciervos emigraron de Round Valley a las cordilleras
de gran altitud a ambos lados de la cima de la Sierra Nevada (cima de la Sierra), en cuya parte oeste, como resultado
de una sombra pluviométrica, se desarrolló una cordillera mesofı́tica y más boscosa, si se la compara con las
condiciones xerófilas al este de la cima de la Sierra. Durante el perı́odo de 2006–2008 la supervivencia promedio del
ciervo mulo neonatal hasta los 140 dı́as de edad fue de 0,33 (ES ¼ 0,091), sin embargo; la supervivencia de los recién
nacidos en el lado oeste fue menor (0,13, ES ¼ 0,092), en comparación con los del lado este de la cima de la Sierra
(0,44, ES ¼ 0.11). La masa corporal al nacimiento y el estado de nutrición de la madre afectaron positivamente la
2
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supervivencia de los jóvenes, sin embargo; estos efectos sólo se evidenciaron en los neonatos nacidos al este de la
cima, donde estuvieron expuestos a una depredación menos intensa en comparación con los del lado oeste. La
actividad depredadora del oso negro (Ursus americanus) fue la principal causa de mortalidad en los juveniles en el lado
oeste (tasa de mortalidad ¼ 0,63, ES ¼ 0.97) si se la compara con la actividad depredadora de los cánidos y félidos en
el lado este (0,29, ES ¼ 0.076). El nivel de agregación medio de los juveniles para el otoño durante el perı́do 1997–
2008 fue menor para las hembras en el lado oeste de la cima (0,42, ES ¼ 0.037) que para las hembras en el lado este
(0,70, ES ¼ 0.041), y se vio afectada positivamente por la medida, para marzo, de la grasa corporal con exclusión de
sustancias ingeridas (siglas en inglés, IFBFat), de las hembras. A nivel de la población, la proporción de juveniles por
hembra adulto (1991–2009) fue muy variable y estuvo fuertemente relacionada con el IFBFat para marzo de las
hembras adulto durante el año en curso y los años anteriores. La reproducción de las hembras juveniles (de un año de
edad) fue susceptible a la disponibilidad de forraje per cápita durante el verano (en su condición de individuo de 1
año de edad), influyendo, en consecuencia, en el logro o no de masa corporal suficiente para la ovulación. Durante el
estudio, el tamaño de las crı́as se mantuvo alto (1.69, ES ¼ 0.027), pero se vio afectado positivamente por la
disponibilidad de forraje, negativamente, por la temperatura durante el verano, y fue mayor para las hembras que
residı́an en el lado oeste de la cima de la Sierra durante el verano, que para las del lado este. Por el contrario, la tasa de
preñez se mantuvo relativamente estable durante años de estudio (0,98, ES ¼ 0.005). La supervivencia de las
hembras de edad óptima (2–9 años), fue 0,90 (ET ¼ 0,021) en el verano, 0,94 (ES ¼ 0,012) en el invierno, y 0,87
(ES ¼ 0,025) al año. Aunque la supervivencia lo largo de los años ha sido relativamente estable, tanto en invierno
como en verano, esta fue afectada positivamente por la nieve acumulada del abril precedente, en relación con la
densidad de la población. El IFBFat medio para marzo de las hembras adulto fue de 7,2% (ES ¼ 0,077) de 1997 a
2009, y de 9,7% (ES ¼ 0.23) de noviembre de 2002 a 2008. El estado de nutrición permitió una relación mecánica
entre los factores que influyen en la limitación de los recursos y el desempeño de la población, debido a que la
condición de las hembras adulto en el otoño y a finales del invierno fue susceptible tanto a la historia nutricional de
los individuos en relación con el crecimiento del forraje, como a la densidad de la población, la táctica migratoria, el
costo de reproducción y el remanente nutricional. El estado de nutrición para marzo de las hembras adultas también
fue la explicación más prudente para la tasa finita de crecimiento poblacional (l) durante el año siguiente. La
magnitud relativa del efecto que tiene el estado nutricional sobre la supervivencia y la reproducción estuvo
generalmente conforme con los cambios previstos en la estadı́stica vital de las poblaciones de grandes herbı́voro,
resultantes la restricción de recursos. Nuestros resultados indican que la gestión y la conservación de grandes
poblaciones de herbı́voros podrı́an mejorarse mediante la integración de los ı́ndices de estado de nutrición en los
programas de investigación y supervisión en curso. Ofrecemos un método para estimar la inminencia de una
población a alcanzar la capacidad de aporte nutricional (singla en inglés, NCC) con base en el estado nutricional de
la población en relación con el desempeño de la población (denominado NCC de indicación animal). La proximidad
de la población a la NCC de indicación animal representa la capacidad a corto plazo del medio ambiente para
sustentar el crecimiento de la población. Un enfoque nutricional para el monitoreo y administración de las
poblaciones ofrece un nexo directo con la capacidad del hábitat, y reduce la necesidad de estimar la abundancia de la
población o establecer metas de acuerdo con el número de habitantes. También proponemos que las consecuencias
de la mortalidad (grado de mortalidad agregado o compensatorio) sobre la dinámica demográfica pueden calcularse
mediante la comparación de la estimación de la capacidad nutricional necesaria para la supervivencia y la agregación
de juveniles, con aquellas calculadas empı́ricamente, debido a que se producen más juveniles de los que el hábitat
puede sustentar cuando la nutrición es una limitante. Nuestro enfoque es útil para efectos de la cuantificación de la
depredación, y proporciona una base para determinar la eficacia del control de la depredación en el aumento de las
poblaciones de ungulados.

Traits Biodémographiques chez le Cerf Mulet: Effets de la
Nutrition dans un Environnement Variable
RÉSUMÉ Les taux démographiques des grands herbivores répondent habituellement à une limitation croissante

des ressources et cela, selon une séquence progressive d’effets sur les traits biodémographiques en débutant par des
effets sur la survie des juvéniles, puis sur l’âge à la première reproduction, la reproduction des adultes et enfin, la
survie des adultes. Les changements attendus des traits biodémographiques devraient toutefois se produire en
fonction des changements dans la condition physique qui intègre l’apport et les besoins nutritionnels qui se
traduisent principalement par l’accumulation et le catabolisme des réserves de gras corporel. L’étude des tendances
saisonnières de la condition physique et de leur influence relative sur la performance individuelle et populationnelle

Monteith et al.



Nutrition and Life History of Mule Deer

3

pourrait améliorer notre compréhension des stratégies d’histoire de vie et de la régulation des populations d’ongulés
et cela, tout en déterminant la capacité des habitats disponibles à supporter la croissance de la population et en
évaluant les conséquences sous-jacentes de la mortalité sur la dynamique de population. Nous avons acquis des
données longitudinales sur des individus de cerfs mulets (Odocoileus hemionus), et avons relié ces données à des
caractéristiques environnementales et populationnelles. Notre objectif était de fournir une base nutritionnelle pour
comprendre les stratégies d’histoire de vie de ces grands mammifères et pour aider à la conservation et la gestion des
grands herbivores en général. Nous avons étudié une population migratrice de cerfs mulets qui hiverne dans la
Round Valley, dans la partie est du Sierra Nevada, Californie, USA. Cette population est sujette à des conditions
climatiques très variables et à de la prédation par une large guilde de carnivores. Entre 1997 à 2009, nous avons suivi
intensivement les caractéristiques nutritionnelles et les traits biodémographiques de cette population, alors qu’elle
récupérait d’un déclin marqué s’étant produit entre 1985 et 1991. Les cerfs de la Round Valley ont migré vers les
aires estivales situées à des élévations élevées sur les deux côtés de la crête de la Sierra Nevada (crête de la Sierra). Sur
le côté ouest de la crête, la pluie et l’ombrage ont résulté en une aire mésique présentant un couvert forestier plus
important comparativement aux conditions xériques retrouvées sur le côté est de la crête de la Sierra. La survie
moyenne des faons de la naissance à l’âge de 140 jours était, entre 2006 et 2008, de 0.33 (SE ¼ 0,091), mais était plus
faible pour les faons sur le côté ouest (0.13, SE ¼ 0,092) que sur le côté est (0.44, SE ¼ 0,11) de la crête de la Sierra.
La masse à la naissance et la condition physique maternelle avaient un effet positif sur la survie des jeunes; toutefois,
ces effets étaient évidents seulement pour les faons nés sur le côté est de la crête où la pression de prédation était plus
faible que sur le côté ouest. La prédation par l’ours noir (Ursus americanus) était la principale cause de mortalité des
faons sur le côté ouest (taux de mortalité ¼ 0,63, SE ¼ 0,97) comparativement à la prédation par les canidés et les
félidés pour les jeunes nés sur le côté est de la crête de la Sierra (0,29, SE ¼ 0,076). Entre 1997 et 2008, le
recrutement moyen des jeunes à l’automne était plus faible pour les femelles sur le côté ouest (0,42, SE ¼ 0,037) que
pour les femelles sur le coté est (0,70, SE ¼ 0,041) de la crête, et était positivement influencé par le niveau de gras
corporel en mars mesuré à partir de la masse éviscérée des femelles (IFBFat). À l’échelle de la population, le ratio de
jeunes par rapport aux femelles adultes (1991–2009) était très variable et fortement relié à l’IFBFat en mars des
femelles adultes pour l’année en cours et l’année précédente. La reproduction des femelles d’un an était sensible à la
disponibilité de la nourriture per capita pendant l’été (en tant qu’individus d’un an) qui influençait ainsi l’atteinte
d’une masse corporelle suffisante pour permettre l’ovulation. La taille de la portée est demeurée élevée (1,69,
SE ¼ 0,027) au cours de l’étude. Elle était positivement influencée par la disponibilité de la nourriture, mais
négativement par la température estivale, et était plus élevée pour les femelles résidant sur le côté ouest de la crête de
la Sierra pendant l’été que pour celles résidant du côté est. À l’opposé, le taux de gestation est demeuré relativement
stable au cours de l’étude (0,98, SE ¼ 0,005). La survie des femelles matures (2 à 9 ans) était de 0,90 (SE ¼ 0,021) en
été, de 0,94 (SE ¼ 0,012) en hiver, et de 0,87 (ET ¼ 0,025) pour l’année entière. Malgré une relative stabilité entre
les années, la survie estivale et la survie hivernale étaient positivement influencées le rapport entre le couvert de neige
en avril de l’année précédente et la densité de la population. La valeur moyenne de IFBFat des femelles adultes était
de 7,2% (SE ¼ 0,077) en mars 1997–2009 et de 9,7% (SE ¼ 0,23) en novembre 2002–2008. La condition physique
représente un lien mécanistique entre les facteurs influençant la disponibilité et la qualité ressources et la
performance d’une population, puisque la condition des femelles adultes à l’automne et à la fin de l’hiver est sensible
à l’histoire nutritionnelle individuelle qui est liée à la croissance de la végétation, à la densité de population, aux
tactiques de migration, aux coûts de la reproduction et aux effets nutritionnels différés. La condition physique des
femelles adultes en mars est la variable la plus parcimonieuse permettant d’expliquer le taux de croissance de la
population (l) au cours de l’année à venir. L’ampleur relative de l’effet de la condition physique sur la survie et la
reproduction était généralement en accord avec les changements prédits des taux démographiques en réponse à une
limitation des ressources chez les populations de grands herbivores. Nos résultats indiquent que la gestion et la
conservation des populations de grands herbivores pourraient être améliorées en intégrant des indices permettant de
mesurer la condition physique individuelle dans les programmes de suivis et de recherche actuels. Nous proposons
une méthode permettant d’estimer la proximité d’une population à sa capacité de support nutritionnel (NCC) qui
est basé sur le statut nutritionnel de la population par rapport à la performance de la population (nommé indiceanimal NCC). La proximité de la population à l’indice-animal NCC représente la capacité à court terme de
l’environnement à soutenir la croissance de la population. Une approche nutritionnelle pour suivre et gérer les
populations propose ainsi un lien direct avec la capacité de support de l’habitat tout en réduisant la nécessité
d’estimer l’abondance de la population ou d’établir des objectifs en fonction de la taille de la population. Nous
suggérons également que les effets de la mortalité (niveau de mortalité additive ou compensatoire) sur la dynamique
de population peuvent être évalués en comparant la capacité nutritionnelle estimée pour la survie et le recrutement
aux données empiriques mesurées, puisqu’on s’attend à ce que le nombre de jeunes produits soit plus important que
ce que peut supporter l’habitat lorsque la nutrition est limitante. Notre approche est utile pour quantifier les effets de
la prédation et fournit une base permettant de déterminer l’efficacité du contrôle des prédateurs sur les populations
d’ongulés.
4
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INTRODUCTION

tolerance for unfavorable conditions (Barboza et al. 2009). The
sequential changes in reproduction and survival, therefore, are
underpinned largely by nutrition (Cameron and Verhoef 1994,
Testa and Adams 1998, Keech et al. 2000, Cook et al. 2004,
Stewart et al. 2005, Bender et al. 2007), and the resources
required to support each life-history component.
A better understanding of seasonal patterns of nutritional
condition and its relative influence on population dynamics
would improve our knowledge of life-history strategies and
population regulation of ungulates (Stephenson et al. 2002, Cook
et al. 2004, Parker et al. 2009, Monteith et al. 2013). Making
inferences concerning effects of climate, density, or predation on
vital rates and mortality factors without knowledge of seasonal
deficiencies or surpluses in nutrition can be difficult (Bowyer
et al. 2005, Brown et al. 2007). Nutritional condition integrates
the balance of nutritional intake and expenditure, and is
represented primarily by the deposition and catabolism of
body fat (Parker et al. 2009). As a result, nutritional condition
(i.e., percent body fat) ultimately should function as the
mechanism through which intraspecific competition for resources is mediated, and should provide the most direct and sensitive
measure of habitat quality and resource limitation.
Temperate and arctic herbivores follow seasonal cycles in
nutrient intake according to seasonal changes in quality and
quantity of food resources, activity levels, reproductive effort,
and metabolic rate (Moen 1978, Parker et al. 1993, Taillon and
Côté 2006, Barboza et al. 2009), with declines in all processes
occurring during winter. Research typically has focused on
nutrition during winter, likely because of the conspicuous effects
of malnutrition during that season (Kucera 1997, Parker
et al. 2005, Page and Underwood 2006). In contrast, forage

Nutritional ecology, the science relating an animal to its
environment through nutritional interactions (Parker et al.
2009), holds implications for understanding behavior, lifehistory strategies, and effects of climate and predation on
demographics (Raubenheimer and Boggs 2009). Despite
advances in the understanding of nutritional ecology of numerous
large herbivores (Parker et al. 2009), the complex interactions
between predation, climate, and density dependence on population
dynamics continue to hamper identification of factors ultimately
responsible for regulating population growth (Skogland 1991,
Coulson et al. 2001, Sinclair and Krebs 2002, Sinclair et al. 2003).
Concepts such as carrying capacity (K; McCullough 1979,
McLeod 1997), additive and compensatory mortality
(Errington 1946, 1967), and top-down or bottom-up forcing
(Bowyer et al. 2005, Pierce et al. 2012) are all aspects known to
affect population dynamics and life-history characteristics of large
mammals, but often are of greater heuristic than practical value
because those characteristics are difficult to quantify.
Vital rates of large herbivores generally respond to resource
limitation in a predictable sequence, starting with decreased
survival and recruitment of young, increased age of first
reproduction, decreased reproduction by adults and, finally,
decreased survival of adults (Gaillard et al. 1998, 2000;
Eberhardt 2002). Reproduction demands resources above those
necessary for maintenance (Monteith et al. 2014) and life-history
theory predicts that when those resources are limited, long-lived,
iteroparous mammals should favor their own survival over
successful reproduction (Stearns 1992). In addition, young
animals have fewer nutritional reserves, and thereby have a lower
Monteith et al.
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quality and quantity are highest during the growing season, and
fat and protein deposition, thus, typically are greatest during
spring and summer, and are thought to prepare animals for the
food-limited winter (Moen 1978, Cook et al. 2013). Carryover of
nutritional condition from one season to the next, however,
underscores the importance of not considering a particular season
in isolation (Monteith et al. 2013). For example, gestation and
lactation are nutritionally taxing for large herbivores
(Moen 1978, Pekins et al. 1998, Monteith et al. 2014). As a
result, range conditions and reproductive status during summer
directly influence nutritional condition of individuals entering
winter (Chan-McLeod et al. 1999; Cook et al. 2004, 2013;
Couturier et al. 2009).
Several investigators have identified proximate factors affecting
survival and reproduction of large herbivores, but few have
characterized the underlying mechanisms that influence vulnerability to mortality, or the ability to produce and successfully rear
young (Pettorelli et al. 2011). The relative influence of nutrition
(bottom-up) and predation (top-down) on the regulation of
populations remains a common theme in ecological studies
(Hairston et al. 1960, Skogland 1991, Estes et al. 2011, Pierce
et al. 2012). Indeed, the reintroduction and expanding
populations of large carnivores have fueled, and likely will
continue to promote, the controversy behind the ecological
consequences of their presence (Bangs et al. 1998, Pyare
et al. 2004, Carroll et al. 2006, Kauffman et al. 2010, Smith
et al. 2010). In systems where ungulates co-occur with large
carnivores, predation is commonly the leading proximal cause of
mortality among young ungulates (Linnell et al. 1995, Singer
et al. 1997, Bowyer et al. 1998b, Ballard et al. 2001), but simply
identifying cause of death is of little value without characterizing
the implications or underlying basis of those mortalities (Bleich
and Taylor 1998, Ballard et al. 2001, Bowyer et al. 2005).
Errington (1967:235) forewarned against confusing “the fact of
predation with the effect of predation.” Understanding the
nutritional basis for survival and reproduction has potential to
reveal the compensatory or additive effects of mortality, and
thereby the relative role of large carnivores in the population
dynamics of their ungulate prey.
Studies at the population level have provided the basis for our
understanding of the regulation of animal abundance
(Lack 1954); most studies of large herbivores have focused on
population-level phenomena because of the logistical challenges
associated with acquiring sufficient data for individuals
(McCullough 1979, Stewart et al. 2005, Clutton-Brock and
Sheldon 2010). Data collection and analyses at the level of the
individual are complementary to those at the population level, but
provide greater insights into the mechanisms of population
change and selection for particular life-history strategies
(Stearns 1992, Lindström 1999, Testa 2004, Benton et al.
2006). Although few such investigations have been conducted for
cervids in North America, individual-based studies have been the
cornerstone for recent advances in understanding population
ecology (Clutton-Brock and Sheldon 2010). Moreover, carryover
of nutritional deficiencies or incomes can confound interpretation of dynamics at the population level (Testa 2004), and can
only be elucidated by long-term, individual-based studies
(Clutton-Brock and Sheldon 2010, Harrison et al. 2011).
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Populations of mule deer have experienced periodic declines
over the latter part of the last century; causes of those declines
remain speculative and controversial (deVos et al. 2003, Connelly
et al. 2012). Potential sources of declines include loss or
fragmentation of habitat because of development, altered forage
quality, competition with other ungulates, predation, disease,
increased hunting mortality, poaching, severe winter weather,
and droughts (deVos et al. 2003, Bishop et al. 2009, Hurley
et al. 2011). Given high and consistent rates of pregnancy and
fecundity (Andelt et al. 2004, Bishop et al. 2009), however,
reduced survival of neonates during their first year-of-life is the
most likely explanation for population declines (Gill et al. 2001,
Andelt et al. 2004, Wasley 2004). Although predation is
routinely identified as the proximate cause of mortality for
neonatal mule deer, survival and recruitment of young mule deer
also are sensitive to maternal nutritional condition and forage
condition (Lomas and Bender 2007, Tollefson et al. 2011).
Habitat quality is believed to have declined across most of the
western United States because of successional changes in
vegetation caused by altered fire regimes, noxious weeds,
overgrazing, energy development, and habitat loss (Lutz
et al. 2003, Bishop et al. 2009). Furthermore, alterations in
temperature, snowpack, and hydrologic regimes as a result of
recent changes in climate (Knowles et al. 2006, Barnett et al. 2008,
Shuman 2011) likely are affecting the phenological patterns of
forage growth and abundance. Failure to identify specific factors
that regulate populations, however, has precluded the detection of
the underlying causes, because habitat condition, weather, and
predation interact with density dependence to affect population
processes (Kie et al. 2003). Detailed and long-term investigations
are needed to identify factors regulating populations of mule deer
and to improve their conservation and management (Caughley
1977, deVos et al. 2003, Bleich et al. 2006, Connelly et al. 2012,
Pierce et al. 2012). Results of 2 recent and comprehensive studies
on mule deer in Colorado (Bishop et al. 2009) and Idaho (Hurley
et al. 2011), USA, underscored the effects of nutrition and climate
on dynamics of mule deer populations. Our research is an
extension of those studies and melds population ecology with
longitudinal data on nutrition and life history of individual mule
deer in a variable environment.
We studied a population of mule deer that overwintered in
Round Valley, located on the east side of the Sierra Nevada,
California, USA. This population of mule deer has been
subjected to a highly variable climate and receives predation
pressure from a suite of large carnivores (Kucera 1988; Pierce
et al. 2000, 2004). We intensively monitored the population of
mule deer in Round Valley from 1997 to 2009, as it recovered
from a population low in 1991 (Pierce et al. 2012). Deer that
overwintered in Round Valley migrated to high-elevation
summer ranges on both sides of the crest of the Sierra Nevada
(hereafter Sierra crest), where a rainshadow caused by the Sierra
Nevada results in a more xeric range on the east side of the crest
compared with the mesic west side (Pierce et al. 1999, Storer
et al. 2004, Bleich et al. 2006, Monteith et al. 2011).
The divergent migratory pattern of mule deer that overwintered
in Round Valley afforded a unique opportunity to evaluate
influences of summer range on factors influencing their
recruitment and survival. Differential fitness between migratory
Wildlife Monographs

strategies may permit the coexistence of 2 strategies, but
advantages of each tactic are sensitive to changes in reproductive
success and survival (Kaitala et al. 1993). In 1987, Kucera (1988)
determined that 87% of the population of mule deer in
Round Valley migrated to the west side of the Sierra crest during
summer. The mesic west side presumably offered better foraging
opportunities for mule deer during summer, which likely supported
high recruitment and survival favoring that migratory tactic.
Our objectives were to examine life-history characteristics of
individual mule deer, including migratory tactic, to better
understand interactions of those characteristics with nutritional
ecology. We evaluated the influence of nutritional condition on
survival and reproduction of female mule deer, factors that
influenced nutritional condition, and the seasonal carryover of
their nutritional state. We hypothesized that nutritional
condition would serve as a sensitive metric of resource limitation,
and function as the underlying mechanism of those life-history
patterns in mule deer, thereby providing insights into population
dynamics (Fig. 1). Accordingly, we predicted that nutritional
condition would influence vital rates of mule deer in the same
order proposed by their sensitivity to resource limitation
(Eberhardt 2002), and that those vital rates would be influenced
by seasonal patterns of climate, forage abundance, and animal
density (Fig. 1). We also hypothesized that the migratory tactic
employed by an individual would interact with other life-history
components to determine patterns of nutritional condition and
fitness within the population (Hebblewhite and Merrill 2009).

We expected nutritional condition of individuals to be sensitive
to environmental factors including precipitation and growth of
forage relative to population density, migratory tactic, season, and
reproductive status (Fig. 1). We also assessed the degree of
carryover effects on seasonal levels of nutritional condition and
their influence on population characteristics (Fig. 1). Our
overarching goal was to integrate nutrition with life-history
theory in a free-ranging large mammal to provide a nutritional
basis for understanding life-history strategies, and aid in the
conservation and management of large herbivores.

STUDY AREA
The Sierra Nevada is a mountain range oriented northwest to
southeast that extends about 250 km from the shore of Lake
Almanor in the north, to Tehachapi Pass, east of Bakersfield
(Storer et al. 2004), and lies entirely within California, USA,
except for the Carson Range, which extends eastward into
Nevada. This mountain range is a massive granitic block that tilts
to the west with a gradual slope of 2–6%, extending 75–100 km
from the crest to the San Joaquin or Sacramento valleys.
Conversely, the precipitous east side of the Sierra crest is
characterized by steep slopes rising abruptly from the bordering
valleys that merge with the western edge of the Great Basin. The
Owens Valley, extending from the Sherwin Grade north of the
town of Bishop and southward about 120 km, is demarcated by
elevations of 4,200 m at the mountain summits to 1,220 m at the

Figure 1. Conceptual model illustrating the predicted association between nutritional condition and life history, and the factors expected to influence nutritional
condition. Weight of the arrows between nutritional condition and life-history component represent the expected sensitivity of each life-history component to resource
limitation. Expected direction of relationships (i.e., positive, negative, or both) are indicated with each connection. Season refers to winter versus summer conditions and
the feedback from offspring survival to nutritional condition refers to the cost of reproduction on autumn nutritional condition.
Monteith et al.
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Figure 2. Water content (cm) of the snowpack during April in the Rock Creek
drainage adjacent to Round Valley, Bishop, California, USA, 1984–2008 (Station
ID: RC2, California Department of Water Resources).

valley floor over horizontal distances of <10 km (Kucera 1988).
Few passes allow vehicular traffic over the Sierra crest; thus, most
passes are accessible to humans only by foot or on horseback.
The Sierra Nevada is typified by dry, hot summers (Jun–Sep),
short, mild autumns (Oct), and long, cool winters, with most
annual precipitation accumulating as snow (Nov–Apr; Monteith
et al. 2011). Within the region, 75% of the precipitation,
including rain or snow, accumulates between November and
March (Monteith et al. 2011). Snow accumulation measured by
water content of the April snowpack in a drainage adjacent to
Round Valley (Station ID: RC2, California Department of
Water Resources) was highly variable during 1984–2009, and
ranged from 7.1 cm to 58.9 cm (Fig. 2). The Sierra crest, which
sharply delineates the western slope from the eastern slope of that
range, causes a rain-shadow that results in >3 greater
deposition of moisture on the west side and produces an arid
landscape on the eastern slope, where the Great Basin Desert
begins.
Mule deer inhabited approximately 90 km2 of Round Valley
(37 240 , 118 340 W) during November–April (Fig. 3), but the
size of the area used was dependent on snow depth in any
particular year (Kucera 1988). Most of these mule deer migrated
northward and westward to high-elevation ranges in summer
(Kucera 1992, Pierce et al. 1999); some migrated over passes to
the west side of the Sierra crest, whereas others remained on the
east side (Monteith et al. 2011).
Round Valley is bounded to the west by the eastern escarpment
of the Sierra Nevada. Vegetation in Round Valley was
characteristic of the western Great Basin and the sagebrush
belt (Storer et al. 2004). Typical vegetation that characterized
habitats used by mule deer in Round Valley included bitterbrush
(Purshia glandulosa), sagebrush (Artemesia tridentata), blackbrush
(Coleogyne ramosissima), desert peach (Prunus andersonii),
rabbitbrush (Chrysothamnus nauseosus), and Mormon tea (Ephedra nevadensis). Riparian areas consisted of willow (Salix spp.),
rose (Rosa spp.), and water birch (Betula occidentalis); forbs and
graminoids were uncommon in Round Valley during winter
(Kucera 1988, Pierce et al. 2004). Open pastureland comprised
8

Figure 3. Range occupied by migratory mule deer that share a common winter
range in Round Valley and migrate to distinct summer ranges on both sides of the
crest of the Sierra Nevada, California, USA with summer range locations of adult
female mule deer monitored during 1984–1987 (Kucera 1988), 1998, and 2008.

parts (18.3 km2) of the eastern portion of the valley; however,
deer used pastures only when heavy snows forced them from
higher elevation areas dominated by bitterbrush, which was a
primary winter forage for mule deer (Pierce et al. 2004, 2012).
Deer overwintering in Round Valley migrated in spring to
summer ranges on both sides of the Sierra crest at elevations
ranging from 2,200 m to >3,600 m (Monteith et al. 2011). The
western slope of summer range for mule deer was dominated by
the upper-montane and mixed-conifer vegetation zones (Storer
et al. 2004) consisting of conifer stands with little understory,
including red fir (Abies magnifica), white fir (Abies concolor),
lodgepole pine (Pinus contorta), western white pine (Pinus
monticola), Jeffery pine (Pinus jeffreyi), and quaking aspen
(Populus tremuloides). Montane chaparral, composed of dense
stands of manzanita (Arctostaphylos spp.), ceanothus (Ceanothus
spp.), and bush chinquapin (Chrysolepis sempervirens), occured at
lower elevations within drainages on the western slope (Storer
et al. 2004). The relatively common and dense pine-fir (PinusAbies spp.) stands and rivers on the west side contrast with the
sparse forests (Pinus spp.) transitioning to sagebrush (Artemesia
spp.) steppe on the east side. The eastern slope of the Sierra was
characterized largely by the sagebrush vegetation zone (Storer
et al. 2004). This zone was dominated by sagebrush, but also
included other shrub species such as bitterbrush, ceanothus,
manzanita, rabbitbrush, and mountain mahogany (Cercocarpus
betuloides), and supported pure stands of Jeffrey pine in some
areas (Storer et al. 2004).
Mule deer inhabiting winter range in Round Valley have been
subjected to the vagaries of climate, coupled with influences of
density dependence (Kucera 1988), and have exhibited marked
variation in population size during the past quarter century.
Coincident with a likely overshoot of K and a severe drought
Wildlife Monographs

during 1987–1990, when water content of winter snowpack was
27% of the long-term mean (Pierce et al. 2012), total numbers
(based on minimum counts) declined from 5,978 (66 deer/km2)
animals in 1985 (Kucera 1988) to a low of 939 (10 deer/km2) in
1991 (Pierce et al. 2012). During the population decline,
pregnancy rates, fetal rates, fetal sizes, adult weights, and kidney
fat varied with precipitation and forage growth on winter range
(Kucera 1988, Pierce et al. 2012). Following the prolonged
drought and population nadir in 1991, deer numbers increased to
approximately 1,900 in 1997 (Pierce et al. 2012), when we
initiated our research. With the exception of winter 1984, when
an antlerless hunt removed 200 female mule deer (approx. 3.3%
of the total population at that time) on the northern portion of
the study area as part of a research project (Kucera 1988), only
limited hunting of male mule deer occurred during autumn in all
years of our study. Hunting opportunity on winter range in
Round Valley resulted in the harvest of approximately 15 males
per year, but the harvest of male mule deer on summer range was
difficult to estimate because deer from Round Valley mingle with
deer from other populations. Nevertheless, limited harvest of
males would have had a negligible influence on population
dynamics of deer (McCullough 1979, 2001; Kie et al. 2003).
Areas occupied by migratory mule deer include a full
complement of other predators on both winter and summer
ranges, including cougars (Puma concolor), coyotes (Canis latrans),
and bobcats (Lynx rufus; Pierce et al. 2000, Villepique et al. 2011).
Black bears (Ursus americanus) were abundant on summer ranges
west of the Sierra crest, but were less common in the eastern
Sierra Nevada. Grizzly bears (Ursus arctos) formerly existed west
of the Sierra crest, but were extirpated by 1922 (Storer and
Tevis 1955).

METHODS
Animal Capture and Handling
Adult females.—During March 1997–2009 and November 2002–2008, we captured adult (>1 yr old) female mule
deer on winter range in Round Valley using a hand-held net gun
fired from a helicopter (Barrett et al. 1982, Krausman et al. 1985).
We hobbled and blindfolded each animal before transporting it
via helicopter to a central processing station. We removed 1
incisiform canine using techniques described by Swift et al.
(2002) to allow age estimation by cementum annuli (Matson’s
Laboratory, Milltown, MT). This procedure had no effect on
body mass, percent body fat, pregnancy rate, or fetal rate in mule
deer (Bleich et al. 2003). We measured body mass with an
electronic scale (1 kg). We fitted each animal with a standard
very high frequency (VHF) radiocollar (Telonics, Inc., Mesa,
AZ; Advanced Telemetry Systems, Isanti, MN) equipped with
mortality sensor, and covered with orange tape or orange plastic
to enhance visibility during mark-resight surveys. To obtain
longitudinal data on individual females, we attempted to capture
every radiocollared female in March and >50% of the radiocollared females during November. We captured new, unmarked
females in an effort to maintain a sample of 75 adult females for
the duration of the study. Our sample included 347 individual
adult females, which we captured an average of 3.6 times each
Monteith et al.
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(range ¼ 1–20 times) on winter range in Round Valley during
1997–2009.
We conducted ultrasonography (Aloka 210 with 5-MHz
transducer, Aloka, Inc., Wallingford, CT) to determine
nutritional condition of captured animals using standard
protocols developed for mule deer. We measured maximum
thickness (to the nearest 0.1 cm) of subcutaneous fat at the
thickest point cranial to the cranial process of the tuber ischium
(Stephenson et al. 2002). We accompanied ultrasonography with
palpation to achieve a body-condition score validated for mule
deer (Cook et al. 2007) to aid in estimating nutritional condition
of animals that had catabolized subcutaneous fat reserves (<5.6%
ingesta-free body fat; IFBFat). We then combined body mass,
body-condition score, and maximum thickness of rump fat to
estimate percent IFBFat according to relationships (r2 ¼ 0.81,
P < 0.001) and equations provided by Cook et al. (2010). When
body mass was not available, we used measurements of chest girth
to estimate body mass (r2 ¼ 0.74) for calculations of IFBFat
(Cook et al. 2010). We also converted kidney-fat indices
collected during 1985–1996 (Kucera 1988, Pierce et al. 2012)
using standard equations (Cook et al. 2007) to obtain estimates of
IFBFat during that period (r2 ¼ 0.84), which provided a longterm trend in nutritional condition of deer.
We also used ultrasonography during March to determine
pregnancy and fetal rates of captured females (Stephenson
et al. 1995). We shaved the left-caudal abdomen behind the last
rib and applied lubricant to facilitate transabdominal scanning
using a 3-MHz transducer. Upon completion of ultrasonography, we fitted numerous (approx. 60/yr) pregnant females with
vaginal implant transmitters (VITs) during 2006–2008; we used
VITs (M3930, Advanced Telemetry Systems) to facilitate
locating and capturing neonatal mule deer. We inserted VITs
using a technique similar to that described by Bishop et al.
(2007). We placed VITs approximately 20 cm into the vaginal
canal, or until the silicone wings of the VIT were pressed firmly
against the cervix. We used a temperature-sensitive switch that
increased pulse rate of transmissions from 40 pulses to 80 pulses
per minute when the temperature decreased below 32 C, which
was representative of the VIT being expelled by the deer and the
subsequent birth of young. Vaginal implant transmitters have
been employed without reproductive problems or effects on
female survival, and are a practical technique for locating birth
sites and neonates (Carstensen et al. 2003, Johnstone-Yellin
et al. 2006, Bishop et al. 2007).
Neonates.—During 2006–2008, we located and captured 119
neonatal mule deer from 15 June to 20 July by searching for and
observing females that exhibited postpartum behavior and by
locating expelled VITs. We located radiocollared females and
monitored VITs for evidence of parturition at first light each day
during the period of parturition (i.e., 15 Jun–31 Jul) using a
Cessna 180 fixed-wing aircraft (Cessna Aircraft Company,
Wichita, KS) fitted with 2, 2-element H-antennas, and used
ground-based telemetry to locate the VIT and radiocollared
female as quickly as possible. We used the location of the VIT
and the location and behavior of the female to identify search
areas.
When our ground searches failed to produce neonates, we
evaluated whether the location of the VIT was an actual birth
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site, and confirmed that supposition by observing the pregnancy
status and behavior of the radiocollared female. If the female
appeared to have undergone parturition and personnel were
available, we attempted to observe the female from a distance
(300 m, depending upon terrain and cover) sufficient to avoid
disturbance, and used postpartum behavior of the female to locate
fawns (Monteith et al. 2007). In addition to radiocollared females
with VITs, we opportunistically observed random females at first
light with binoculars (6–15) or spotting scopes (20–50), and
located neonates by focusing on adults that exhibited maternal
behavior (Huegel et al. 1985, Carstensen et al. 2003). When we
located a neonate, we hiked to the area where the neonate
bedded, and conducted ground searches to locate and capture
young mule deer.
We captured neonatal deer by hand and placed them in a cloth
bag containing sagebrush to minimize scent transfer, although
that likely would have had little influence on potential
abandonment (Bowyer et al. 1998a, Carstensen et al. 2003).
We determined sex of each neonate and acquired a measurement
of new hoof growth using dial calipers (Robinette et al. 1973,
Brinkman et al. 2004). We determined the body mass of each
neonate within the cloth bag to the nearest 0.1 kg using a handheld spring scale. We recorded the geographic coordinates of
each capture site using a global positioning system (GPS) device,
and processed all neonates quickly to minimize the potential for
abandonment or attraction of predators (Livezey 1990). We fit all
neonatal deer with an expandable radiocollar (Advanced
Telemetry Systems, Inc.; Telemetry Solutions, Walnut Creek,
CA) with a 4-hour mortality delay. Methods of research and
animal capture were approved by an independent Institutional
Animal Care and Use Committee at Idaho State University
(protocol: 650-0410), were in accordance with guidelines for
research on wild mammals adopted by the American Society of
Mammalogists (Gannon et al. 2007), and followed protocols
of California Department of Fish and Game for restraint of
ungulates.
Deer Monitoring and Cause-Specific Mortality
We endeavored to monitor all radiocollared mule deer with
ground telemetry on winter range 3 days per week from
October to April to determine survival and cause-specific
mortality. During summer, we attempted to monitor radiocollared neonates daily from a fixed-wing aircraft and groundbased radiotelemetry from their time of capture until at least 31
August, when risk of mortality was greatest (Bishop et al. 2009);
we monitored young deer approximately 3 days per week
thereafter. The near absence of roads in the 2,800-km2 summer
range precluded frequent monitoring of most adult females on
summer range. Therefore, we often did not detect mortality of
adults during summer for 1 week, reducing the likelihood of
ascertaining cause of death. We attempted to locate each animal
at least once during 15 June–30 September to determine summer
occupancy and migratory status. We grouped animals based on
their summer residency, which we defined by their use of summer
range on the east or west side of the Sierra crest. To illustrate the
relative changes in density of individuals that migrated to the east
versus west side of the Sierra crest, we developed a metric of
relative change in density between decades using summer
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locations of radiocollared females (i.e., single location per female
each summer) obtained using aerial telemetry for summers of
1984–1987 (Kucera 1988), 1998, and 2008. With those summer
locations, we calculated the Euclidian distance to the nearest
female for each 30-m pixel within our study area. We then
developed a map where the shading per pixel was based on the
relative change in density, which we determined by subtracting
the Euclidian distance for each pixel between 1998 and 1984–
1987, and 2008 and 1998.
Frequent monitoring of animals on winter range and of
neonates during summer typically allowed us to detect mortality
early enough to determine proximate cause of death. When
mortalities were detected, we used ground telemetry to locate
carcasses as quickly as possible (<8 hr). We examined carcasses to
estimate date of death based on decomposition and condition of
the animal. We evaluated and recorded the location and
arrangement of the carcass, presence and position of tooth
marks, ante- and post-mortem bleeding or bruising, fractures,
and remaining organs when present. We identified other physical
evidence of predation including tracks and feces (Elbroch 2003),
and collected hair for confirmation of the predator responsible
(Moore et al. 1997). When we could not ascertain cause of death,
we transported the carcass to the laboratory to be necropsied; we
performed field necropsies when distance or a precarious location
hindered transport of the carcass from the field.
We classified proximate causes of death as 1) predation; 2)
malnutrition, which included small and emaciated neonates
where the carcass remained intact with no signs of predation and
adults with <25% femur marrow fat; 3) other natural causes if the
carcass was intact, did not show signs of predation, malnutrition,
or trauma, and post-mortem examination indicated potential
infection or disease; 4) accident if a carcass was located mainly
intact with broken bones or other premortem physical trauma,
which included deer-vehicle collisions; or 5) undetermined if
cause of death could not be placed in 1 of the aforementioned
categories, or lack of evidence otherwise precluded determination
of cause of death. For predation-related mortalities, we
attempted to identify the predator responsible for the death.
For neonates, we included abandonment as a proximate cause of
death if the neonate was apparently healthy and post-mortem
necropsy revealed an abomasum that was empty or contained soil
and vegetation rather than milk, an indication of the absence of
nursing (Church 1988). When available, we collected femurs
from mortalities and evaluated femur marrow from its appearance
and texture; we also estimated femur-marrow fat based on
percent dry weight (Neiland 1970). We considered the proximate
cause of mortality as the ultimate cause except for those adult
animals that had a visual score of 1 (marrow was red and fluid)
and femur-marrow fat <25% (Neiland 1970). Femur-marrow fat
<25% is indicative of malnutrition and depletion of the last
remaining fat reserves (Mech 2008); we considered the cause of
mortality to be malnutrition in those instances, regardless of
proximate indicators of death (Ratcliffe 1980, Depperschmidt
et al. 1987).
We defined recruitment status of radiocollared females by the
number of young-at-heel identified each autumn, which we
determined as females arrived on winter range in late-October
through November, when mother–infant bonds were still intact
Wildlife Monographs

(Bonenfant et al. 2005). We located each radiocollared female
and stalked to within ocular range (<200 m) aided by groundbased telemetry. We observed each female using binoculars or
spotting scopes until we could determine the number of youngat-heel confidently, which we identified by observing nursing and
other maternal behaviors (Monteith et al. 2011).
Population Surveys
We conducted 2 helicopter surveys during each January to
estimate the number of deer wintering in Round Valley and the
proportion of adult females, adult males, and young in the
population. We conducted surveys in a Bell Jet Ranger 206 BIII
(Bell Helicopter, Hurst, TX) with 3 observers; we removed the
doors to improve visibility (Clancy 1999). Aerial transects
overlapped the entire winter range to an elevation at which deer
tracks were no longer evident in snow. We established the
location of the initial transect randomly, but subsequent transects
were parallel to the initial transect, and spaced at intervals of
approximately 0.4 km. We also calibrated reference points on the
door jambs of the helicopter to allow observers to estimate
distances from the centerline out to 200 m.
For population-composition surveys, we flew aerial transects
with 3 observers and classified deer as we encountered them. For
each group or individual encountered, we identified the size and
composition of each group, which included adult males, adult
females, and young (<1 yr old). Visibility bias among sex and age
classes were likely kept to a minimum (Bonenfant et al. 2005),
because we collected our herd composition data with helicopter
surveys on winter range, in open sagebrush-steppe habitat in
January. Sample sizes were typically >1/3 of the population
estimate. We calculated age ratios and their standard errors
according to Bowden et al. (1984), which assumed sampling
without replacement.
We obtained population size from a total count of deer before
1994 (Pierce et al. 2012), for which no measure of variance
existed because these were censuses. Subsequently, we estimated
population size using the marked deer in Round Valley (Chao
and Huggins 2005). During those mark-resight surveys, we
noted the number of marked female deer in each group, but did
not classify deer with respect to age class or sex, thereby
alleviating the need for the pilot to deviate from, and then
attempt to return to, the transect line. The pilot tried to maintain
an elevation of 25 m above ground level (AGL) and an air speed
of approximately 75 km/hour.
We used the Chapman (1951) modification of the Lincoln–
Petersen estimator to calculate unbiased estimates and the
associated variance of population size for mule deer from the
mark-resight data collected during the annual helicopter surveys.
We assumed that marked animals had sightabilities similar to
unmarked animals (White and Shenk 2001), and that the
population was geographically and demographically closed
during the survey period, based on aerial or ground-based
telemetry immediately before each aerial survey to confirm the
number of marked deer available within the survey area. We did
not identify individually marked animals during the survey;
therefore, we assumed homogeneity in sighting probability per
individual. We recognize that if heterogeneity in sighting
probabilities for individuals existed, our error estimates could be
Monteith et al.
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biased. Any bias caused by differences in sightability among
individuals likely was minimal, however, because of the open
habitat on winter range in Round Valley.
Statistical Analyses
Modeling approach.—We modeled neonatal and adult survival,
cause-specific mortality, reproductive rates, nutritional condition, sex and age ratios, and the finite rate of population growth
(l) for mule deer as a function of predictor variables that were
representative of 3 different levels: population, individual, and
maternal. Population-level covariates were environmental factors
or variables that corresponded to the entire population, or a large
proportion of the population. Individual-level covariates were
unique attributes of individuals, and maternal variables were
characteristics of the mother of a particular neonate. We first
evaluated effects of covariates at the population level and retained
those variables identified as being influential in this first stage of
analysis (Arnold 2010, Monteith et al. 2011, Grovenburg
et al. 2012a), and used them for the same analysis with
incorporation of variables at the individual level, and then at the
maternal level when relevant. Therefore, we modeled response
variables in 1–3 stages according to the aforementioned levels.
We conducted our analyses in that 2- or 3-stage approach because
covariates at the individual or maternal level were not available for
every animal, and population-level and individual-level factors
can affect life-history characteristics differently (Monteith
et al. 2011, 2013). We also conducted an additional analysis
that included only data from 2002 to 2008 to assess relationships
related to life-history characteristics of females in autumn,
because capture efforts in November occurred only during those
years.
We used an information-theoretic approach to assess variable
importance. In each stage of the analysis, we evaluated all possible
combinations of predictor variables that we hypothesized to
influence the response variable (Whittingham et al. 2006,
Arnold 2010, Doherty et al. 2010). For each model, we calculated
Akaike’s Information Criterion adjusted for small sample size
(AICc), DAICc, and Akaike weight (wi; Burnham and
Anderson 2002). We then calculated model-averaged parameter
estimates and the associated 90% confidence intervals, based on
unconditional standard errors. Model averaging minimized
effects of uninformative parameters, and thereby provided a
conservative assessment of variable importance (Whittingham
et al. 2006, Arnold 2010, Doherty et al. 2010). We determined if
model-averaged parameter estimates differed from zero based on
whether their 90% confidence intervals overlapped zero. We used
importance weights, calculated as the sum of wi across all models
that contained that particular variable (Burnham and
Anderson 2002, Arnold 2010, Doherty et al. 2010, Monteith
et al. 2011), to evaluate the relative ranking of each predictor
variable. We retained variables from the previous stage of an
analysis if the parameter estimate differed from zero (i.e., 90% CI
did not overlap 0) or had an importance weight >0.50
(Arnold 2010, Monteith et al. 2011). To best depict relationships
between a specific predictor variable and a response variable in
figures, we used the top model (DAICc ¼ 0) of all possible
combinations of variables, and modeled expected effects (y-axis)
of the variable of interest (x-axis) within the observed range,
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while holding all other variables constant at their mean (or other
values as specified).
We evaluated biologically meaningful interactions between
predictor variables using the global model in each stage of the
analysis based on whether confidence intervals of the parameter
estimate for the interaction overlapped 0 and if the inclusion of
the interaction term resulted in an improvement of model fit (<2
DAICc). We removed all interaction terms with confidence
intervals that overlapped zero and did not result in an
improvement of model fit from analyses because inclusion of
those interaction terms can alter model-averaged estimates
of the independent counterpart of those terms. In addition,
for age-specific patterns, we evaluated both the inclusion of
the quadratic effect of age (age2) and a threshold model of
age (ln[age]), because demographic and morphometric relationships with age may take many forms (Nussey et al. 2011). We
retained age2 or ln(age) if its inclusion resulted in improved
model fit.
Predictor variables.—For each level of analysis, we developed a
set of variables a priori based on the literature and that we
expected would influence or be related to the response variable,
with the overarching goal of assessing effects of nutrition on lifehistory characteristics of mule deer (see Appendices A–O for
complete list of variables). Predictor variables at the population
level (Table 1) included environmental variables such as weather,
categorical variables that applied to a large portion of the
population (e.g., summer residency), and annual metrics of the
condition or performance of the mule deer population (e.g., mean
Mar IFBFat). At the individual level, variables included lifehistory characteristics that corresponded to each individual (e.g.,
age, recruitment status, IFBFat; Table 2), and variables at the
maternal level were characteristics of the mother of a specific
neonate (e.g., age, IFBFat; Table 2). We evaluated multicollinearity among all predictor variables in each stage of analysis,
and did not allow variables that were correlated (r > |0.50|) enter
the same model.
Growth of bitterbrush, the primary winter forage for mule deer
in the Sierra Nevada (Kucera 1997, Pierce et al. 2004), was
influenced largely (r2 ¼ 0.65, P ¼ 0.001) by the water content of

the snowpack from the preceding April (Fig. 2; Pierce
et al. 2012). Accordingly, seasonal nutrition was influenced by
snowfall from the preceding year; however, per capita availability
of forage was determined by the relationship of snowpack and
number of individuals present in the subsequent year (Pierce
et al. 2012, Monteith et al. 2013). Therefore, we calculated a
density-dependent proxy to forage availability based on the
quotient of the water content of the snowpack during the
preceding April, and the estimated number of females for that
year (per capita snowpack; cm/female). This variable integrated
factors that affected growth of forage and population density to
yield a density-dependent index to forage availability. Our per
capita snowpack metric was similar to relationships established
for African ungulates, where plant growth was strongly associated
with rainfall, but the influence on demography depends on the
current relative abundance of herbivores (i.e., animals per kg
green grass; Sinclair et al. 1985). We included estimated number
of females rather than a population estimate because males and
females partition use of resources throughout much of the year
(McCullough 1979; Bowyer 1984, 2004; Kie and Bowyer 1999).
We assessed the relative importance of including either per capita
snowpack, or snowpack and number of females, or their
interaction based on DAICc for each separate analysis, and
then included the most influential variable(s) in the remainder of
model sets.
We also included location of summer residency as a predictor
variable, because deer that overwinter in Round Valley reside on
disparate ranges on opposite sides of the Sierra crest, and lifehistory patterns may differ between females residing in different
areas (Monteith et al. 2011). We coded females occurring on the
west side as 0 and females residing on the east side of the Sierra
crest as 1 (Table 1).
Survival.—We used the known-fate model in Program
MARK (White and Burnham 1999), which accommodated
staggered entry and exit of radiocollared animals (Kaplan and
Meier 1958, Pollock et al. 1989), to estimate survival and
determine factors that influenced seasonal survival of adult (>1
yr) female mule deer. We first estimated winter (Nov–Apr) and
summer (May–Oct) survival for prime-aged females (2- to 9-yr-

Table 1. Definitions of predictor variables used to assess factors that influence life-history characteristics of mule deer at the population level.
Level
Population

Predictor

Units

Definition

Summer residency
Spring precipitation
Spring temperature
Summer precipitation
Summer temperature
Monthly precipitation
Monthly temperature
Snowpack
Number females
Per capita snowpack

East or west
cm

C
cm

C
cm

C
cm
Estimate
cm/female

Side of the Sierra crest occupied during summer (east ¼ 1; west ¼ 0)
Total precipitation during May–June
Mean temperature during May–June
Total precipitation during July–October
Mean temperature during July–October
Total monthly precipitation
Mean of daily temperature per month
Water content of snowpack during the previous April
Number of females on winter range
Water content of the previous April snowpack divided by the estimated
number of females in the population
Mean number of fetuses per adult female in March
Mean ingesta-free body fat (IFBFat) of adult females during March
Mean IFBFat of adult females during November
Stage-specific variable allowing survival of neonates to vary during the first
4 weeks, with constant survival thereafter
Nuisance parameter allowing response variable to vary as a function of month
Nuisance parameter allowing response variable to vary as a function of year

Mean litter size
Mean Mar IFBFat
Mean Nov IFBFat
Stage
Month
Year
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Number/female
%
%
Category
Category
Category
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Table 2. Definitions of predictor variables used to assess factors that influence life-history characteristics of mule deer at individual and maternal levels.
Level

Predictor
Age and age2
Mar IFBFat
Nov IFBFat
Mar body mass
Nov body mass
Litter size

Individual

Recruitment status
Sex
Julian birth
Deviation from mean birth
Birth mass
Age at death
Age and age2
Mar IFBFat
Mar body mass

Maternal

Units

Definition

yrs
%
%
kg
kg
Number

Age of individual females
Ingesta-free body fat (IFBFat) of individual females during March
IFBFat of individual females during November
Body mass of individual females during March
Body mass of individual females during November
Number of fetuses as determined during neonate capture or March ultrasonography
for individual females
Number of young-at-heel in autumn for individual females
Male or female
Estimated date of birth via vaginal implants or hoof growth of neonate
Number of days prior to or post mean birth dates per year
Estimated body mass of neonates at birth
Age at death based on estimated date of birth for neonates
Age of dam
IFBFat of dam the preceding March
Body mass of dam the preceding March

Number
Category
Julian date
Days
kg
Days
yrs
%
kg

old), without the addition of covariates, by allowing survival to
vary monthly during each season and thereby estimate survival
without heterogeneity introduced by different survivability of
young or senescent females. We estimated annual survival as the
product of summer and winter survival within years and used the
delta method to calculate associated variances (Seber 1982).
Thereafter, we modeled factors that affected survival during
winter and summer separately for all females >1 year old. We
expected environmental and individual factors to affect survival
differently on seasonal ranges, because of differences in lifehistory patterns of deer between seasons. Therefore, we modeled
monthly survival separately during 2 periods of 6 months as a
function of environmental and individual-based covariates using
the aforementioned modeling approach. We censored adult
females that died within 14 days of capture to avoid underestimating survival for individuals that perished as a result of
capture-related causes.
We determined date of birth for each neonate from a
combination of hoof, umbilicus, and behavioral characteristics
(Haugen and Speake 1958, Brinkman et al. 2004, Haskell
et al. 2007). We considered all neonates that we captured with
wet pelage, wet umbilicus, or with the aid of an expelled VIT to
be 0 or 1 day old, after assessing those characteristics. For all
others, we estimated age for neonatal mule deer based on newhoof growth with the equation of Robinette et al. (1973), where
age (days) ¼ mean hoof growth (mm)  2.55–6.3. More recently,
Haskell et al. (2007) provided an additional equation for
estimating age of neonatal mule deer; however, we chose not to
use their equation, because negative hoof growth is required for a
neonate to be <5 days old. We assumed mass of neonates at
capture was the birth mass for neonates 1 day old at capture. For
older neonates, we back-calculated birth mass from the slope of
the regression between body mass and age at capture for all
neonates in our study (mass [kg] ¼ 2.76 þ age  0.27; r2 ¼ 0.67,
P < 0.001); growth rates were similar between sexes
(F1,110 ¼ 1.39, P ¼ 0.24). We multiplied age of the neonate
(based on new-hoof growth) by the slope from the previous
equation, and subtracted the product from body mass at time of
capture. We recognize that our estimates of birth mass for
neonates >1 day old could be affected by low precision in hoofgrowth equations or by differences in growth rate among
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individual neonates (Haskell et al. 2007). Nevertheless, 76% of
neonates in our sample were 2 days old and estimates of birth
mass were nearly identical for neonates captured at birth
(x ¼ 2:76 kg, SE ¼ 0.089, range: 1.0–4.0) compared with older
neonates for which we back-calculated birth mass (x ¼ 2:75 kg,
SE ¼ 0.075, range: 1.86–4.1). Consequently, estimating age at
capture and birth mass should have a limited effect on our
analyses.
We used the known-fate model in Program MARK (White
and Burnham 1999) to estimate survival and determine factors
that influenced survival of neonatal mule deer at population,
individual, and maternal levels. We estimated preweaning
survival of young mule deer weekly from birth until 20 weeks
of age (140 days; approx. Jul–Oct), at which time we considered
young mule deer to be weaned (Sadleir 1980). For encounter
histories in the known-fate model, we placed all events, including
capture, survival monitoring, mortality, and censors into 1-week
intervals. Neonates that were 1 week old when captured entered
the survival analysis in the first interval; neonates >1 week old
and 2 weeks old when captured entered the analysis during the
second interval, and so forth. We right-censored all animals that
prematurely shed collars (n ¼ 4), because censoring likely was
independent of the fate of the neonate.
We first modeled summer survival of neonates through
20 weeks of age with a time-dependent model that allowed
survival to vary randomly by week and plotted the resulting
weekly estimates of survival to identify periods of time with
consistent survival (Barber-Meyer et al. 2008). Survival varied
during the first 4 weeks of life, but remained relatively constant
thereafter, which was expected because of changing patterns of
vulnerability of young to predation, activity of young deer, and
degree of association with the dam (Haskell et al. 2010).
Accordingly, we developed a model that was life-stage specific
and allowed survival to vary during the first 4 weeks of life, with
constant survival for the remaining 16 weeks. We selected that
stage-specific model from among other models (i.e., constant
survival and different survival each week) using AICc, because no
other candidate models were within 2 DAICc. Subsequently, we
used that stage-specific model, and added factors that we
predicted to influence survival of neonates at the population
(n ¼ 119), individual (n ¼ 113), or maternal (n ¼ 73) levels using
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the same modeling approach described previously to evaluate
variable importance.
We hypothesized that effects of birth mass and maternal
condition on neonatal survival would be age-dependent. We
predicted that birth mass would be most influential during the
first few weeks of life, because birth mass affects viability of
neonates (Verme 1962, Sams et al. 1996, Keech et al. 2000,
Carstensen et al. 2009), whereas effects of maternal condition on
offspring development and survival should be stronger when
maternal provisioning and the energetic costs of lactation rise
(Sadleir 1982, Taillon et al. 2012). Therefore, we evaluated
models that incorporated an age-dependent effect of birth mass
by adding the covariate birth mass starting with only week 1, and
then incrementally added weeks up to week 4, and compared
those models against a model with an effect of birth mass from
1 week to 20 weeks of age. Similarly, at the maternal level, we
incorporated an age-dependent effect of maternal nutritional
condition from 1 week to 20 weeks of age, and then incrementally
removed weeks from 1 to 4. Doing so allowed us to evaluate our
hypothesis directly by developing models that included effects of
birth mass within the first few weeks of life that transitioned to an
effect of maternal condition as neonates grew older. We selected
from among the differing structures for age-dependent parameterization of birth mass and maternal condition using AICc and
included that structure in all subsequent models where the
covariates birth mass or maternal condition were included.
Our data on survival for neonates probably were not fully
independent (i.e., were overdispersed), because siblings share
maternal resources and occupy similar environments in both
space and time (Bishop et al. 2008); our sample contained 2 sets
of triplets, 31 sets of twins, and 51 singletons. We used databootstrap analysis in Program MARK to estimate overdispersion
by generating 10,000 replicate datasets by resampling our data
with replacement (White and Burnham 1999, Bishop et al.
2008). We resampled within litters of adult females; thus, the
number of samples within each replicate equaled the number of
adult females with litters (n ¼ 84) rather than the number of
neonates (n ¼ 119) in the original dataset. We used a timedependent global model (year  week) for bootstrap analyses to
avoid misinterpreting poor model fit as overdispersion (Burnham
and Anderson 2002). We estimated overdispersion by dividing
the theoretical variance estimates with empirical variance
estimates calculated from the bootstrap analysis (Bishop
et al. 2008). The estimate of overdispersion in our survival
analysis for neonates was 1.18, which indicated only modest
overdispersion, and was similar to that reported for mule deer in
Colorado (1.25; Bishop et al. 2008). Therefore, for all neonatal
survival analyses, we set the variance inflation factor (^c ) to 1.18.
Cause-specific mortality.—We modeled causes of mortality for
neonates (i.e., up to 20 weeks of age) during summer and winter
as a function of population and individual factors predicted to
influence cause of death using multinomial logistic regression
(Bishop et al. 2009), and the same multi-stage modeling
approach that we outlined previously with covariates at the
population, individual, and maternal levels. For this analysis, we
included only mortalities, because we were interested in
evaluating factors that influenced cause of mortality and how
those causes contributed to total observed mortality. We excluded
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all mortalities for which cause was undetermined, because those
samples provided no information regarding cause of death and
may simply be a combination of various sources of mortality
(Bishop et al. 2009). We were unable to determine cause of
mortality for 11% of all neonate mortalities. We only conducted
the analyses on cause-specific mortality for neonates, because
proportion of unknown mortalities for adults was high (41% of
mortalities during winter and 55% during summer).
For multinomial models, we grouped response variables of
cause-specific mortality into separate categories that were easily
distinguishable to yield sufficient sample sizes. We assessed 4
categories of neonate mortality: bear predation (n ¼ 23),
malnutrition (n ¼ 9), other predation (n ¼ 19; composed mostly
canid and felid predation), and other natural causes (n ¼ 12;
comprised of accident, injury, drowning, or undetermined
disease). Following the analysis of cause-specific mortality, we
calculated rates of mortality for neonates and adult females by
combining those results with our survival analyses. We estimated
rates of cause-specific mortality for neonates based on the product
of the probabilities of each mortality cause and the overall
mortality rate from our survival analyses, which we calculated
from 1 to S^ (estimated survival rate). We used the delta method to
estimate variances of rates of cause-specific mortality for each
analysis (Seber 1982).
Reproduction and nutritional condition.—We modeled birth
mass, timing of birth, pregnancy status, litter size, recruitment
rate, March IFBFat, March body mass, November IFBFat, and
November body mass of adult female mule deer as a function of
population and individual-level covariates using the approach
described previously (see Appendices C–O). We used linear
mixed models (PROC MIXED, SAS Institute, Cary, NC) with
a repeated-measures structure to avoid inflating degrees of
freedom and account for potential autocorrelation from
repeatedly sampling individual deer. For each analysis, we
used AICc to select the best-fitting covariance structure for
repeated measures (Ferron et al. 2002) from those deemed
biologically appropriate (Verbeke and Molenberghs 2000,
Yoccoz et al. 2001), and used the best covariance structure in
subsequent models for a particular analysis. We considered
models with covariance structures of variance components,
compound symmetry, spatial power, spatial exponential, spatial
Gaussian, and heterogeneous autoregressive (Littell et al. 1996).
We conducted separate analyses for pregnancy status of
yearlings (1.5-yr-old), and pregnancy status and litter sizes of
females 2.5 years old to avoid having low or more variable
reproduction by yearling females unduly influence models of agespecific reproduction (Gaillard et al. 2000, Bonenfant
et al. 2009). We modeled pregnancy status of yearling females
using logistic regression (PROC LOGISTIC in SAS). For adult
females 2.5 years old, we also modeled pregnancy status using
logistic regression (PROC GLIMMIX in SAS), but with a
Poisson distribution, because non-pregnant females were rare
(McDonald and White 2010), and used a random effect with
the RESIDUAL option to specify an R-side covariance structure
(which is similar to repeated measures in PROC MIXED). We
removed 2 adult females that were 2.5 years old because they
were barren during every year of monitoring (>4 yrs) and, thus,
may have confounded analyses on factors that influenced patterns
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of fecundity. One was incapable of becoming pregnant because of
the awkward position and abnormally small size of the vulva; the
absence of pregnancy in the other deer occurred for unknown
reasons.
Age ratios and population growth rate.—For population-level
analyses of age ratios and lambda, we combined our data with
those of Pierce et al. (2012) to lengthen our dataset and
strengthen our statistical power for detecting relationships at the
population level. We did not include data from Kucera (1988) for
this set of models, with the exception of an additional post hoc
analysis of lambda, because sample sizes were small and estimates
of variance were not always available. Furthermore, data
collection by Kucera (1988) occurred during a population crash;
demographic patterns can be misleading during different
trajectories of population growth when they are combined
(Pierce et al. 2012). We estimated l based on annual population
estimates where: lt ¼ N(tþ1)/Nt. We used general linear models
(PROC GLM, SAS Institute) to determine population-level
factors that influenced age ratios and l. We weighted models
based on the inverse of the variance around each annual metric to
account for uncertainty in those estimates (Neter et al. 1996).
Consequences of mortality on population dynamics differ
depending upon the proximity of a population to its food supply
(nutritional carrying capacity; NCC) and, thus, the degree of
density dependence (i.e., nutritional limitation) within a
population determines the level of compensatory or additive
effects of mortality (McCullough 1979, Boyce et al. 1999,
Bowyer et al. 2005). The residuals of the relationship between the
nutritional capacity for recruitment (i.e., model-based predictions) and actual recruitment should indicate the degree to which
mortality is additive or compensatory, because the nutritional
potential for survival determines the consequences of mortality
for a population (Bartmann et al. 1992, Tveraa et al. 2003). More
specifically, nutritional potential for recruitment reflects the point
at which mortality transitions from being compensatory to
additive with increasing rates of mortality (Fig. 4).
We employed this approach using 2 datasets from our longterm research in the Sierra Nevada: ratios of young-to-adult
females and autumn recruitment of young (number of young at
heel per radiocollared female). For each analysis, we incorporated
variables that reflected the nutritional ability to support young
(i.e., habitat and nutritional condition) and that were identified as
being influential in previous analyses, and removed effects of
variables that accounted for other external factors not related to
nutrition. We estimated the nutritional capacity for recruitment
(Fig. 4) of young mule deer using the same mixed models with
repeated measures for recruitment rate, and mixed models
weighted by the inverse of the variance in each estimate for age
ratios. We then used the residuals between model-based
predictions of the nutritional potential for recruitment and
empirically measured recruitment to infer the relative consequences of mortality (i.e., amount of additive and compensatory
mortality). Negative residuals reflect the amount of mortality that
was additive because the nutritional potential for recruitment was
greater than what was realized (Fig. 4). Conversely, residuals near
zero or slightly positive would be indicative of recruitment equal
to or greater than what was expected on a nutritional basis; thus,
observed mortality was compensatory.
Monteith et al.
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Figure 4. Changes in number of attempted recruits (number of young born) and
actual recruits limited by density-dependent feedbacks relative to size of an
ungulate population increasing towards its food supply (nutritional carrying
capacity; NCC) in the absence of other external mortality factors (i.e., predation).
Actual recruits represent the number of young that can be recruited given current
habitat limitation via density-dependent feedback (i.e., nutritional potential for
recruitment). The difference between the number of attempted and actual recruits
therefore represents the component of mortality that is compensatory. Note that
the position of the population relative to NCC and thus, the nutritional potential
for recruiting young, determines the degree of compensatory or additive mortality
even when mortality rates remain unchanged (0.30). Adapted from McCullough
(1979) and Kie et al. (2003).

RESULTS
Mean size of the population of mule deer overwintering in Round
Valley between 1985 and 2009 was 2,428 animals (range: 939–
5978), but was highly variable (CV ¼ 50%; Fig. 5). Winter
precipitation also was highly variable; the coefficient of variation
of water content of the April snowpack was 57% (Fig. 2). Mean

Figure 5. Annual population estimates (solid circles  95% CI) of mule deer in
January and ingesta-free body fat (hollow diamonds  95% CI) of adult female
mule deer in March on a winter range in Round Valley, Inyo County, California,
USA. We determined population estimates from total counts before 1994 and
from mark-resight surveys thereafter. We measured ingesta-free body fat
(IFBFat) via kidney fat indices before 1997 and untrasonography thereafter. We
obtained data before 1997 from Kucera 1988 and Pierce et al. (2012), and
estimates since 1997 are estimates from this study. Sample sizes for IFBFat are
displayed above means.
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Figure 6. Relative change in density during summer from 1984–1987 to 1998 (a), and from 1998 to 2008 (b), with warm colors indicating increases in density and cool
colors indicating declines in density of mule deer that migrate to summer ranges on both sides of the crest of the Sierra Nevada, California, USA. Relative change in
density was measured as the change in distance to the nearest location of a female mule deer during summer between the aforementioned years.

nutritional condition (IFBFat) of adult females in March ranged
from 2.0% to 9.9% with a coefficient of variation of 33%. Despite
that variation in population size and nutritional condition,
pregnancy (0.98; CV ¼ 4.4%) and fetal rates (1.69; CV ¼ 10.4%)
of adult females remained high, with markedly less variation.
The proportion of the population that migrated to the west
side of the Sierra crest declined from 87% in 1985 to 58%
when our study began in 1998, and was followed by further
reductions to <50% of our marked sample of adult females by
2005 (Fig. 6). This shift in proportion of west-side migrants in
the population occurred despite high fidelity to summer ranges,
indicating the shift was caused by demographics rather than
behavior. Of the 251 adult females that we monitored for
>1 summer, females never switched summer ranges to the
opposite side of the Sierra crest, and none of the young that we

monitored in subsequent years (n ¼ 26) switched sides from
where they were born.
Survival of Neonates
The stage-specific pattern of neonatal survival indicated low, but
generally increasing survival during the first 4 weeks of age
(x  SE; week 1 ¼ 0.75  0.047; week 2 ¼ 0.88  0.039; week
3 ¼ 0.96  0.026; week 4 ¼ 0.90  0.041), and relatively constant
survival from 5 weeks to 20 weeks of age (0.97  0.007 weekly).
Average survival of neonatal mule deer to 140 days of age during
2006–2008 was 0.33 (SE ¼ 0.091). Survival of young was
influenced by the side of the Sierra crest on which a neonate was
born (Table 3); survival of west-side neonates averaged 0.13
(SE ¼ 0.092), whereas east-side neonates averaged 0.44 (SE
¼ 0.11). At the individual level, we evaluated the hypothesis that

Table 3. Model-averaged parameter estimates, confidence interval, and Akaike importance weights of factors that influenced survival of neonatal mule deer to
20 weeks of age conducted at the population (n ¼ 119), individual (n ¼ 113), and maternal (n ¼ 73) levels, Sierra Nevada, California, USA, 2006–2008. We included
variables we identified as being influential in lower levels of analyses. We considered variables influential if their 90% confidence interval did not overlap zero or if
their importance weight was >0.50. Asterisks adjacent to parameter estimates indicate 90% confidence intervals do not overlap zero. A full list of predictor variables
considered are provided in Appendix A.
90% CI
Level
Population
Individual

Maternal

a
b
c
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Parameter
Summer residency
Stagea
Summer residency
Stagea
Deviation from mean birth
Birth massb
Summer residency  birth massb
Summer residency
Stagea
Birth massb
Summer residency  birth massb
Mar IFBFatc
Summer residency  Mar IFBFatc

Estimate

Upper

Importance weight

0.98

0.49

Lower

1.47

0.33

0.45

1.10

0.039
0.73
1.19
2.19

2.8  10
0.19
0.61
4.64

0.25
1.82
0.068
0.39

0.34
0.84
0.46
0.089

1.00
1.00
1.00
1.00
0.68
1.00
1.00
1.00
1.00
1.00
1.00
1.00
1.00

3

0.081
1.27
1.78
0.24
0.85
2.80
0.32
0.68

Stage-specific variable that allowed survival to vary during the first 4 weeks, with constant survival the remaining 16 weeks.
Age-specific effect of birth mass on survival during the first 3 weeks of life.
Age-specific effect of March ingesta-free body fat (IFBFat) of the mother on survival during 4–20 weeks old.
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Figure 7. Estimated probability (95% CI) of survival of neonatal mule deer from birth to 20 weeks of age during 2006–2008 as a function of estimated birth weight
(a), and ingesta-free body fat of the mother in March (b), Sierra Nevada, California, USA. Results are based on best model at the individual level with stage, summer
residency, deviation from mean birth, birth mass, and summer residency  birth mass (a), and at the maternal level with stage, summer residency (east or west), birth
mass, summer residency  birth mass, maternal IFBFat, and summer residency  maternal March IFBFat (b). We constrained effects of birth mass to weeks 1–3, and
effects of maternal IFBFat to weeks 4–20. Predictions represent expected effects of the variable of interest (x-axis) within the range we observed, while holding all other
variables constant at their mean.

effects of birth mass and nutritional condition of mothers on
neonatal survival were age-dependent, with effects of birth mass
on survival occurring early in life (<1 month old), and effects of
maternal condition being most prominent when lactation
demands increase (4 weeks old). By incrementally adjusting
the temporal effect of each covariate and assessing model fit, we
determined that birth mass was most influential during the first
3 weeks of life, whereas nutritional condition of the mother
(IFBFat) affected survival from 4 weeks to 20 weeks. Nevertheless, the expected positive effect of birth mass and maternal
IFBFat was evident only for young mule deer born on the east
side of the Sierra crest (as evidenced by significant interactions of
summer residency with birth mass and maternal IFBFat;
Table 3). For east-side young, individuals that were large at
birth and with mothers in good nutritional condition had a
greater probability of survival during summer than those born
small to mothers in poor nutritional condition (Fig. 7). Those
effects were muted (birth mass) or non-existent (maternal
IFBFat) for offspring born on the west side of the crest.

Distribution of cause-specific mortality for neonatal mule deer
contrasted between the side of the Sierra crest on which an
individual was born (Table 4). Neonates born on the west side of
the Sierra crest were >6 times more likely to die of predation by
black bears (0.72, SE ¼ 0.093) than any other cause (Fig. 8). In
contrast, the primary cause of mortality for neonates inhabiting
the east side was predation by canids and felids (Fig. 8), with low
probability of bear predation. At the individual level, the
distribution of cause-specific mortality was influenced by birth
mass (Table 4); small neonates (<2.0 kg) were most likely to
succumb to malnutrition, whereas large neonates (>3.0 kg) had a
low probability of dying from malnutrition, while being equally
likely to die from either predation or other natural sources of
mortality (Fig. 9a). Cause of mortality for neonatal mule deer also
changed modestly as individuals grew older (Table 4), albeit the
model-averaged parameter estimates overlapped 0. Deaths of
neonates from malnutrition and bear predation were most likely
to occur within the first 2 weeks of life (Fig. 9b). Conversely,
probability of mortality of young caused by other sources of

Table 4. Model-averaged parameter estimates and Akaike importance weights for factors that influence cause of mortality of neonatal mule deer evaluated at the
population (n ¼ 62), individual (n ¼ 57), and maternal levels (n ¼ 47), Sierra Nevada, California, USA, 2006–2008. We included variables we identified as being
influential in lower levels of analyses. We considered variables influential if their 90% confidence interval did not overlap zero or if their importance weight was
>0.50. Asterisks adjacent to parameter estimates indicate 90% confidence intervals do not overlap zero. A full list of predictor variables considered are provided in
Appendix B.
Cause of mortalitya
Level
Population
Individual

Maternal
a

Parameter

Bear

Summer residency
Summer residency
Age at death
Birth mass
Birth mass
Age

2.39
2.67
0.26
2.21
1.96
3.0  10

Other natural

3

0.50
1.91
0.25
3.16
2.47
0.063

Other predation

Importance weight

1.47
2.86
0.25
3.30
2.44
0.21

1.00
1.00
0.64
1.00
0.98
0.61

Multinomial logistic regression included malnutrition as the reference category thus, parameter estimates represent the relative likelihood of dying from a particular
cause compared with malnutrition.
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larger litters gave birth later than those with smaller litters
(Fig. 10b; Table 5), and females of larger body mass gave birth
earlier than smaller-bodied females (Fig. 11).

Figure 8. Estimated probability (95% CI) of mortality caused by black bear,
malnutrition, other forms of predation (canid and felid), and other natural causes
(e.g., physical injury, potential disease, drowning) for neonatal mule deer
20 weeks of age as a function of the side of the Sierra crest occupied in the
Sierra Nevada, California, USA, 2006–2008. Results are based on the best model
at the population level, which included summer residency as the only influential
predictor variable.

predation (mostly canids or felids) increased from birth to 140
days-of-age relative to other causes (Fig. 9b).
Mean estimated birth mass was 2.8 kg (SE ¼ 0.061), and
ranged from 1.0 kg to 4.1 kg; mass at birth was influenced
primarily by litter size (Table 5), and was not influenced strongly
by sex (Table 5). From a maternal standpoint, larger litters had
lower individual birth mass (Fig. 10a), but greater total litter mass
(Fig. 10a). Date of parturition was highly synchronous (based on
SD) during 2006 (SD ¼ 8.0 days), 2007 (SD ¼ 8.1 days), and
2008 (SD ¼ 6.5 days), and was 6 days earlier for east-side females
(178.6, SE ¼ 1.18 days; 28 June) than for females on the west side
(184.7, SE ¼ 1.62 days; 4 July; Fig. 10). In addition, females with

Recruitment and Ratios of Young-to-Adult Females
At the population level, autumn recruitment of young mule
deer was influenced by summer residency and nutritional
condition of adult females in March (Table 6). Recruitment of
young was consistently higher for females that summered on the
east side (x ¼ 0:70, SE ¼ 0.043) of the Sierra crest than for
females on the west side (x ¼ 0:42, SE 0.034; Fig. 12a). Annual
variation in recruitment was influenced positively by mean
IFBFat (%) of adult females in March (Fig. 12b). IFBFat
(Fig. 13a) and litter size (Fig. 13b) of individual females
positively affected autumn recruitment of young (Table 6),
indicating that females in better nutritional condition with
larger litter sizes yielded more recruits (Table 6). After
accounting for the influence of nutritional condition on
recruitment, effects of summer residency remained (Table 6),
with lower recruitment for west-side compared with east-side
females (Fig. 13).
Ratios of young-to-adult females collected in January surveys
from 1985 to 2009 were highly variable (CV ¼ 30.2%), averaged
37.9 (SE ¼ 2.31), and ranged from 19.3 to 63.0 (Fig. 14a).
Percent IFBFat of females in the current March and that of the
preceding March were positively related to age ratios at the end of
the calendar year (Fig. 14b). Mean IFBFat of females in the
current March (b ¼ 3.2) had a stronger positive effect than mean
IFBFat from the preceding year (b ¼ 2.3), although their
parameter estimates were not significantly different (Table 6).
Predicted ratios of young-to-adult females dropped below the
24-year average of 37.9 when mean IFBFat of females in March
was <5.7% (95% CI: 3.5–6.5%), and mean March IFBFat of the
preceding year was held constant at the long-term average.
Notably, correlation of mean March IFBFat between successive
years was low (r ¼ 0.29).

Figure 9. Estimated probability of mortality caused by black bear, malnutrition, other forms of predation (canid and felid), and other natural causes (e.g., physical
injury, potential disease, drowning) for neonatal mule deer 20 weeks of age as a function of estimated birth weight (a) and age (b) in the Sierra Nevada, California,
USA, 2006–2008. Predicted probabilities of mortality represent the relative likelihood of a neonate dying from a particular cause given that the deer dies. Results are
based on the best model at the individual level, which included summer residency, age at death, and birth weight. Predictions represent expected effects of the variable of
interest (x-axis) within the range we observed, while holding all other variables constant at their mean. We removed confidence intervals for ease of interpretation.
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Table 5. Model-averaged parameter estimates, confidence intervals, and Akaike importance weights of factors that influenced birth characteristics of adult (>1 yr)
female mule deer at the population and maternal levels, Sierra Nevada, California, USA, 2006–2008. We included variables we identified as being influential in lower
levels of analyses. We considered variables influential if their 90% confidence interval did not overlap zero or if their importance weight was >0.50. Asterisks adjacent
to parameter estimates indicate 90% confidence intervals do not overlap zero. A full list of predictor variables considered are provided in Appendices C and D.
90% CI
Response

Level

Birth mass

Individual
Maternal

Julian birth

Population

Maternal

Parameter

Estimate

Litter size
Litter size
Mar IFBFat
Summer residency
Mean Mar IFBFat
Litter size
Summer residency
Mean Mar IFBFat
Litter size
Age
Mar IFBFat
Mar body mass



0.21
0.37
0.051
4.08
0.82
2.93
5.48
1.53
5.86
0.20
0.13
0.36

Lower

Upper

Importance weight

0.37
0.60
0.01
7.22
2.27
0.74
8.45
3.83
3.10
0.15
0.56
0.65

0.055
0.14
6.0  10
0.94
0.63
5.12
2.52
0.77
8.63
0.56
0.30
0.073

0.82
0.93
0.56
0.98
0.51
0.97
1.00
0.88
1.00
0.58
0.56
0.99

4

IFBFat, ingesta-free body fat.

Pregnancy and Fetal Rate
Thirty-two percent of yearling females (1.5-yr-old) that we
monitored failed to attain pregnancy at 1.5 years of age, but all
that survived became pregnant the following autumn. Although

Figure 10. Average individual birth mass and total litter mass relative to litter size
(a) and estimated effect (95% CI) of litter size on estimated date of parturition
(b) for adult (>1 yr) female mule deer, Sierra Nevada, California, USA, 2006–
2009. Results are based on the best model at the population level, which included
summer residency (east or west), per capita snowpack, mean March ingesta-free
body fat (IFBFat), and litter size for date of parturition (b). Predictions represent
expected effects of the variable of interest (x-axis) within the range we observed,
while holding all other variables constant at their mean. Numbers within bars
represent sample sizes for each group.
Monteith et al.
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our sample size for yearling females was small (n ¼ 22),
probability of primiparity as a yearling was influenced positively
by per capita snowpack during their second summer of growth
before rut in autumn (Table 7, Fig. 15a). Unfortunately, logistical
constraints precluded us from directly assessing the effect of body
mass during November when young females potentially were
bred. For adult females (2-yr-old), body mass in March was
related (r2 ¼ 0.35, F1,252 ¼ 136.0, P < 0.001) to November body
mass; body mass of yearling females in March likely provided a
surrogate for their body mass in November. At the individual
level, March body mass was the most parsimonious explanation
for probability of pregnancy for yearling females (Table 7).
Yearling females that were >41 kg in March had a >0.90 (95%
CL: 0.50–0.99) probability of having conceived the previous
autumn (Fig. 15b).

Figure 11. Estimated effect (95% CI) of March body mass of adult (>1 yr)
female mule deer relative to side of the Sierra crest occupied during summer on
estimated date of parturition, Sierra Nevada, California, USA, 2006–2009.
Results are based on the best model at the maternal level, which included summer
residency, mean March ingesta-free body fat (IFBFat), litter size, age, March
IFBFat, and March body mass. Predictions represent expected effects of the
variable of interest (x-axis) within the range we observed, while holding all other
variables constant at their mean.
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Table 6. Model-averaged parameter estimates, confidence intervals, and Akaike importance weights of factors that influenced age ratios and individual recruitment
of young for mule deer, Sierra Nevada, California, USA, 1991–2009. We included variables we identified as being influential in lower levels of analyses. We
considered variables influential if their 90% confidence interval did not overlap zero or if their importance weight was >0.50. Asterisks adjacent to parameter
estimates indicate 90% confidence intervals do not overlap zero. A full list of predictor variables considered are provided in Appendices E and F.
90% CI
Response
Recruitment

Level
Population

Individual

Age ratio

Population

Parameter

Estimate

Lower

Upper

Importance weight

Summer residency
Per capita snowpack
Mean Mar IFBFat
Summer residency
Per capita snowpack
Mar IFBFat
Litter size
Mar weight
Mean Mar IFBFatt 1
Mean Mar IFBFatt
Mean Mar body mass
Mean litter size
Per capita snowpack
Summer precipitation
Summer temperature



0.18
1.22
0.032
0.25
3.66
3.9  10
9.3  10
3.3  10
1.12
1.89
1.52
27.43
132.33
1.20
11.41

0.36
12.10
0.15
0.45
8.27
0.046
0.23
0.018
3.53
4.50
0.70
33.22
221.58
1.78
0.24

1.00
0.96
0.84
1.00
0.88
0.83
0.94
0.92
0.99
1.00
0.72
0.99
0.78
0.75
0.97

0.27
5.44
0.090
0.35
2.30
0.025
0.12
7.3  10
2.28
3.21
0.41
2.89
44.61
0.29
5.58

3

3
3
3

IFBFat, ingesta-free body fat.

Fetal rate of females 2.5 years old during 1997–2009 was 1.69
(SE ¼ 0.027), and ranged from 1.57 (SE ¼ 0.065) in 2001 to 1.91
(SE ¼ 0.053) in 1999 (Fig. 16). In addition, litter size varied as
a function of per capita snowpack and summer temperature
(Table 7). Per capita snowpack had a positive effect on litter size
(Fig. 17), whereas summer temperature had a negative influence.
At the individual level, litter size was not related to age,
November body mass, or nutritional condition (Appendix H).
Nonetheless, females residing on the west side (1.72, SE ¼ 0.026)
had larger litter sizes than females that summered on the east side
of the Sierra crest (1.59, SE ¼ 0.031; Table 7). Notably, inclusion
of yearlings in the sample for litter size resulted in a significant
effect of age and November body mass, which were not influential
when only females 2.5 years old were considered.
Pregnancy of females 2.5 years old during 1997–2009 was
relatively constant at 0.98 (SE ¼ 0.006; Fig. 16), despite

substantial variation in nutritional condition during those years
(Fig. 5). Initial models that included yearlings indicated
pregnancy varied as a curvilinear function of age; however,
that pattern was dictated by variable pregnancy among yearlings.
After removing yearlings from the analysis we considered
summer residency, per capita snowpack, summer precipitation,
summer temperature, mean November IFBFat, and year at the
population level, and age, age2, November IFBFat, and
November body mass at the individual level. No single variable
at the population or individual levels influenced probability of
pregnancy for females 2.5 years old, despite an adequate sample
size (n ¼ 803; Table 7).
Seasonal Survival of Adult Females
We conducted a separate survival analysis that included only
prime-aged females (2–9 yrs old) before evaluating factors that

Figure 12. Annual average (SE) recruitment of young in autumn (a) and predicted effect (95% CI) of mean ingesta-free body fat (IFBFat) of female mule deer in
March on number of young recruited in autumn (b) by adult (>1 yr) female mule deer relative to side of the Sierra crest occupied during summer, Sierra Nevada,
California, USA, 1997–2008. Effect of mean IFBFat is based on the best model at the population level, which included summer residency, per capita snowpack, and
mean March IFBFat.
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Figure 13. Estimated effect (95% CI) of percent ingesta-free body fat (IFBFat) of individual females in March (a) and number of young in utero in March (b) on
number of young recruited in autumn by adult (>1 yr) female mule deer relative to side of the Sierra crest occupied during summer, Sierra Nevada, California, USA,
1997–2008. Results are based on the best model at the maternal level, which included summer residency, per capita snowpack, litter size, March body mass, and March
IFBFat. Predictions represent expected effects of the variable of interest (x-axis) within the range we observed, while holding all other variables constant at their mean.
Numbers within bars represent sample sizes for each group.

Figure 14. Annual estimates of recruitment of young from surveys conducted in
January (a) and estimated effect (95% CI) of mean ingesta-free body fat
(IFBFat) of adult (>1 yr) female mule deer during the current (t) and preceding
(t 1) March on annual herd composition of young (<1 yr):100 adult females the
following January (b), Sierra Nevada, California, USA, 1991–2008. Results for
recruitment of young are based on the best model, which included per capita
snowpack, mean March IFBFatt, mean March IFBFatt 1, mean litter size, mean
March body mass, summer precipitation, and summer temperature. Predictions
represent expected effects of the variable of interest (x-axis) within the range we
observed, while holding all other variables constant at their mean.
Monteith et al.
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affected seasonal survival to obtain seasonal and annual estimates
of survival during 1998–2008. Estimates of summer survival for
prime-age females ranged between 0.76 and 1.0, with a mean of
0.90 (SE ¼ 0.021; Fig. 18a). Overwinter survival of prime-age
females averaged 0.94 (SE ¼ 0.012) and ranged between 0.87 and
1.0 (Fig. 18b). Mean annual survival of prime-age females was
0.87 (SE ¼ 0.025) with minor variation among years (CV
¼ 9.6%; Fig. 18c).
Summer survival among years for adult females was related to
the previous April snowpack and the number of females
estimated in the population (Table 8). Models of survival for
adult females during summer that included April snowpack and
estimated number of females as separate variables performed
better (DAICc > 2) than combining the 2 variables into per capita
snowpack; the relationships, however, remained in the expected
direction (Fig. 19). Estimated number of females in the
population had a stronger negative effect on summer survival,
compared with the positive effect of winter snowpack (Fig. 19).
Mean IFBFat of adult females in March was positively related to
annual patterns of survival in summer for adult females, and was
significant for analyses at the individual level (Table 8). In
contrast, summer residency had no effect on summer survival of
adult females (Appendix I).
Winter survival of adult females varied by month, and
interannual patterns varied as a function of per capita snowpack
(Table 8). Probability of overwinter survival increased with per
capita snowpack (Fig. 20a), but was not affected by previous
summer residency (Appendix J). At the individual level, body
mass in November had a positive effect on overwinter survival,
with heavier females having a greater probability of surviving
winter than lighter ones (Fig. 20b). Levels of IFBFat for
individual females in March or November did not influence
survival in summer or winter significantly (Appendices I and J).
Probability of survival during summer and winter declined with
age (Table 8). Adult females were progressively less likely to
survive winter as they grew older (Fig. 21b). Probability of
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Table 7. Model-averaged parameter estimates, confidence intervals, and Akaike importance weights of factors that influenced reproduction of yearling (1.5 yr) and
adult female (2.5 yr) mule deer at the population and individual levels, Sierra Nevada, California, USA, 1998–2009. We included variables we identified as being
influential in lower levels of analyses. We considered variables influential if their 90% confidence interval did not overlap zero or if their importance weight was
>0.50. Asterisks adjacent to parameter estimates indicate 90% confidence intervals do not overlap zero. A full list of predictor variables considered are provided in
Appendices G, and H.
90% CI
Response
Yearling primiparity
Litter size

Level

Parameter

Estimate

Lower

Population
Individual
Population

Per capita snowpack
Mar body masst 1a
Summer residency
Per capita snowpack
Summer temperature
Summer residency
Per capita snowpack
Summer temperature
None

92.86
0.51
0.11
2.95
0.042
0.11
4.12
0.031

3.58
0.044
0.17
0.96
0.058
0.18
1.98
0.062

Individual

Pregnancy
a

We used March body mass of the previous year (t

Upper
182.12
0.98
0.043
4.95
8.1  10
0.050
6.13
1.2  10

Importance weight

3

4

0.64
0.91
0.88
1.00
0.68
0.92
0.93
0.63

1) because sample size (n ¼ 7) was insufficient for November body mass.

surviving an average winter for females 9.5 years old was 0.89
(Fig. 21b), declining to approximately 0.60 at 15.5 years of age.
Although survival of females during summer also declined with
age, the parameter estimate for age2 was positive, indicating the
additional mortality with each year of age declined as females
grew older (Fig. 21a). On an annual basis, probability of survival
declined as a curvilinear function of age (Fig. 21c).
For adult females during summer, mortalities for which we
could determine cause of death included cougar predation
(n ¼ 13), canid or ursid predation (n ¼ 11), accidents (n ¼ 15;
comprised of deer-vehicle collisions, illegal harvest, dystocia, and
drowning), and malnutrition (n ¼ 3). During winter, causes of
mortality included cougar predation (n ¼ 32), coyote predation
(n ¼ 12), malnutrition (n ¼ 7), and accidents (n ¼ 7; comprised of
deer-vehicle collisions and poaching). Small sample sizes and a
large proportion of undetermined causes of death precluded a
rigorous analysis of cause-specific mortality; however, during
summer the most common cause of mortality for females on the
east side of the Sierra crest was accidents (0.52; mostly deer
vehicle collisions) compared with cougar predation (0.45) for
west-side females. During winter, the most common source of

mortality for both east-side (0.53) and west-side (0.43) females
was cougar predation, followed by malnutrition (east ¼ 0.27,
west ¼ 0.21).
Nutritional Condition, Body Mass, and Life-History
Characteristics
Mean IFBFat of adult female mule deer in March during 1997–
2009 was 7.22% (SE ¼ 0.077), and ranged from 4.98%
(SE ¼ 0.27) in 2009 to 8.74% (SE ¼ 0.27) in 1999 (Fig. 5).
For individual females, IFBFat ranged from 1.0% to 17.1%. At
the population level, March IFBFat varied as a function of
summer residency, per capita snowpack, mean IFBFat the
previous March, and winter precipitation (Table 9). Per capita
snowpack had a positive influence on IFBFat of adult females in
March (Fig. 22a). Females that summered on the west side of the
Sierra crest (7.46%, SE ¼ 0.10) maintained higher levels of
IFBFat through winter compared with females that summered
on the east side (6.92%, SE ¼ 0.11). Mean IFBFat of adult
females during March of the previous year exhibited a strong,
positive relationship with IFBFat of females the following year
(Fig. 22b). In contrast, at the individual level, IFBFat of a female

Figure 15. Estimated probability (95% CI) of pregnancy for yearling (1.5 yr) female mule deer as a function of per capita snowpack (a) and March body mass (b) in the
Sierra Nevada, California, USA, 1997–2009. Results are based on the best model, which included per capita snowpack at the population level (a), and body mass at the
individual level (b).
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Figure 16. Annual pregnancy (solid circles  SE) and fetal rate (hollow
circles  SE) of adult female mule deer in March on a winter range in Round
Valley, Inyo County, California, USA. We determined reproductive variables by
deer collections before 1997 and ultrasonography thereafter. We obtained point
estimates before 1997 from Kucera 1992 and Pierce et al. (2012), and those
following 1997 were from adult females (2.5 yr) monitored in this study. Sample
sizes for fetal rates are displayed above means.

in March had little effect on her IFBFat in March the following
year (Appendix K). Percent IFBFat of an individual female in
November, however, carried over winter and had a positive effect
on her IFBFat in March (Fig. 23a). Litter size was positively
related to IFBFat of individual female deer in March (Table 9),
indicating that females with larger litters had higher fat levels. In
addition, March IFBFat declined linearly with age (Fig. 23b).
Annual variation in body mass of adult female deer (CV
¼ 2.97%) was markedly less than for IFBFat (CV ¼ 15.03%)
during March 1997–2009. Body mass during March averaged
48.5 kg (SE ¼ 0.18) and ranged from 47.1 kg (SE ¼ 0.51) in 2000

Figure 18. Estimates (95% CI) of summer (a; May–Oct), winter (b; Nov–Apr),
and annual (c; May–Apr) survival of prime-aged (2–9 yr) female mule deer in the
Sierra Nevada, California, USA. Seasonal sample sizes are displayed above
estimates.

Figure 17. Estimated litter size (95% CI) for adult (2.5 yrs) female mule deer
as a function of per capita snowpack relative to side of the Sierra crest occupied
during summer, Sierra Nevada, California, USA, 1997–2009. Results are based on
the best model, which included summer residency (east or west), per capita
snowpack, and summer temperature at the population level. Predictions represent
expected effects of the variable of interest (x-axis) within the range we observed,
while holding all other variables constant at their mean.
Monteith et al.
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to 50.4 kg (SE ¼ 0.61) in 2006. Among individual adult females,
body mass in March ranged from 25.5 kg to 68.9 kg. At the
population level, body mass of adult females varied as a function
of summer residency and positively with winter temperature
(Table 9). On average, females that summered on the west side
(49.0 kg, SE ¼ 0.23) of the Sierra crest during summer were
heavier than east-side females (47.9 kg, SE ¼ 0.21 kg). Individual
females exhibited a curvilinear pattern of body mass with respect
to age in March (Table 9), with middle-aged (6- to 12-yr)
females being heaviest (Fig. 24b). In addition, IFBFat of
individual female deer in March had a positive effect on body
mass (Table 9), indicating that after accounting for effects of
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Table 8. Model-averaged parameter estimates, confidence intervals, and Akaike importance weights of factors that influenced summer (Apr–Oct) and winter (Nov–
Mar) survival of adult (>1 yr) female mule deer at the population (n ¼ 944 and 1037, respectively) and individual (n ¼ 830 and 574, respectively) levels, Sierra
Nevada, California, USA, 1998–2009. We included variables we identified as being influential in lower levels of analyses. We considered variables influential if their
90% confidence interval did not overlap zero or if their importance weight was >0.50. Asterisks adjacent to parameter estimates indicate 90% confidence intervals do
not overlap zero. A full list of predictor variables considered are provided in Appendices I and J.
90% CI
Response
Adult summer

Level

Parameter

Population

Snowpack
Number female
Mean Mar IFBFat
Snowpack
Number female
Mean Mar IFBFat
Age
Age2
Per capita snowpack
Month
Per capita snowpack
Month
Age
Nov body massa

Individual

Adult winter

Population
Individual

Estimate
0.011
2.7  10
0.18
0.014
2.3  10
0.26
0.60
0.023
50.72
31.54
0.24
0.064

Lower
3

3

1.2  10
3.9  10
6.9  10
2.4  10
3.7  10
0.036
1.10
4.7  10
21.37

Upper
3
3
4
3
3

3

0.020
1.5  10
0.361
0.025
8.5  10
0.49
0.11
0.052
80.12

1.89

61.08

0.345
0.015

0.15
0.11

Importance weight
3

4

0.72
0.94
0.66
0.80
0.98
0.79
1.00
1.00
1.00
0.97
0.74
1.00
1.00
0.86

IFBFat, ingesta-free body fat.
a
Results obtained from a separate set of models using a subset of data (n ¼ 334) during 2002–2008.

summer residency and age on body mass, females in better
nutritional condition were generally heavier (Fig. 24a).
Mean IFBFat of adult female mule deer in November during
2002–2008 was 9.7% (SE ¼ 0.23), and ranged from 8.4%
(SE ¼ 0.57) in 2007 to 11.0% (SE ¼ 0.68) in 2005, whereas
IFBFat of individual females in November ranged from 1.0% to
24.3%. At the population level, November IFBFat varied as a
function of summer residency, per capita snowpack, and summer
precipitation (Table 10). West-side females (11.10%, SE ¼ 0.30)
had greater IFBFat in autumn (Table 10, Fig. 25a) compared
with east-side females (8.32%, SE ¼ 0.30). Total summer
precipitation and per capita snowpack had similar, positive
influences on IFBFat of adult females in November (Fig. 25).
Mean IFBFat the preceding March had a positive influence on
IFBFat in November at the individual level after we accounted

for variation of IFBFat in November explained by other
individual covariates (Table 10). Percent IFBFat of individual
females in March was less influential than mean IFBFat
(Table 10), likely because individual recruitment status in
November had an overriding influence on nutritional condition
of females in autumn (Table 10). Number of young recruited had
a strong negative effect on IFBFat of adult females in November
(Fig. 26); however, the effect of summer residency remained
significant (Table 10). Adult females summering on the east side
of the Sierra crest had lower IFBFat in November with respect to
number of young recruited compared with females summering on
the west side of the Sierra crest (Fig. 26a).
Mean body mass of adult females in November was 52.2 kg
(SE ¼ 0.36), and ranged from 49.2 kg (SE ¼ 0.93) in 2007 to
55.7 kg (SE ¼ 0.89) in 2005, whereas body mass of individual

Figure 19. Estimated probability (95% CI) of summer survival of adult (>1 yr) female mule deer as a function of the water content of the April snowpack (a), and the
estimated number of adult females in the population during January (b), Sierra Nevada, California, USA. Results are based on the best model at the population level,
which included April snowpack, number females, and mean March ingesta-free body fat (IFBFat).
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Figure 20. Estimated probability (95% CI) of winter survival of adult (>1 yr) female mule deer as a function of per capita snowpack at the population level (a), and
November body mass at the individual level (b), 1998–2008, Round Valley, Inyo County, California, USA. Results are based on the best model at the population level,
which included per capita snowpack, monthly temperature, and Month (a), and at the individual level, which included per capita snowpack, month, age, and November
body mass (b). Predictions represent expected effects of the variable of interest (x-axis) within the range we observed, while holding all other variables constant at their
mean.

adult (>1 yr old) females ranged from 20.8 kg to 70.2 kg. Females
that resided on the west side of the crest during summer (54.2 kg,
SE ¼ 0.40) were heavier than east-side females (50.0 kg,
SE ¼ 0.52; Table 10). Summer precipitation had a positive
effect on November body mass, whereas summer temperature
had a negative effect on November mass (Table 10). At the
individual level, November body mass of adult females varied as a
function of age, IFBFat, and recruitment status. Females that had
higher levels of IFBFat in November were generally heavier than
those with lower IFBFat after accounting for age-specific
patterns (Fig. 24c). Similar to March body mass, November body
mass exhibited a curvilinear relationship with age (Fig. 24d);
however, the senescent pattern of declining body mass was not as
pronounced in autumn compared with late winter (Fig. 24b). In
addition, albeit not significant, recruitment status was related
negatively (importance weight ¼ 1.0) to body mass of females in
November (Table 10).
Finite Rate of Increase
The most parsimonious explanation for annual population
growth of mule deer (l) was a single variable that represented
nutritional condition of adult females in March of the current
year (importance weight ¼ 0.79). Therefore, we conducted an
additional analysis using simple linear regression, which
supported a positive relationship between March IFBFat and
lambda (l ¼ 0.63 þ 0.055  IFBFat; r2 ¼ 0.32, P ¼ 0.018). Increasing mean IFBFat of adult females in March above 6.7%
(95% CI: 3.6–8.6%) resulted in a predicted increase in total
population size of mule deer in Round Valley during the
following year (Fig. 27). Predicted l ranged from 0.74 (95% CI:
0.49–0.99) at 2.0% IFBFat, to 1.18 (95% CI: 1.04–1.31) at 9.4%
IFBFat, based on the range in IFBFat that we observed during
1991–2009. One data point in 1993, when the population had
low IFBFat and experienced a decline (l ¼ 0.84; Fig. 27),
potentially had a strong influence on those results (leverage
¼ 0.59). Removing that datapoint, however, had little influence
Monteith et al.
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on the relationship (l ¼ 0.51 þ 0.07  IFBFat; r2 ¼ 0.26, n ¼ 16,
P ¼ 0.045) or the point at which l ¼ 1 (IFBFat ¼ 7.0%). Because
our post-1991 dataset was somewhat sparse with IFBFat values
<7% (Fig. 27), we also included data on IFBFat and l during the
population crash (1985–1991) to further examine this relationship. The relationship remained positive and significant (l
¼ 0.62 þ 0.052  IFBFat; r2 ¼ 0.30, n ¼ 21, P ¼ 0.011), with a
slight adjustment in the IFBFat level when l ¼ 1.0 (IFBFat
¼ 7.3%); both analyses support the robustness of the relationship.
Nutritional Potential for Recruitment
To estimate the nutritional potential for recruitment (Fig. 4), we
included mean March IFBFat during the current and preceding
year, mean litter size, per capita snowpack, summer precipitation,
and summer temperature for age ratios, because those variables
potentially reflected the nutritional capacity to support allocation
of resources to provisioning offspring (Table 6). For individual
recruitment models, we included mean March IFBFat and
summer residency; however, we removed the effects of summer
residency (b ¼ 0.28) on females residing on the west side of the
Sierra crest (by subtracting out its effect), because that variable
largely reflected increased predation (i.e., a negative effect) on
young born on the west side rather than a positive effect from
better nutrition available to west-side females.
Annual variation in patterns of ratios of young-to-adult females
was similar to that predicted based on the nutritional state of the
population. Residuals indicated that during 1992–2009, overall
mortality of young at the level of the population was largely
compensatory (Fig. 28), except during the early 2000s, when
mortality of young was likely beginning to have an additive effect
on population growth, as evidenced by young-to-female ratios
that were less than the predicted nutritional capacity for females
to recruit young (Fig. 28). A slightly different pattern emerged
when we considered the influence of migratory tactic on patterns
of recruitment. Observed recruitment for females summering on
the east side was similar to that predicted based on nutritional
25

DISCUSSION

Figure 21. Estimated probability (95% CI) of summer (a), winter (b), and
annual (c) survival of adult (>1 yr) female mule deer as a function of age in the
Sierra Nevada, California, USA. Results are based on the best model at the
individual level, which included snowpack, number females, mean March ingestafree body fat (IFBFat), age, and age2 for summer (a); per capita snowpack, age,
month, and November body mass for winter (b); and the product of summer and
winter survival within age classes using the delta method for annual survival (c).
Predictions represent expected effects of the variable of interest (x-axis) within the
range we observed, while holding all other variables constant at their mean.
Sample sizes are indicated above error bars.

capacity; thus, mortality was largely compensatory (Fig. 29a).
Conversely, for west-side females, recruitment residuals often
were lower than nutritionally based predictions, indicating that at
least some mortality was additive (Fig. 29b). The difference
between the nutritional potential and realized recruitment for
west-side females (Fig. 29b) indicated that average amount of
additive mortality during 1997–2008 was 0.30 young per female
per year.
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Our long-term, longitudinal investigation of individual mule
deer in the central Sierra Nevada revealed that nutritional
condition at the population, individual, and maternal levels
provided the necessary framework for understanding factors
regulating population growth. Nutritional condition of female
mule deer was sensitive to environmental stochasticity and
density-dependent processes. The influence of nutritional
condition on fitness components of mule deer mostly supported
the paradigm of sensitivity to resource limitation expected for
large herbivores (Fig. 1; Table 11), indicating that nutrition
serves as an underlying foundation for life-history characteristics
in large herbivores.
The carryover of nutritional relationships from previous seasons
and years, which also may interact with migratory status, presents
a difficult obstacle to overcome for research and monitoring
programs that focus solely on demography and mortality factors
to address population status. Demographic relationships, even
when accompanied with information on cause-specific mortality,
can be deceptive when nutritional status is unknown, because
observed patterns may reflect previous, rather than current,
environmental conditions (Testa 2004, Monteith et al. 2009).
Nutritional condition at the level of the population provided a
metric for assessing habitat adequacy relative to population
density, and was related to finite rate of population growth. At
the individual level, nutritional condition had implications for
fitness and tradeoffs in life-history strategies that, in turn,
determined the nutritional state of an individual transitioning
between seasons. Along with a growing body of literature
(Franzmann 1985; Cook et al. 2004, 2013; Bowyer et al. 2005;
Parker et al. 2009; Pierce et al. 2012), our results provide
additional support for the notion that nutritional condition,
when considered in concert with other life-history and
population characteristics, is an ecological indicator of critical
importance for research, conservation, and management of large
herbivores.
Long-term studies are essential to understanding natural
processes that develop slowly and are highly variable and
complex, and for evaluating ecological concepts and theoretical
hypotheses, especially for long-lived, iteroparous mammals
(Lindström 1999, Gaillard et al. 2000, Bleich et al. 2006,
Clutton-Brock and Sheldon 2010). Short-term studies can be
misleading and yield entirely different conclusions compared
with more lengthy research (McCullough 1990, Kie et al. 2003,
Monteith et al. 2009, Pierce et al. 2012). Long-term study (>20
yr) of a population of mule deer in the Sierra Nevada allowed us
to capture variation in fitness components during disparate
trajectories of population growth and intensities of predation
(Kucera 1991, 1997; Bowyer et al. 2005; Pierce et al. 2012).
Conducting long-term research presents other challenges
including the integration of new technology and improved
techniques with older methodologies. In our study area before
1997, data on nutritional condition of adult females were
obtained via culling and estimating body fat from kidney-fat
indices. Beginning in 1997, we employed ultrasonography, which
allowed in vivo estimation of IFBFat, and longitudinal
monitoring of individual deer. We estimated IFBFat from
Wildlife Monographs

Table 9. Model-averaged parameter estimates, confidence intervals, and Akaike importance weights of factors that influenced ingesta-free body fat (IFBFat) and
body mass of adult (>1 yr) female mule deer in March at the population (n ¼ 842 and 828, respectively) and individual (n ¼ 531 and 517, respectively) levels, Sierra
Nevada, California, USA, 1998–2009. We included variables we identified as being influential in lower levels of analyses. We considered variables influential if their
90% confidence interval did not overlap zero or if their importance weight was >0.50. Asterisks adjacent to parameter estimates indicate 90% confidence intervals do
not overlap zero. A full list of predictor variables considered are provided in Appendices K and L.
90% CI
Response
Mar IFBFat

Level

Parameter

Estimate

Lower

Upper

Importance weight

Population

Summer residency
Per capita snowpack
Mean Mar IFBFatt 1
Winter precipitation
Mean Mar IFBFatt 1
Per capita snowpack
Winter precipitation
Age
Litter size
Nov IFBFatt 1a
Summer residency
Winter temperature
Summer residency
Winter temperature
Age
Age2
Mar IFBFat

0.50
45.23
0.51
0.28
33.07
0.74
0.15
0.16
0.56
0.14
1.00
0.67
1.11
0.24
2.70
0.15
0.30

0.73
30.69
0.36
0.35
2.54
0.26
0.27
0.24
0.17
0.088
1.81
0.37
1.87
0.018
2.22
0.18
0.19

0.26
59.77
0.66
0.21
68.67
1.26
0.018
0.079
0.96
0.20
0.19
0.96
0.35
0.47
3.19
0.11
0.40

1.00
1.00
1.00
1.00
0.99
0.95
0.71
0.96
1.00
1.00
0.92
0.99
0.96
0.74
1.00
1.00
1.00

Individual

Mar body mass

Population
Individual

a

Results obtained from a separate set of models using a subset of data (n ¼ 215) during 2002–2008.

kidney-fat indices for all deer before 1997 to provide a
comparable estimate; however, kidney-fat indices are less
sensitive to IFBFat at high levels of nutritional condition
(Stephenson et al. 1998, Cook et al. 2007, Pierce et al. 2012). The
bulk of our detailed analyses included only those data collected
since 1997, which we collected with consistent methodology
using ultrasonography. Nonetheless, we incorporated data from
1991 to 1996 for analyses of population-level metrics to increase
sample size and obtain a wider range of population densities.
Although those analyses may have been biased slightly because
we calculated IFBFat from kidney fat or from smaller sample
sizes during that time (Fig. 5), we weighted each sample by the

inverse of the variance, which apportioned less weight to
estimates with greater uncertainty. Sample size (often >100) was
adequate for most analyses, but logistical challenges resulted in
reduced sample size for neonatal survival, pregnancy of yearlings,
and for characterizing cause-specific mortality of both neonates
and adults. Consequently, evaluation of some covariates was not
possible.
Effects of Nutritional Condition on Vital Rates
Survival and recruitment of young.—Because of the influence of
survival and recruitment of young on the population dynamics of
large ungulates (Gaillard et al. 1998, 2000; Raithel et al. 2007),

Figure 22. Estimated population-level effects (95% CI) of per capita snowpack (a) and mean March ingesta-free body fat (IFBFat; b) on IFBFat of individual adult
(>1 yr) female mule deer the subsequent March relative to side of the Sierra crest occupied during summer, Sierra Nevada, California, USA, 1997–2008. Results are
based on the best model at the population level, which included summer residency (east or west), per capita snowpack, winter precipitation, and mean March IFBFat the
previous year (t 1). Predictions represent expected effects of the variable of interest (x-axis) within the range we observed, while holding all other variables constant at
their mean.
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Figure 23. Estimated effect (95% CI) of percent ingesta-free body fat (IFBFat) of individual females in November (a) and age (b) on IFBFat of adult (>1 yr) female
mule deer in March, Sierra Nevada, California, USA, 1997–2008. Results are based on the best model at the individual level, which included per capita snowpack, mean
March IFBFat the previous year (t 1), winter precipitation, age, litter size, and November IFBFatt 1. Predictions represent expected effects of the variable of interest
(x-axis) within the range we observed, while holding all other variables constant at their mean.

Figure 24. Estimated effect (95% CI) of percent ingesta-free body fat (IFBFat) of individual females in March (a) and November (c), and age (b and d) on body mass
of adult (>1 yr) female mule deer in March and November, respectively, Sierra Nevada, California, USA, 1997–2009. Results are based on the best model at the
individual level, which included summer residency (east or west), winter temperature, age, age2, and March IFBFat for March body mass (a and b), and included summer
residency, summer precipitation, summer temperature, mean March IFBFat, age, age2, November IFBFat, and recruitment status for November body mass (c and d).
Predictions represent expected effects of the variable of interest (x-axis) within the range we observed, while holding all other variables constant at their mean.
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Table 10. Model-averaged parameter estimates, confidence intervals, and Akaike importance weights of factors that influenced ingesta-free body fat (IFBFat) and
body mass of adult (>1 yr) female mule deer in November at the population (n ¼ 359 and 330, respectively) and individual (n ¼ 249 and 253, respectively) levels,
Sierra Nevada, California, USA, 1998–2009. We included variables we identified as being influential in lower levels of analyses. We considered variables influential if
their 90% confidence interval did not overlap zero or if their importance weight was >0.50. Asterisks adjacent to parameter estimates indicate 90% confidence
intervals do not overlap zero. A full list of predictor variables considered are provided in Appendices M and N.
90% CI
Response
Nov IFBFat

Level

Parameter

Estimate

Lower

Upper

Importance weight

Population

Summer residency
Per capita snowpack
Summer precipitation
Mean Mar IFBFat
Summer residency
Per capita snowpack
Mean Mar IFBFat
Age
Mar IFBFat
Litter size
Recruitment status
Summer residency
Summer precipitation
Summer temperature
Mean Mar IFBFat
Summer residency
Summer precipitation
Summer temperature
Mean Mar IFBFat
Age
Age2
Nov IFBFat
Recruitment status

2.35
78.53
0.087
0.27
1.97
132.38
0.89
0.030
0.10
0.24
2.81
2.75
0.37
0.61
0.55
2.72
0.27
0.36
0.13
1.93
0.084
0.37
0.81

3.22
14.16
0.012
0.12
2.84
71.54
0.28
0.18
0.027
0.93
3.43
4.15
0.27
1.11
1.13
4.27
0.15
0.86
0.11
0.80
0.15
0.22
1.71

1.48
142.89
0.16
0.65
1.11
193.22
1.50
0.13
0.23
0.45
2.20
1.33
0.47
0.12
0.039
1.16
0.39
0.14
0.37
3.06
0.016
0.52
0.079

1.00
1.00
0.69
0.64
1.00
1.00
0.94
1.00
0.51
1.00
1.00
1.00
1.00
0.88
0.79
1.00
0.99
0.69
1.00
1.00
1.00
1.00
1.00

Individual

Nov body mass

Population

Individual

identifying factors that limit those life-history components is
critically important. Survival of neonatal mule deer up to
20 weeks of age in the Sierra Nevada was relatively low compared
with other populations of mule deer (Hamlin et al. 1984, Pojar
and Bowden 2004, Bishop et al. 2009, Johnstone-Yellin
et al. 2009), but similar to those experiencing nutritional
limitation (Lomas and Bender 2007) or other large herbivores
experiencing high predation (Barber-Meyer et al. 2008). Al-

though comparing mortality rates is common among studies of
neonatal survival, a simple comparison of rates of survival among
populations reveals little information as to the underlying
consequences of mortality, and their effect on population
dynamics. Indeed, we observed distinct differences in factors
affecting mortality of neonates within a single population during
2006–2008. Nutrition was the dominant factor affecting survival
of young on the east side of the Sierra crest (Fig. 7), whereas

Figure 25. Estimated effect (95% CI) of total summer precipitation (a) and per capita snowpack (b) on percent ingesta-free body fat (IFBFat) of adult (>1 yr) female
mule deer in November relative to side of the Sierra crest occupied during summer, Sierra Nevada, California, USA, 1997–2009. Results are based on the best model at
the population level, which included summer residency (east or west), per capita snowpack, mean March IFBFat, and summer precipitation. Predictions represent
expected effects of the variable of interest (x-axis) within the range we observed, while holding all other variables constant at their mean.
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Figure 26. Estimated effect (95% CI) of number of young recruited in autumn (a) and age (b) on percent ingesta-free body fat (IFBFat) of adult (>1 yr) female mule
deer in November relative to side of the Sierra crest occupied during summer, Sierra Nevada, California, USA, 1997–2008. Results are based on the best model at the
individual level, which included summer residency, per capita snowpack, mean March IFBFat, age, March IFBFat, litter size, and recruitment status. Predictions
represent expected effects of the variable of interest (x-axis) within the range we observed, while holding all other variables constant at their mean.

survival of young born on the west side was affected mostly by
predation (Fig. 8).
Birth mass of young is a widely recognized life-history trait that
can have life-lasting consequences (Albon et al. 1987, Monteith
et al. 2009), and often has a marked influence on survival of
neonatal ungulates (Clutton-Brock et al. 1987, Keech et al. 2000,
Tveraa et al. 2003, Lomas and Bender 2007, Carstensen
et al. 2009, Johnstone-Yellin et al. 2009). Nevertheless, when
predation is high and has an additive effect on mortality rates,
effects of birth mass on viability and survival of young can be
negligible and washed out by condition-independent predation
(Fig. 7a; Barber-Meyer et al. 2008). On the east side of the Sierra
crest, smaller neonates had a lower probability of survival
(Fig. 7a), with those <2.0 kg at birth having <35% chance of
survival and being most likely to succumb to malnutrition

Figure 27. Estimated effect (95% CI) of mean ingesta-free body fat (IFBFat) of
adult (>1 yr) female mule deer in March on population growth (lambda) during
the current year, Sierra Nevada, California, USA, 1991–2008. Results are based
on the best model, which included only mean March IFBFat.
30

(Fig. 9a), which is in accordance with poor survival of neonatal
white-tailed deer 1.9 kg (Odocoileus virginianus; Verme 1962).
Neonates dying of malnutrition are likely to die immediately after
birth (Ozoga and Clute 1988, Carstensen et al. 2009), which also
was evident in our study (Fig. 9b). Low birth mass is often
attributed to poor maternal nutrition (Verme 1965, 1969;
Robinette et al. 1973; Cook et al. 2004; Adams 2005; Lomas and
Bender 2007), but birth mass in our study was not influenced
strongly by any maternal characteristic that we measured

Figure 28. Residuals of the model used to predict the nutritional capacity of
female mule deer to recruit young, relative to that attempted (based on fetal rates)
and observed (based on ratios of young-to-adult females). Residuals in ratios of
young-to-adult females above that predicted (dashed line) indicate the level of
mortality that was compensatory (light gray), whereas ratios below that expected
dictate the amount of mortality that was additive (dark gray) with respect to the
nutritional capacity for recruitment of young. Hashed area around model
predictions are 95% confidence intervals. The population level model included
mean March ingesta-free body fat (IFBFat) of the current year (t), mean March
IFBFat of the previous year (t 1), mean March body mass, mean litter size, per
capita snowpack, summer precipitation, and summer temperature.
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Figure 29. Residuals of the model used to predict the nutritional capacity of adult
(>1 yr) female mule deer to recruit young (dashed line), relative to that attempted
(based on fetal rates) and observed (based on recruitment rates) for east-side (a)
and west-side (b) females. Residuals in recruitment above that predicted (dashed
line) indicate the level of mortality that was compensatory (light gray), whereas
recruitment below that expected dictate the amount of mortality that was additive
(dark gray) with respect to the nutritional capacity for recruitment of young.
Hashed area around model predictions are 95% confidence intervals. Model
included summer residency and mean March ingesta-free body fat (IFBFat), with
the effects of summer residency removed because it largely reflected increased
predation pressure for west-side females.

(Appendix C). Birth mass of mule deer was related primarily to
litter size, with larger litters resulting in lower birth mass among
littermates (Fig. 10a). In contrast, timing of birth was related
to maternal characteristics, which may have reflected an
attempt by females to compensate for poor maternal nutrition,

thereby enhancing growth and survival of young (Monteith
et al. 2009).
Gestation length is a plastic life-history trait that may be
lengthened to compensate for retarded fetal development caused
by nutritional deprivation (Verme 1965, Rachlow and
Bowyer 1991, Berger 1992, Flydal and Reimers 2002, Clements
et al. 2011), or shortened to coincide with resource availability if
females are nutritionally capable (Berger 1992, Mysterud
et al. 2009, Rowell and Shipka 2009). Heavier females in
good nutritional condition may have conceived earlier in the
autumn, resulting in earlier parturition dates (Robinette
et al. 1973, Garel et al. 2009, Mysterud et al. 2009, Clements
et al. 2011); however, conception date is often related negatively
to gestation length (Scott et al. 2008, Mysterud et al. 2009,
Clements et al. 2011). We postulate that females with larger litter
sizes, or possibly low body mass, lengthened gestation to boost
fetal growth and enhance birth mass of young, because larger
litter size resulted in delayed birth dates (Fig. 10a) and low birth
mass was selected against (Fig. 7a). Females also may have
increased allocation of maternal resources to compensate for late
birth dates and enhance neonatal growth (Rachlow and
Bowyer 1994, Andersen and Linnell 1997), although this may
not always occur (Asher et al. 2005, Whiting et al. 2009). Red
deer (Cervus elaphus) maintained on varying levels of nutrition
gave birth to similar-sized young; gestation length varied widely,
however, with females on poor-quality diets lengthening
gestation (Asher et al. 2005). In contrast, large-bodied females
may have the potential to enhance fetal growth and give birth
earlier than smaller females (Fig. 11). Timing of birth occurred
earlier for caribou (Rangifer tarandus) that were heavier in
summer (Cameron et al. 1993), Alaskan moose (Alces alces) with
greater rump fat (Keech et al. 2000), and during years of lower
population density for North American elk (Cervus elaphus;
Singer et al. 1997). Similarly, date of parturition occurred earlier,
and offspring were heavier at birth, following a mild winter
compared with a harsh winter for reindeer (Rangifer tarandus) in
Norway (Tveraa et al. 2003).
Varying gestation length to compensate for poor fetal growth
may be possible only under moderate levels of nutrition (Albon
et al. 1983a, Asher et al. 2005). Although limited peritoneal space
probably constrained birth mass potential for females with larger
litters (Fig. 10; Robinette et al. 1973), selective pressures likely
favored reproductive strategies to maximize birth mass of young
within morphological limits, because birth mass is one of the

Table 11. Relative magnitude of the influence of density-dependent (DD) availability of forage, mean nutritional condition (population level), individual nutritional
condition, and migratory tactic on life history of mule deer in the central Sierra Nevada, California, USA, 1997–2009.
Population level

Individual level

Life-history component

DD forage availability

Nutritional status

Nutritional status

Migratory tactic

Neonate survival
Recruitment of young
Young:adult female
Age at first reproduction
Litter size
Pregnancy
Adult summer survival
Adult winter survival
Population growth

Minimal
Minimal
Moderate
Strong
Strong
None
Moderate
Strong
None

Minimal
Moderate
Strong
Minor
Minimal
None
Moderate
Minimal
Strong

Strong
Strong

Strong
Strong

Strong
None
None
Minimal
Strong

None
Strong
None
None
None
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most influential factors affecting survival of young. Strategies of
extending gestation may not be favorable, however, for species
that depend on parturition to coincide with a flush of nutrients in
spring to support lactational costs (Côté and FestaBianchet 2001, Post et al. 2008) and provide sufficient time
for growth and accruing body reserves to survive winter (Rachlow
and Bowyer 1991, Bowyer et al. 1998b, Cook et al. 2004, Bishop
et al. 2005, Hurley et al. 2011).
Date of birth often influences survival, with neonates born early
or during the peak of birthing enjoying greater survival rates
(Testa 2002, Landete-Castillejos et al. 2003, Whiting
et al. 2011). Timing of nutritional needs to support late-born
young may be mismatched with peak resource availability in
spring, with young being underweight and experiencing poor
survival (Clutton-Brock et al. 1987, Rachlow and Bowyer 1994).
Other studies have shown that young born outside the peak of
parturition may be subjected to increased predation pressure
(Testa 2002, Barber-Meyer et al. 2008). Conversely, timing of
parturition had no effect on survival in other studies (Bowyer
et al. 1998b, Feder et al. 2008, Musante et al. 2010) or for
neonates in the Sierra Nevada (Appendix A). Despite substantial
predation experienced by young within the first few weeks of life,
no effect of timing of birth on probability of survival led us to
reject the potential for a dilution effect on predation.
Lactation is the most energetically demanding event (up to 4
baseline metabolism) in the life-history of an ungulate
(Moen 1978, Monteith et al. 2014), and forage demands
increase from 130% of summer maintenance when supporting 1
young during peak lactation to 170% for 2 young during peak
lactation (Sadleir 1982). Provisioning of young following birth
was influenced positively by the nutritional condition of the dam,
but that effect was most evident with the onset of peak lactation
(4 weeks post-parturition; Monteith et al. 2014), and was diluted
by high predation pressure on young born on the west side of the
Sierra crest (Fig. 7b). During early life, growth and development
of young depend on the amount and quality of milk produced by
the dam (Robbins and Robbins 1979; Cook et al. 2004; Tollefson
et al. 2010, 2011), which may be dependent upon her nutritional
state or foraging conditions (Sadleir 1982, Landete-Castillejos
et al. 2003, Tollefson et al. 2011).
Ungulates are generally thought to be capital breeders because
they rely on stored energy for reproduction (Jönsson 1997);
however, small ungulates such as mule deer and European roe
deer (Capreolus capreolus) may function more like an income
breeder, because they rely on energy acquired during reproduction
to support provisioning of young (Andersen et al. 2000, Tollefson
et al. 2010). The relationship between nutritional condition and
probability of survival of young for females summering on the
east side of the Sierra crest, and the evident costs of reproduction
on nutritional condition in autumn, indicate that mule deer also
are reliant on current capital to support reproductive allocation
(Stearns 1992, Jönsson 1997, Stephens et al. 2009). Similar
relationships between nutritional capital, as measured by body
mass or fat reserves, and survival of young have been reported for
numerous large herbivores including North American elk (Cook
et al. 2004), red deer (Landete-Castillejos et al. 2003), moose
(Keech et al. 2000), bighorn sheep (Ovis canadensis; FestaBianchet 1998, Festa-Bianchet and Jorgenson 1998), caribou
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(Bårdsen et al. 2010), and mule deer (Lomas and Bender 2007,
Johnstone-Yellin et al. 2009, this study).
The young-to-adult female ratio is a composite measure of
several demographic processes including survival of adult females,
fertility, fecundity, and survival of young (Bonenfant et al. 2005).
Although the use of ratio data for inferring population dynamics
has been criticized (Caughley 1974, McCullough 1994), others
have used these data for characterizing demographics of ungulate
populations (Raithel et al. 2007; Harris et al. 2008; Hegel
et al. 2010a, b). If reproductive rates and survival of adult females
remain high with little variation, age ratios can provide a reliable
index to relative changes in l, because variation in survival of
young drives interannual changes in that metric (Gaillard
et al. 1998, 2000; Raithel et al. 2007; Harris et al. 2008).
The young-to-female ratio for mule deer in the Sierra Nevada
was highly variable (Fig. 14a), and was influenced primarily by
nutritional condition of adult females in March. Densitydependent effects on age ratios were evident in a number of
studies reviewed by Bonenfant et al. (2009). Nutritional
condition in March provided an integrative measure of range
conditions as affected by precipitation and density-dependent
processes; nutritional condition reflected reproductive potential
for females the following summer, and was a reference of
carryover of range conditions and nutritional limitation from the
previous year (Fig. 14b).
Age at first reproduction.—The age at which young females first
reproduce is of considerable theoretical interest for understanding life-history strategies (Stearns 1992, Proaktor et al. 2008),
and can have a profound effect on population dynamics
(Cole 1954). Age at first reproduction is expected to follow
recruitment of young in sensitivity to resource limitation
(Eberhardt 2002). In support of that prediction, probability of
pregnancy for yearling female mule deer in the Sierra Nevada was
determined mostly by an index of density-dependent availability
of forage, which likely influenced growth of young females before
the mating season (Fig. 15).
Age of primiparity for most species of large ungulates is
associated with attaining a threshold in body mass before mating
(Langvatn et al. 1996, Sand and Cederlund 1996, Adams and
Dale 1998, Swihart et al. 1998, DelGiudice et al. 2007), which is
sensitive to resource limitation and may delay age at first
reproduction for 1–3 years depending on the severity of such
limitation (Jorgenson et al. 1993, Festa-Bianchet et al. 1995,
Bonenfant et al. 2002, Strickland et al. 2008). Although our data
on body mass were collected during March, the threshold of
41 kg for a high (0.90) probability of pregnancy among yearling
mule deer was comparable to that reported previously for 6month-old and yearling mule deer (41–45 kg; Robinette
et al. 1973) and white-tailed deer (55.1 kg; DelGiudice
et al. 2007). In contrast, probability of pregnancy for females
2.5 years old was unrelated to age, nutritional condition, or
body mass, even though body mass of pregnant females ranged as
low as 34 kg in November and 30 kg in March—body-mass levels
that represented a probability of pregnancy of almost zero for
yearlings (Fig. 15b). Likewise, young female moose required
greater body mass to ovulate compared with older females
(Schwartz and Hundertmark 1993, Garel et al. 2009). We
hypothesize that the strong effect of body mass on age of
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primiparity when compared with the absence of such a
relationship in older females may represent a tradeoff between
early maturation and future growth (Green and Rothstein 1991,
Stearns 1992, Sand 1996). Furthermore, nutrition experienced by
dams during the year of birth holds the potential to influence age
of primiparity (Pettorelli et al. 2003, McLoughlin et al. 2008),
which may be manifested through its influence on birth mass and
growth of offspring (Monteith et al. 2009).
Fetal rate.—Mean litter size during 1997–2009 (1.69 young/
adult female) was comparable to that reported for other
populations of mule deer in California (1.72; Salwasser
et al. 1978) and Colorado (1.70; Andelt et al. 2004), was less
than in a captive herd in Colorado (1.82; Robinette et al. 1973),
and a free-ranging population in Colorado (1.81; Bishop
et al. 2009), but was greater than that observed (1.40) during
the population crash in Round Valley in the late 1980s
(Kucera 1988). Litter size of female mule deer 2.5 years old
was sensitive to summer climate, per capita snowpack, and
summer residency. We hypothesize that summers with warmer
temperatures resulted in accelerated drying and senescence of
forage, thereby reducing its nutritional quality (Marshal
et al. 2005a, b). Winters with greater snowpack relative to
population density, however, probably helped sustain forage
quality further into the summer, which may moderate effects of
summer weather (Table 7).
Effects of nutritional condition on fertility rates have been
reported for numerous species of ungulates (Adamczewski
et al. 1997, Cook et al. 2004, Stewart et al. 2005), including
mule deer (Johnstone-Yellin et al. 2009, Tollefson et al. 2010).
Our results, however, indicated that age, nutritional condition,
and body mass did not influence fertility patterns for female mule
deer 2.5 years old. In other studies, patterns of fertility were
related either to body mass or nutritional condition (Cameron
et al. 1993, Adams and Dale 1998, Stewart et al. 2005, Tollefson
et al. 2010); however, forage resources available immediately
before or during estrus have the potential to override effects of
current nutritional state (Verme 1969, Bowyer 1991, Tollefson
et al. 2010).
Maintaining high fertility may be possible for migratory
ungulates that are capable of following phenological gradients
(Monteith et al. 2011, Sawyer and Kauffman 2011) and
relocating to ranges that have experienced negligible browsing
pressure during the preceding season (Skogland 1985, Andelt
et al. 2004). Mule deer in the Sierra Nevada migrate to winter
range before rut in autumn, where browsing intensity has been
relaxed during the entire growing season (Monteith et al. 2011),
which may offer a diet sufficient in digestible energy and protein
to enhance probability of pregnancy and litter size, and may
partially explain the absence of an effect of nutritional condition
on those reproductive parameters. Large litter size among
females that summer on the west side of the Sierra crest, however,
may be explained partially by their longer residence on summer
ranges supporting greater plant diversity and quality of forage
than females summering on the east side (Monteith et al. 2011).
Reproductive senescence in fertility or fecundity did not occur
for mule deer up to 15.5 years old in the Sierra Nevada despite
lower body mass (Fig. 24d) and nutritional condition (Fig. 26b)
of old-aged females in autumn. Pregnancy and litter size
Monteith et al.
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remained largely unaffected by age for females 2.5 years old.
These data are consistent with the absence of a strong
relationship between fertility and body mass or nutritional
condition. Verme and Ullrey (1984) suggested that reproductive
senescence occurs in white-tailed deer >7 years old; however,
most empirical evidence indicates an absence of senescence in
fertility or fecundity for Odocoileus (McCullough 1979, Nelson
and Mech 1990, Strickland et al. 2008), including up to 15.5
years old in white-tailed deer in midwestern North America
(DelGiudice et al. 2007). Despite actuarial senescence for mule
deer occurring at about 10 years old (Fig. 21), particularly during
winter, reproductive senescence was not evident.
Increases in occurrence of reproductive pauses and declines in
fecundity have been reported for other female ungulates at
advanced ages (generally >12 yr), or within a few years of
actuarial senescence (Festa-Bianchet et al. 1994, Adams and
Dale 1998, Bérubé et al. 1999, Ericsson et al. 2001, FestaBianchet and King 2007). We suspect reproductive senescence is
unlikely to be evident in deer populations experiencing hunter
harvest or predation by large carnivores, especially when
senescence in survival begins as early as 10 years of age. Litter
sizes remained high and were inconsistent with individual
nutritional status, which limits their value for evaluating
interannual variation in degree of resource limitation for
populations of Odocoileus.
Pregnancy in adults.—Patterns of pregnancy for large herbivores
vary markedly among species and populations, with reproductive
pauses commonly occurring in some taxa (Julander et al. 1961,
Testa and Adams 1998, Cook et al. 2004, Stewart et al. 2005),
compared with high and consistent patterns of pregnancy that
appear insensitive to resource limitation in others (Skogland
1985, DelGiudice et al. 2007, Bishop et al. 2009). Although
low rates have been documented under extreme levels of
population density and range deterioration (Julander et al.
1961, Bowyer 1991), high levels of pregnancy across a wide range
of environmental variation, and nutritional limitation seems to
be the norm for Odocoileus (Andelt et al. 2004, DelGiudice
et al. 2007, Strickland et al. 2008). Those patterns support
pregnancy of adult females as being one of the last factors to be
influenced by inadequate nutrition (Fig. 1; Eberhardt 2002), and
indicate that monitoring of pregnancy rates will provide limited
insight into variation of nutritional limitation within or among
populations (Andelt et al. 2004), except under extreme
nutritional deprivation. In contrast, patterns of pregnancy in
moose are sensitive to nutritional condition with 9% and 13%
IFBFat in autumn equating to 50% and 100% pregnancy rates,
respectively (Testa and Adams 1998).
Reproductive pauses and variable pregnancy rates do occur in
polytocous species (Julander et al. 1961, Hamel et al. 2010, Pierce
et al. 2012), but are much more common in species that typically
give birth to a single offspring such as red deer and North
American elk (Albon et al. 1983b, Cook et al. 2004, Stewart
et al. 2005), and caribou (Cameron 1994, Adams and Dale 1998),
where an adjustment from 1 to 0 young is normally the only
possibility. High rates of pregnancy and litter sizes >1 are typical
for Odocoileus, which are more likely to adjust resource allocation
to reproduction according to nutritional conditions during
gestation or at onset of post-natal care, rather than during
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ovulation (Johnstone-Yellin et al. 2009, Monteith et al. 2009).
Prenatal mortality among Odocoileus has been documented, but
mostly occurs early in gestation and is rare (Robinette and
Gashwiler 1950, Kie and White 1985, Bishop et al. 2008).
Adult female survival.—Survival of adult female ungulates
generally exhibits a consistent pattern of high (>85%) survival
with a strong resilience to climatic or density-dependent factors
(Barrett 1982; van Vuren and Bray 1986; Gaillard et al.
1993, 2000; Loison and Langvatn 1998; Unsworth et al. 1999;
Hamel et al. 2010). We documented positive effects of snowpack
relative to animal density on both summer and winter survival of
adult females, after accounting for age structure (Festa-Bianchet
et al. 2003). Despite those interannual relationships with density
and forage growth, mean annual survival was 0.87 and seasonal
survival was almost always >0.90, albeit with some variation
among years. High adult survival (Fig. 18) within a variable
environment supports the stability in survival of adult females for
large herbivores (Fig. 1), especially when compared with the
variation in weather, predation, and nutrition we observed. Adult
survival may be strongly influenced, however, in overshoots of K
coupled with extreme drought (Pierce et al. 2012).
Besides age, the only individual characteristic that was related
to seasonal survival of adult female mule deer was November
body mass, which increased the probability of overwinter survival
(Fig. 20b). Diets of mule deer in Round Valley progressively shift
from bitterbrush to sagebrush as winter browsing depletes the
availability of bitterbrush (Pierce et al. 2004). Sagebrush is high
in protein, but can contain an abundance of toxic phenolics (Bray
et al. 1991), and is consumed primarily when alternative forage
sources are unavailable in Round Valley (Kucera 1997; Pierce
et al. 2004, 2012). Overwinter survival may have been related to
body mass rather than IFBFat, because body mass integrates both
body protein and fat, and may represent total endogenous
reserves available to buffer against depletion in forage protein and
digestible energy as winter progresses (Barboza and Parker 2008).
Loss of body mass over winter is substantial for most ungulates
and, as fat reserves are depleted, mobilization of muscle mass
accelerates to satisfy energy and nitrogen requirements for
maintenance (Torbit et al. 1985, Parker et al. 1993, Monteith
et al. 2013). Therefore, maintaining sufficient muscle mass for
individuals experiencing poor range conditions may be critical to
their survival (Torbit et al. 1985, Bender et al. 2008).
Nutritional condition of adult females can influence their
survival (Lawrence et al. 2004, Bender et al. 2007), but rare events
of extreme weather or nutritional deprivation may be necessary
for relationships between nutrition and adult survival to become
evident (sensu Gaillard et al. 2000, Bishop et al. 2005). During a
3-year study coincident with a drought in north-central New
Mexico, nutritional condition of individuals had a significant
influence on survival of female mule deer (Bender et al. 2007).
Likewise, the population of mule deer in Round Valley crashed
from roughly 6,000 animals in 1985 to <1,000 by 1991 in
response to severe drought conditions with declines in adult
survival caused by nutritional deprivation (Kucera 1988, Pierce
et al. 2012). Alternatively, nutritional enhancement of winter
range increased annual adult survival by 0.05 (Bishop et al. 2009).
Although our study overlapped a 12-year period with highly
variable precipitation, deer were not subjected to extremes in
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climatic conditions or density that would be expected to
dramatically affect a life-history characteristic that can be
buffered against moderate environmental variation (Gaillard
et al. 1998, 2000). The resistance in adult survival to nutritional
limitation may be accounted for by the number of behavioral and
reproductive strategies available to females to preserve their own
survival in light of other decisions that increase risk of mortality
(Festa-Bianchet and Jorgenson 1998; Bårdsen et al. 2010;
Monteith et al. 2011, 2013).
Actuarial senescence (Nussey et al. 2008), or suppressed survival
with increasing age, occurred during both winter and summer,
but is likely to be most apparent during seasons or years of
nutritional limitation (Gaillard et al. 1993, Garrott et al. 2003,
Nussey et al. 2008). Although survival declined as females
progressed in age during summer, predicted survival of females
>10 years old declined at a reduced rate and remained >80% in
older age classes (Fig. 21a). This moderate decline contrasted
with the increasing rate of mortality with age for females during
winter (Fig. 21b), as is typical for large ungulates (Loison
et al. 1999; Nussey et al. 2007, 2008). Summer, for many
temperate ungulates, represents the season of forage abundance
(Parker et al. 2009), which may have lowered the nutritional
suppression associated with old age and tooth wear (Loe
et al. 2006, Nussey et al. 2008). In contrast, the nutritional
bottleneck of winter offers aged females fewer options to reduce
energy expenditure or increase forage gain (Monteith et al. 2013),
especially when they are generally in poorer nutritional condition
by March than are prime-aged females (Fig. 23b).
Sensitivity of Nutritional Condition
Our results were in general accordance with the hypothesized
sensitivity of life-history traits to nutritional limitation (Gaillard
et al. 2000, Eberhardt 2002) with the exception of pregnancy
rates, which were less variable and also affected to a lesser extent
by nutritional limitation than was survival of adult females
(Fig. 1). We hypothesized that nutritional condition would offer
the most sensitive and direct measure of resource limitation. In
support of that hypothesis, nutritional condition was more
variable than other life-history traits and the influence of
nutritional condition on life-history characteristics followed
those same predictions (Fig. 1).
Numerous life-history traits, including nutritional condition,
reflected a lag of population-level (mean) nutritional condition
from previous years. Nutritional condition at the population
level, particularly post-winter, likely reflected a metric of habitat
condition from the previous year that would carry over between
seasons (McCullough 1979, Fryxell 1991, Singer et al. 1997,
Cook et al. 2013, Monteith et al. 2013). Direct and lagged effects
of density dependence have been documented in numerous
populations of large mammals across an array of habitats (Singer
et al. 1997, Beckerman et al. 2002, Pettorelli et al. 2002, Månsson
et al. 2007), which likely caused lagged effects of age structure,
delayed effects of nutritional carryover at the individual level, and
residual effects of habitat conditions relative to density from the
previous season. If nutritional condition represents the relative
position of the population with respect to K (Piasecke and
Bender 2009), then that position would be expected to be
partially reflected in the following year. Time lags and carryover
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effects in response to resource limitation are becoming
increasingly recognized as influential factors in the regulation
of ungulate populations (Fryxell 1991, Gilbert and Raedeke
2004, Keyser et al. 2005, Monteith et al. 2009, Harrison
et al. 2011), and stress the importance of not considering a
particular season or year in isolation (Kie et al. 2003, Monteith
et al. 2013).
Nutritional condition represents a direct measure of energy
acquisition and debt experienced by an individual; hence,
nutritional condition is sensitive to minor changes in resource
quality and availability (Cook et al. 2004, Parker et al. 2009).
Accordingly, changes in habitat quality and animal density will be
reflected by nutritional condition before demographic effects are
observed, because demographic effects are mediated largely
through nutrition (Bender et al. 2008, Parker et al. 2009).
Moreover, because long-lived, iteroparous ungulates favor a
conservative life-history strategy (Gaillard and Yoccoz 2003),
some vital rates are insensitive to habitat changes or are only
affected once a threshold is reached, thereby offering incomplete
information across a wide range of resource limitation.
Nutritional condition (i.e., percent body fat) is more sensitive to
habitat factors experienced by an individual than is body mass.
Patterns of body mass can reflect resource limitation and
environmental variation, but interpreting patterns of body mass
as a reference to nutritional limitation can be plagued by longterm cohort and maternal effects (Albon et al. 1987, Post
et al. 1997, Sams et al. 1998, Hamel et al. 2009, Monteith
et al. 2009). For example, individuals may be in good nutritional
condition after habitat conditions have improved, yet body mass
remains low because of intergenerational and cohort effects
acting through maternal nutrition (Monteith et al. 2009).
Furthermore, fat reserves provide a different form of energetic
currency compared with protein reserves, which is what body
mass primarily reflects (Monteith et al. 2013). Protein reserves,
and thus body mass, function mostly as insurance against winter
malnutrition, whereas fat reserves provide a universal source of
energy for both survival and reproduction (Monteith et al. 2013).
Despite marked changes in nutritional condition for mule deer in
Round Valley during 1997–2009, patterns of body mass were
nearly invariable (CV ¼ 3%) and were influenced primarily by age
and summer residency, with females residing on the west side of
the crest being larger than east-side females. The higher plane of
nutrition on the west side of the Sierra crest, and greater potential
for pre- and post-natal allocation by mothers summering on the
west side likely explains the disparity in body mass between
females occupying opposite sides of the Sierra crest. We
hypothesize that nutritional limitation on the east side has
resulted in life-long negative effects on adult body mass for young
born to mothers on the east side, because body mass can reflect
maternal condition from previous generations (Mech et al. 1991,
Monteith et al. 2009), rather than current habitat conditions.
Variation in access to resources and how individuals allocate
those resources during a particular season has implications for
inclusive fitness, particularly for animals that partially rely on
current capital for survival and reproduction (Stearns 1992,
Jönsson 1997, Stephens et al. 2009). Such residual effects from
previous seasons are defined as carryover effects, wherein lifehistory events and ecological processes evident in one season
Monteith et al.
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result in individuals transitioning between seasons having
different nutritional states, and thereby affecting individual
performance in the subsequent season (Harrison et al. 2011,
Monteith et al. 2013). Downstream consequences of current
nutritional and reproductive state on future fitness have
important implications for the evolution of life-history strategies
and the dynamics of populations when individual effects are
scaled up to the population level (Testa and Adams 1998,
Norris 2005). Despite their importance, carryover effects are
difficult to document, because they occur at the individual level
and, thus, require longitudinal data on individuals throughout
the annual cycle (Clutton-Brock and Sheldon 2010, Harrison
et al. 2011).
The relative magnitude of the effect of current nutritional state
of individual mule deer on life-history components during the
following season were in accordance with life-history theory for
large herbivores (Stearns 1992, Eberhardt 2002). Furthermore,
individuals made transitions between seasons at different
nutritional states depending upon previous forage availability,
migratory status, and reproductive output. The most evident
carryover effect on reproductive success was mediated through
the winter environment, where foraging opportunities on winter
range along with nutritional condition during November
determined late-winter nutritional condition (Figs. 22 and
23), which in turn influenced survival and recruitment of young
the following summer (Figs. 7b, 13a, and 14b). Similarly,
nutritional state of individuals transitioning from summer to
winter was largely determined by migratory tactic and
reproductive expenditure (Figs. 25 and 26). Substantial carryover
of nutritional condition reinforces the notion that K is a yearround phenomenon (Kie et al. 2003), and nutritional contributions from seasonal ranges are not independent (Monteith
et al. 2013).
Nutritional Cost of Reproduction
A central question in life-history theory is the degree to which
individuals allocate resources to support current reproduction
versus securing their own survival (Stearns 1992). Species with
long life spans that have the opportunity to reproduce repeatedly
are expected to employ a conservative strategy regarding
reproductive allocation that favors maternal survival over
reproductive output (Martin and Festa-Bianchet 2010). This
bet-hedging strategy has been termed risk-sensitive reproductive
allocation (Bårdsen et al. 2008), and is the primary reason why
survival of young is more variable and more sensitive to resource
limitation than adult survival (Gaillard et al. 1998, 2000). Indeed,
individual females may rely on body reserves to fuel periods of low
energy intake or high reproductive output (Monteith et al. 2013).
Although spring and summer represent the season of forage
abundance in many ecosystems, mothers incur substantial
energetic costs to support late gestation and lactation
(Moen 1978, Pekins et al. 1998, Monteith et al. 2014), which
may result in a tradeoff if current reproductive allocation affects
nutritional reserves that are insurance against nutritional
deprivation during winter (Bender et al. 2007).
Nutritional condition in late winter had a positive effect on
reproductive success of female mule deer the following summer;
however, reproductive effort, in turn, influenced autumn
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nutritional condition (Fig. 26a). The lactational costs incurred by
mothers during the summer, along with their summer residency,
were the most influential factors determining nutritional reserves
of females before the onset of winter (Fig. 26a). Although IFBFat
of individual females did not affect probability of overwinter
survival, heavier females were more likely to survive winter
(Table 8). Body mass for adult females in autumn was positively
influenced by their fat reserves, which was determined primarily
by their reproductive status in autumn (Table 10). Furthermore,
nutritional condition of females in autumn had a positive
influence on nutritional condition in March, which in turn,
affected reproductive success the following summer (Fig. 13a).
Therefore, mule deer incurred a fitness cost by trading-off current
reproductive allocation against accumulation of somatic reserves
to survive winter and support reproduction the following
summer.
Large herbivores undergo seasonal rhythms in nutritional
condition, with poor condition often occurring following winter,
and summer forage offering support for reproduction and fat
accretion (Parker et al. 2009). In accordance with that pattern,
mean nutritional condition of females in autumn (9.7% IFBFat)
was greater than in late winter (7.2%). Nonetheless, for
reproductive individuals, seasonal dynamics of body mass and
nutritional condition did not follow the expected pattern, because
of the considerable somatic costs incurred from successful
reproduction. For example, we observed a measurable cost of
reproduction on nutritional condition for female mule deer
during autumn based on the number of young recruited, which
likely reflected a reduction in the autumn threshold of nutritional
condition among females that successfully recruited young
(Monteith et al. 2013). Negative effects of reproduction on fat
stores was moderated by per capita snowpack and summer
precipitation (Fig. 25), which likely influenced forage quality and
availability on seasonal ranges (Sinclair et al. 1985; Marshal
et al. 2005a, b). Regardless of summer residency or climatic
variation, females that recruited 1 young were still in poorer
condition in autumn than those that failed to recruit young.
The substantial immediate cost of reproduction to nutritional
condition and the influence of range quality in summer indicated
that mule deer rely on nutritional reserves (i.e., capital) and
available forage (i.e., income) to subsidize reproductive allocation
(Stephens et al. 2009). Although other investigators have
suggested that mule deer might function like other small
ungulates (Andersen et al. 2000) by relying on nutritional income
(Johnstone-Yellin et al. 2009, Tollefson et al. 2010), our results
indicate that they reside somewhere in the middle of the capitalincome continuum. Furthermore, that current capital is used to
finance reproductive allocation attests to the value of nutritional
condition for interpreting or predicting population dynamics.
Selective Pressures on Migratory Tactics
Patterns of migration within populations affect subsequent lifehistory characteristics and, thus, selective pressures that determine the balance between migratory segments of a population
(Kaitala et al. 1993). Coexistence of divergent migratory tactics
within a single population indicates that animals are following a
mixed evolutionary stable strategy, wherein various strategies
may occur at some relatively equal benefit, but at different times
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(Sinclair 1983). Differential mortality among migratory segments may permit the coexistence of the 2 tactics, but advantages
of each will be sensitive to changes in reproductive success and
survival (Kaitala et al. 1993). Poor recruitment and survival
resulting from a particular migratory tactic, given natal and adult
fidelity to a particular seasonal range, will inherently reduce the
proportion of individuals in the population employing the more
costly tactic. Indeed, we documented differences in litter size,
survival and recruitment of young, and seasonal fat levels between
females that shared a common winter range but exhibited
divergent migratory tactics relative to occupancy of summer
ranges on opposite sides of the Sierra crest (Fig. 3).
Migration to the west side of the Sierra crest was the most
common migratory tactic for mule deer wintering in Round
Valley before 1985, because deer migrating to the west side of the
Sierra crest composed most (87%) of the population
(Kucera 1988); by 2005, however, that proportion had declined
to <50% and continued to decline through the remainder of our
study (Appendix P). During 1997–2009, we documented high
fidelity to summer range, with an absence of switching summer
residency between sides of the Sierra crest for adult females
(n ¼ 251) and young (n ¼ 26). Given high fidelity to seasonal
range, which is common among mule deer (McClure et al. 2005),
dispersal was not responsible for the shifting trends in migratory
segments of the population.
Habitats and annual moisture regimes differed considerably
between sides of the Sierra crest (Storer et al. 2004, Bleich
et al. 2006). The more mesic environment and lower deer
densities on the west side of the Sierra crest probably resulted in
better foraging conditions for mule deer (Monteith et al. 2013).
Accordingly, females that summered on the west side of the
Sierra crest were larger than east-side females, which likely
represents long-term differences in summer nutrition and growth
of young (Monteith et al. 2009). Similar relationships with body
size were documented for caribou occupying disparate summer
ranges (Crête and Huot 1993). Furthermore, females that
summered on the west side of the Sierra crest were consistently in
better nutritional condition in autumn after controlling for
lactational costs (Fig. 26a), and remained in better nutritional
condition through March (Fig. 22). Despite those nutritional
benefits, survival of young on the west side of the Sierra crest
during 2006–2008 was <30% that of young born on the east side.
In addition, autumn recruitment of young during 1997–2008 for
west-side females was only 60% that of east-side females. Longterm suppression in recruitment of young in the absence of a
difference in adult survival between females occupying summer
ranges on opposite sides of the Sierra crest, in conjunction with
high fidelity to their summer ranges, indicates that disparity in
recruitment of young was the life-history component responsible
for the shift in migratory segments of the population. Examples
of natural selection bringing about demographic changes in large
mammals are rare.
Selective pressures for mule deer overwintering in Round Valley
have shifted during the most recent decades to favor animals that
reside on the east side of the Sierra crest during summer,
ostensibly the result of greater predation on the west side.
Populations of black bears throughout California and other
western states have increased dramatically in recent decades
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(Brown et al. 2009). Abundance estimates of black bears in
California have increased nearly 5-fold in the last 3 decades
(California Department of Fish and Game 2010), the same
period that the proportion of deer migrating to the west side of
the Sierra crest declined from nearly >80% to <50%. The
proliferation of black bears in the Sierra Nevada may have
resulted from expansion of the urban–wildlife interface (Beckmann and Berger 2003) or competitive release associated with
elimination of the California grizzly bear in 1922 (Storer and
Tevis 1955, Brown et al. 2009). The poor recruitment of young
despite greater nutritional potential on the west side of the Sierra
crest indicates that high mortality of young caused by bear
predation is limiting that migratory segment of the population.
Although migration generally is presumed to be a favorable
strategy (Fryxell et al. 1988), the interplay between intensity of
predation and nutritional gain can determine trajectories for
different migratory segments of a population (Kaitala et al. 1993,
McClure et al. 2005, Middleton et al. 2013a). For example,
North American elk obtained forage of 6.5% greater digestibility
by migrating to higher elevation during summer than resident elk
(Hebblewhite et al. 2008), which resulted in greater pregnancy
rates and increased body mass of offspring during midwinter
(Hebblewhite and Merrill 2011). Despite the increase in forage
quality obtained by migrants, predation risk from gray wolves
(Canis lupus) during migration was 1.7 times higher than that
observed for resident elk. Lower survival of adult females and
reduced recruitment of young by migratory elk resulted in a
decline in the migratory segment of the population (Hebblewhite
and Merrill 2007, 2009). High rates of predation for particular
migratory segments of populations that have a greater nutritional
potential imply that some mortality is additive if their migratory
counterpart is capable of successfully recruiting disproportionately more young while on an inferior nutritional plane.
Carrying Capacity
Carrying capacity (K) in wildlife management is usually defined
by the number of animals a range supports at equilibrium (i.e.,
long-term mean of population abundance; McCullough 1979,
Macnab 1985, Kie et al. 2003). In stochastic environments,
herbivore populations may rarely, if ever, be at equilibrium with
their highly variable food supply (McCullough 1999), which may
undermine density-related estimates of K (Macnab 1985,
McLeod 1997, Kie et al. 2003), and complicate detection and
interpretation of density dependence (Marshal et al. 2009). The
absence of a relationship with density does not always imply an
absence of density dependence, but may merely be a consequence
of a fluctuating food supply. In arid environments, quality and
abundance of forage is sensitive to precipitation (Sinclair
et al. 1985; Marshal et al. 2005a, b; Pierce et al. 2012) and
annual food supply varies markedly relative to the density of the
population. Consequently, the position of the population with
respect to their food supply varies not by animal density alone, but
by the interaction between forage production (a consequence of
environmental conditions) and population density (Sinclair
et al. 1985, McCullough 1999).
Although many methods have been proposed to estimate K (or
other derivations thereof) for large herbivore populations,
including Ricker-like models (McCullough 1979), food-based
Monteith et al.
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models (Hobbs et al. 1982, Hobbs and Swift 1985, DeYoung
et al. 2000, Beck et al. 2006), and time-series models (Boyce
1989, Sæther et al. 2002, Forsyth and Caley 2006, Kaeuffer
et al. 2009), all have experienced only limited application to
research or management scenarios (Macnab 1985). For most
approaches, data collection can be difficult and labor intensive
(DeYoung et al. 2000), models are sensitive to precision of
population estimates and require long-term estimates of
population size (Freckleton et al. 2006, Clark et al. 2010, Knape
and de Valpine 2011), and generally perform poorly in variable
environments. A method of determining the capacity of habitat
to support large herbivores that integrates both animal density
and variation in food availability caused by environmental
variation, and that is logistically feasible and tangible, is
warranted. Such an approach would further our understanding
of the interaction between density dependence and environmental variation (Caughley and Gunn 1993), and would be more
likely to be applied in research and management of large
herbivores.
Piasecke and Bender (2009) presented a new approach for
estimating K for North American elk, based on the difference
in autumn nutritional condition of lactating versus nonlactating
elk, whereby the relative difference indicates the proximity of
the population to K. Application of this technique may be limited
to some monotocous species, such as elk, in which lactating
females can acquire similar fat levels by autumn compared with
nonreproductive females when under an adequate nutritional
regime (Cook et al. 2004). For polytocous species, reproductive
costs can be markedly greater (Sadleir 1982, Tollefson
et al. 2010), and timing of mortality of young alters reproductive costs for the nonlactating individuals, thereby affecting
the baseline reference of comparisons when determining
proximity to K. Nonetheless, the use of nutritional condition
is an insightful advance in identifying the proximity of a
population to K.
Animal-indicated nutritional carrying capacity.—Because nutritional condition is an integrated measure of previous energetic
gains and expenditures experienced by individuals (Parker
et al. 2009), forage quality and quantity relative to the density
of the population (density dependence) for large herbivores is
inherent within that metric. Nutritional condition of a
population should signify the relative position of that population
to its current food supply, with the food supply being
representative of nutritional carrying capacity (NCC). We
propose that the relative position of a population to its annual
food supply is reflected by, and thus can be determined by, the
seasonal patterns of nutritional condition and population
performance. We term our approach animal-indicated NCC
because nutritional condition is a product of an animal’s
environment (animal-indicator concept; Franzmann 1985),
which is determined by a population’s food supply (NCC).
We parameterized animal-indicated NCC based upon the
nutritional condition of the population when l ¼ 1, which is
in keeping with the classic definition of K when the population is
at (or near) equilibrium with its environment (Caughley 1979).
Poor nutritional condition relative to that threshold implies
proximity to, or above, NCC when compared with good
nutritional condition, which is typical of a population below
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NCC, and is indicative of habitat conditions that support
population growth.
Nutritional condition during the current March explained 32%
of the variation in l for mule deer in the Sierra Nevada (Fig. 27).
An absolute increase in IFBFat of 1 percentage point yielded a
predicted increase in l of 0.06 and the predicted point of animalindicated NCC (l ¼ 1) occurred at 6.7% IFBFat. Because
nutritional condition is sensitive to forage growth, competition
for forage, and carryover from the previous year (Fig. 22), the
actual number of individuals that can be supported at animalindicated NCC during a particular year may vary. This approach
does not require the herbivore population to be at equilibrium
with its environment and, therefore, should be of value for
estimating NCC in stochastic systems.
We admonish that animal-indicated NCC does not represent a
long-term equilibrium density that may be referred to as K but,
instead, represents the short-term capacity of the environment to
support population growth as a function of resource availability
and animal density. For example, we observed a mean IFBFat in
March near 6.7% when estimated population size was 1,250
animals in 1992 and 2,281 animals in 1998. Water content of
snowpack the preceding April was markedly lower for 1992
(15.7 cm), and higher for 1998 (45.7 cm) than the 24-year
average (26.3 cm). Differences in habitat conditions as a function
of snowpack and browsing pressure the preceding year likely were
responsible for the differences in the number of animals the
habitat could support at a nutritional level of 6.7% IFBFat, and
determined the expected population performance the following
year. Carryover effects of life history and nutrition from the
previous season affect populations (Harrison et al. 2011), both of
which are inherent in estimates of animal-indicated NCC
(Fig. 23). Nutritional status at one point in time provides a
reference point of nutritional history and nutritional carryover to
the following season (Monteith et al. 2013).
Using the long-term mean or historical highs in population size
to estimate K can be deceptive when true changes in K have
occurred as a result of habitat alteration or changing climate. For
example, in Round Valley an alfalfa ranch (approx. 0.36 km2) that
was frequented by hundreds of deer on a daily basis during winter
was enclosed in the late-1980s. In addition, in June 1995, a fire
burned 22 km2 (approx. 24%) of primary winter range in an area
dominated by bitterbrush and sagebrush in Round Valley.
Because of the intensity of the fire, little regrowth of bitterbrush
occurred in subsequent years, and the burned area has become
dominated by desert peach and cheat grass (Bromus tectorum),
both of which offer little forage value to deer (Pierce et al. 2004).
Based on the nutritional limitation and leveling of the population
size that we observed between 1991 and 2009 as the population
recovered from the crash in the late 1980s, habitat in Round
Valley can no longer support the abundance of deer present in the
1980s (Fig. 5)—a conclusion that would have been far less certain
or more speculative without data on nutritional condition.
Patterns of nutritional condition were indicative of increased
nutritional limitation as the population approached 3,000
animals, indicating that animal-indicated NCC was reached
well below the nearly 6,000 animals in 1985 (Fig. 5), and that K
has decreased to <2,500 animals. This outcome illustrates the
importance of avoiding the use of historical levels of ungulates to
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estimate K, and that concluding habitat is not limiting because
animal densities are lower than previously documented is poorly
justified. These complications reinforce the use of animalindicated NCC, because that metric directly accounts for
changes, whether by habitat alteration or climate, in the
nutritional capacity of the habitat.
Predation risk may affect habitat use and foraging efficiency for
large herbivores (Bleich et al. 1997, Bleich 1999, Creel and
Winnie 2005, Schroeder et al. 2010); however, the links of those
non-consumptive effects of predation with prey demography and
how non-consumptive effects scale up to influence the ability for
large herbivores to make use of available habitats remain
uncertain (Lima 2002, Christianson and Creel 2008, Creel and
Christianson 2008, White et al. 2011, Middleton et al. 2013b). If
predation risk limits the ability of individuals to make complete
use of available habitats and reduces foraging efficiency and
energetic gain, then nutritional interactions between large
herbivores and their habitat may be modified because of the
distribution of forage and risky habitat in the presence of large
carnivores (Creel and Christianson 2008) or other novel
disturbances (Sawyer et al. 2009, Wasser et al. 2011). Regardless,
those non-consumptive effects are inherently incorporated in
estimates of animal-indicated NCC. We postulate that experiments incorporating in vivo measures of nutritional condition
with changes in use of space will provide the best means to
directly test risk-effect hypotheses, because the physiological
costs can be quantified (White et al. 2011, Middleton
et al. 2013b), and models can be developed to account for
state-dependent behavior (Monteith et al. 2011, Lendrum
et al. 2013) and use of habitat (Morales et al. 2010).
Despite many advantages, an approach incorporating nutritional condition to estimate animal-indicated NCC may be of
less value for populations of large herbivores that are maintained
at low density by predation or other sources of mortality.
Nutrition in those populations is not a major limiting factor;
females are in good nutritional condition and population growth
is regulated by predation rather than nutrition (Gasaway
et al. 1992, Bowyer et al. 2005, Boertje et al. 2007)—much
like females residing on the west side of the Sierra crest that
experienced heavy and additive predation by black bears (Figs. 9
and 29b). Nutritional condition, however, would reflect potential
top-down forcing by predators and the lack of bottom-up forcing,
indicating that habitat was not a major limiting factor (Bowyer
et al. 2005).
Another potential weakness in the use of nutritional condition
to calibrate animal-indicated NCC is the confounding effect of
pathogens or other diseases on nutritional condition; prevalence
of specific pathogens, parasites, or diseases can have a negative
influence on nutritional condition. For example, tick infestations
were attributed to nutritional deprivation and eventual death for
moose in New Hampshire (Musante et al. 2010). Infections and
nutritional status may be interactive because malnutrition can
lead to immunosuppression and greater parasitism and disease,
whereas pathogens cause tissue damage and have a negative effect
on energy balance, resulting in greater nutritional suppression
(Gulland 1992, Holmes 1995, Sams et al. 1995, Gunn and
Irvine 2003). Knowledge of the nutritional status of the
population or individuals relative to other mortality factors
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related to disease could provide the inference necessary to
disentangle pathological and nutritional limitation, or their
synergistic effects, just as it can for patterns of mortality.
Consequences of Mortality
The ultimate causes and consequences of mortality are
fundamental questions in population ecology, management,
and evolutionary biology (Messier 1994, Metcalf and Pavard
2007, Griffin et al. 2011, Pettorelli et al. 2011, Connelly
et al. 2012). In particular, the influence of predation by large
carnivores on population dynamics of ungulates has been hotly
debated (Ballard et al. 1991, 2001; Boutin 1992; Powell 2001),
and remains a controversial topic (Bowyer et al. 2005, 2013;
Griffin et al. 2011). Interpreting predator–prey relationships are
difficult considering the myriad of factors that influence their
dynamics including climate, diversity and abundance of predators
and prey, habitat conditions, and nutrition (Van Ballenberghe
and Ballard 1994, Linnell et al. 1995, Lima 2002, Sinclair
et al. 2003, Griffin et al. 2011, Grovenburg et al. 2012b).
The relative influence of mortality on limiting a prey population
is characterized by its additive or compensatory effects on
population growth. The concepts underlying the consequences of
mortality for prey populations originally were formulated by
Errington (1946) based on his observations that prey populations
contain a surplus of individuals that are doomed to face mortality
each year, which he coined the “doomed surplus.” Predation that
cuts only into the doomed surplus has no net effect on prey
population growth (compensatory mortality), whereas predation
taking more than the doomed surplus (additive mortality) results
in a prey population maintained at a lower level than would have
occurred in the absence of such predation (Errington 1956).
Therefore, compensatory mortality operates under the fluxes of
density dependence, where a decrease in population density with
respect to NCC lessens intraspecific competition for resources
resulting in decreased natural mortality rates and, subsequently,
the potential for increased survival and reproduction (Boyce
et al. 1999). Indeed, differentiating between the proximate and
ultimate causes (Mayr 1961) of mortality is necessary to
understand the population dynamics of ungulate populations.
The killing of an individual results in a numerical change in the
population and is thus limiting (Sinclair 1991), but this alone is
not very informative and its relative consequence is inextricably
linked to the level of density dependence (i.e., nutritional
limitation) within the population (Van Ballenberghe and
Ballard 1994, Pierce et al. 2012). Nevertheless, the interaction
between mortality because of predation or malnutrition is
difficult to disentangle without manipulative experiments or
other means of assessment (Boutin 1992).
Numerous investigators have confronted the challenge of
identifying the relative effects of predation on prey populations
by comparing rates of predation or malnutrition, population
density, and winter severity among populations or years (Ballard
et al. 2001, Barber-Meyer et al. 2008, Boertje et al. 2009, Garrott
et al. 2009, White et al. 2010). In these instances, authors often
were faced with the challenge of interpreting the consequences of
mortality without direct knowledge of the nutritional status of
the population. The conclusion that mortality is additive because
mortality rates were high compared with other populations or
Monteith et al.
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during another time, or because predation rates remained
constant through time without sufficient evidence describing the
nutritional status of the population, is potentially erroneous.
Interannual variability in environmental conditions, density,
carryover effects from previous seasons, and potential changes in
NCC, make temporal and between-population comparisons of
mortality rates and their consequences tenuous (Kie et al. 2003).
Another approach used to distinguish additive versus compensatory mortality that has experienced increased use in recent years
(Griffin et al. 2011, Brodie et al. 2013, Johnson et al. 2013) is to
regress rates of mortality caused by predation against overall
survival rates. Predation rates that correlate negatively with
survival rates are assumed to be additive (Anderson and
Burnham 1976, Schaub and Lebreton 2004); but when predation
is compensatory, no relationship is expected between predation
and survival. Although this method is novel and seemingly
intuitive, the basis for distinguishing differences in the
consequences of specific mortality causes is circular, because
survival rate is inherently an artifact of mortality (i.e., predation)
rate and, thus, may be of value only for demonstrating which
proximate mortality factors are driving survival rate. Furthermore, vulnerability to predation is influenced by individual
variability in the vitality and size of prey, and prowess and size of
the predator (Fitzgibbon and Fanshawe 1989, Kunkel et al. 1999,
Husseman et al. 2003, Sinclair et al. 2003, Barber-Meyer
et al. 2008), which may dictate the likelihood that a specific
predator could have an additive effect on a prey population, but
does not imply that predation was additive (Errington 1946,
1956, 1967).
Some advances have been made in elucidating the relative
influence of these ecological processes (Burnham and
Anderson 1984, Bowyer et al. 2005, Servanty et al. 2010), but
little progress has been made regarding a quantitative approach to
characterize compensatory versus additive mortality for large
ungulates. Failure to recognize the underlying mechanism
dictating the population-level consequences of mortality likely
has hampered progress in this field, yet that underlying
mechanism has been identified in experimental studies.
Bartmann et al. (1992) evaluated effects of coyote predation on
survival of young mule deer by manipulating the presence of
predators. The proportion of animals lost to predation simply
replaced those lost to malnutrition when predators were absent.
The study emphasized that the number of individuals lost to
malnutrition (often used to reference compensatory mortality)
was not a good reference to the consequences of mortality,
which is a common fallacy in predator–prey studies. Malnutrition
is an obvious consequence of nutritional limitation in the
absence of predators; however, in the presence of large carnivores,
losses to malnutrition can be replaced by predation, thereby
clouding interpretation of the underlying effects of mortality.
Tveraa et al. (2003) monitored survival of neonatal reindeer
after being released at approximately 5 weeks of age from
a predator-free enclosure following mild and severe winters.
High losses of young to predators occurred following the
severe winter when females were food limited. In contrast, after
the mild winter, when females were in markedly better physical
condition, no loss to predation occurred (Tveraa et al.
2003). Loss of young to predation in both studies was
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conditional upon nutrition—the underlying factor dictating the
consequences of mortality.
We propose that the consequences of mortality, regardless of
the cause, can be determined based on an assessment of the
nutritional capacity for survival and reproduction. In predationregulated systems, the nutritional capacity for survival or
recruitment is greater than what is observed (Fig. 4), compared
with resource-regulated systems where nutritional capacity for
survival or recruitment is similar to that observed. As populations
approach NCC, females attempt to produce more young than the
habitat can support (McCullough 1979); that is, the nutritional
capacity to recruit young is less than what females attempt to
recruit (Fig. 4). The difference between those values indicates the
amount of mortality that is potentially compensatory. Mortality
that reduces recruitment to the nutritional potential in any 1 year
is compensatory, with greater mortality transitioning toward
having an additive effect on recruitment (Fig. 4). Resource
availability and density are inherently linked to determine
nutritional condition, and dictate the nutritional capacity for
adults to survive and for females to produce and rear young.
Therefore, estimating the nutritional capacity for survival or
recruitment should provide a reference for the degree to which
mortality is compensatory or additive relative to observed survival
and recruitment. Indeed, studies have demonstrated positive
effects of predator removal for ungulate populations that were not
resource-limited (i.e.,those in which predation had an additive
effect; Gasaway et al. 1983, Kie and White 1985, Gasaway
et al. 1992, Hegel et al. 2010b, White et al. 2010), compared with
those that were resource-limited when predator removal had little
effect (i.e., those in which predation was compensatory;
Bartmann et al. 1992, Ballard et al. 2001, White et al. 2010,
Hurley et al. 2011).
Adult survival.—Life-history theory and empirical evidence for
long-lived ungulates indicate that females should favor their own
survival over reproductive allocation, which results in adult
survival being relatively insensitive to resource limitation
(Unsworth et al. 1999, Eberhardt 2002, Bonenfant et al.
2009). Nonetheless, during rare conditions such as extreme
drought (Bender et al. 2007, Pierce et al. 2012) or severe winter
conditions (DelGiudice et al. 2006), adult mortality may be
constrained by nutritional deprivation as a result of reductions in
NCC. During the severe drought in Round Valley in the late
1980s, estimated adult survival of female mule deer was the
demographic largely responsible for the population crash (Pierce
et al. 2012); however, that change in vital rate was underpinned
by severe nutritional deprivation likely caused by an overshoot
of NCC. Therefore, mortality of adult females during the
population crash was largely compensatory, because fewer
animals could be supported following the reduction in food
supply (Pierce et al. 2012). Following the population crash, adult
survival was high and relatively consistent with modest influences
of forage availability on survival (Table 8).
Survival of young.—Survival and recruitment of young are
typically highly variable, and sensitive to nutritional limitation
and the maternal capacity to support reproduction (Gaillard
et al. 1998, 2000; Eberhardt 2002). Because female ungulates rely
on nutritional capital and income to support reproductive
allocation (which influences survival of young), accounting for
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variation attributable to nutrition while removing other external
factors not related to nutrition in predictive models should yield
the nutritional potential for recruitment of young. Interannual
patterns in the young-to-adult female ratio in the Sierra Nevada
closely mirrored that expected based on the nutritional state of
the population, indicating that from 1992 to 2009, mortality of
young at the level of the population was mostly compensatory
(Fig. 28). Contrasting patterns of autumn recruitment of young
emerged when we compared the 2 migratory segments within the
mule deer population wintering in Round Valley. Observed
recruitment was mostly compensatory for females that summered
on the east side of the Sierra crest, whereas recruitment of young
by west-side females often was less than what should have been
possible based on their nutritional capacity to provision young
(Fig. 29). Mortality of young that had a large additive component
(0.30 young per female per year) for females that occupied the
west side of the Sierra crest supports the hypothesis that changes
in predation, mostly by black bears, were responsible for the shift
in the proportion of migratory segments within the population of
mule deer wintering in Round Valley in recent decades (Fig. 3).
The influence of bear predation on survival of neonatal
ungulates has been emphasized in a number of recent studies
(Linnell et al. 1995, Bowyer et al. 1998a, Zager and
Beecham 2006, Barber-Meyer et al. 2008, Griffin et al. 2011,
Middleton et al. 2013c). Bears specialize on neonates during the
period of greatest vulnerability within the first few weeks of life
(Fig. 9b; White et al. 2010, Griffin et al. 2011). Consequently,
among large carnivores, bears have been proposed to have the
greatest potential to affect dynamics of ungulate populations,
because vulnerability of neonates may not strongly reflect
nutrition at that age (Barber-Meyer et al. 2008, White
et al. 2010). Although greater nutritional limitation within a
population will inherently result in an increase in the proportion
of prey predisposed to mortality, viewing compensatory versus
additive mortality as a function of the vulnerability of individual
prey—especially neonates—is misleading because the true
consequences of mortality are based on the nutritional capacity
of the habitat. Documenting that predation by a particular
predator seems to be unaffected by the condition of prey indicates
the potential for that predator to have an additive effect, but does
not imply that all deaths because of predation were additive.
Mortality of neonates on one side of the Sierra crest was partially
additive (Fig. 29b), whereas mortality of neonates on the other
side was largely compensatory (Fig. 29a).
Our approach for assessing the consequences of mortality on a
population provides a simple, yet sensitive, measure for
determining whether recruitment patterns of young are limited
purely by nutrition (i.e., mortality is compensatory), or if other
extrinsic factors such as predation are having a partially additive
effect on mortality. We recognize that model predictions were
determined from field data and, thus, may not reflect the true
nutritional capacity to support young when predation or other
extrinsic factors interact to influence the potential for survival
and reproduction (Fischhoff et al. 2007, Christianson and
Creel 2010, Hegel et al. 2010b). Placing individuals on an
identical nutritional regime in captivity would likely yield higher
recruitment, because young exhibiting poor growth and vigor
may survive in captivity, but be predisposed to predation where
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predators occur. Nonetheless, the interaction among nutrition,
weather, and predation in a natural system should reveal the
nutritional capacity to recruit young in light of other competing
risks, and should provide a conservative and realistic estimate of
the nutritional ability of females to recruit young.
We caution that attempts to conclude whether mortality is
purely additive or purely compensatory are likely misguided.
Purely additive mortality would only occur when the population is
in superb nutritional condition (i.e., density well below NCC),
and mortality would be purely compensatory only when nutrition
is limiting and mortality rates do not exceed the nutritional
potential for survival and reproduction (e.g., east-side females;
Fig. 29a). Between those 2 endpoints, however, mortality up to a
certain point (depending on the proximity to NCC) is compensatory, with higher levels of mortality becoming increasingly
additive (Fig. 4). For mule deer in Round Valley during 1997–
2008, in no single year was all mortality additive given the
nutritional limitation that we observed (Fig. 29) but, instead, was
compensatory to a specific level of mortality and transitioned to
being additive when levels of mortality forced recruitment below
what was nutritionally achievable. This pattern of compensatory
versus additive mortality is in accordance with that proposed in
conceptual models by others (McCullough 1979, Kie et al. 2003,
Bowyer et al. 2005), and indicates that compensatory and additive
mortality should be viewed as more of a continuum rather than as
a dichotomy, because both processes can occur within a single year
and population.
We recognize that patterns of recruitment of young may not be
as sensitive to nutritional condition for all species or systems. The
approach proposed herein should work well for species that rely
heavily on current capital to support reproduction such as bighorn
sheep (Festa-Bianchet 1998), moose (Testa and Adams 1998,
Keech et al. 2000), or North American elk and red deer (LandeteCastillejos et al. 2003, Cook et al. 2004). Nevertheless, for more
income-based breeders, incorporating variables that describe the
nutritional capacity of females to support reproduction such as
timing and rate of spring green up (Pettorelli et al. 2007, Post
et al. 2008), population density (Andersen et al. 2000), spring and
summer precipitation (Marshal et al. 2005a, b; Lomas and
Bender 2007; Tollefson et al. 2011), or other climatic factors
(Albon et al. 1983a) may provide the information necessary to
explain the variation in recruitment patterns caused by nutrition.
Moreover, factors such as density or winter severity could be
incorporated into models for overwinter survival of young, and be
used to explain variation caused by interactions of forage
availability with severe weather (Bartmann et al. 1992, White and
Bartmann 1998, Hurley et al. 2011). Additionally, an absence of a
relationship between nutritional condition and patterns of
recruitment for a capital breeder could be indicative of strong
top-down forcing. Such forcing should result in ungulate
populations held well below NCC. Therefore, nutritional
condition would be high and not strongly related to recruitment,
because high rates of predation, despite good nutrition, would
limit annual recruitment.

MANAGEMENT IMPLICATIONS
Monitoring programs for large herbivores often seek to
determine population trajectory, or total population size to
Monteith et al.
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interpret effects of harvest, predation, and other factors that
might be limiting or regulating populations, because animal
abundance is usually considered the minimal information
necessary for management. Nonetheless, estimating population
size of large herbivores that occupy broad geographic regions
with reasonable precision and accuracy is difficult and often costprohibitive (Jachmann 2002, Morellet et al. 2007). Attempts
frequently are made to interpret time-series data of population
size; however, pattern-oriented analyses of those data are limited
in their ability to detect factors underlying population dynamics
(Coulson et al. 2000). Moreover, estimates of population density
alone provide no inference about the relationship between
population and habitat (i.e., proximity to NCC), yet understanding that relationship is critically important to informed
management of large herbivores. Management of large herbivores may be improved if resources invested in monitoring
programs are aimed at variables of greater ecological relevance
than simple estimates of abundance (Morellet et al. 2007).
Empirical estimates of vital rates that underpin population
trajectories provide important information regarding the
dynamics of ungulate populations, but are difficult and costly
to obtain, and require monitoring for multiple years (Lebreton
et al. 1992, White and Lubow 2002, Johnson et al. 2010). Much
like abundance estimates, data on vital rates also lack a
mechanistic foundation. Morellet et al. (2007) called for the
use of appropriate ecological indicators to assess the response of
animals to their habitat, thereby providing a quantitative basis for
management decisions. Dale and Beyeler (2001) noted that
useful ecological indicators should be measured easily, be
sensitive to factors affecting the system, respond in a predictable
manner, be anticipatory, predict changes that can direct
management actions, be integrative, and have a consistent
response to system changes. We propose that nutritional
condition is the most insightful ecological indicator for research,
management, and understanding population dynamics of large
herbivores. Nutritional condition can be accurately quantified
by both in vivo and post-mortem measures (Stephenson
et al. 1998, 2002; Cook et al. 2010); is sensitive to and responds
in a predictable manner to density-dependent availability of
forage, habitat conditions, and individual life-history traits;
holds predictive value for future performance (including l) in
populations regulated by bottom-up factors; is an integrative
measure of the current nutritional state of the population when
viewed at the population level; and incorporates previous
nutritional gains and debts relative to life history at the individual
level (Table 11).
Combining data on nutritional condition with routine
monitoring data such as recruitment patterns of young and
occasional abundance estimates should provide greater insight to
interpret factors underpinning population growth and, thus,
allow for empirically driven management. Using a nutritional
approach to monitor and manage populations reduces the need to
estimate population abundance or set goals according to
population size. Alternatively, management goals can be set
according to measures of nutritional condition and the proximity
of a population to animal-indicated NCC.
We recommend monitoring nutritional condition and population density over a period of years, depending upon the
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fluctuations in population size and conditions, to uniquely define
the relationship between l, population size, and nutritional
condition. When funds to cover such an expense are unavailable,
animal condition could be determined from harvested females (as
long as seasonality is recognized) or with small capture efforts
each year or every few years. Implementing special antlerless
hunts, with required examination of harvested animals for data
acquisition, would provide valuable data on nutritional condition
at minimal cost, while simultaneously allowing increased
recreational opportunity and the opportunity for stakeholders
to be involved with data collection. Those data could be used to
understand the nutritional status of the population relative to
relationships or expectations that have been established in other
studies for that species and, at a minimum, should indicate the
potential degree of bottom-up forcing within the population
(Bowyer et al. 2005). Those few data also would yield
expectations for population growth in subsequent years, and
anticipated effects of management strategies.
Because nutritional condition indicates the position of a
population relative to animal-indicated NCC, harvest criteria can
be based on a desired nutritional level as indexed by measures of
nutritional condition. For example, a realistic goal with respect to
incorporating female harvest for mule deer in Round Valley could
be one of reducing density to lower competition for resources and
maintain a mean IFBFat level of approximately 7%, which was
near animal-indicated NCC for mule deer in that population
(Fig. 27). Reducing density with respect to NCC would result in
improved nutritional condition and increased recruitment of
young, especially for females summering on the east side of the
Sierra crest. Improved nutritional condition also could result in
less variable population dynamics because the population would
potentially be better buffered against environmental perturbations (Kie et al. 2003).
We caution that immediately adjusting harvest in response to
changing nutritional status in a stochastic environment may be
problematic, because animal-indicated NCC represents the
short-term capacity of the habitat and is thus, sensitive to
environmental variation. An emphasis on more long-term goals
of the proximity to animal-indicated NCC is a more reasonable
strategy for density-dependent species, where the harvest
determines the surplus because of feedbacks of enhanced
nutrition and younger age structure with reduced population
size relative to NCC (Leopold 1933, McCullough 1979, Boyce
et al. 1999). The position of a population relative to animalindicated NCC can fluctuate from year to year in response to
environmental variation, which is beyond the control of managers
unless densities are reduced in an attempt to improve nutritional
condition and reduce the influence of massive fluctuations in food
supply. We recommend parameterizing where the population is
with respect to animal-indicated NCC, and examining how the
proximity of the population to animal-indicated NCC responds
to various levels of harvest.
Evidence of additive mortality often is used as a justification for
predator control to increase ungulate populations (Ballard
et al. 2001), which highlights the need to interpret the
consequences of mortality correctly. We offer a new approach
for quantifying the influence of predation on large ungulate
populations by assessing the degree of compensatory or additive
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mortality based on the nutritional capacity to produce and
provision young. From a management perspective, if nearly all
mortality is compensatory, and thus is a function of interannual
patterns of nutrition, then predator control would yield little
change in population performance (Ballard et al. 2001, Hurley
et al. 2011). In those situations, management efforts should focus
on strategies to enhance nutrition, such as habitat improvements
or density reductions (McCullough 1979, Bishop et al. 2009).
The combined effects of anthropogenic and climate-induced
changes in habitat for mule deer may have reduced K of mule deer
range throughout western North America, thereby affecting
population trends through nutritionally mediated reductions in
recruitment of young. We suggest that incorporating indices of
nutritional condition (i.e., estimates of body fat) into current
monitoring and research programs holds the greatest potential
for disentangling the relative effects of habitat alteration, climate,
and predation on the population dynamics of mule deer and other
large herbivores. Moreover, linking habitat use and selection with
change in nutritional condition and fitness among seasons will
provide a means to quantify the net benefits of particular habitat
assemblages or habitat treatments.

SUMMARY














Our goal was to evaluate the nutritional basis of life-history
strategies and population ecology of free-ranging mule deer to
aid in the management of large herbivores.
We obtained longitudinal data on 347 individual females in a
population of mule deer in the Sierra Nevada, California, USA,
during 1997–2009 as it recovered from a population crash
during 1985–1991.
Survival and recruitment of young was highly variable, and was
strongly influenced by nutritional condition at the population
level. Maternal nutritional condition had a strong influence on
survival and recruitment of young except under intense
predation, mostly by black bears, wherein nutritional relationships with probability of survival of young were diluted.
Summer residency of females affected probability of recruiting
young; females that summered on the west side of the Sierra
crest recruited fewer young than females summering on the east
side, despite better nutrition on the west side. Primary
proximate cause of mortality for neonates on the west side was
predation by black bears (cause-specific mortality ¼ 0.63),
compared with low bear predation on neonates born on the east
side of the Sierra crest (0.041).
Reproduction by yearling females was sensitive to foraging
conditions during summer as a function of per capita snowpack
(a density-dependent index to annual forage growth) that
determined whether yearling females reached sufficient body
mass (>41 kg in Mar) to conceive.
Litter size of adult females 2.5 years old was less variable
and less sensitive to resource limitation when compared to
yearling females, but was influenced moderately by per capita
snowpack and summer temperatures, which influenced forage
availability.
Pregnancy of adult females 2.5 years old was high and
constant (0.98) throughout our study. Adult females failed to
exhibit senescent effects on fecundity up to 15.5 years of age.
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Seasonal survival of adult females exhibited minor variation
among years with only modest effects of resource limitation.
Females exhibited actuarial senescence at >9.5 years of age, but
that decline in survival with age was most prominent during
winter.
Nutritional condition of adult females during both winter and
summer was sensitive to the nutritional history of individual
animals, including forage growth, population density, migratory tactic, reproductive allocation, and nutritional carryover.
Nutritional condition of adult females in March also was the
most parsimonious predictor for l during the forthcoming
year.
Nutritional status of a population can provide inferences about
the proximity of a population to NCC (termed animalindicated NCC), even in stochastic environments.
Partially additive predation, mostly by black bears, was the
likely explanation for shifting selective pressures on migratory
tactic as individuals migrating to the west side of the Sierra
crest declined from 87% of the population in 1985 to <50% by
2005.
We offer a new approach to assess the consequences of
mortality on population dynamics that is based on the
nutritional capacity to recruit young. Our approach provides
a mechanistic basis for gauging the effectiveness of predatormanagement programs.
Our results indicate that management and conservation of large
herbivores would be improved by integrating indices of
nutritional condition into current monitoring and research
programs.
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Appendix A. Model-averaged parameter estimates, confidence intervals, and Akaike importance weights from an analysis of survival of neonatal mule deer from
birth to 20 weeks of age evaluated at the population (n ¼ 119), individual (n ¼ 113), and maternal levels (n ¼ 73), Sierra Nevada, California, USA, 2006–2008. We
included variables we identified as being influential in lower levels of analyses. We considered variables to be influential if their 90% confidence interval did not
overlap zero or if their importance weight was >0.50. Asterisks adjacent to parameter estimates indicate 90% confidence do not overlap zero and results were based on
^c ¼ 1.18.
90% CI
Level
Population

Individual

Maternal

a
b
c

Parameter

Estimate

Lower

Upper

Importance weight

Summer residency
Spring precipitation
Spring temperature
Summer precipitation
Summer temperature
Snowpack
Number female
Mean March IFBFat
Stagea
Year
Summer residency
Stagea
Age at capture
Sex
Litter size
Julian birth
Deviation from mean birth
Birth massb
Summer residency  birth massb
Summer residency
Stagea
Birth massb
Summer residency  birth massb
Deviation from mean birth
Mar IFBFatc
Summer residency  Mar IFBFatc
Age
Mar body mass

0.98
0.097
0.023
0.033
0.065
2.7  10 3
9.5  10 5
0.013

0.49
4.09
5.19
4.89
4.35
0.16
0.014
2.34

1.47
4.29
5.24
4.82
4.22
0.17
0.014
2.37

0.33

0.45

1.10

0.035
0.062
2.8  10 3
1.7  10 3
0.039
0.73
1.19
2.19

0.017
0.087
0.092
9.1  10
2.8  10
0.19
0.61
4.64

0.086
0.21
0.087
5.7  10
0.081
1.27
1.78
0.24

0.25
1.82
0.024
0.068
0.39
2.9  10 3
5.1  10 3

0.34
0.84
0.013
0.46
0.089
0.033
0.012

1.00
0.28
0.31
0.33
0.33
0.24
0.26
0.18
1.00
0.02
1.00
1.00
0.49
0.29
0.21
0.22
0.68
1.00
1.00
1.00
1.00
1.00
1.00
0.46
1.00
1.00
0.27
0.29

3
3

0.85
2.80
0.061
0.32
0.68
0.027
0.022

3

Stage-specific variable that allowed survival to vary during the first 4 weeks, with constant survival the remaining 16 weeks.
Age-specific effect of birth mass on survival during the first 3 weeks of life.
Age-specific effect of March ingesta-free body fat (IFBFat) on survival during 4–20 weeks old.

Appendix B. Model-averaged parameter estimates and Akaike importance weights from an analysis to determine the factors that influence cause of mortality of
neonatal mule deer evaluated at the population (n ¼ 62), individual (n ¼ 57), and maternal levels (n ¼ 47), Sierra Nevada, California, USA, 2006–2008. We included
variables we identified as being influential in lower levels of analyses. We considered variables to be influential if their 90% confidence interval did not overlap zero or
if their importance weight was >0.50. Asterisks adjacent to parameter estimates indicate 90% confidence do not overlap zero.
Cause of mortalitya
Level

Bear

Parameter

Population

Summer residency
Per capita snowpack
Mean Mar IFBFat
Year
Summer residency
Litter size
Julian birth
Sex
Age at death
Birth mass
Summer residency
Age at death
Birth mass
Age
Mar IFBFat
Mar body mass

Individual

Maternal

2.39
37.32
0.35
2.67
0.15
0.082
0.56
0.26
2.21
0.041
0.19
1.96
3.0  10 3
0.41
0.015

Other natural
0.50
16.67
0.042
1.91
0.011
0.11
1.35
0.25
3.16
3.3  10 3
0.19
2.47
0.063
0.19
0.017

Other predation

Importance weight

1.47
7.29
0.13

1.00
0.47
0.24
0.04
1.00
0.10
0.34
0.39
0.64
1.00
0.02
0.45
0.98
0.61
0.43
0.28

2.86
0.072
0.11
1.36
0.25
3.30
9.0  10 3
0.19
2.44
0.21
0.44
0.024

IFBFat, ingesta-free body fat.
a
Multinomial logistic regression included malnutrition as the reference category thus, parameter estimates represent the relative likelihood of dying from a particular
cause compared with malnutrition.
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Appendix C. Model-averaged parameter estimates, confidence intervals, and Akaike importance weights from an analysis to determine the factors that influence
birth mass (kg) of neonatal mule deer evaluated at the population (n ¼ 113), individual (n ¼ 113), and maternal levels (n ¼ 55), Sierra Nevada, California, USA,
2006–2008. We included variables we identified as being influential in lower levels of analyses. We considered variables to be influential if their 90% confidence
interval did not overlap zero or if their importance weight was >0.50. Asterisks adjacent to parameter estimates indicate 90% confidence do not overlap zero.
90% CI
Level
Population

Individual

Maternal

Parameter

Estimate

Lower

Upper

Importance weight

Summer residency
Per capita snowpack
Spring precipitation
Spring temperature
Mean Mar IFBFat
Year
Julian birth
Sex
Litter size
Litter size
Age
Mar IFBFat
Mar body mass

0.066
0.13
1.6  10
0.037
0.010

0.050
0.44
8.7  10
0.11
0.028

0.18
0.70
5.5  10 4
0.040
8.2  10 3

0.40
0.07
0.01
0.31
0.05
0.00
0.02
0.46
0.82
0.93
0.08
0.56
0.27

1.1  10
0.083
0.21
0.37
1.3  10
0.051
5.6  10

4

4

4.8  10
0.037
0.37
0.60
5.5  10
0.010
0.016

3

3

4

4

2.7  10 4
0.20
0.055
0.14
2.8  10 3
6.0  10 4
3.9  10 3

3

IFBFat, ingesta-free body fat.

Appendix D. Model-averaged parameter estimates, confidence intervals, and Akaike importance weights from an analysis to determine the factors that influence
date of parturition of mule deer evaluated at the population (n ¼ 88), and maternal levels (n ¼ 55), Sierra Nevada, California, USA, 2006–2008. We included
variables we identified as being influential in lower levels of analyses. We considered variables to be influential if their 90% confidence interval did not overlap zero or
if their importance weight was >0.50. Asterisks adjacent to parameter estimates indicate 90% confidence do not overlap zero.
90% CI
Level
Population

Maternal

Parameter

Estimate

Summer residency
Per capita snowpack
Spring precipitation
Spring temperature
Mean Mar IFBFat
Litter size
Year
Summer residency
Mean Mar IFBFat
Litter size
Age
Mar IFBFat
Mar body mass

Lower



4.08
31.71
0.18
0.58
0.82
2.93

7.22
91.79
0.51
1.80
2.27
0.74

5.48
1.53
5.86
0.20
0.13
0.36

8.45
3.83
3.10
0.15
0.56
0.65

Upper

Importance weight

0.94
28.37
0.16
0.65
0.63
5.12

0.98
0.47
0.35
0.42
0.51
0.97
0.10
1.00
0.88
1.00
0.58
0.56
0.99

2.52
0.77
8.63
0.56
0.30
0.073

IFBFat, ingesta-free body fat.

Appendix E. Model-averaged parameter estimates, confidence intervals, and Akaike importance weights from an analysis to determine the factors that influence
annual age ratios (n ¼ 17) evaluated at the population level, Sierra Nevada, California, USA, 1991–2009. Herd composition and population estimates from 1991 to
1996 were obtained from Pierce et al. (2012). We included variables we identified as being influential in lower levels of analyses. We considered variables to be
influential if their 90% confidence interval did not overlap zero or if their importance weight was >0.50. Asterisks adjacent to parameter estimates indicate 90%
confidence do not overlap zero.
90% CI
Parameter
Mean Mar IFBFatt 1
Mean Mar IFBFatt
Mean Mar body mass
Mean litter size
Per capita snowpack
Summer precipitation
Summer temperature
IFBFat, ingesta-free body fat; t

52

Estimate


2.28
3.21
0.41
2.89
44.61
0.29
5.58

Lower
1.12
1.89
1.52
27.43
132.33
1.20
11.41

Upper

Importance weight

3.53
4.50
0.70
33.22
221.58
1.78
0.24

0.99
1.00
0.72
0.99
0.78
0.75
0.97

1, previous year; t, current year.
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Appendix F. Model-averaged parameter estimates, confidence intervals, and Akaike importance weights from an analysis to determine the factors that influence
autumn recruitment of young for adult (>1 yr) female mule deer evaluated at the population (n ¼ 578) and individual levels (n ¼ 484), Sierra Nevada, California,
USA, 1997–2009. We included variables we identified as being influential in lower levels of analyses. We considered variables to be influential if their 90% confidence
interval did not overlap zero or if their importance weight was >0.50. Asterisks adjacent to parameter estimates indicate 90% confidence do not overlap zero.
90% CI
Level

Parameter

Population

Summer residency
Per capita snowpack
Summer precipitation
Summer temperature
Mean Mar IFBFat
Year
Summer residency
Per capita snowpack
Mean Mar IFBFat
Age
Mar IFBFat
Litter size
Mar body mass

Individual

Estimate

Lower



0.18
1.22

0.27
5.44

6.2  10
0.090
0.35
2.30
0.17
1.2  10
0.025
0.12
7.3  10

Upper

3

0.36
12.1

6.7  10
0.032
0.25
3.66
8.9  10
2.5  10
3.9  10
9.3  10
3.3  10

3

3

Importance weight

3

1.00
0.96
0.00
0.15
0.84
0.00
1.00
0.88
0.17
0.15
0.83
0.94
0.92

0.019
0.15
0.45
8.27
0.043
4.8  10
0.046
0.23
0.018

3
3
3
3
3

3

IFBFat, ingesta-free body fat.

Appendix G. Model-averaged parameter estimates, confidence intervals, and Akaike importance weights from an analysis to determine the factors that influence
primiparity of yearling (1.5 yr) female mule deer evaluated at the population (n ¼ 22) and individual (n ¼ 22) levels, Sierra Nevada, California, USA, 1997–2009. We
included variables we identified as being influential in lower levels of analyses. We considered variables to be influential if their 90% confidence interval did not
overlap zero or if their importance weight was >0.50. Asterisks adjacent to parameter estimates indicate 90% confidence do not overlap zero.
90% CI
Level
Population

Individual

a

Parameter

Estimate

Lower

Upper

Importance weight

Summer residency
Per capita snowpack
Summer precipitation
Summer temperature
Mean Mar IFBFatt 1a
Mean Mar IFBFatt 2a
Year
Per capita snowpack
Mar IFBFatt 1a
Mar body masst 1a

0.54
92.86
0.86
0.77
1.76
1.31

6.85
3.58
3.32
1.99
13.86
8.33

5.77
182.12
5.05
0.45
10.34
10.95

0.47
0.64
0.32
0.43
0.19
0.22
0.00
0.09
0.30
0.91

11.96
3.9  10
0.51

2

7.98
0.26
0.044

31.90
0.18
0.98

We used March ingesta-free body fat (IFBFat) and body mass because sample size (n ¼ 7) for November was insufficient; t

1, previous year; t

2, 2 years prior.

Appendix H. Model-averaged parameter estimates, confidence intervals, and Akaike importance weights from an analysis to determine the factors that influence
litter size of adult (2 yr) female mule deer evaluated at the population (n ¼ 803) and individual (n ¼ 803) levels, Sierra Nevada, California, USA, 1997–2009. We
included variables we identified as being influential in lower levels of analyses. We considered variables to be influential if their 90% confidence interval did not
overlap zero or if their importance weight was >0.50. Asterisks adjacent to parameter estimates indicate 90% confidence do not overlap zero.
90% CI
Level
Population

Individual

a

Parameter

Estimate

Lower

Upper

Importance weight

Summer residency
Per capita snowpack
Summer precipitation
Summer temperature
Mean Nov IFBFata
Year
Summer residency
Per capita snowpack
Summer temperature
Age
Age2
Nov IFBFata
Nov body massa

0.11
2.95
2.6  10
0.042
1.5  10

0.17
0.96
5.8  10
0.058
1.2  10

0.043
4.95
1.0  10
8.1  10
4.3  10

0.88
1.00
0.02
0.68
0.02
0.05
0.92
0.93
0.63
0.02
0.02
0.05
0.04

0.11
4.12
0.031
1.9  10
1.0  10
1.0  10
1.5  10

5

3

4
5
4
4

0.18
1.98
0.062
3.3  10
2.9  10
5.1  10
3.1  10

5

3

4
5
4
4

5.0  10
6.13
1.2  10
7.1  10
8.8  10
7.2  10
6.1  10

4
3
3

2

4
4
5
4
4

We obtained results for November ingesta-free body fat (IFBFat) and body mass from a separate set of models using a subset of data (n ¼ 268) during 2002–2008.
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Appendix I. Model-averaged parameter estimates, confidence intervals, and Akaike importance weights from an analysis of summer (Apr–Oct) survival of adult (>1
yr) female mule deer evaluated at the population (n ¼ 944) and individual (n ¼ 830) levels, Sierra Nevada, California, USA, 1998–2009. We included variables we
identified as being influential in lower levels of analyses. We considered variables to be influential if their 90% confidence interval did not overlap zero or if their
importance weight was >0.50. Asterisks adjacent to parameter estimates indicate 90% confidence do not overlap zero.
90% CI
Level
Population

Individual

Parameter

Estimate

Summer residency
Montly precipitation
Monthly temperature
Snowpack
Number female
Mean Mar IFBFat
Month
Year
Snowpack
Number female
Mean Mar IFBFat
Age
Age2
Mar IFBFat
Mar body mass
Litter size

0.070
6.6  10
0.30
0.011
2.7  10
0.18

3

3

0.014
2.3  10 3
0.26
0.60
0.023
9.7  10 3
0.043
0.046

Lower

Upper

Importance weight

0.086
0.028
0.65
1.2  10
3.9  10
6.9  10

0.23
0.014
.060
0.020
1.5  10
0.36

0.33
0.19
0.44
0.72
0.94
0.66
0.42
0.06
0.80
0.98
0.79
1.00
1.00
0.29
0.28
0.29

2.4  10
3.7  10
0.036
1.10
4.7  10
0.025
0.099
0.18

3
3
4

3

0.025
8.5  10
0.49
0.11
0.052
0.045
0.19
0.092

3

3

3

4

IFBFat, ingesta-free body fat.

Appendix J. Model-averaged parameter estimates, confidence intervals, and Akaike importance weights from an analysis of winter (Nov–Mar) survival of adult (>1
yr) female mule deer evaluated at the population (n ¼ 1,037) and individual level (n ¼ 574), Sierra Nevada, California, USA, 1998–2008. We included variables we
identified as being influential in lower levels of analyses. We considered variables to be influential if their 90% confidence interval did not overlap zero or if their
importance weight was >0.50. Asterisks adjacent to parameter estimates indicate 90% confidence do not overlap zero.
90% CI
Level
Population

Individual

a

54

Parameter
Summer residency
Monthly precipitation
Monthly temperature
Per capita snowpack
Mean Nov IFBFata
Month
Year
Per capita snowpack
Age
Nov IFBFata
Nov body massa
Recruitment statusa
Month

Estimate

Lower

Upper

Importance weight

3

0.10
0.025
0.011
21.37
0.080

0.12
0.087
0.21
80.12
0.25

31.54
0.24
3.4  10 3
0.064
0.041

1.89
0.34
0.016
0.015
0.16

61.08
0.15
0.022
0.11
0.077

0.27
0.43
0.47
1.00
0.41
0.97
0.01
0.74
1.00
0.19
0.86
0.31
1.00

5.4  10
0.031
0.10
50.72
0.083

We obtained results for November ingesta-free body fat (IFBFat), November body mass, and recruitment status from a separate set of models using a subset of data
(n ¼ 334) during 2002–2008.
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Appendix K. Model-averaged parameter estimates, confidence intervals, and Akaike importance weights from an analysis to determine the factors that influence
percent ingesta-free body fat (IFBFat) of adult (>1 yr) female mule deer in March evaluated at the population (n ¼ 842) and individual (n ¼ 531) levels, Sierra
Nevada, California, USA, 1997–2009. We included variables we identified as being influential in lower levels of analyses. We considered variables to be influential if
their 90% confidence interval did not overlap zero or if their importance weight was >0.50. Asterisks adjacent to parameter estimates indicate 90% confidence do not
overlap zero.
90% CI
Level
Population

Individual

a

Parameter

Estimate

Lower

Upper

Importance weight

Summer residency
Per capita snowpack
Winter temperature
Mean Mar IFBFatt 1
Winter precipitation
Year
Summer residency
Per capita snowpack
Mean Mar IFBFatt 1
Winter precipitation
Age
Litter size
Mar IFBFatt 1
Nov IFBFatt 1a

0.50
45.23
0.050
0.51
0.28

0.73
30.69
0.013
0.36
0.35

0.26
59.77
0.030
0.66
0.21

0.018
33.07
0.74
0.15
0.16
0.56
0.033
0.14

0.24
2.54
0.26
0.27
0.24
0.17
0.017
0.088

0.20
68.67
1.26
0.018
0.079
0.96
0.081
0.20

1.00
1.00
0.29
1.00
1.00
0.00
0.43
0.99
0.95
0.71
0.96
1.00
0.28
1.00

We obtained results for November IFBFat of the previous year from a separate set of models using a subset of data (n ¼ 215) during 2002–2008.

Appendix L. Model-averaged parameter estimates, confidence intervals, and Akaike importance weights from an analysis to determine the factors that influence
body mass (kg) of adult (>1 yr) female mule deer in March evaluated at the population (n ¼ 828) and individual (n ¼ 517) levels, Sierra Nevada, California, USA,
1997–2009. We included variables we identified as being influential in lower levels of analyses. We considered variables to be influential if their 90% confidence
interval did not overlap zero or if their importance weight was >0.50. Asterisks adjacent to parameter estimates indicate 90% confidence do not overlap zero.
90% CI
Level

Parameter

Population

Summer residency
Per capita snowpack
Winter temperature
Mean Mar IFBFatt 1
Year
Summer residency
Winter temperature
Age
Age2
Mar IFBFat

Individual

IFBFat, ingesta-free body fat, t

Estimate

Lower

Upper

Importance weight



1.00
2.19
0.67
0.011

1.81
7.48
0.37
0.094

0.19
11.87
0.96
0.12

1.11
0.24
2.70
0.15
0.30

1.87
0.018
2.22
0.18
0.19

0.35
0.47
3.19
0.11
0.40

0.92
0.32
0.99
0.33
0.00
0.96
0.74
1.00
1.00
1.00

1, previous year.

Appendix M. Model-averaged parameter estimates, confidence intervals, and Akaike importance weights from an analysis to determine the factors that influence
percent ingesta-free body fat (IFBFat) of adult (>1 yr) female mule deer in November evaluated at the population (n ¼ 359) and individual (n ¼ 249) levels, Sierra
Nevada, California, USA, 1997–2009. We included variables we identified as being influential in lower levels of analyses. We considered variables to be influential if
their 90% confidence interval did not overlap zero or if their importance weight was >0.50. Asterisks adjacent to parameter estimates indicate 90% confidence do not
overlap zero.
90% CI
Level
Population

Individual
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Parameter

Estimate

Lower

Upper

Importance weight

Summer residency
Per capita snowpack
Summer precipitation
Summer temperature
Mean Mar IFBFat
Year
Summer residency
Per capita snowpack
Summer precipitation
Mean Mar IFBFat
Age
Mar IFBFat
Litter size
Recruitment status

2.35
78.53
0.087
0.030
0.27

3.22
14.16
0.012
0.23
0.12

1.48
142.89
0.16
0.16
0.65

2.84
71.54
0.016
0.28
0.18
0.027
0.93
3.43

1.11
193.22
0.092
1.5
0.13
0.23
0.45
2.20

1.00
1.00
0.69
0.42
0.64
0.00
1.00
1.00
0.37
0.94
1.00
0.51
1.00
1.00
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1.97
132.38
0.037
0.89
0.030
0.10
0.24
2.81

55

Appendix N. Model-averaged parameter estimates, confidence intervals, and Akaike importance weights from an analysis to determine the factors that influence
body mass (kg) of adult (>1 yr) female mule deer in November evaluated at the population (n ¼ 330) and individual (n ¼ 253) levels, Sierra Nevada, California, USA,
1997–2009. We included variables we identified as being influential in lower levels of analyses. We considered variables to be influential if their 90% confidence
interval did not overlap zero or if their importance weight was >0.50. Asterisks adjacent to parameter estimates indicate 90% confidence do not overlap zero.
90% CI
Level
Population

Individual

Parameter

Estimate

Lower

Upper

Importance weight

2.75
6.98
0.37
0.61
0.55

4.15
30.61
0.27
1.11
1.13

1.33
44.57
0.47
0.12
0.039

2.72
0.27
0.36
0.13
1.93
0.084
0.37
0.81

4.27
0.15
0.86
0.11
0.80
0.15
0.22
1.71

1.16
0.39
0.14
0.37
3.06
0.016
0.52
0.079

1.00
0.49
1.00
0.88
0.79
0.00
1.00
0.99
0.69
1.00
1.00
1.00
1.00
1.00



Summer residency
Per capita snowpack
Summer precipitation
Summer temperature
Mean Mar IFBFat
Year
Summer residency
Summer precipitation
Summer temperature
Mean Mar IFBFat
Age
Age2
Nov IFBFat
Recruitment status

IFBFat, ingesta-free body fat.

Appendix O. Model-averaged parameter estimates, confidence intervals, and Akaike importance weights from an analysis to determine the factors that influence
population growth (lambda; n ¼ 17) evaluated at the population level, Sierra Nevada, California, USA, 1991–2009. Herd composition and population estimates from
1991 to 1996 were obtained from Pierce et al. (2012). We included variables we identified as being influential in lower levels of analyses. We considered variables to
be influential if their 90% confidence interval did not overlap zero or if their importance weight was >0.50. Asterisks adjacent to parameter estimates indicate 90%
confidence do not overlap zero.
90% CI
Response
Lambda

Parameter
Mean Mar IFBFatt 1
Mean Mar IFBFatt
Mean Mar mass
Per capita snowpack
Summer precipitation
Summer temperature
Young ratio

IFBFat, ingesta-free body fat; t
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Estimate
1.4  10
0.043
5.5  10
1.3  10
5.9  10
1.7  10

4

4

3
4
4

Lower

Upper

2.0  10
0.013
1.7  10

4

2.9  10
0.016
1.9  10

3

3

4

Importance weight

2.2  10
0.075
2.8  10

3

5.6  10
0.015
5.3  10

3

3

4

0.07
0.79
0.07
0.00
0.10
0.18
0.03

1, previous year; t, current year.

Wildlife Monographs

Photograph looking south on winter range for mule deer (Odocoileus hemionus) in Round Valley with Mount Tom in the distance demarking the western edge of Round
Valley and the eastern edge of the Sierra Nevada, California, USA, where the Great Basin Desert begins. Note the ﬁre lines evident at the base of Mount Tom from a
ﬁre that burned approximately 24% of the winter range in June 1995. Photo by Kevin L. Monteith.

A biologist processes twin mule deer (Odocoileus hemionus) recently born to a radiocollared adult female in the Sierra Nevada, California, USA. Photo by Ryan A. Long.

Biologists conduct aerial telemetry for radiocollared mule deer (Odocoileus hemionus) along the east side of the Sierra crest in November 2008 after a recent snowstorm.
Note the Sierra crest at the horizon line and the notable rainshadow caused by the Sierra Nevada. Photo by Kevin L. Monteith.

Female mule deer (Odocoileus hemionus) being transported to a central staging area for processing in Round Valley, California, USA. Photo by Tim Glenner.

Mule deer (Odocoileus hemionus) on winter range in Round Valley, California, USA. Photo by Thomas R. Stephenson.
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From venison to beef: seasonal changes
in wolf diet composition in a livestock
grazing landscape
Andrea T Morehouse* and Mark S Boyce
Wild ungulates are the primary prey for wolves in North America, but livestock predation is a concern in areas
where wolves and livestock overlap. Using clusters of global positioning system telemetry relocations and scat
analysis, we investigated wolf diets year-round in southwestern Alberta, where seasonal cattle grazing is the predominant land use and wolf–cattle conflicts have increased in recent years. Both methods indicated a seasonal
shift in wolf diets, from wild prey during the non-grazing season to cattle in the grazing season. Wolves scavenged more frequently during the non-grazing season than during the grazing season; 85% of all scavenging
events occurred at ranchers’ boneyards (where livestock carcasses are dumped), where wolves fed on dead livestock. Cattle represent a higher proportion of wolf diets than previously thought; we recommend the sanitary
disposal of dead livestock to prevent wolves from becoming accustomed to feeding on livestock, and the development of management plans aimed at reducing predation on cattle if humans and wolves are to coexist on
landscapes that are dominated by livestock ranching.
Front Ecol Environ 2011; 9(8): 440–445, doi:10.1890/100172 (published online 24 Mar 2011)

L

arge carnivores have important influences on ecosystem structure and function (Ripple and Beschta
2004), but conflicts with agriculture often limit management options. Predation on livestock is a concern wherever wolves (Canis lupus) and livestock overlap, yet
research across North America indicates that wild ungulates, not livestock, are the main prey in wolf diets (Bjorge
and Gunson 1983; Fritts et al. 1992; Peterson and Ciucci
2003). Understanding wolf diets is particularly important
in agricultural landscapes, where the response to livestock
predation may be to remove entire wolf packs.
The primary period of concern regarding livestock loss
is summer and early fall, when cattle (Bos taurus) graze
freely on public land, often in high densities, with little
to no monitoring (Bjorge and Gunson 1983; Gunson
1983; Fritts et al. 1992). Grazing season timing coincides
with the wolf pup-rearing season (Figure 1); the nutritional demands of wolves are considerable during this
period, due to the need to satisfy growing pups. This
potentially heightens the risk of predation on cattle
throughout the grazing season (Fritts et al. 2003). The
change in the abundance of cattle within the wolf-pack
territories – from an absence during the non-grazing season to high densities during the grazing season – may
result in prey switching (Murdoch 1969) and a greater
proportion of cattle in the diet of wolves.
Wolf diets are typically assessed by scat analysis or,
more recently, field searches of clusters of global positioning system (GPS) telemetry relocations (Sand et al. 2005;
Webb et al. 2008). The majority of studies on wolf kill
Department of Biological Sciences, University of Alberta,
Edmonton, Canada *(morehous@ualberta.ca)
www.frontiersinecology.org

sites have been undertaken in winter, when prey remains
are easier to find, but such analyses do not account for
seasonal variation in diet (Sand et al. 2008). Assessing
wolf diets during the summer is more challenging,
because small prey, such as deer (Odocoileus spp) fawns
and elk (Cervus elaphus) calves, are rapidly consumed
(Peterson and Ciucci 2003), and the lack of snow makes
tracking wolves more difficult. Consequently, summer
diets have been studied through scat analysis, although
this only reveals what the wolves ate and not necessarily
what they killed. In North America, most predator-compensation programs require physical evidence to indicate
that the animal was killed by wolves before a livestock
producer can receive compensation (Bergman and Mack
2007). The GPS-cluster method can identify prey
remains for evidence of predation on cattle (Figure 2),
but this method can be biased toward large-bodied prey
and might not accurately reflect total wolf diet composition (Sand et al. 2005).
In Alberta, Canada, the highest levels of predation on
cattle occurred in the southwestern corner of the
province, an area that represents only 3% of Alberta’s
land area but accounts for 37% of all paid claims (Alberta
Conservation Association unpublished data). Southwestern Alberta is a heavily ranched landscape, characterized by an abrupt change in topography where the
Rocky Mountains meet the prairies; here, predation is a
year-round problem for cattle producers, as wildlife habitats overlap grazing lands, so that the potential for conflict between predators and cattle is higher than elsewhere in the province.
Predation on cattle in Alberta is largely attributable to
wolves, accounting for 74% of all monies paid through
© The Ecological Society of America
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the provincial predator-compensation program between
2000 and 2010 (Table 1). Moreover, the number of
claims and the amount of money paid through such
claims have risen over the past decade (Table 1). Despite
increasing conflicts between wolves and cattle in southwestern Alberta, no study has assessed year-round wolf
diets in this region. We used GPS-cluster visits and scat
analysis to test the hypothesis that an increase in cattle
abundance in the grazing season results in a seasonal
increase in the proportion of cattle in wolf diets.
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We studied wolf diets in a 3300-km2 area in southwestern
Alberta, on the eastern slopes of the Rocky Mountains
west of Pincher Creek (Figure 3). We focused on this area
because wolf–cattle conflicts are highest here, and
because it is a narrow region of public land that represents an important corridor between a large population of
wolves in northern Canada (Gunson 1992) and the US,
where wolf recovery has been ongoing since 1986 (Ream
et al. 1989; Bangs and Fritts 1996).
Our study area was a mix of public Crown land, under
the jurisdiction of the Alberta provincial government
(70%), and private land (30%). Oil and gas development, forest harvesting, and recreational activities occur
throughout the study area, but the predominant land use
is cattle ranching. Cattle are grazed seasonally on public
forest land from as early as April to mid-October (grazing
season) and kept primarily on private lands the remainder
of the year (non-grazing season). The majority of seasonally grazed cattle consist of cow–calf pairs and yearlings,
but also includes bulls and dry cows (ie cows without
calves). Widespread linear features, such as roads, trails,
and seismic lines, provide access for land users.
Large-bodied prey for wolves in this area include whitetailed deer (O virginianus), mule deer (O hemionus), elk,
Table 1. Compensation payments (in Canadian dollars)
paid to livestock producers through Alberta’s predator
compensation program, 2000–2010
Total
compensation paid
(CAN$)a

Compensation paid due to wolf
predation on, or injury to, cattle
(CAN$)b

2000–2001
2001–2002
2002–2003
2003–2004
2004–2005
2005–2006
2006–2007
2007–2008
2008–2009
2009–2010

68 128
78 031
60 561
91 784
49 179
95 588
91 577
118 858
145 925
144 374

45 321
48 376
40 274
66 814
35 555
78 491
68 281
86 814
123 857
110 046

Total

944 006

703 829

Year

a

Notes: Includes payments for death or injury to all domestic livestock (cattle,
bison, sheep, swine, and goats) due to black bears, grizzly bears, wolves, cougars,
and eagles. b Includes only payments for death and injury to cattle due to wolves.
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n Study area

Figure 1. Female wolf with cubs. Grazing season is also wolf
pup-rearing season, leading to wolf–cattle conflicts.

moose (Alces alces), and cattle; smaller prey species
include snowshoe hares (Lepus americanus), ground squirrels (Urocitellus spp), beaver (Castor canadensis), and
other small mammals and birds.

n Methods
We captured four wolves from three packs using paddedjaw leg-hold traps or helicopter netgunning (University
of Alberta Animal Care Protocol #565712). We collared
the captured wolves with upload-capable Lotek 7000SU
GPS radiocollars set to a one-hour duty cycle (Lotek
Engineering, Newmarket, Canada). We monitored these
individuals from 20 June 2008 through 14 October 2009.
Individual wolves wore GPS radiocollars for 118–351
consecutive days (x– = 215, SE = 51.86).
GPS clusters

We downloaded GPS telemetry data from the ground
every 7–10 days during the grazing season and every 2–3
weeks during the non-grazing season. Location data were
plotted in ArcMap 9.2 (ESRI, Redlands, CA), and clusters
were identified as any location where the wolf spent ≥ 3
hours and GPS locations were within 100 m of each other.
We visited GPS-cluster sites 1–47 days (x– = 12.76, SE =
0.27) after the wolves were first detected there; however,
den sites were visited several weeks later.
www.frontiersinecology.org
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Figure 2. Cattle remains following predation by wolves.

We searched clusters in cardinal directions, following
methods detailed by Knopff et al. (2009). We assigned a
“kill” status to the site if we found prey remains that
closely matched the time period during which wolves
were present and there was evidence that the animal
had been killed by wolves (Peterson and Ciucci 2003;
Webb et al. 2008). We examined prey remains to
identify species, sex, age, and any abnormalities. Wild
ungulates were aged in the field as young-of-the-year
(< 1 year), yearling (>1 year but < 2 years), or adult
(> 2 years) based on tooth-eruption patterns. Cattle
ages were confirmed by the producer. Sites were classified as scavenge events if there was clear evidence the
animal had not been killed by wolves (eg other predator
kills, boneyards [where carcasses are dumped], hunter
kills, and road kills).
We compared prey composition from GPS clusters
between seasons using a chi-square test. We used frequency of prey detections, body mass of prey, and
expected prey consumption to estimate relative biomass of each prey species in wolf diets. Using published
estimates of consumable biomass (Głowaciflksi and
Profus 1997; Hayes et al. 2000; Jedrzejewski et al. 2002;
Sand et al. 2008), we assumed wolves consumed 65% of
the live mass of large-bodied prey (> 100 kg), 75% of
medium-bodied prey (20–100 kg), and 90% of smallbodied prey (< 20 kg). We calculated average live
weights of Alberta ungulates adjusted for age and season. If the age of found prey was unknown, we used an
average of all three age classes for the given season.
Livestock weights were estimated by a local grazing coop (M Roberts pers comm). Biomass of each species is
expressed as a percentage of total estimated biomass
consumed. Scavenging events were excluded from prey
biomass calculations.
www.frontiersinecology.org

We collected scat samples opportunistically
along roads, on trails, at GPS-cluster sites,
and at den and resting sites known as rendezvous areas. Scats were collected, stored,
and analyzed through established methods
(see WebPanel 1 for details). We calculated
the frequency of prey items occurring in scats
and expressed these data as a percentage that
represents the occurrence of each prey item
relative to the total number of prey items. An
“item” is defined as the occurrence of a particular prey species in the scat sample; if, for
example, both deer and ground squirrel were
detected in a scat sample, that sample would
be said to have two prey items. We also estimated relative biomass consumed by wolves
using Weaver’s (1993) regression equation (y
= 0.439 + 0.008x), which describes the mass
of prey (kg) (y) consumed per collectable scat
as a function of body mass of prey (kg) (x).
We derived percent biomass by expressing
the estimated consumed biomass of each species relative
to the total biomass consumed. We adjusted prey weights
to reflect the distribution of age classes found at kill sites
in each season. When possible, scats were grouped by season. If it was not possible to know which season the scat
was from (eg scats collected at dens and rendezvous sites
visited after wolves had departed), no seasonal status was
assigned and samples were used only for total diet assessment. We compared frequency of prey items in wolf scats
across seasons using a chi-square test. For analysis, prey
items < 10 kg were pooled due to small sample sizes. We
also compared frequency of prey items across methods
(GPS clusters versus scat samples) using a chi-square test.

n Results
We visited 698 GPS-cluster sites (mean number of clusters/wolf = 174.5, SE = 39.94). We found 181 kill sites
and 32 scavenge sites. With one exception, we found
only a single prey item per kill site. Wild ungulates and
cattle made up 100% of prey items found by the GPScluster technique, and composition of these sites varied
seasonally (Figure 4, a and b). We examined 319 scats
and identified 675 prey items (mean prey items/scat =
2.12, SE = 0.05). Wild ungulates and cattle accounted for
72.3% of all prey occurrences in scat, but 91.4% of the
estimated relative biomass consumed (WebFigure 1).
Both methods indicated a seasonal prey shift, from wild
ungulates during the non-grazing season to cattle in the
grazing season (kill sites: 25 = 34.05, P < 0.001; scats:
26 = 47.76, P < 0.001). Cattle comprised 73.9% of the
estimated biomass consumed during the grazing season
(Figure 4d). GPS-cluster visits indicate scavenging was
more prevalent during the non-grazing season, with 85%
of these scavenging events consisting of wolf visits to
© The Ecological Society of America
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ranchers’ boneyards. Patterns were consistent across wolf packs.
Frequency ranking of large-bodied prey
(eg cattle, deer, elk, and moose) was the
same across methods in the grazing season
(23 = 3.57, 0.5 > P > 0.25), but differed
across methods in the non-grazing season
(23= 9.49, P < 0.05). In the non-grazing
season, deer were found most frequently at
kill sites, and evidence of elk consumption
was found most frequently in scat.
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n Discussion
Most studies of wolf diets in North America
indicate that wolves primarily prey on wild
ungulates (Peterson and Ciucci 2003). In
our study area, however, cattle made up a
larger component of wolf diet than has been
reported in previous studies, especially during the livestock-grazing season; this supports our hypothesis that an increase in cattle abundance would lead to an increase in
predation on cattle by wolves. During the
course of our study, we identified the remains
of 50 cattle at wolf kill sites from three packs,
or roughly 17 cattle killed per pack per year.
In contrast, the Northern Rocky Mountain
Crowsnest pack
Distinct Population Segment (Idaho, MonBob Creek pack
tana, Wyoming, eastern one-third of WashCastle Carbondale pack
ington and Oregon, and a small part of
Public land boundary
north-central Utah) reported 192 confirmed
6 3 0
6 kilometers
Parks
cattle losses to 242 wolf packs in 2009 –
Study area
down from 214 confirmed cattle losses to
217 wolf packs in 2008 (Sime and Bangs
2010) – or less than one head of cattle Figure 3. The study area (inset) and minimum convex polygons for the three wolf
packs (Crowsnest, Bob Creek, and Castle Carbondale) studied in southwestern
per pack.
To our knowledge, our study is the first to Alberta, Canada.
use the GPS-cluster method to assess wolf
diets in a ranching landscape. This method allowed us to 1998). Nyhus et al. (2005) estimated that, in Wyoming,
locate cattle that would otherwise be classified as “miss- for every confirmed livestock loss due to grizzly bears
ing” when livestock producers removed cattle from graz- (Ursus arctos horribilis), there was the equivalent of
ing allotments at the end of the grazing season. Local pro- another two-thirds of an animal that was never located.
ducers have long suspected that missing livestock could be Because wolves tend to scatter bones and other remains at
attributed to wolf predation, but lacked evidence to sup- some distance from a kill site (Sand et al. 2008), the numport this claim. In Alberta, the predator-compensation bers of missing cattle may be even higher, especially in
program pays 100% of the market value for confirmed areas where locating remains is difficult (eg in thick vegepredator kills of livestock, and 50% of the market value for tation).
As expected, GPS clusters reflected a bias toward large“probable” kills (Bergman and Mack 2007). The program,
however, no longer pays for missing animals (Gunson bodied prey, whereas scat analysis detected smaller prey
1992). Missing animals are therefore a primary concern of items. Evidence of small prey (≤ 10 kg) occurred in wolf
livestock producers, because they receive no compensa- scat frequently but accounted for < 8% of the total estition payments for them (Bergman and Mack 2007). mated biomass consumed. A key worry with the GPS-clusProducers occasionally received compensation for animals ter method is its inability to detect small prey, such as
found by our GPS-cluster method, compensation they neonate ungulates (Sand et al. 2008; Webb et al. 2008).
otherwise would not have received. Missing livestock are Our results, however, suggest we did not miss many youngrecognized as a problem elsewhere as well (Bangs et al. of-the-year ungulates because there was no significant dif© The Ecological Society of America
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Non-grazing

Grazing

1%

3%

(a)

(b)

Frequency

8%
22%

19%
37%
12%
8%

9%

23%

(d)

(c)

6%

Biomass

19%

Deer

13%

45%

13%

31%

7%
16%

Elk

74%

34%

Moose

Cow

Scavenge

Unknown

Figure 4. Frequency and estimated relative biomass of prey
items consumed by wolves, as found at GPS-cluster sites.
Frequency (a, b) is expressed as a percentage of the total prey
items found during the non-grazing (a: n = 137) and grazing
(b: n = 76) seasons in southwestern Alberta (2008–2009).
Percent biomass was calculated by average live weights of
Alberta ungulates adjusted for age and season; non-grazing (c: n
= 110) and grazing (d: n = 68). Scavenge events are not
included in the estimated biomass.

ference in prey occurrence between kill sites and scat
analysis during the grazing season. Had we missed ungulate
neonates in our GPS-cluster searches, we would have
expected to see a higher proportion of deer and elk remains
in scat when compared to the GPS-cluster kill sites.
Scat analysis does not provide details about wolf predation. We observed several instances of scavenging during
the non-grazing season; scavenging sites made up 19% of
GPS-cluster sites at which prey were found. Almost all
scavenging events were on dead cattle, which increased
the percent occurrence and estimated percent biomass of
cattle remains in scat during the non-grazing season. The
number of scavenging incidents in the grazing season was
low and spread across prey species; there is therefore no
reason to believe that cattle were over-represented in the
scat analysis for this period.
Although both GPS-cluster data and scat analysis indicated a strong seasonal shift in wolf diets, the mechanism
driving wolf prey selection remains unclear. It may be
that prey selection remains constant, and the higher proportion of cattle in the wolves’ diet is attributable to the
increased numbers of cattle arriving in the area during
the grazing season. Alternatively, the evidence of higher
proportions of cattle in wolf diets could be explained by
prey switching, whereby the wolves’ selection of cattle as
www.frontiersinecology.org

prey increases as the relative abundance of cattle
increases (Murdoch 1969). Seasonal differences in prey
vulnerability may also influence wolf prey selection
(Lingle et al. 2008). We recommend further use of the
GPS-cluster method because it provides information on
what the wolves killed, not just what they consumed.
Wolf visits to ranchers’ boneyards accounted for 85% of
non-grazing-season scavenging events. These piles of dead
livestock are a growing problem in southwestern Alberta,
and have become even more prevalent since the detection
of bovine spongiform encephalopathy (BSE, or “mad cow
disease”) in Canadian cattle in 2003. Prior to BSE, rendering trucks removed dead stock free of charge and used the
carcasses in dog-food and cattle feed supplements.
However, changes in regulations by the Canadian Food
Inspection Agency (CFIA) now prohibit the inclusion of
specified risk material (SRM, ie tissues capable of transmitting BSE) in livestock feed, pet food, and fertilizer (CFIA
2007). SRM must now be disposed of separately, through
either burial or incineration. Rendering companies pass on
the costs of dealing with these new regulations to producers; these costs are prohibitively expensive for local producers, causing many to pile up carcasses in boneyards
instead. Natural disposal, in the form of wildlife scavenging from boneyards, is currently legal in Alberta and is one
of five government-approved livestock-carcass disposal
options (Province of Alberta 2009). All large carnivores in
southwestern Alberta have been reported to scavenge from
these boneyards. Ironically, the CFIA regulations designed
to prevent the spread of the BSE-causing prions might
actually be promoting further contamination; if the cattle
carcasses in boneyards are contaminated with BSE, there is
a risk that it may spread to the carnivores feeding on them
(Williams and Miller 2003).
Boneyards represented an important food source for
wolves during winter, and they often made repeated visits
to these locations. This is especially problematic because
boneyards are required to be a minimum of only 400 m
from livestock facilities and residences (Province of
Alberta 2009). This brings carnivores into close contact
with other stock-growing activities (eg calving), which
could result in further conflict between wildlife and
ranchers. Bear-proof metal storage bins have been suggested as an alternative to boneyards, to reduce scavenging and prevent carnivores from becoming accustomed to
feeding on livestock (Northrup 2010). Restricting access
to attractants (eg carcasses, grain bins, garbage dumps,
etc) is a powerful tool for both conservation and management of carnivores (eg Bino et al. 2010). Partnerships are
being developed in Canada and the US, to assist producers in securing funding for metal storage bins (eg
Blackfoot Challenge and Drywood Yarrow Conservation
Partnership). These programs offer a sensible solution for
preventing BSE spread (Northrup 2010).
We caution that our results are from an area of intense
overlap between wolf territories and cattle grazing areas;
predation on cattle is less prevalent in many other areas
© The Ecological Society of America
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of western North America (eg Webb et al. 2008). We
recommend further use of the GPS-cluster method to
help identify wolf diets in ranching landscapes, particularly in areas where missing animals are a concern among
cattle producers.
Wolves and other carnivores are important components of healthy ecosystems, but maintaining wolves on
the landscape is largely dependent on societal values.
Tolerance of carnivores diminishes as conflicts with livestock, pets, and people increase. Finding ways to reduce
wolf–livestock conflicts is therefore fundamental to ensuring future coexistence between humans and wolves.
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%FWXVEGX -R %PFIVXE 'EREHE §  ERH MR -HELS 1SRXERE ERH ;]SQMRK 9RMXIH 7XEXIW §
  [SPZIW 'ERMW PYTYW OMPPIH ZEVMSYW HSQIWXMG ERMQEPW EQSRK [LMGL XLI QENSV TVI] [IVI WLIIT MR
XLI 9RMXIH 7XEXIW   R  ERH GEXXPI MR 'EREHE   R   9RHIV VIGSZIV] TVSKVEQW XLI [SPJ
TSTYPEXMSR MRGVIEWIH MR XLI 9RMXIH 7XEXIW ERH HITVIHEXMSR IZIRXW MRGVIEWIH TVSTSVXMSREXIP] -R FSXL GSYRXVMIW
XLI RYQFIV SJ HSQIWXMG ERMQEPW OMPPIH IEGL ]IEV [EW GSVVIPEXIH [MXL XLI RYQFIV SJ [SPZIW OMPPIH F] KSZIVRQIRX
EYXLSVMXMIW JSV HITVIHEXMSR QEREKIQIRX ;I XIWXIH XLI EFMPMX] SJ ERXM[SPJ FEVVMIVW QEHI SJ JPEKW LERKMRK JVSQ
VSTIW XS MQTIHI [SPJ EGGIWW XS JSSH ERH PMZIWXSGO -R  I\TIVMQIRXW FEVVMIVW TVIZIRXIH GETXMZI [SPZIW R 
JVSQ EGGIWWMRK JSSH JSV YT XS  LSYVW ERH EPPS[IH HEMP] WITEVEXMSR SJ [SPZIW XS EHQMRMWXIV GSRXVEGITXMZI
TMPPW XS E JIQEPI [SPJ &EVVMIVW TVIZIRXIH EGGIWW F] [MPH [SPZIW XS Q  FEMXIH WMXIW HYVMRK X[S HE] XIWXW
;I EPWS WIX FEVVMIVW EVSYRH XLVII GEXXPI TEWXYVIW -R %PFIVXE HYVMRK X[S HE] XVMEPW SR LE TEWXYVIW [SPZIW
ETTVSEGLIH FEVVMIVW SR  SGGEWMSRW FYX HMH RSX GVSWW XLIQ ERH RS GEXXPI [IVI OMPPIH ;SPZIW OMPPIH GEXXPI
SR RIMKLFSVMRK VERGLIW HYVMRK XLI XVMEPW ERH FIJSVI ERH EJXIV XLI XVMEPW SR XLI XIWXIH VERGLIW -R -HELS JSYV
VEHMSGSPPEVIH [SPZIW GVSWWIH FEVVMIVW ERH OMPPIH GEXXPI MR E LE VERGL EJXIV  HE]W SJ FEVVMIV I\TSWYVI 3YV
VIWYPXW WYKKIWX XLEX ERXM[SPJ FEVVMIVW EVI IJJIGXMZI MR HIXIVVMRK GETXMZI ERH [MPH [SPZIW JSV  ERH  HE]W
VIWTIGXMZIP] ERH XLEX [MPH [SPZIW W[MXGL XS EPXIVREXMZI PMZIWXSGO [LIR I\GPYHIH JVSQ SRI LIVH SJ PMZIWXSGO
3YV HITVIHEXMSR HEXE MRHMGEXI XLEX TVSXIGXMRK PMZIWXSGO JVSQ [SPZIW VIHYGIW XLI RIGIWWMX] JSV OMPPMRK [SPZIW
&EVVMIVW GSYPH TPE] E VSPI EQSRK XLI PMQMXIH WIX SJ TVIZIRXMZI QIEWYVIW EZEMPEFPI ERH SJJIV E GSWXIJJIGXMZI
QMXMKEXMSR XSSP JSV XLI TVSFPIQ SJ PMZIWXSGO HITVIHEXMSR SR E PSGEP WGEPI
8IRHIRGMEW IR PE (ITVIHEGM
SR TSV 0SFSW ] IP 9WS HI &EVVIVEW TEVE 4VSXIKIV +EREHS IR 2SVXI %QIVMGE 3GGMHIRXEP

6IWYQIR )R %PFIVXE 'EREHE  E  ] IR -HELS 1SRXERE ] ;]SQMRK )WXEHSW 9RMHSW  E
  PSW PSFSW 'ERMW PYTYW QEXEVSR E ZEVMSW ERMQEPIW HSQIWXMGSW IR WY QE]SVÊE SZINEW SZINEW IR )WXEHSW
E   R   0E TSFPEGM
SR HI PSFSW MRGVIQIRXS
9RMHSW   R   ] KEREHS ZEGYRS IR 'EREH
IR )WXEHSW 9RMHSW FENS TVSKVEQEW HI VIGYTIVEGMSR ] PSW GEWSW HI HITVIHEGMSR MRGVIQIRXEVSR TVSTSVGMSREP
QIRXI )R EQFSW TEÊWIW IP R
YQIVS HI ERMQEPIW HSQIWXMGSW HITVIHEHSW GEHE EÌ
RS WI GSVVIPEGMSRS GSR IP
R
YQIVS HI PSFSW QEXEHSW TSV EYXSVMHEHIW KYFIVREQIRXEPIW TEVE PE KIWXMSR HI PE HITVIHEGMSR 4VSFEQSW PE
IJIGXMZMHEH HI FEVVIVEW GSRXVE PSFSW LIGLEW HI FERHIVEW GSPKERHS HI GYIVHEW TEVE MQTIHMV IP EGGIWS HI PSFSW
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'SRWIVZEXMSR &MSPSK] 4EKIW §
:SPYQI  2S  (IGIQFIV 

1YWMERM IX EP

;SPJ (ITVIHEXMSR ERH *PEHV] &EVVMIVW



E EPMQIRXS ] KEREHS )R  I\TIVMQIRXSW PEW FEVVIVEW TVIZMRMIVSR UYI PSW PSFSW GEYXMZSW R  EGGIHMIVER
EP EPMQIRXS TSV LEWXE  LSVEW ] TIVQMXMIVSR PE WITEVEGMSR HMEVME HI PSW PSFSW TEVE EHQMRMWXVEV TÊPHSVEW
ERXMGSRGITXMZEW E YRE LIQFVE 0EW FEVVIVEW IZMXEVSR IP EGGIWS HI PSFSW WMPZIWXVIW E WMXMSW HI  Q  GIFEHSW
HYVERXI HSW TVYIFEW HI  HÊEW 8EQFMIR IWXEFPIGMQSW FEVVIVEW EPVIHIHSV HI XVIW TSXVIVSW TEVE KEREHS ZEG
YRS )R %PFIVXE HYVERXI HSW IRWE]SW HI  HÊEW IR TSXVIVSW HI  LE PSW PSFSW WI EGIVGEVSR E PEW FEVVIVEW
IR  SGEWMSRIW TIVS RS PEW EXVEZIWEVSR ] RMRKYRE VIW JYI HITVIHEHE 0SW PSFSW HITVIHEVSR EP KEREHS IR
VERGLSW ZIGMRSW HYVERXI PEW TVYIFEW ] ERXIW ] HIWTYIW HI PEW TVYIFEW IR PSW VERGLSW IR UYI WI PPIZEVSR E GEFS
)R -HELS GYEXVS PSFSW GSR GSPPEVIW GSR VEHMS EXVEZIWEVSR PEW FEVVIVEW ] QEXEVSR KEREHS IR YR VERGLS HI
 LE  HÊEW HIWTYIW HI PE I\TSWMGM
SR E FEVVIVEW 2YIWXVSW VIWYPXEHSW WYKMIVIR UYI PEW FEVVIVEW ERXMPSFS WSR
IJIGXMZEW TEVE HMWYEHMV E PSFSW GEYXMZSW ] WMPZIWXVIW TSV  ]  HÊEW VIWTIGXMZEQIRXI ] UYI PSFSW WMPZIWXVIW
GEQFMER E KEREHS EPXIVREXMZS GYERHS WSR I\GPYMHSW HI YR LEXS HI KEREHS 2YIWXVSW HEXSW HI HITVIHEGMSR
MRHMGER UYI PE TVSXIGGMSR HI KEREHS VIHYGI PE RIGIWMHEH HI QEXEV PSFSW 0EW FEVVIVEW TSHVÊER NYKEV YR TETIP
IRXVI IP PMQMXEHS GSRNYRXS HI QIHMHEW HMWTSRMFPIW ] SJVIGIV YRE LIVVEQMIRXE HI QMXMKEGMSR GSWXSIJIGXMZE TEVE
IP TVSFPIQE HI PE HITVIHEGM
SR HI KEREHS E IWGEPE PSGEP

-RXVSHYGXMSR
(YVMRK XLI PEWX  ]IEVW MRGVIEWMRK EXXIRXMSR LEW FIIR HM
VIGXIH XS[EVH PEVKIGEVRMZSVI GSRWIVZEXMSR 1IGL 
,EFIV  /IPPIVX IX EP   -R QER] EVIEW LS[IZIV
GEVRMZSVIW GSQI MRXS GSRJPMGX [MXL LYQERW ERH XLIMV IGS
RSQMG MRXIVIWXW WYGL EW PMZIWXSGO TVSHYGXMSR ;SSHVSJJI
 7MPPIVS>YFMVM 0EYVIRWSR   'SRWIUYIRXP] WGM
IRXMWXW ERH QEREKIVW EVI MRGVIEWMRKP] IRKEKIH MR IJJSVXW
XS QEMRXEMR TSTYPEXMSRW SJ GEVRMZSVIW MR GSI\MWXIRGI [MXL
TISTPI &ERKW IX EP  0MRRIPP IX EP  1EHLYWYHER
/EVERXL  8VIZIW IX EP  
-R XLI VERGLPERHW SJ 2SVXL %QIVMGE [SPZIW [IVI I\XIV
QMREXIH HYVMRK ERH EJXIV XLI )YVSTIER WIXXPIQIRX =SYRK
+SPHQER   ;SPZIW 'ERYW PYTYW EVI GYVVIRXP]
VIGSPSRM^MRK XLIMV SVMKMREP VERKI ERH VIGSZIV] LEW FIIR
WYTTSVXIH F] PEVKI WIGXSVW SJ XLI TYFPMG /IPPIVX IX EP
 ;MPPMEQW IX EP   (YVMRK  ERH  XLI
97 *MWL ERH ;MPHPMJI 7IVZMGI ERH 'EREHMER FMSPSKMWXW GET
XYVIH [SPZIW MR [IWXIVR 'EREHE ERH VIMRXVSHYGIH XLIQ XS
=IPPS[WXSRI 2EXMSREP 4EVO ERH GIRXVEP -HELS 8LI VIMRXVS
HYGXMSR TVSKVEQ [EW WYGGIWWJYP *VMXXW IX EP  &ERKW
IX EP  
;SPZIW X]TMGEPP] TVI] SR EPP YRKYPEXI WTIGMIW [MXLMR
XLIMV HMWXVMFYXMSREP VERKI MRGPYHMRK HSQIWXMG ERMQEPW
[LIR XLI] EVI W]QTEXVMG =SYRK +SPHQER  1IGL
 1IVMKKM 0SZEVM   'SQTIXMXMSR FIX[IIR LY
QERW ERH [SPZIW JSV YRKYPEXIW MW ER ERGMIRX WXVYKKPI SVMK
MREXMRK [MXL LYRXIV WSGMIXMIW &S]H IX EP  3VMERW
IX EP  XLIR GSRXMRYMRK [MXL XLI HSQIWXMGEXMSR SJ
WSQI [MPH YRKYPEXIW /E]   8LI TSXIRXMEP JSV GSR
JPMGX FIX[IIR [SPZIW ERH LYQERW I\MWXW IWTIGMEPP] MR VY
VEP EVIEW [LIVI PMZIWXSGO TVSHYGXMSR MW E QENSV IGSRSQMG
EGXMZMX] 1IGL  1IGL IX EP   6IGIRX [SPJ VI
GSZIV] MR 2SVXL %QIVMGE LEW GSRXVMFYXIH XS [SPZIW QSZ
MRK MRXS WYGL VYVEP EVIEW 1IGL  &ERKW IX EP 
4EVWSRW  8VIZIW IX EP   [LIVI GSRJPMGXW ERH XLI
EWWSGMEXIH GSWXW SJ PMZIWXSGO TVSXIGXMSR ERH PIXLEP GSRXVSP
SJ [SPZIW EVI MRGVIEWMRK 1IGL  

7SQI RSRPIXLEP XIGLRMUYIW EVI EZEMPEFPI JSV QEREKMRK
TVIHEXMSR VMWO JVSQ [SPZIW +YEVH HSKW EVI YWIH IJJIG
XMZIP] MR )YVSTI ERH RSVXLIVR %WME [LIVI WLITLIVHW
ERH VERGLIVW [SVO HMVIGXP] [MXL XLI HSKW ,ERWIR
7QMXL  'MYGGM &SMXERM  7QMXL IX EP E
'STTMRKIV 'STTMRKIV   2SVXL %QIVMGER VERGLIVW
YWI KYEVH HSKW PIWW JVIUYIRXP] -R EHHMXMSR HSKW EVI SJXIR
PIJX EPSRI XS KYEVH PMZIWXSGO ERH WSQI IZMHIRGI WYKKIWXW
XLEX XLMW QEOIW KYEVH HSKW PIWW IJJMGMIRX %RHIPX ,STTIV
  *MREPP] [SPZIW GER OMPP HSKW JYVXLIV I\EGIVFEXMRK
RIKEXMZI LYQER EXXMXYHIW XS[EVH [SPZIW *VMXXW
4EYP
 /SNSPE /YMXXMRIR  8VIZIW IX EP   3XLIV
KYEVH ERMQEPW VIQEMR PEVKIP] YRXIWXIH EKEMRWX [SPZIW FYX
E JI[ ERIGHSXIW WYKKIWX PMXXPI FIRIJMX &ERKW
7LMZMO
 
%RSXLIV STXMSR VERGLIVW LEZI JSV GSRXVSPPMRK [SPJ
HITVIHEXMSR MW XS GSRWXVYGX WYFWXERXMEP FEVVMIVW SV IPIGXVMG
JIRGIW XS I\GPYHI [SPZIW JVSQ PMZIWXSGO 8LIWI FEVVMIVW
EVI SJXIR I\TIRWMZI ERH IPIGXVMG JIRGIW EVI X]TMGEPP] HMJ
JMGYPX XS QEMRXEMR +MTWSR 4EYP   3XLIV QIXLSHW
YWIH XS QEREKI HITVIHEXMSR MRZSPZI XVERWPSGEXMRK [SPZIW
JVSQ EVIEW SJ LMKL PMZIWXSGO TVSHYGXMSR XS VIQSXI EV
IEW *VMXXW IX EP  &ERKW IX EP  &ERKW 7LMZMO
  EZIVWMZI GSRHMXMSRMRK SJ [SPZIW XS PMZIWXSGO *VMXXW
IX EP   ERH [SPJ HIXIVVIRXW ERH VITIPPIRXW 8LIWI ET
TVSEGLIW EVI I\TIRWMZI ERH RSVQEPP] TVSZMHI SRP] XIQ
TSVEV] VIPMIJ JVSQ HITVIHEXMSR 0MRRIPP IX EP  7QMXL
IX EP F 
%PXIVREXMZIP] TVSHYGIVW SV KSZIVRQIRX EYXLSVMXMIW QE]
VIWSVX XS OMPPMRK [SPZIW *VMXXW IX EP  'PYJJ
1YVVE]  &ERKW IX EP  1IGL   0IXLEP GSR
XVSP MW WXVSRKP] STTSWIH F] PEVKI WIGXSVW SJ XLI TYFPMG
MR 'EREHE 7XVY^MO  ERH WSQI[LEX STTSWIH MR XLI
9RMXIH 7XEXIW ,EFIV  2EYKLXSR IX EP  ?XLMW
MWWYIA JSV ERMQEP [IPJEVI ERH IGSPSKMGEP VIEWSRW 3TTS
RIRXW XS [SPJ GSRXVSP EVKYI XLEX [SPZIW TPE] E TMZSXEP VSPI
MR REXYVEP IGSW]WXIQW 6MTTPI IX EP  .IHV^INI[WOM
IX EP  ERH XLEX GYVVIRX PIXLEPGSRXVSP TVEGXMGIW EVI
MRIJJIGXMZI ERH MRLYQERI &IVK  
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8LI XIGLRMUYI ORS[R EW JPEHV] 3OEVQE   MR
[LMGL JPEKW LERK JVSQ VSTIW WXVIXGLIH E WLSVX HMWXERGI
EFSZI XLI KVSYRH [EW XVEHMXMSREPP] YWIH XS LYRX [SPZIW
MR )EWXIVR )YVSTI ERH 6YWWME *PEHV] MW RSX IJJIGXMZI SR
SXLIV QEQQEPW 3OEVQE
.IHV^INI[WOM  7LMZMO
IX EP  ?XLMW MWWYIA  1YWMERM ERH :MWEPFIVKLM 
HSGYQIRXIH EZSMHERGI SJ JPEHV] F] GETXMZI [SPZIW ERH
HIWGVMFIH STXMQEP HIWMKR EXXVMFYXIW JSV IJJIGXMZIP] HIXIV
VMRK [SPZIW
,IVI [I HIWGVMFI XVIRHW MR [SPJ HITVIHEXMSR SR PMZI
WXSGO MR %PFIVXE 'EREHE HYVMRK XLI W ERH W
ERH GSQTEVI XLIQ [MXL XVIRHW MR -HELS 1SRXERE
ERH ;]SQMRK MR XLI 9RMXIH 7XEXIW HYVMRK §
;I VITSVX SR I\TIVMQIRXW XS IZEPYEXI XLI IJJIGXMZI
RIWW SJ JPEHV] JSV HIXIVVMRK [SPZIW JVSQ EGGIWWMRK JSSH
MR GETXMZMX] ERH MR XLI [MPH ERH JSV WITEVEXMRK WSGMEP
KVSYTW SJ [SPZIW MR GETXMZMX] *MREPP] [I HSGYQIRX XLI
YWI SJ JPEHV] FEVVMIVW MR JMIPH WMXYEXMSRW MR %PFIVXE ERH
-HELS JSV TVSXIGXMRK PMZIWXSGO JVSQ HITVIHEXMSR F] [MPH
[SPZIW

7XYH] %VIE
8LI WXYH] EVIE IRGSQTEWWIH TEVXW SJ XLI RSVXL[IWX
IVR 9RMXIH 7XEXIW¨XLI WXEXIW SJ -HELS 1SRXERE ERH
;]SQMRK¨ERH %PFIVXE 'EREHE -R XLMW VIKMSR LYQER
WIXXPIQIRXW ERH XS[RW EVI MRXIVWTIVWIH [MXL YRHIZIP
STIH EVIEW WSQI SJ [LMGL EVI TVSXIGXIH MR REXMSREP ERH
WXEXI SV TVSZMRGMEP TEVOW 3YXWMHI TVSXIGXIH EVIEW XLIVI
MW E QM\XYVI SJ TYFPMG ERH TVMZEXI PERHW MR [LMGL EKVM
GYPXYVI ERH JSVIWXV] EVI XLI QSWX MQTSVXERX PERH YWIW
8LVSYKLSYX XLI WXYH] EVIE PMZIWXSGO TVSHYGXMSR MW ER
MQTSVXERX IGSRSQMG EGXMZMX] SR TVMZEXI ERH TYFPMG KVE^
MRK PERHW 0EVKI TVIHEXSVW ERH QIWSTVIHEXSVW MRGPYHI XLI
KVM^^P] FIEV 9VWYW %VGXSW  FPEGO FIEV 9 EQIVMGERYW 
TYQE *IPMW GSRGSPSV  KVE] [SPJ JIVEP HSQIWXMG HSK
'ERMW HSQIWXMGYW  ERH GS]SXI 'ERMW PEXVERW  ;SPZIW
LEZI GSRXMRYSYWP] SGGYTMIH PEVKI EVIEW SJ %PFIVXE FYX
[IVI I\XMVTEXIH JVSQ QSWX SJ XLI 97 TSVXMSR SJ XLI
WXYH] EVIE MR XLI IEVP] W =SYRK +SPHQER  
-R  [SPZIW [IVI VIMRXVSHYGIH XS XLI 97 EVIE
2SVXL[IWXIVR 1SRXERE I\TIVMIRGIH E REXYVEP VIGSPS
RM^EXMSR SJ [SPZIW JVSQ 'EREHE -QTSVXERX [SPJ TVI]
WYGL EW XLI FMWSR &MWSR FMWSR  QSSWI %PGIW EPGIW 
IPO 'IVZYW 'EREHIRWMW  [LMXIXEMPIH HIIV 3HSGSMPIYW
ZMVKMRMERYW  QYPI HIIV 3HSGSMPIYW LIQMSRYW  ERH
TVSRKLSVR %RXMPSGETVE %QIVMGERE EVI JSYRH XLVSYKL
SYX XLI [SPJ¬W VERKI

1IXLSHW
(ITVIHEXMSR 8VIRHW
;I I\EQMRIH HEXE SR [SPJ HITVIHEXMSR GSPPIGXIH F] XLI
KSZIVRQIRX SJ %PFIVXE JSV XLI [LSPI TVSZMRGI JVSQ %TVMP
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 XS %TVMP  (EXE [IVI EZEMPEFPI WITEVEXIP] JSV
XLI IEWXIVR WPSTIW SJ XLI 6SGO] 1SYRXEMRW MR WSYXL[IWX
IVR %PFIVXE  OQ JSV XLI ]IEVW § 8LI
97 *MWL ERH ;MPHPMJI 7IVZMGI TVSZMHIH [SPJHITVIHEXMSR
HEXE ERH TSTYPEXMSR IWXMQEXIW JSV -HELS 1SRXERE ERH
;]SQMRK JVSQ  XS  (EXE MRGPYHIH HSQIWXMG
ERMQEPW XLEX YTSR MRWTIGXMSR F] KSZIVRQIRX SJJMGIVW
[IVI GSRJMVQIH EW FIMRK OMPPIH MRJSVQEXMSR EZEMPEFPI
JSV 'EREHE ERH XLI 9RMXIH 7XEXIW SV MRNYVIH EZEMPEFPI
JSV 'EREHE F] [SPZIW (EXE EPWS MRGPYHIH [SPZIW OMPPIH
F] KSZIVRQIRX EYXLSVMXMIW IRKEKIH MR HITVIHEXMSR QER
EKIQIRX 8LI HEXE JVSQ XLI 9RMXIH 7XEXIW ERH WSYXL
[IWXIVR %PFIVXE EPWS MRGPYHIH MRJSVQEXMSR SR [LIXLIV
XLI HSQIWXMGERMQEP OMPPMRK IZIRX SGGYVVIH SR TVMZEXI SV
TYFPMG PERH 'EREHMER KSZIVRQIRX SJJMGMEPW MHIRXMJMIH EKI
GPEWWIW SJ GEXXPI OMPPIH SV MRNYVIH F] [SPZIW MR WSYXL[IWX
IVR %PFIVXE EPXLSYKL XLI XSXEP RYQFIV SJ [SPZIW OMPPIH
XLIVI [EW RSX VIGSVHIH
(ITVIHEXMSR HEXE VITVIWIRX XLI QMRMQYQ RYQFIV SJ
ERMQEPW OMPPIH SV MRNYVIH -R VIQSXI EVIEW GEVGEWWIW SJ HS
QIWXMG ERMQEPW QE] RSX FI JSYRH SV QE] FI JSYRH EJXIV HI
GSQTSWMXMSR ERH WGEZIRKMRK TVIGPYHI EWWIWWQIRX SJ XLI
GEYWI SJ HIEXL &ERKW 7LMZMO   -R EHHMXMSR VERGL
IVW EVI RSX VIUYMVIH XS VITSVX HITVIHEXMSR IZIRXW YR
PIWW XLI] JMPI E GSQTIRWEXMSR GPEMQ JSV HEQEKI -R -HELS
1SRXERE ERH ;]SQMRK EPP GSRJMVQIH PSWWIW JVSQ [SPJ
HITVIHEXMSR QE] FI GSQTIRWEXIH 4LMPPMTW
7QMXL
  -R %PFIVXE GSQTIRWEXMSR TVSKVEQW EVI MR TPEGI
JSV PSWWIW SJ GEXXPI WLIIT LSKW KSEXW ERH FMWSR %PFIVXE
'SRWIVZEXMSR %WWSGMEXMSR   'SRWIUYIRXP] HEXE SR
PSWWIW SJ SXLIV PMZIWXSGO WYGL EW LSVWIW PEQEW ERH
EPTEGEW EVI WGEVGI -R XLI 9RMXIH 7XEXIW EPP [SPZIW OMPPIH
F] TISTPI QYWX FI VITSVXIH FYX SJXIR XLI] EVI RSX 8VIZIW
IX EP   -R %PFIVXE [SPZIW EVI GSRWMHIVIH E FMK KEQI
WTIGMIW ERH QE] FI PIKEPP] XEOIR F] LYRXIVW VITSVX
MRK RSX VIUYMVIH TVMSV XS  SV VIKMWXIVIH XVETTIVW
*MREPP] PERHS[RIVW GER OMPP [SPZIW MR %PFIVXE [MXLSYX VI
WXVMGXMSR SR XLIMV TVSTIVXMIW ERH [MXLMR  OQ SJ XLIMV
PERH ERH XLI] EVI RSX VIUYMVIH XS VITSVX XLI RYQFIV
OMPPIH
)\TIVMQIRXW SR 'ETXMZI ;SPZIW
(YVMRK  ERH  [I GSRHYGXIH  I\TIVMQIRXW
SR X[S [SPJ KVSYTW ERH XLVII WMRKPI EHYPX [SPZIW LSYWIH
MR JMZI 
 Q IRGPSWYVIW MR E GETXMZIFVIIHMRK JE
GMPMX] PSGEXIH MR 4STSPM %FVY^^S -XEP] 6MWIVZE 2EXYVEPI
1SRXI 6SXSRHS  3RI KVSYT GSRXEMRIH SRI QEPI SRI JI
QEPI ERH X[S TYTW 4YTW [IVI FSVR MR 1E]  ERH
XLIMV JEQMP] KVSYT [EW XIWXIH FIX[IIR 3GXSFIV  ERH
%TVMP  %RSXLIV KVSYT GSRXEMRIH SRI QEPI ERH SRI
JIQEPI 8LI [SPZIW [IVI JVSQ KIRIXMG WXSGO SVMKMREXMRK
JVSQ 7MFIVME &YPKEVME SV -XEP]
;I WIX YT JPEHV] JSPPS[MRK XLI QIXLSH SJ 1YWMERM ERH
:MWEPFIVKLM   4PEWXMG JPEKW QIEWYVMRK   GQ
[IVI WI[R EX GQ MRXIVZEPW SR E GQHMEQIXIV R]PSR
VSTI 8LI VSTI [EW WYWTIRHIH  GQ EFSZI XLI KVSYRH

1YWMERM IX EP

;SPJ (ITVIHEXMSR ERH *PEHV] &EVVMIVW



SR QIXEP VIFEV TSWXW TPEGIH EX Q MRXIVZEPW 8LI GSWX
JSV GSQQIVGMEPP] QERYJEGXYVIH JPEHV] [EW ETTVS\MQEXIP]
97Q
;I WXEVXIH I\TIVMQIRXW EVSYRH  LSYVW [MXL EX
PIEWX  HE]W FIX[IIR I\TIVMQIRXW -R IEGL XVMEP E JPEHV]
FEVVMIV [EW IVIGXIH XS HMZMHI XLI IRGPSWYVI MRXS X[S IUYEP
TEVXW )EGL I\TIVMQIRX GSRWMWXIH SJ XLVII TLEWIW MRGPYH
MRK E QMRYXI FEWIPMRI TIVMSH FEWIPMRI  E TIVMSH SJ
ZEV]MRK HYVEXMSR MR [LMGL E JPEHV] FEVVMIV [EW WIX FIX[IIR
[SPZIW ERH JSSH SV [EW YWIH XS WITEVEXI [SPZIW JVSQ
E GSQTERMSR ERH JSSH JPEHV] TLEWI  ERH E QMRYXI
TSWXJPEHV] TIVMSH 8LI JPEHV] FEVVMIVW [IVI WIX ERH VI
QSZIH F] XLI OIITIVW [LS [IVI WYTIVZMWIH F] SRI VI
WIEVGLIV %GGIWW XS XLI IRGPSWYVIW [EW PMQMXIH XS XLI OIIT
IVW ;SPZIW [IVI RSX LEFMXYEXIH XS MRXIVEGXMSRW [MXL XLI
TYFPMG %PP I\TIVMQIRXW [IVI ZMHISXETIH ('686:
(MKMXEP 'EQGSVHIV 7SR] [MXL MRJVEVIH IQMWWMSR YRMXW JSV
RSGXYVREP SFWIVZEXMSRW ,0:-6, 2MKLX 7LSX -RJVEVIH
)QMWWMSR 9RMX 7SR]  ERH I\TIVMQIRXW PEWXIH YT XS  HE]W
ERH RMKLXW 8LI VIGSVHMRK IUYMTQIRX [EW STIVEXIH F] XLI
VIWIEVGLIV ERH LSYWIH MR GEQSYJPEKIH XIRXW TIVQERIRXP]
IVIGXIH  Q E[E] JVSQ XLI IRGPSWYVIW
;I YWIH JPEHV] XS WITEVEXI E QEPI ERH E JIQEPI WS XLEX
XLI JIQEPI GSYPH FI XVIEXIH [MXL ER SVEP GSRXVEGITXMZI
JSV  GSRWIGYXMZI HE]W 8LI TMPP [EW LMHHIR MR JSSH QIEX
VEXMSR  8LI QEPI [SPJ [EW EPWS JIH HYVMRK XLMW TIVMSH
/IITIVW WITEVEXIH XLI TEMV F] PYVMRK XLIQ XS JSSH TVS
ZMHIH EW YWYEP EX X[S STTSWMXI WMHIW SJ XLI IRGPSWYVI
8LI] [IVI EFPI XS IVIGX JPEHV] MR  QMRYXIW *PEHV]
[EW VIQSZIH EJXIV XLI GSRXVEGITXMZI [EW GSRWYQIH X]T
MGEPP] [MXLMR  QMRYXIW
:MHISXETIW [IVI EREP]^IH X[MGI MR WPS[ QSXMSR F] +:
[LS VIGSVHIH SGGYVVIRGIW SJ [SPZIW GVSWWMRK XLI TS
WMXMSR SJ XLI JPEHV] PMRI HYVMRK EPP I\TIVMQIRXEP TLEWIW
%PWS VIGSVHIH [EW XLI HYVEXMSR SJ XLI JSPPS[MRK FILEZ
MSVW [SPJ PSGEXMSR [MXLMR X[S ^SRIW [MXLMR  Q SJ XLI
JPEHV] PMRI ERH FIX[IIR  ERH  Q SJ XLI JPEHV] PMRI 
WRMJJMRK ER SFNIGX SV XLI EMV ERH QSZMRK [EPOMRK XVSX
XMRK SV KEPPSTMRK  7RMJJMRK ERH QSZMRK FILEZMSVW [IVI
VIGSVHIH WITEVEXIP] [MXLMR X[S ^SRIW [MXLMR  Q SJ XLI
JPEHV] PMRI ERH FIX[IIR  ERH  Q SJ XLI JPEHV] PMRI  8LI
ZMHIS GEQIVE¬W ZMI[ [EW PMQMXIH XS  Q SR IMXLIV WMHI SJ
XLI JPEHV] PMRI WS [SPJ EGXMZMX] SYXWMHI XLIWI FSYRHW [EW
RSX VIGSVHIH

ERH JVIWL XVEGOW 8LI IRGPSWYVIW ERH ER EVIE YT XS  Q
WYVVSYRHMRK XLIQ [IVI GLIGOIH JSV [SPJ XVEGOW IZIV]
 LSYVW JSV  HE]W 8LI HE] TIVMSH [EW HMZMHIH
IUYEPP] MRXS FEWIPMRI JPEHV] ERH TSWXJPEHV] TLEWIW 3RI
VIWIEVGLIV SGGEWMSREPP] X[S GSRHYGXIH WYVZI]W SR JSSX
(YVMRK IEGL ZMWMX [I GLIGOIH JSV GSRWYQTXMSR SJ GEV
GEWWIW EX FEMXIH WMXIW ERH VIGSVHIH GEVGEWW GSRHMXMSR ;I
VITPIRMWLIH XLI GEVGEWW [MXL YRKYPEXI TEVXW MJ QSVI XLER
LEPJ SJ MX LEH FIIR GSRWYQIH 8IQTIVEXYVIW GSRWXERXP]
FIPS[ JVII^MRK TVIGPYHIH HIGSQTSWMXMSR ;I VIGSVHIH
SGGYVVIRGIW SJ [SPJ JIIHMRK EX FEMXW ERH XVEGOW MRHM
GEXMRK ETTVSEGLIW F] [SPZIW XS [MXLMR § Q SJ FEMX
IRGPSWYVIW

&EMX 7XEXMSR 8VMEPW

7XEXMWXMGEP %REP]WMW

-R %PFIVXE HYVMRK XLI [MRXIVW SJ  ERH  [I WIX
JPEHV] 
 Q EVSYRH X[S WMXIW [LIVI [I TVIZM
SYWP] LEH EXXVEGXIH [MPH [SPZIW XS JIIH SR [MPH YRKYPEXIW
XLEX [IVI EGGMHIRXEPP] OMPPIH MR GSPPMWMSRW [MXL ZILMGPIW
&EMX WMXIW [IVI PSGEXIH MR E TVSXIGXIH EVIE [LIVI PMZI
WXSGO [IVI RSX TVIWIRX 4IXIV 0SYKLIIH 4VSZMRGMEP 4EVO 
;IEXLIV GSRHMXMSRW ERH XLI GSRXMRYSYW TVIWIRGI SJ WRS[
EPPS[IH JSV XVEGOMRK SJ [SPZIW 7RS[ JIPP JVIUYIRXP] EP
PS[MRK YW XS HMWXMRKYMWL FIX[IIR SPH
 LSYVW SPH

(EXE EVI TVIWIRXIH EW XLI RYQFIV SJ SGGYVVIRGIW QIER
TIV WYFNIGX SV HYVEXMSR TIV LSYV
WXERHEVH HIZMEXMSR
7(  ;I YWIH EREP]WMW SJ ZEVMERGI %23:% ERH PIEWX
WUYEVIW WMQTPI PMRIEV VIKVIWWMSR XS XIWX GSVVIPEXMSR EQSRK
HEXE SR ]IEVP] SGGYVVIRGIW SJ HITVIHEXMSR [SPJ QSVXEP
MX] ERH [SPJ HIRWMX] 8LI GLMWUYEVI XIWX [EW YWIH XS
GSQTEVI JVIUYIRGMIW ;I XIWXIH HMJJIVIRGIW EQSRK XLI
XLVII I\TIVMQIRXEP TLEWIW EGVSWW MRHMZMHYEPW [MXL XLI
*VMIHQER XIWX ERH FIX[IIR TEMVW SJ TLEWIW [MXL XLI

8VMEPW SR 'EXXPI 4EWXYVIW
-R %PFIVXE HYVMRK XLI [MRXIVW SJ  ERH  [I WIX
JPEHV] EVSYRH X[S TEWXYVIW SJ ETTVS\MQEXIP]  LE IEGL
GSRXEMRMRK  GEXXPI 8LI JPEHV] FEVVMIV [EW TSWMXMSRIH
 Q SYXWMHI GSRZIRXMSREP FEVFIH[MVI PMZIWXSGO JIRGIW
[LMGL TVIZIRXIH GEXXPI JVSQ HEQEKMRK SV MRKIWXMRK XLI
JPEKW %W MR XLI FEMX WXEXMSR XVMEPW [I VIPMIH SR WRS[ XVEGO
MRK XS HIXIGX XLI ETTIEVERGI SJ [SPZIW MRWMHI SV SYXWMHI
XLI JPEHV] FEVVMIV ERH HMZMHIH XLI HE] TIVMSH IUYEPP]
MRXS FEWIPMRI JPEHV] ERH TSWXJPEHV] TLEWIW
-R -HELS HYVMRK XLI WYQQIV SJ  [I WIX ETTVS\
MQEXIP]  OQ SJ JPEHV] EVSYRH E LE VERGL GSRXEMR
MRK EPQSWX  GEXXPI *PEHV] [EW EXXEGLIH XS XLI I\MWX
MRK FEVFIH[MVI JIRGI XLEX WYVVSYRHIH XLI VERGL -R XLMW
WMXYEXMSR GEXXPI GSYPH HEQEKI SV MRKIWX WSQI JPEKW 8LI
[SPJ TEGO MR XLI EVIE GSRXEMRIH EX PIEWX JSYV MRHMZMHYEPW
XLEX LEH FIIR GETXYVIH ERH VEHMSGSPPEVIH :,* GSPPEVW
8IPSRMGW 1I^E %VM^SRE F] XLI 97 *MWL ERH ;MPHPMJI 7IV
ZMGI QSVI XLER  ]IEV TVMSV XS XLI I\TIVMQIRX 3RI SJ
XLIMV SFNIGXMZIW [EW XS QSRMXSV [SPJ QSZIQIRXW MR VIPE
XMSR XS HITVIHEXMSR SR PMZIWXSGO ;I QSRMXSVIH XLI GSP
PEVIH [SPZIW HEMP] [MXL VEHMSXIPIQIXV] JVSQ XLI KVSYRH
8LMW EPPS[IH YW XS HIXIVQMRI [LIXLIV QSRMXSVIH [SPZIW
IRXIVIH XLI VERGL ;I [EPOIH XLI IRXMVI JPEHV] PMRI XS
QEMRXEMR MX IZIV]  LSYVW ;I VIGSVHIH XLI RYQFIV SJ
HE]W JPEHV] [EW WIX FIJSVI [SPZIW GVSWWIH MX 'SRXVEV] XS
XLI JMIPH XVMEPW GSRHYGXIH MR 'EREHE WRS[ [EW RSX TVIWIRX
MR -HELS HYVMRK XLI I\TIVMQIRX %PP SXLIV IRZMVSRQIRXEP
ZEVMEFPIW [IVI WMQMPEV JSV XVMEPW GSRHYGXIH MR 'EREHE ERH
XLI 9RMXIH 7XEXIW

'SRWIVZEXMSR &MSPSK]
:SPYQI  2S  (IGIQFIV 



;SPJ (ITVIHEXMSR ERH *PEHV] &EVVMIVW

1YWMERM IX EP

;MPGS\SR WMKRIHVEROW XIWX %PP XIWXW [IVI X[SXEMPIH ERH
XLI WMKRMJMGERGI GYXSJJ [EW T 

6IWYPXW
(ITVIHEXMSR (EXE
-R %PFIVXE 'EREHE JVSQ %TVMP  XS %TVMP 
]IEV WIVMIW  ORS[R [SPJ HITVIHEXMSR VIWYPXIH MR 
HSQIWXMG ERMQEPW OMPPIH MRGPYHMRK GEXXPI   HSKW
  LSVWIW   WLIIT   ERH GLMGOIRW FMWSR KSEXW
KIIWI ERH XYVOI]W IEGL   (YVMRK XLMW TIVMSH KSZ
IVRQIRX EYXLSVMXMIW OMPPIH  [SPZIW XS QEREKI HITVIHE
XMSR -R -HELS 1SRXERE ERH ;]SQMRK JVSQ  XS 
 ]IEVW  [SPZIW OMPPIH  HSQIWXMG ERMQEPW MRGPYHMRK
WLIIT   GEXXPI   HSKW   ERH LSVWIW  
+SZIVRQIRX EYXLSVMXMIW OMPPIH  [SPZIW JSV HITVIHE
XMSR QEREKIQIRX 8LI VEXMS SJ [SPZIW OMPPIH TIV HSQIW
XMG ERMQEP HITVIHEXIH [EW LMKLIV MR 'EREHE XLEX MR XLI
9RMXIH 7XEXIW   T  
8LI RYQFIV SJ HSQIWXMG ERMQEPW OMPPIH F] [SPZIW MR
GVIEWIH MR XLI 9RMXIH 7XEXIW HYVMRK XLI WXYH] 6 
*  T  R   [LIVIEW MR 'EREHE MX HMH
RSX *MK   8LI RYQFIV SJ HSQIWXMG ERMQEPW OMPPIH IEGL
]IEV [EW GSVVIPEXIH [MXL [SPZIW OMPPIH F] KSZIVRQIRXW MR
FSXL GSYRXVMIW 6  *  T  R 
ERH 6  *  T  R  JSV 'EREHE
ERH XLI 9RMXIH 7XEXIW VIWTIGXMZIP]  -R XLI 9RMXIH 7XEXIW
[SPZIW MRGVIEWIH HYVMRK XLI WXYH] 6  * 
T  R   ERH EFYRHERGI [EW GSVVIPEXIH [MXL
XLI RYQFIV SJ HSQIWXMG ERMQEPW OMPPIH 6  *
 T  R  
)\TIVMQIRX [MXL 'ETXMZI ;SPZIW
(YVMRK  I\TIVMQIRXW GSRHYGXIH MR JMZI IRGPSWYVIW
JPEHV] FEVVMIVW [IVI IJJIGXMZI JSV YT XS  LSYVW MR I\GPYH
MRK GETXMZI [SPZIW R  JVSQ JSSH *PEHV] HMH RSX TVI
ZIRX X[S KVSYTW SJ [SPZIW JVSQ GVSWWMRK ERH VIYRMJ]MRK
HYVMRK XLVII WSGMEP WITEVEXMSR I\TIVMQIRXW MR [LMGL SRI
[SPJ LEH EGGIWW XS JSSH ERH SRI SV XLVII [SPZIW [IVI SR
XLI SXLIV WMHI SJ JPEHV] [MXLSYX JSSH 8EFPI   %JXIV JPEHV]
[EW VIQSZIH XLI RYQFIV SJ GVSWWMRKW FIX[IIR STTSWMXI
WMHIW SJ IRGPSWYVIW VIXYVRIH XS FEWIPMRI ZEPYIW &ILEZ
MSVEP EREP]WMW TIVJSVQIH SZIV XLI  I\TIVMQIRXW WLS[IH
XLEX [SPZIW WTIRX QSVI XMQI WRMJJMRK MR XLI JPEHV] ERH
TSWXJPEHV] TLEWIW XLER HYVMRK XLI FEWIPMRI  
T  R  FEWIPMRIJEHV] >  T 
R  FEWIPMRI§TSWXJPEHV] >
 T  R
  8LI TSWXJPEHV] TLEWI [EW GLEVEGXIVM^IH F] QSVI XMQI
WTIRX QSZMRK XLER [EW XLI JPEHV] TLEWI 

T  R  JPEHV]§TSWXJPEHV] >  T 
R   7RMJJMRK ERH QSZMRK FILEZMSVW [IVI GSRGIRXVEXIH
MR XLI EHNEGIRX EVIE [MXLMR  Q SR IMXLIV WMHI SJ XLI PSGE
XMSR SGGYTMIH F] JPEHV] (YVMRK XLI JPEHV] TLEWI [SPZIW

'SRWIVZEXMSR &MSPSK]
:SPYQI  2S  (IGIQFIV 

*MKYVI  8VIRHW MR [SPJ HITVIHEXMSR ERH [SPZIW OMPPIH
F] KSZIVRQIRX EYXLSVMXMIW XS VIHYGI HITVIHEXMSR MR
%PFIVXE 'EREHE ERH MR -HELS 1SRXERE ERH
;]SQMRK 9RMXIH 7XEXIW ;SPJ TSTYPEXMSR XVIRHW EVI
WLS[R JSV XLI 97 WXYH] EVIE
EZSMHIH XLI EVIE [MXLMR  Q SR IMXLIV WMHI SJ JPEHV]

 T
 R
 FEWIPMRI§JPEHV] >
 T  R  JPEHV]§TSWXJPEHV] >

T  R   8LVSYKLSYX XLI XLVII TLEWIW [SPZIW
[IVI IUYEPP] TVIWIRX [MXLMR  Q SJ XLI JPEHV] MR XLI
JPEHV] TLEWI *PEHV] EPWS EPPS[IH XIQTSVEV] WITEVEXMSR
 QMRYXIW SJ E TEMV SJ [SPZIW JSV EHQMRMWXIVMRK GSR
XVEGITXMZIW XS SRI SJ XLIQ [LMPI XLI SXLIV [SPJ VIGIMZIH
JSSH 8LMW TVSGIHYVI [EW VITIEXIH HEMP] JSV  GSRWIGYXMZI
HE]W JPEHV] [EW VIQSZIH EJXIV  QMRYXIW 
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8EFPI  -RHMZMHYEP SGGYVVIRGIW SJ GVSWWMRKW FIX[IIR STTSWMXI WMHIW SJ IRGPSWYVIW R
§E



 TIVJSVQIH F] RMRI [SPZIW MR 4STSPM %FVY^^S -XEP]

'VSWWMRKW
)\TIVMQIRX X]TI

-RHMZMHYEP GSHI F

3VHIV

FEWIPMRI

JPEHV] XMQI FIJSVI
JMVWX GVSWWMRK G

TSWXJPEHV]

QMRYXI JPEHV] TLEWI



; ; ; ;
; ; ; ;




RSRI
RSRI












; ; ; ;
; ; ; ;
; ; ; ;
;
;
;
;
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RSRI
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RSRI
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RSRI
RSRI
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RSRI

RSRI
RSRI
 LSYVW
 LSYVW

RSRI
RSRI

RSRI





 LSYVW
 QMRYXIW
 QMRYXIW





LSYV JPEHV] TLEWI

LSYV JPEHV] TLEWI



;
;






;
;
; ;
;





; ERH JSSH; ; ;
; ERH JSSH; ; ;
; ERH JSSH;

LSYV JPEHV] TLEWI

LSYV WITEVEXMSR JVSQ
JSSH ERH GSQTERMSR

E )EGL I\TIVMQIRX GSRWMWXIH SJ E QMRYXI FEWIPMRI TLEWI E JPEHV] TLEWI SJ ZEV]MRK HYVEXMSR MR [LMGL E JPEHV] FEVVMIV [EW WIX FIX[IIR [SPZIW
ERH JSSH I\TIVMQIRXW § SV XS WITEVEXI [SPZIW JVSQ E GSQTERMSR ERH JSSH I\TIVMQIRXW §  ERH E QMRYXI TSWXJPEHV] TLEWI
F %KI GPEWWIW ERH WI\ [IVI EW JSPPS[W ; EHYPX JIQEPI ; EHYPX QEPI ; ERH ; TYTW YRORS[R WI\ ; EHYPX JIQEPI ; EHYPX QEPI ;
EHYPX JIQEPI ; EHYPX QEPI ERH ; EHYPX JIQEPI
G 8LI JPEHV] TLEWI [EW WYWTIRHIH [LIRIZIV XLI JMVWX GVSWWMRK SGGYVVIH

&EMXIH 7XEXMSRW
-R WSYXL[IWXIVR %PFIVXE [I GSRHYGXIH JMIPH I\TIVMQIRXW
[MXL JPEHV] MR E VIKMSR [LIVI [SPZIW LEH OMPPIH 
HSQIWXMG ERMQEPW FIX[IIR  ERH  'EXXPI GSRWXM
XYXIH XLI QENSVMX] SJ OMPPW   *PEHV] MQTIHIH EGGIWW
F] [MPH [SPZIW XS Q FEMXIH WMXIW HYVMRK X[S HE]
XIWXW 8EFPI  
'EXXPI 4EWXYVIW
(YVMRK X[S HE] JMIPH XVMEPW MR [LMGL LE GEXXPI TEW
XYVIW [IVI IRGPSWIH [MXL JPEHV] [I HIXIGXIH  [SPJ ET
TVSEGLIW XS [MXLMR  Q SJ XLI FEVVMIVW SJ [LMGL  [IVI
[MXLMR  Q FYX XLIVI [IVI RS GVSWWMRKW ERH RS OMPPMRKW
8EFPI   ;SPZIW OMPPIH WIZIR GEXXPI MR XLI  QSRXLW FI
JSVI XLI XVMEPW ERH X[S GEXXPI MR XLI  QSRXLW EJXIV SR XLI
X[S TVSTIVXMIW [LIVI [I GSRHYGXIH XLI JPEHV] I\TIVM
QIRXW 2IMKLFSVMRK VERGLIW I\TIVMIRGIH PMZIWXSGO PSWWIW
HYI XS [SPZIW XLVSYKLSYX XLI TIVMSH SJ SYV I\TIVMQIRXW
-R -HELS VEHMSGSPPEVIH [SPZIW [IVI PSGEXIH HIRRMRK
[MXLMR E LE VERGL HYVMRK XLI WTVMRK SJ  (YV
MRK XLI WYQQIV SJ  [I WYVVSYRHIH XLI VERGL [MXL

JPEHV] FEVVMIVW [LMGL XLI [SPZIW GVSWWIH JVSQ XLI SYX
WMHI EJXIV  HE]W 8LI [SPZIW OMPPIH GEXXPI MR XLI IRGPSWIH
VERGL WSQI XMQI HYVMRK E LSYV TIVMSH -R VIWTSRWI
XS E GSQTPEMRX JVSQ XLI TVSHYGIV E LIPMGSTXIV [EW HMW
TEXGLIH XS OMPP XLI [SPZIW 8LI [SPZIW I\MXIH XLI IR
GPSWYVI [LIR GLEWIH F] XLI LIPMGSTXIV 7MQMPEV XS [LEX
[I SFWIVZIH MR %PFIVXE XLI [SPZIW OMPPIH PMZIWXSGO SR
RIMKLFSVMRK VERGLIW HYVMRK XLI I\TIVMQIRX 3RI SV X[S
VIWIEVGLIVW [EPOIH XLI JPEHV] PMRI XS QEMRXEMR MX IZIV]
 LSYVW 1EMRXIRERGI GSRWMWXIH SJ VITSWMXMSRMRK JPEKW
XLEX FIGEQI [VETTIH EVSYRH XLI I\MWXMRK FEVF[MVI JIRGI
XS [LMGL XLI JPEHV] PMRI [EW EXXEGLIH ERH VIETTP]MRK JPEKW
XLEX [IVI VIQSZIH F] GEXXPI 1EMRXIRERGI [EW RSX VI
UYMVIH JSV XLI %PFIVXE XVEMPW FIGEYWI JPEHV] [EW WIX SYXWMHI
XLI JIRGI GSRJMRMRK GEXXPI

(MWGYWWMSR
;SPJ(ITVIHEXMSR 8VIRHW MR ;IWXIVR 'EREHE
ERH 9RMXIH 7XEXIW
;SPJ HITVIHEXMSR SR HSQIWXMG ERMQEPW ZEVMIH FIX[IIR
XLI 9RMXIH 7XEXIW [LIVI WLIIT [IVI XLI TVMQEV]

'SRWIVZEXMSR &MSPSK]
:SPYQI  2S  (IGIQFIV 



;SPJ (ITVIHEXMSR ERH *PEHV] &EVVMIVW

1YWMERM IX EP

8EFPI  2YQFIV SJ ETTVSEGLIW F] [SPZIW ERH HITVIHEXMSR SV JIIHMRK F] [SPZIW SR GEXXPI SV FEMXW HYVMRK JPEHV] XVMEPW GSRHYGXIH MR WSYXL[IWXIVR
%PFIVXE 'EREHEE
&EWIPMRI
)\TIVMQIRX F

*PEHV] TLEWI

4SWXJPEHV]

ETTVSEGLIW

HITVIHEXMSR
SV JIIHMRK

ETTVSEGLIW

HITVIHEXMSR
SV JIIHMRK

ETTVSEGLIW

HITVIHEXMSR
SV JIIHMRK



















RSRI
RSRI
RSRI
RSRI
RSRI



RSRI
RSRI



RSRI
RSRI
RSRI


'EXXPI TEWXYVI G
'EXXPI TEWXYVI G
&EMX WMXI H
&EMX WMXI H
8SXEP

E 8VMEPW [IVI HMZMHIH MRXS XLVII HE]
F 'SRHYGXIH EX RSRSZIVPETTMRK XMQIW

TLEWIW MRGPYHMRK FEWIPMRI JPEHV] ERH TSWXJPEHV]

G LE EVIEW PSGEXIH  OQ ETEVX
H Q EVIEW PSGEXIH  OQ ETEVX

TVI] ERH 'EREHE [LIVI WLIIT [IVI XLI JSYVXL QSWX
HITVIHEXIH WTIGMIW 8LMW HMJJIVIRGI PMOIP] VIJPIGXW XLI VEV
MX] SJ WLIIT KVE^MRK SR TYFPMG PERHW MR 'EREHE [LIVI
XLI QENSVMX] SJ [SPJHITVIHEXMSR IZIRXW  SGGYVVIH
8LIVI EVI RS WLIIT KVE^IH SR TYFPMG HMWTSWMXMSRW MR XLI
JSVIWXIH EVIEW MR XLI WSYXL[IWXIVR GSVRIV SJ %PFIVXE 1SWX
WLIIT TVSHYGXMSR SGGYVW MR XLI WSYXLGIRXVEP ERH WSYXL
IEWXIVR EKVMGYPXYVEP EVIEW SJ %PFIVXE MR [LMGL XLIVI MW E
KVIEXIV TVSTSVXMSR SJ TVMZEXI PERH ERH ZMVXYEPP] RS [SPZIW
'EVF]R  ,E]IW +YRWSR  
'SRXVEV] XS XVIRHW MR 'EREHE MR XLI 9RMXIH 7XEXIW
XLI RYQFIV SJ [SPZIW OMPPIH F] TISTPI ERH XLI SGGYV
VIRGIW SJ [SPJ HITVIHEXMSRW EVI MRGVIEWMRK 8LIWI XVIRHW
EVI VIPEXIH XS GSRGYVVIRX MRGVIEWIW MR XLI [SPJ TSTY
PEXMSR MR XLI 9RMXIH 7XEXIW -RXIVIWXMRKP] XLI RYQFIVW
SJ HSQIWXMG ERMQEPW ERH [SPZIW OMPPIH [IVI WXVSRKP]
GSVVIPEXIH MR FSXL GSYRXVMIW -R 'EREHE LS[IZIV KSZ
IVRQIRX EYXLSVMXMIW OMPPIH QSVI [SPZIW XS QEREKI
HITVIHEXMSR
3YV HEXE SR XLI RYQFIV SJ [SPZIW OMPPIH F] KSZIVRQIRX
EYXLSVMXMIW MR VIPEXMSR XS XLI RYQFIV SJ HSQIWXMG ERMQEPW
OMPPIH F] [SPZIW QE] MRHMGEXI XLEX LYQER XSPIVERGI SJ
[SPZIW [EW KVIEXIV MR XLI 9RMXIH 7XEXIW  [SPZIW OMPPIH
JSV  HSQIWXMG ERMQEPW XLER MR 'EREHE  [SPZIW JSV
 HSQIWXMG ERMQEPW  8LMW QE] VIJPIGX HMJJIVIRGIW MR XLI
PIKEP WXEXYW SJ [SPZIW ERH XLI VIGIRX MRMXMEXMZI XS VIGSZIV
XLI [SPJ TSTYPEXMSR MR XLI [IWXIVR 9RMXIH 7XEXIW *VMXXW
IX EP  &ERKW IX EP   EW [IPP EW TSWMXMZI EXXM
XYHIW XS[EVH [SPZIW /IPPIVX IX EP  ;MPPMEQW IX EP
 2EYKLXSR IX EP  ?XLMW ZSPYQIA  -R %PFIVXE XLI
[SPJ MW RSX PMWXIH EW E XLVIEXIRIH WTIGMIW 'SQQMXXII SR
XLI 7XEXYW SJ )RHERKIVIH ;MPHPMJI MR 'EREHE   ERH
PIXLEP QEREKIQIRX MW TVEGXMGIH XS VIHYGI HITVIHEXMSR SR
PMZIWXSGO +YRWSR  'PYJJ 1YVVE]  ,E]IW
+YRWSR   -R -HELS 1SRXERE ERH ;]SQMRK EW MR
QSWX SXLIV 97 WXEXIW XLI JIHIVEP )RHERKIVIH 7TIGMIW
%GX LEW IJJIGXMZIP] TVSXIGXIH [SPZIW WMRGI  EPXLSYKL
WSQI MPPIKEP OMPPMRK LEW SGGYVVIH *YPPIV  8VIZIW
IX EP   -R EHHMXMSR XLI 97 KSZIVRQIRX OMPPW HITVI
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HEXMRK [SPZIW MR 1MRRIWSXE *VMXXW IX EP   8LI PEVKIV
TSTYPEXMSR WM^I ERH RSRIRHERKIVIH WXEXYW SJ [SPZIW MR %P
FIVXE SV 1MRRIWSXE XLER MR XLI RSVXL[IWXIVR 9RMXIH 7XEXIW
QMKLX EPPS[ JSV PIXLEP GSRXVSP [MXL PIWW VMWO XS TSTYPEXMSR
WYVZMZEP
;I JSVIGEWX XLEX MR XLI 9RMXIH 7XEXIW JYVXLIV MRGVIEWIW
MR [SPJ TSTYPEXMSR RYQFIVW [MPP FI EGGSQTERMIH F]
MRGVIEWIH HITVIHEXMSR SR HSQIWXMG ERMQEPW ERH WYFWI
UYIRXP] [MPP PIEH XS MRGVIEWIH HIQERHW JSV PIXLEP [SPJ
GSRXVSP -R %TVMP  XLI 97 *MWL ERH ;MPHPMJI 7IVZMGI
VIGPEWWMJMIH KVE] [SPJ TSTYPEXMSRW YRHIV XLI )RHERKIVIH
7TIGMIW %GX 97 *MWL ERH ;MPHPMJI 7IVZMGI   
8LI QSWX WMKRMJMGERX GLERKI MW XLI HS[RPMWXMRK SJ IRHER
KIVIH [SPJ TSTYPEXMSRW XS XLI XLVIEXIRIH GEXIKSV] MR XLI
GSRXIVQMRSYW 9RMXIH 7XEXIW 6IGPEWWMJMGEXMSR SJ [SPZIW EP
PS[W JSV QSVI JPI\MFMPMX] MR GSRXVSP F] JIHIVEP EKIRGMIW

*PEHV] )JJIGXMZIRIWW MR *SSH )\TIVMQIRXW
3YV I\TIVMQIRXW TVSZMHIH MRWMKLXW MRXS XLI GETEFMPMX] SJ
JPEHV] XS MRXIVJIVI [MXL [SPJ JSVEKMRK FILEZMSV 3YV VIWYPXW
HIQSRWXVEXIH XLEX JPEHV] MW IJJIGXMZI MR TVIZIRXMRK GETXMZI
[SPZIW JVSQ EGGIWWMRK JSSH JSV QSVI XLER  HE] SJ HITVM
ZEXMSR *PEHV] [EW RSX IJJIGXMZI [LIR MX SFWXVYGXIH EGGIWW
XS FSXL JSSH ERH KVSYT QIQFIVW 3YV VIWYPXW WYKKIWX XLEX
[SPJ EZSMHERGI SJ JPEHV] HIGVIEWIW [LIR JSSH EXXVEGXMSR MW
GSYTPIH [MXL XLI WXVIWW EWWSGMEXIH [MXL WSGMEP WITEVEXMSR
WIRWY 6YM^1MVERHE IX EP  8EVSY IX EP   7SGMEP
WITEVEXMSR SV JSSHHITVMZEXMSR WXMQYPM [IVI RSX WXVSRK
IRSYKL XS MRHYGI [SPZIW XS GVSWW JPEHV] 8LI EPXIVREXMZI
L]TSXLIWMW XLEX WITEVEXMSR WXVIWW ERH XLI JIEV SJ RSZIP
SFNIGXW &VSRWSR  MRLMFMXIH GVSWWMRKW VIQEMRW YR
I\EQMRIH 7SQI RSZIP FEVVMIVW SXLIV XLER JPEHV] ERHSV
XLI WGIRX PIJX F] VIWIEVGLIVW HS RSX MQTIHI [SPJ QSZI
QIRXW MR GETXMZMX] 1YWMERM :MWEPFIVKLM   *YVXLIV
VIWIEVGL MW RIIHIH XS HIXIVQMRI [LIXLIV SXLIV SFNIGXW
[MXL ZEVMSYW HIWMKR EXXVMFYXIW EVI GETEFPI SJ IJJIGXW WMQM
PEV XS XLSWI HIWGVMFIH JSV JPEHV]

1YWMERM IX EP

;SPJPSGEXMSR HEXE MRHMGEXIH EZSMHERGI SJ XLI Q EVIE
EHNEGIRX XS JPEHV] 8LMW FILEZMSV GSRJMVQW XLEX XLI [SPZIW
[IVI JIEVJYP SJ XLI WXVYGXYVI ;SPZIW GSRXMRYIH XS MRZIW
XMKEXI JPEHV] XLVSYKLSYX XLI XVMEPW LS[IZIV [LMGL [I MR
XIVTVIX EW XIWXMRK XLI WXVYGXYVI JSV STTSVXYRMXMIW XS GVSWW
MI WIEVGLMRK JSV TSWWMFPI FVIEOW SV MRXIVVYTXMSRW SJ XLI
FEVVMIV  3RGI JPEHV] [EW VIQSZIH [SPZIW EKEMR YWIH XLI
EVIE JSVQIVP] SGGYTMIH F] JPEHV] ERH MRGVIEWIH XLIMV VEXI
SJ QSZIQIRX XLIVI
*PEHV] [EW E YWIJYP XSSP JSV VIWXVMGXMRK QSZIQIRXW SJ
GETXMZI [SPZIW 4SWWMFPI ETTPMGEXMSRW MRGPYHI JVIUYIRXP]
YWIH TVEGXMGIW [MXL ^SS ERMQEPW WYGL EW WITEVEXMRK MRHM
ZMHYEPW JSV HMIX QEREKIQIRX 'SSO IX EP   WIPIGXMZI
FVIIHMRK 7GLVIMFIV IX EP   SV MRHMZMHYEP TLEVQEGS
PSKMGEP XVIEXQIRXW 3VXM^ IX EP   ?XLMW WXYH]A 
4VSXIGXMRK 0MZIWXSGO [MXL *PEHV]
3YV VIWYPXW [MXL FEMXIH WMXIW ERH GEXXPI TEWXYVIW MR %P
FIVXE WYKKIWX XLEX [MPH [SPZIW GER FI IJJIGXMZIP] I\GPYHIH
JSV EX PIEWX  HE]W JVSQ JSSH WSYVGIW ERH WQEPPIV EVIEW
 LE F] JPEHV] FEVVMIVW ,S[IZIV [I GSYPH RSX VYPI
SYX XLI EPXIVREXMZI L]TSXLIWMW XLEX XLI JIEV SJ RSZIPX]
&VSRWSR   GSYTPIH [MXL SYV TVIWIRGI [LMPI QSRM
XSVMRK XLI JPEHV] TIVMQIXIV I\IVXIH XLI IJJIGX
8LI IJJIGXMZIRIWW SJ JPEHV] JSV TVSXIGXMRK PEVKIV EVIEW MW
RSX YRHIVWXSSH EW [IPP EPXLSYKL SYV VIWYPXW JVSQ -HELS
LE VERGL MRHMGEXI JPEHV] QE] FI YWIJYP JSV TIVMSHW SJ
EX PIEWX  HE]W (YVMRK XLI XVMEP MR -HELS WSQI JPEHV] JPEKW
IMXLIV KSX [VETTIH EVSYRH XLI FEVFIH [MVI SR [LMGL
JPEHV] [EW EXXEGLIH SV [IVI TYPPIH SJJ F] GEXXPI 8LYW
JPEHV] [EW RSX HITPS]IH YRHIV STXMQEP HIWMKR GSRHMXMSRW
XLVSYKLSYX XLI TIVMQIXIV ,EMV WEQTPIW SR XLI FEVFIH
[MVI JIRGI MRHMGEXIH [SPZIW GSYPH LEZI GVSWWIH EX XLIWI
KETW -R EHHMXMSR XLI SHSV PIJX F] GEXXPI SR XLI JPEHV]
IUYMTQIRX GSYPH LEZI GSRJSYRHIH XLI VIWYPXW F] GSZIV
MRK LYQER SHSV SV F] EXXVEGXMRK [SPZIW 7YGL TVSFPIQW
HMH RSX SGGYV MR %PFIVXE FIGEYWI JPEHV] [EW WIX  Q SYX
WMHI I\MWXMRK GEXXPI JIRGIW 1YWMERM ERH :MWEPFIVKLM 
WLS[IH XLEX KETW SJ  Q FIX[IIR JPEHV] JPEKW IUYMZ
EPIRX XS VIQSZEP SJ NYWX SRI JPEK [IVI IRSYKL XS EPPS[
JSV [SPJ GVSWWMRK MR GETXMZMX] 1EMRXEMRMRK JPEHV] PMRIW MR
STXMQEP GSRHMXMSRW PMOIP] QE\MQM^IW XLI IJJIGXMZIRIWW SJ
XLI JPEHV] FYX HSMRK WS [MPP FI PSKMWXMGEPP] HMJJMGYPX SZIV E
PEVKI EVIE
(YVMRK SYV I\TIVMQIRXW [SPZIW OMPPIH GEXXPI SR RIMKL
FSVMRK VERGLIW MR FSXL %PFIVXE ERH -HELS ;I WTIGYPEXI
XLEX XLI TVIWIRGI SJ EZEMPEFPI TVI] SYXWMHI XLI JPEHV]
FSYRHEV] MW GVMXMGEP JSV IRLERGMRK MXW IJJIGXMZIRIWW -R TEV
XMGYPEV MJ [MPH TVI] MW WGEVGI JPEHV] QE] FI MRIJJIGXMZI
[LIR ETTPMIH SR PEVKI TVSTIVXMIW ERHSV SR WIZIVEP GSR
XMKYSYW TEWXYVIW 3TXMQEP JSVEKMRK XLISV] WYKKIWXW XLEX ER
ERMQEP [MPP QE\MQM^I MXW SZIVEPP RIX VEXI SJ IRIVK] KEMR F]
HITEVXMRK JVSQ E KMZIR VIWSYVGI TEXGL [LIR MXW RIX VEXI SJ
IRIVK] KEMR TVSJMXEFMPMX] MW VIHYGIH XS XLI PIZIP SV ZEPYI
SJ XLI RI\X QSWX TVSJMXEFPI TEXGL 'LEVRSZ  /MI
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 2SPIX   ;I WYKKIWX XLEX JPEHV] VIHYGIW TEXGL
TVSJMXEFMPMX] F] MRGVIEWMRK XLI XMQI MRZIWXIH MR XIWXMRK
TVI] ZYPRIVEFMPMX] 8LIVIJSVI [MPH [SPZIW WLSYPH PIEZI XS
WIIO EPXIVREXMZI TVI] ERH WLSYPH RSX VMWO GVSWWMRK JPEHV]
-R GETXMZMX] [SPZIW ETTIEV XS FI [MPPMRK XS VMWO GVSWWMRK
JPEHV] SRP] EJXIV ER I\XIRHIH TIVMSH SJ JSSH HITVMZEXMSR
 LSYVW  8LI PMQMXIH HYVEXMSR SJ JPEHV]¬W IJJIGXMZIRIWW
MR GETXMZMX] WYKKIWXW MX [SYPH EPWS FI SRP] XIQTSVEVMP] IJ
JIGXMZI JSV XLI QEREKIQIRX SJ [SPZIW MR REXYVI
3YV HEXE SR [SPJ HITVIHEXMSR ERH QEREKIQIRX EGXMSRW
XS VIQSZI [SPZIW MRHMGEXI XLEX TVSXIGXMRK HSQIWXMG ER
MQEPW JVSQ [SPZIW QMKLX VIHYGI XLI RIGIWWMX] SJ OMPPMRK
[SPZIW EW E QEREKIQIRX VIWTSRWI /MPPMRK SJ [SPZIW MW E
GSRGIVR MR EVIEW [LIVI [SPZIW EVI XLVIEXIRIH SV IRHER
KIVIH ,MPXSR8E]PSV  SV [LIVI XLIMV WSGMEP FILEZ
MSV MW FIMRK WXYHMIH ,EFIV   -R FSXL XLI )YVEWMER
ERH 2SVXL %QIVMGER VERKIW SJ XLI [SPJ TVSKVEQW EVI MR
TPEGI MR ZEVMSYW NYVMWHMGXMSRW MRGPYHMRK SYV WXYH] EVIE
XS GSQTIRWEXI PMZIWXSGO TVSHYGIVW JSV IGSRSQMG PSWWIW
GEYWIH F] [SPJ HITVIHEXMSR +YRWSR  'MYGGM
&SMXERM  4LMPPMTW 7QMXL  %PFIVXE 'SRWIVZE
XMSR %WWSGMEXMSR  8VIZIW IX EP   -R WTMXI SJ XLMW
GSQTIRWEXMSR QE] RSX FI WSGMEPP] ERH IGSRSQMGEPP] WYW
XEMREFPI MR XLI PSRK XIVQ 'SWXW QE] MRGVIEWI FIGEYWI
SJ EFERHSRQIRX SJ TVIZIRXMZI LYWFERHV] TVEGXMGIW ERH
GSQQYRMXMIW QE] VIJYWI XS FIEV MRGVIEWIH GSWXW 1IGL
  8LIVIJSVI WSQI EYXLSVW WYKKIWX XLEX GSQTIRWE
XMSR TVSKVEQW WLSYPH FI HIWMKRIH MR GSQFMREXMSR [MXL
MRGIRXMZIW XS IRGSYVEKI TVIZIRXMZI QEREKIQIRX 'S^^E
IX EP  4SYPPI IX EP  'MYGGM &SMXERM   %
TVIZEPIRX WSGMIXEP KSEP MW XS QEOI ZEPYIW WYGL EW PMZIWXSGO
TVSHYGXMSR PIWW EGGIWWMFPI XS GEVRMZSVIW *PEHV] GSYPH
TPE] E VSPI EQSRK XLI PMQMXIH WIX SJ TVIZIRXMZI QIEWYVIW
EZEMPEFPI ERH SJJIVW E GSWXIJJIGXMZI QMXMKEXMSR XSSP JSV
XLI TVSFPIQ SJ [SPJ HITVIHEXMSR SR PMZIWXSGO SR E PSGEP
WGEPI
3YV VIWYPXW MRHMGEXI XLEX JPEHV] MW YWIJYP JSV XIQTSVEV
MP] TVSXIGXMRK PMZIWXSGO JVSQ [SPZIW [LIR PMZIWXSGO MW
OITX MR WQEPP TEWXYVIW 0MZIWXSGO MW JVIUYIRXP] GSRJMRIH
MR WYGL TEWXYVIW JSV GEPZMRK PEQFMRK *VMXXW IX EP  
SZIVRMKLX LSPHMRK +MTWSR
4EYP   SV VSXEXMSREP
KVE^MRK ,IEH]   ;I VIGSQQIRH XLEX JYVXLIV VI
WIEVGL FI GSRHYGXIH FIJSVI ETTP]MRK JPEHV] SR E PEVKI
WGEPI 2SZIP SFNIGXW SXLIV XLER JPEHV] WLSYPH FI XIWXIH
XS GSQTEVI XLIMV IJJMGEG] ERH GSWXIJJIGXMZIRIWW -R EH
HMXMSR JMIPH I\TIVMQIRXW WLSYPH FI GSRHYGXIH MR [LMGL
JPEHV] ERH SXLIV SFNIGXW EVI XIWXIH [MXLSYX VIWIEVGLIVW
QSRMXSVMRK XLI WXVYGXYVIW SR JSSX¨[MXL ZMHIS GEQIVEW
JSV I\EQTPI 6IQSXI QSRMXSVMRK [SYPH EPPS[ JSV HMWXMR
KYMWLMRK FIX[IIR EZSMHERGI SJ TISTPI ERH EZSMHERGI SJ
JPEHV] 3XLIV ZEVMEFPIW VIQEMRMRK XS FI XIWXIH MRGPYHI LE
FMXYEXMSR XS JPEHV] MR XLI PSRK XIVQ ERH XLI MRJPYIRGI
SJ EPXIVREXMZI TVI] EFYRHERGI MR XLI XIWX EVIE *MREPP]
JPEHV] QMKLX EJJIGX [SPJ WYVZMZEP F] QEOMRK HSQIWXMG JSSH
WSYVGIW YREZEMPEFPI SV F] JSVGMRK [SPZIW XS YWI WYFSTXM
QEP LEFMXEX
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%GORS[PIHKQIRXW
;I EGORS[PIHKI XLI LIPT SJ XLI VERGLMRK GSQQYRMX]
SJ %PFIVXE ERH -HELS XLI %PFIVXE 'EXXPI 'SQQMWWMSR
%PFIVXE 7YWXEMREFPI 6IWSYVGI (IZIPSTQIRX 76( ERH
'SQQYRMX] (IZIPSTQIRX '(  XLI 2EXMSREP ;MPHPMJI
6IWIEVGL 'IRXIV SJ XLI 97 (ITEVXQIRX SJ %KVMGYPXYVI
;MPHPMJI 7IVZMGIW XLI 9 7 *MWL ERH ;MPHPMJI 7IVZMGI 0MWE
%VWIREYPX ) &ERKW 7 &IVXSPPS ' &IVKQER . &I[W
0 &VEHPI] 6 &V]ERX ) ERH * 'SMRIV 7 (¬%PIWWMS 7
(SRIPSR . *SRXEMRI ' ,EKYI 7 ,E[IW ( ERH 0
+PEMWXIV 1 +SMRK + ,SJJQER 1 .MQIRI^ 0 .SRIW .
.SVKIRWSR 8 /EQMRWO] 7 0EZIVX] ' 1EGO 8 1EGO 8
1IMIV 1 1EMR ' 2MIQI]IV / 3PGLS[] 8 4EVXIPPS
' 4S[IPP 1 6YPPM + 7EVKIRX ) 7YVVMHKI ERH 6
;MPPMEQWSR ;SPJ TSTYPEXMSR ERH HITVIHEXMSR WXEXMWXMGW
[IVI SFXEMRIH XLVSYKL %PFIVXE 76( ERH '( ERH XLI 97
*MWL ERH ;MPHPMJI 7IVZMGI XLI 2I^ 4IVGI 8VMFI XLI 97
2EXMSREP 4EVO 7IVZMGI ERH XLI 97 (ITEVXQIRX SJ %KVM
GYPXYVI ;MPHPMJI 7IVZMGI ;I EGORS[PIHKI WYTTSVX JVSQ
XLI %PFIVXE 'SRWIVZEXMSR %WWSGMEXMSR %PFIVXE 'SQQY
RMX] 0SXXIVMIW *YRH %PFIVXE )GSXVYWX 'EPKEV] *SYRHEXMSR
'EPKEV] >SS (IJIRHIVW SJ ;MPHPMJI ,YQERI 7SGMIX] SJ
XLI 9RMXIH 7XEXIW /IRHEPP *SYRHEXMSR 7LIPP )RZMVSRQIRX
*YRH 7YQQIVPII *SYRHEXMSR 8SVSRXS (SQMRMSR *VMIRHW
SJ XLI )RZMVSRQIRX ;MPFYVJSVGI *SYRHEXMSR ERH =XS=
11 [EW WYTTSVXIH F] ,SRSYVEV] /MPPEQ 2EXMSREP 7GM
IRGIW ERH )RKMRIIVMRK 6IWIEVGL 'SYRGMP SJ 'EREHE ERH
'SRWMKPMS 2E^MSREPI HIPPI 6MGIVGLI -XEP] ;I EGORS[P
IHKI % 8VIZIW / 9PPEW /EVERXL XLI 'IRXIV JSV %TTPMIH
&MSHMZIVWMX] 7GMIRGI ERH 'SRWIVZEXMSR -RXIVREXMSREP JSV
SVKERM^MRK XLI W]QTSWMYQ ©,YQER'EVRMZSVI GSRJPMGX
0SGEP 7SPYXMSRW [MXL +PSFEP %TTPMGEXMSRWª LIPH EX XLI
XL ERRYEP QIIXMRK SJ XLI 7SGMIX] JSV 'SRWIVZEXMSR &MSP
SK] ;I EVI KVEXIJYP XS ' 4VSQFIVKIV ERH ER ERSR]QSYW
VIZMI[IV JSV XLIMV WYKKIWXMSRW JSV XLI QERYWGVMTX
0MXIVEXYVI 'MXIH
%PFIVXE 'SRWIVZEXMSR %WWSGMEXMSR %'%    ERRYEP VI
TSVX %'% )HQSRXSR %PFIVXE %ZEMPEFPI JVSQ LXXT[[[EF
GSRWIVZEXMSRGSQ]SYVHSPPEVWEX[SVOERRYEPVITSVX EGGIWWIH 7IT
XIQFIV  
%RHIPX ; * ERH 7 2 ,STTIV  0MZIWXSGO KYEVH HSKW VIHYGI TVIHE
XMSR SR HSQIWXMG WLIIT MR 'SPSVEHS .SYVREP SJ 6ERKI 1EREKIQIRX
§
&ERKW ) ERH . 7LMZMO  1EREKMRK [SPJ GSRJPMGX [MXL PMZIWXSGO
MR XLI RSVXL[IWXIVR 9RMXIH 7XEXIW 'EVRMZSVI (EQEKI 4VIZIRXMSR
2I[W §
&ERKW ) ) 7 , *VMXXW . % *SRXEMRI ( ; 7QMXL / 1 1YVTL] '
1 1EGO ERH ' ' 2MIQI]IV  7XEXYW SJ KVE] [SPJ VIWXSVEXMSR
MR 1SRXERE -HELS ERH ;]SQMRK ;MPHPMJI 7SGMIX] &YPPIXMR §

&IVK / %  8LI JYXYVI SJ XLI [SPJ MR 1MRRIWSXE GSRXVSP WTSVX
SV TVSXIGXMSR# 4EKIW § MR 4VSGIIHMRKW SJ XLI (IJIRHIVW SJ
;MPHPMJI¬W VIWXSVMRK XLI [SPJ GSRJIVIRGI (IJIRHIVW SJ ;MPHPMJI
;EWLMRKXSR ('
&S]H ( / 6 6 6IEQ ( , 4PIXWGLIV ERH 1 ; *EMVGLMPH  4VI]
XEOIR F] GSPSRM^MRK [SPZIW ERH LYRXIVW MR XLI +PEGMIV2EXMSREP4EVO
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1YWMERM IX EP
EVIE .SYVREP SJ ;MPHPMJI 1EREKIQIRX §
&VSRWSR + ;  8LI JIEV SJ RSZIPX] 4W]GLSPSKMGEP &YPPIXMR §

'EVF]R 0 2  ;SPZIW MR 'EREHE ERH %PEWOE XLIMV WXEXYW FMSPSK]
ERH QEREKIQIRX 6ITSVX WIVMIW  'EREHMER ;MPHPMJI 7IVZMGI 3X
XE[E
'LEVRSZ ) 0  3TXMQEP JSVEKMRK XLI QEVKMREP ZEPYI XLISVIQ
8LISVIXMGEP 4STYPEXMSR &MSPSK] §
'MYGGM 4 ERH 0 &SMXERM  ;SPJ ERH HSK HITVIHEXMSR SR PMZIWXSGO
MR GIRXVEP -XEP] ;MPHPMJI 7SGMIX] &YPPIXMR §
'PYJJ , ( ERH ( 0 1YVVE]  6IZMI[ SJ [SPJ GSRXVSP QIXLSHW
MR 2SVXL %QIVMGE 4EKIW § MR0 2 'EVF]R 7 , *VMXXW ERH (
6 7IMT IHMXSVW )GSPSK] ERH GSRWIVZEXMSR SJ [SPZIW MR E GLERKMRK
[SVPH 3GGEWMSREP TYFPMGEXMSR  'EREHMER 'MVGYQTSPEV -RWXMXYXI
9RMZIVWMX] SJ %PFIVXE )HQSRXSR
'SQQMXXII SR XLI 7XEXYW SJ )RHERKIVIH ;MPHPMJI MR 'EREHE  'ERE
HMER WTIGMIW EX VMWO +SZIVRQIRX SJ 'EREHE 3XXE[E 3RXEVMS %ZEMP
EFPI JVSQ LXXT[[[GSWI[MGKGGEGSWI[MGGSWI[MGPMWXTHJ EG
GIWWIH 7ITXIQFIV  
'SSO 6 ' ( 0 1YVVE] . + 'SSO 4 >EKIV ERH 7 1SRJSVX 
2YXVMXMSREP MRJPYIRGIW SR FVIIHMRK H]REQMGW MR IPO 'EREHMER .SYVREP
SJ >SSPSK] §
'STTMRKIV 6 ERH 0 'STTMRKIV  (SKW E RI[ YRHIVWXERHMRK SJ
GERMRI SVMKMR FILEZMSV ERH IZSPYXMSR 8LI 9RMZIVWMX] SJ 'LMGEKS
4VIWW 'LMGEKS
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Abstract
Remedial sport hunting of predators is often used to reduce predator populations and associated complaints and livestock
depredations. We assessed the effects of remedial sport hunting on reducing cougar complaints and livestock depredations
in Washington from 2005 to 2010 (6 years). The number of complaints, livestock depredations, cougars harvested, estimated
cougar populations, human population and livestock populations were calculated for all 39 counties and 136 GMUs (game
management units) in Washington. The data was then analyzed using a negative binomial generalized linear model to test
for the expected negative relationship between the number of complaints and depredations in the current year with the
number of cougars harvested the previous year. As expected, we found that complaints and depredations were positively
associated with human population, livestock population, and cougar population. However, contrary to expectations we
found that complaints and depredations were most strongly associated with cougars harvested the previous year. The odds
of increased complaints and livestock depredations increased dramatically (36 to 240%) with increased cougar harvest. We
suggest that increased young male immigration, social disruption of cougar populations, and associated changes in space
use by cougars - caused by increased hunting resulted in the increased complaints and livestock depredations. Widespread
indiscriminate hunting does not appear to be an effective preventative and remedial method for reducing predator
complaints and livestock depredations.
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these management plans based their cougar population estimates
and harvest objectives solely (e.g. Washington Department of Fish
and Wildlife until 2012) or in part on the number of complaints
and depredations [10,11,12,13,14]. In Washington, as the number
of complaints increased, the hunter effort and opportunity
increased through lengthened seasons and higher bag limits - in
response to what was thought to be a rapidly growing cougar
population [10].
However, contrary to the public perception of increasing cougar
populations, several areas with increasing numbers of complaints
and depredations corresponded with declining female cougar
populations and increasing male populations [2,15]. Heavy
hunting (.25% per year) caused the female population growth
rate to decline [2,15]. However, compensatory immigration [15]
and emigration [16] by mostly males resulted in a stable observed
growth rate with no net change in total cougar population size.
Heavy remedial hunting of cougars simply changed the population
age-sex structure towards younger immigrant male cougars in a
source-sink dynamic [16]. The same phenomenon of increased
male immigration and female decline with no net change in total
numbers following increased hunting was also observed in grizzly
bears populations [17,18,19]. These results suggest that remedial
sport hunting might not reduce cougar (and other carnivore)
populations and associated complaints and livestock depredations.
In this paper we test the widely accepted hypothesis that increased

Introduction
Sport hunting is often used as a preventative or remedial
measure to reduce carnivores and related human complaints and/
or livestock depredations for many predators including, brown
bears (Ursus arctos arctos) [1], cougars (Puma concolor) [2], grizzly
bears (Ursus arctos horribilus) [3], jaguars (Panthera onca) [4], leopards
(Panthera pardus) [5], lions (Panthera leo) [6], and others [7]. However,
to our knowledge, the assumption that increased sport hunting
reduces complaints and depredations has not been scientifically
tested as yet [7].
For example, cougars (our model animal) have one of the
broadest distributions of any mammal in the Western Hemisphere
with a range that includes much of the North and South American
continents [8]. This large, solitary carnivore is highly adaptable
and occupies a wide variety of habitats [9]. Following European
colonization of the Americas, their populations and range were
diminished due to extensive harvest and population control
through bounties - because cougars were often viewed as
unacceptable threats to life and property [8].
After the bounty era ended cougars were still often viewed as
potential threats to life and property. This view led to state
management plans in the United States that were focused on
reducing cougar populations to decrease cougar-human interactions primarily through increased sport hunting [10]. Many of
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Table 1. Total reports collected for all 39 counties in Washington between Jan. 2005–May 2010.

Year

Verified Reports

Total Reports

Livestock Depredation

Total Depredation

2005
2006

114

743

28

38

88

581

32

42

2007

73

418

27

37

2008

63

408

30

34

2009

63

426

36

39

2010

31

110

13

19

doi:10.1371/journal.pone.0079713.t001

sport hunting will decrease cougar complaints and depredations in
a large scale (statewide) long-term (6 years) observational
experiment. The ‘‘remedial hunting’’ hypothesis predicts that
complaints and livestock depredations will decrease following
increased sport hunting. The ‘‘source-sink’’ hypothesis predicts
that complaints and livestock depredations will remain stable, or
even increase [2], following increased sport hunting.

complaints. We also collected data on numbers of livestock and
numbers of cougars because these should be positively related to
numbers of depredations.
Finally, we collected data on numbers of cougars killed because
these should be negatively related to the number of both
complaints and depredations, according to the remedial hunting
hypothesis.

Methods

Complaints and Depredations
We obtained the total number of cougar complaints from the
Washington Department of Fish and Wildlife’s Cougar Incident
Database and categorized them based on the confidence level
determined by agency staff (verified, possible, and unlikely).
Verified cougar complaints and depredations were investigated
and confirmed by Washington Department of Fish and Wildlife
(WDFW) officers and only verified complaints were used in this
analysis. Possible and unlikely complaints were not investigated or
confirmed by WDFW officers and thus were not used in the
analysis because those types of complaints (phone calls, verbal
reports) could not be verified and appeared to be driven by sociopolitical, not biological factors [21,23]. Depredation events
consisted of attacks or killings of domestic livestock and pets
(Canis lupus familiaris, Felis catus) confirmed by WDFW officers. We
refer to all depredations on domestic animals as ‘‘livestock
depredations.’’ We compiled the tallies for all 39 counties and
136 GMUs, in Washington for the six year time series (2005–
2010), and removed all blank and duplicate cougar complaints.

Study Area
The state of Washington encompasses approximately
172,111 km2 with natural regions ranging from a sea level coastal
temperate rainforest to the Cascade mountain range to the
Palouse prairie [20]. Cougars inhabited approximately 61% of the
land mass of the state [21].
The Cascade Range reaches elevations of 4,395 m and divides
the state into two distinct climate regions. The areas west of the
Cascades have a temperate maritime climate characterized by
mild wet winters and cool summers [22]. Average temperatures in
the western regions of Washington range from 0uC in January to
above 16uC in July. The areas east of the Cascade mountain range
have a much drier climate with hot summers and much colder
winters. Average temperatures in eastern Washington range from
218uC in January to 32uC in July. Forest vegetation covers
approximately 51% of the total land area of Washington with the
majority of forested regions located in the mountainous sections of
Western and Northeastern Washington [22].

Cougar Populations
Data Collection

We estimated the expected cougar population size for each
county and GMU (game management unit) using an adult density
of 1.7/100 km2 and a total density of 3.5/100 km2 for all cougar

We collected data on numbers of people and numbers of
cougars because these should be positively related to numbers of

Table 2. Basic descriptive statistics for county-level data from Washington, 2005–2010. Statistics shown are for the number of
reports in each county for each year.

Factor

Minimum

Maximum

Range

Arithmetic
Mean

Standard
Error

95% Confidence
Interval

Standard
Deviation

Verified Reports

0

28

28

1.846

0.211

1.429–2.263

3.235

Livestock Depredations 0

11

11

0.709

0.105

0.503–0.916

1.602

Total Depredations

0

12

12

0.889

0.122

0.648–1.130

1.870

Population

2091

1931249

1929158

166894.551

21461.009

124612.122–209176.981

328290.305

Habitat (km2)

190.447

11357.910

11167.463

2679.532

150

2384.002–2975.062

2294.562

Deer Sized Livestock

1549

139244

137695

18925.333

1555.954

15859.796–21990.871

23801.526

Small Sized Livestock

20

1510438

1510418

61626.205

16455.393

29205.828–94046.582

251719.109

doi:10.1371/journal.pone.0079713.t002
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Table 3. Summary of best county-level model outputs.

Dependent variable

Independent
Variable

Estimated
Coefficient

Null Deviance

Residual
Deviance

AIC

Standard Error

Verified Reports

Year

20.248

337.30

228.09

761.68

0.178

Cougar population

0.0084

Human population

1.78961022

226.31

162.28

476.86

0.139

Cougar population

4.3661022

Large livestock

2.33661024
258.05

176.97

533.53

0.159

Livestock Depredations

Total Depredations

Human population

1.58361022

Cougar population

4.13761022

Large livestock

2.17661024

doi:10.1371/journal.pone.0079713.t003

habitat in Washington [21]. These estimates are for animals .2
years of age and were based on long term (1998–2013) replicated
(6 study areas) research studies throughout the state, which showed
little or no variation in density regardless of location, time or level
of harvest [16,21].

Cougars Harvested
We obtained the number of cougars harvested through sport
harvest in each GMU each year from the Washington Department
of Fish and Wildlife’s Game Harvest Report Database (http://
wdfw.wa.gov/hunting/harvest/). The numbers of cougars harvested across the state were only available by GMU and the
boundaries were not consistent with the county boundaries so we
could not use harvest in the county level analysis.
Because cougar harvest management is based on adult (.2 year
old) density (1.7/100 km2) in Washington (WA) [21], we
calculated the proportion of cougars harvested in each GMU by
taking the number of cougars harvested by sport hunters divided
by the number of adult cougars estimated to be on the landscape
for that GMU. We did not analyze the effects of depredation
removals by WDFW personnel separately, because such livestock
depredations were handled by issuing additional hunting permits
to the landowner (allowing the use of tracking hounds) in response
to the depredation [10].

Human Population
The number of people in each county and GMU during each
year was obtained from the United States Census Bureau Quick
Facts (2010). We converted the census data from census block
polygons into centroids with the number of people per census
block [23]. We then used a spatial join in ArcMap 9.3 to
determine the number of people per GMU and calculated density
by dividing by the area of each GMU (GMU mean
area = 1232.62 km2, standard deviation = 1103.55 km2).

Livestock Numbers
The numbers of livestock were obtained from the United States
Department of Agriculture National Agricultural Statistics Service
for each county in Washington during 2005–2010 [24]. We tallied
the livestock numbers and placed them into two categories for
each county: large or deer-sized livestock and small livestock. The
category for large or deer sized livestock consisted of alpacas
(Vigugna pacos), llamas (Lama glama), cattle (Bos primigenius), equine
(Equus caballus), goats (Capra aegagrus), hogs (Sus scrofa) and sheep
(Ovis aries). Small livestock consisted of chickens (Gallus gallus
domesticus), ducks (family Anatidae), geese (genus Anser), pheasants
(Phasianus colchicus), and turkeys (Meleagris gallopavo). The numbers of
livestock across the state were only available in summary form for
each county and the boundaries were not consistent with GMUsso we could only use livestock in the county-level analysis.

Data Analysis
Statistical analysis. We used a negative binomial general
linearized model to assess the relationship between verified reports
and county- and GMU-level factors. The negative binomial error
distribution was used rather than a Poisson error distribution to
analyze our frequency data (complaints, depredations) because our
dependent variables consisted of 0 to positive integer count data
with a variance exceeding the mean [25]. A negative binomial
general linearized model is appropriate for this type of overdispersed count data with numerous zeros. We also tested a zeroinflated negative binomial model, which estimates regression
coefficients for two components: one modeling the response

Table 4. Total reports collected for all 136 GMUs in Washington from January 2005 to May 2010.

Year

Verified Reports

Total Reports

Livestock Depredation

Total Depredation

Cougars Harvested

2005

111

674

28

37

182

2006

86

569

32

41

199

2007

72

416

28

38

198

2008

61

398

28

31

188

2009

63

416

37

40

140

2010

30

106

13

19

161

*107 total reports and 9 verified reports removed because no GMU was listed in the complaint.
doi:10.1371/journal.pone.0079713.t004
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Table 5. Basic descriptive statistics for GMU-level tests. Statistics shown are for each GMU for each year.

Range

Arithmetic
Mean

Standard
Error

95% Confidence
Interval

Standard
Deviation

11

11

0.526

0.042

0.443–0.608

1.197

9

9

0.203

0.025

0.155–0.252

0.708

0

10

10

0.255

0.027

0.201–0.309

0.782

Cougars Harvested

0

15

15

1.331

0.077

1.180–1.482

2.194

Habitat (km2)

2.759

2713.761

2711.003

667.545

19.033

630.185–704.904

543.689

Proportion of Adult
Cougars Harvested

0.000

1.9101

1.9100

0.117

0.007

0.103–0.132

0.210

Factor

Minimum

Maximum

Verified Reports

0

Livestock Depredations

0

Total Depredations

doi:10.1371/journal.pone.0079713.t005

proportion of cougars harvested and human population. The
number of livestock was not available by GMU, but comparing the
odds ratio between the county and the GMU level tests allows for
direct comparison of the relative effects of livestock compared to
the other independent variables. For example, if the odds of a
livestock depredation are increased from 1 to 1.5 with each
additional livestock, and the odds of a depredation are increased
from 1 to 2.5 with each additional cougar, we can conclude that
the number of cougars has a larger effect than additional livestock
on the probability of livestock depredations. To determine which
factors have a statistically significant relationship with cougar
reports and depredations we used a negative binomial generalized
linear model (coefficients tested at a = 0.05). In order to establish
directionality of putative causation, we used the previous year’s
harvest and the following year’s cougar complaints or depredations to determine statistically significant relationships. Cougar
complaints and depredations were the dependent variables. We
also tested for the effects of the previous 2–4 year time-lagged
harvest, but those results are not reported here because they were
almost identical to the 1 year time-lagged data presented here.

variable with a negative binomial distribution, and one component
accounting for a disproportionate occurrence of zero values in the
model [26]. However, goodness-of-fit tests indicated that the
additional fitting precision associated with this method was
unnecessary. The most appropriate statistical model was then
selected using the AIC (Akaike Information Criterion) and loglikelihood values [27]. The rate ratio, analogous to odds-ratio, was
computed from the coefficients to aid in interpreting the results
[28]. For example, a rate ratio of 1.0 for any independent variable
means the effect on the dependent variable is unchanged. A rate
ratio of 1.5 means the odds are increased by 50%, a ratio of 2.0
means the odds are increased by 100% etc. Descriptive statistics
for all variables and negative binomial regression models were
generated for verified complaints, verified livestock depredations,
and verified total depredations using the R environment for
statistical programming [29].
County-based tests. The independent variables obtained
from county data were human population, livestock numbers, and
number of cougars. Complaints and depredations were the
dependent variables. To determine which variables have a
statistically significant relationship with cougar complaints and
depredations we used a negative binomial generalized linear
model (coefficients tested at a = 0.05).
GMU-based tests. The independent variables obtained from
GMU were number of cougars, number of cougars harvested,

Results
County-based Tests
The total number of non-duplicated complaint reports between
January 2005 and May 2010 was 2648; 432 reports were verified

Table 6. Summary of best GMU-level model outputs.

Dependent Variable

Independent Variable

Estimated
Coefficients

Null
Deviance

Residual
Deviance

AIC

Standard
Error

Verified Reports

Cougars harvested

0.308

496.17

422.43

1123.1

0.0697

Cougar population

0.031

% cougars harvested

9.5761021

444.32

416.63

1157.1

0.0510

Human population

1.06661026

Cougars harvested

0.428

310.00

253.63

644.87

0.0561

Cougar population

0.038

% cougars harvested

1.216

268.75

247.24

668.72

0.0377

Human population

1.27861026

Cougars harvested

0.386

360.63

295.05

743.66

0.0647

Cougar population

0.038

% cougars harvested

9.63361021

310.50

288.64

775.32

0.0421

Human population

1.16461026

Verified Reports

Livestock Depredations

Livestock Depredations

Total Depredations

Total Depredations

doi:10.1371/journal.pone.0079713.t006
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Table 7. Reports filed in Kittitas County, Washington from January 2005–May 2010.

Verified Reports

Total Reports

Livestock Depredations

Total Depredations

2005

5

11

1

1

2006

3

9

1

1

2007

0

1

0

0

2008

0

3

0

0

2009

4

10

2

2

2010

1

4

0

1

doi:10.1371/journal.pone.0079713.t007

and 166 of those verified complaints were livestock depredations.
Over the course of the 6-year time series, the number of total and
verified cougar complaints generally declined while depredations
remained relatively constant (Table 1,2). For a distribution map of
reports by county across the state see supporting Figure S1.
The county-based model revealed that the primary factors
influencing verified complaints were the year and total expected
cougar population (Table 3, Results S1). However, each additional
cougar on the landscape only increased the odds of a verified
complaint by 1.00847 times or approximately 1%.
Several variables also influenced the number of livestock
depredations at the county level including human population,
the number of large livestock, and the total cougar population on
the landscape. As the human population increased in an area the
number of livestock depredations also increased in that area. With
each increase in 10,000 people in an area the probability of a
livestock depredation occurring in that area increased by 1.018
times or approximately 2%. For each additional 2000 large
livestock in the area the chance of a livestock depredation
occurring increased by 1.0002 times or less than 1%. For each
additional cougar on the landscape the chance of a livestock
depredation occurring increased by 1.0446 times or approximately
5%. For each additional 2000 large livestock in the area the
chance of a livestock depredation occurring increased by 1.0002
times or less than 1%.
The final county-level model analyzed possible factors that
influence the number of total verified depredations (livestock and
pets). This model revealed that human population, the number of
large livestock, and total cougar population present all are
correlated with the number of depredations (Table 3). With each
increase in 10,000 people in an area the probability of a
depredation occurring in that region increased by 1.016 or
approximately 2%. For each additional livestock animal the
probability of a depredation being reported increased by 1.00022
times or less than 1%. For each additional cougar present the

chance of a depredation occurring in that area increased by 1.042
or 4%.
Overall, the effects of numbers of people, livestock and cougars
on the odds of total reports, verified reports, livestock depredation
and total depredations were marginal, averaging from 1% to 5%.

GMU-based Tests
The total number of non-duplicated complaints between
January 2005 and May 2010 was 2647; 429 complaints were
verified and 166 of those verified complaints were livestock
depredations. Over the course of 6 years the number of total and
verified complaints generally declined while depredations remained relatively constant (Table 4). Descriptive statistics for all
variables tested were also generated in statistical program R
(Table 5). For the distribution of reports across the state by GMU
see supporting Figure S2.
Two models were selected for determining which factors are
related to the number of verified complaints in each GMU
(Table
6,
Results
S1).
The
first
model
was
g(y) = 21.970170+0.308764 (number of cougars harvested)
+0.031093 (total cougar population) –0.003842 (cougars harvested*total cougar population).
The number of cougars harvested was positively related to the
number of verified complaints per GMU (rate ratio = 1.36174,
z = 5.081, P,0.001). For each additional adult cougar harvested
during the previous year the odds of a complaint increased by
1.36174 or 36%. The total expected population of cougars was
also found to be positively associated with increased numbers of
verified complaints (rate ratio = 1.03158, z = 5.819, P,0.001). For
each additional cougar on the landscape the odds of a verified
complaint being filed increased by 1.03158 or 3%. The effect of
cougars harvested the previous year on the odds of verified
complaints is 10 times higher (1.36 vs 1.03) than the effect of
number of cougars on the landscape.

Table 8. Reports filed in Stevens County, Washington from January 2005–May 2010.

Verified Reports

Total Reports

Livestock Depredations

Total Depredations

2005

5

50

2

3

2006

8

47

4

5

2007

8

21

2

3

2008

3

25

1

1

2009

3

41

2

2

2010

9

15

5

8

doi:10.1371/journal.pone.0079713.t008
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All of the main effects were significant in this model. The
proportion of adult cougars harvested was positively related to the
number of total depredations (rate ratio = 2.62, z = 2.747,
P = 0.006). For each 100% increase in adult cougar harvested
the odds of a depredation occurring the following year increased
by 162%. Similarly for each 10% increase in resident adult cougar
harvest the odds of a depredation being filed the following year
increase 16%. The human population in each GMU was also
marginally associated with total depredations (rate ratio = 1.000001164, z = 1.999, P = 0.045).

The second model selected for determining which factors may
influence the number of verified complaints per GMU was
g(y) = 21.081+0.9571 (proportion of adult cougars harvested)
+1.06661026 (human population) +1.45361025 (proportion of
adult cougars harvested*human population).
The proportion of adult cougars harvested was positively
associated with the number of verified complaints (rate ratio = 2.60413, z = 3.429, P,0.001). For each 100% increase in
harvest of adults the odds of a verified complaint the following year
increased by a factor of 2.6 or 160%. Similarly for each 10%
increase in harvest, the odds of a verified complaint increased by
16%. The number of people residing in each GMU was also
positively related to an increased number of verified complaints
(rate ratio = 1.000001066, z = 2.285, P = 0.022). For each additional 10,000 people in an area the chance of a verified complaint
being filed increased by a factor of 1.000001066 or less than 1%.
Two models (Table 6) were also selected for determining which
factors may be related to the number of livestock depredations in
each GMU. The first model was g(y) = 23.155876+0.428854
(number of cougars harvested) +0.038094 (total cougar population)
–0.005630 (cougars harvested*total cougar population).
Both of the main effects were found to be significant in this
model. Once again, the number of adult cougars harvested was
positively related to the number of livestock depredations in each
GMU (rate ratio = 1.5355, z = 5.097, P,0.001). For each adult
harvested the odds of a depredation went up by 53%. The total
expected cougar population was also found to be positively
associated with the number of verified livestock depredations (rate
ratio = 1.03883, z = 5.02, P,0.001), but for each additional
cougar on the landscape the odds of subsequent depredation
went up only 4%.
The second model was selected to determine which factors may
influence livestock depredations was g(y) = 22.019+1.216(proportion of adult cougars harvested) +1.27861026 (human population)
+2.24861025 (proportion of adult cougars harvested*human
population).
Both main effects were statistically significant in this model. The
proportion of adult cougars harvested was positively related to the
number of livestock depredations (rate ratio = 3.37367, z = 3.186,
P = 0.001). The human population in each GMU was also
significantly positively related to increased livestock depredations
(rate ratio = 1.000001278, z = 2.012, P = 0.044). For each 100%
increase in harvest rate of cougars (removal of all adult animals)
the odds increased by a factor of 3.4 or 240%. Similarly a 10%
increase in proportion of adult cougars harvested increased the
odds of a livestock depredation occurring the following year by
24%.
The final models were selected to determine which factors
influenced the number of total depredations (large and small
livestock) reported in each GMU (Table 6). The model was
g(y) = 22.910767+0.386019 (number of cougars harvested)
+0.038721 (total cougar population) –0.005189 (cougars harvested*total cougar population). The main effects in this model were
significant and positively associated with the number of total
depredations. The number of adult cougars harvested had a rate
ratio of 1.47111 (z = 5.057, P,0.001) while the total cougar
population had a rate ratio of 1.03948 (z = 5.716, P,0.001). Once
again for each adult cougar harvested the odds of a depredation
occurring the following year were 1.5 or increased by 50%.
The other model selected for total depredations was
g(y) = 21.753+0.9633 (proportion of adult cougars harvested)
+1.16461026 (human population) +2.20661025 (proportion of
adult cougars harvested*human population).
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Discussion
Bases on our results, we reject the ‘‘remedial hunting’’
hypothesis and support the ‘‘source-sink’’ hypothesis on effects of
sport hunting on complaints and livestock depredations. There
were several different factors that influence the number of cougar
complaints and depredations across the state of Washington. In
increasing order of importance these include: the human
population, the number of livestock, number of cougars, the
number of cougars killed, and proportion of cougars killed.
Consistent with expectations, each additional cougar on the
landscape increased the odds of a complaint or livestock
depredation by about 5%. However, contrary to expectations,
each additional cougar killed on the landscape increased the odds
by about 50%, or an order of magnitude higher. By far, hunting of
cougars had the greatest effects, but not as expected. Very heavy
hunting (100% removal of resident adults in 1 year) increased the
odds of complaints and depredations in year 2 by 150% to 340%.
It appears that remedial sport hunting to reduce complaints and
depredations is actually associated with increased, not decreased,
complaints and depredations the following year.
Increased hunting fails to account for compensatory immigration and the shift in the sex-age structure towards younger cougars,
which may be responsible for the increased reports and
depredations [2,15,16].
Within Washington, Robinson et al. [15] found that heavy
hunting (25% mortality) resulted in increased compensatory
immigration with a resulting abundance of younger males. By
contrast, Cooley et al. [16] found that light hunting (10%
mortality) and no hunting resulted in compensatory emigration
by young males and a stable older male structure in the
population. In the same areas, Maletzke [30] found that heavy
hunting resulted in a doubling of male cougar home range size and
home range overlap. All else being equal, this doubling of home
range size should double the number of human-occupied areas in
each male cougar’s home range [30]. By the same token, each
doubling of home range overlap should double the number of
male cougars encountered by each human occupied area [30]. In
addition, Kertson et al. [31,32,33] found that young cougars are
more likely to be found in human-occupied areas then their older
counterparts. Finally, Keehner [34] found that heavy hunting of
cougars corresponded with females and kittens moving into suboptimal habitats and killing sub-optimal prey species to avoid
potentially infanticidal immigrant males. Elsewhere, Beier [35]
found that juveniles and young adults may be responsible for the
majority of the cougar-human conflicts in many areas and Torres
et al. [36] found that male cougars are much more likely than
females to engage in large livestock depredations. The above
changes in sex/age structure and space-use by cougars following
increased hunting could account for the observed increase in
complaints and depredations in WA. We do not know which sex
and age classes were responsible for the majority of complaints and
depredations, but we do know that increased hunting was
6
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associated with increased, not decreased, complaints and depredations.
Our results are supported by a case study from two Washington
cougar populations, where one was lightly hunted and one heavily
hunted. The lightly hunted population (1160.04 mortality rate)
with a net male emigration rate of –12% [16], was located in
Kittitas County (2478 mi2) with an average 38,842 people, 21,441
large livestock, and 138 cougars. Kittitas County had an average
of 6.33 total complaints/year, 2.12 verified complaints/year, 0.66
livestock depredations/year and 0.83 total depredations/year
(Table 7). The heavily hunted (0.2460.07 mortality rate)
population with a net male immigration rate of +11%, was
located in Stevens County (2,297 mi2) and had 42,032 people,
22,293 large livestock and 207 cougars. Stevens County had an
average number of 38.16 total complaints/year, 6.00 verified
complaints/year, 2.66 livestock depredations/year, and 3.67 total
depredations/year (Table 8). Stevens county had 1.5 times (50%
more) as many cougars as Kittitas county, but had 3–6 times as
many complaints and depredations. It appears the putative
solution (heavy hunting) may have actually been exacerbating
the problem in Stevens County.
Remedial hunting of cougars, in Washington, was associated
with increased, not decreased, complaints and depredations. We
encourage other researchers to test for the efficacy of remedial
hunting on other carnivore species such as black bears, brown
bears, grizzly bears, jaguars, leopards, lions and tigers to see if the
source-sink hypothesis generalizes to those species as well.

verified reports and verified livestock depredations averaged over
the 5.5 year time frame (January 2005–May 2010) for each county
in Washington.
(TIF)
Figure S2 Average number of reports filed by GMU
from Jan 2005–May 2010 in Washington. Total reports,
verified reports, and verified livestock depredations averaged over
the 5.5 year time frame (January 2005–May 2010) for each GMU
in Washington.
(TIF)
Results S1 Statistical program R outputs. Statistical
program R outputs for all of the final models selected. Variables
include: year (year2), cougar population (poptot), number of large
livestock (livlarg), human population (humpop), the number of
cougars harvested (hvst), and the proportion of adult cougars
harvested (harvest_adlt).
(DOCX)
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Abstract
Population size is a major determinant of extinction risk. However, controversy remains as to how large populations need to be
to ensure persistence. It is generally believed that minimum viable population sizes (MVPs) would be highly speciﬁc, depending on
the environmental and life history characteristics of the species. We used population viability analysis to estimate MVPs for 102
species. We deﬁne a minimum viable population size as one with a 99% probability of persistence for 40 generations. The models
are comprehensive and include age-structure, catastrophes, demographic stochasticity, environmental stochasticity, and inbreeding
depression. The mean and median estimates of MVP were 7316 and 5816 adults, respectively. This is slightly larger than, but in
general agreement with, previous estimates of MVP. MVPs did not diﬀer signiﬁcantly among major taxa, or with latitude or trophic
level, but were negatively correlated with population growth rate and positively correlated with the length of the study used to
parameterize the model. A doubling of study duration increased the estimated MVP by approximately 67%. The increase in
extinction risk is associated with greater temporal variation in population size for models built from longer data sets. Short-term
studies consistently underestimate the true variances for demographic parameters in populations. Thus, the lack of long-term
studies for endangered species leads to widespread underestimation of extinction risk. The results of our simulations suggest that
conservation programs, for wild populations, need to be designed to conserve habitat capable of supporting approximately 7000
adult vertebrates in order to ensure long-term persistence.
# 2003 Elsevier Science Ltd. All rights reserved.
Keywords: Demographic stochasticity; Endangered species; Extinction; Minimum viable population size; Population variability; Population viability
analysis

1. Introduction
The Earth is currently suﬀering a catastrophic loss of
biodiversity (Lawton and May, 1995). A primary goal
of conservation biology is to arrest this loss. Population
size has been shown to be the major determinant of
persistence in populations of a variety of animal species
(Brown, 1971; Jones and Diamond, 1976; Toft and
Schoener, 1983; Diamond et al., 1987; Newmark, 1987;
Pimm et al., 1988, 1993; Richman et al., 1988; Soulé et
* Corresponding author at present address: Department of Biology, The University of Mississippi, PO Box 1848, University, MS
38677-1848, USA.

al. 1988; Berger, 1990; Kindvall and Ahlén, 1992;
Schoener and Spiller, 1992; Rosenzweig, 1995; Foufopoulos and Ives, 1999). As the catastrophic loss of biodiversity continues unabated, guidelines for how
extinction risk is related to population size should be a
high priority in conservation biology (Shaﬀer et al.,
2000).
Population viability analysis (PVA) provides a quantitative means for predicting the probability of extinction and for prioritizing conservation needs (Shaﬀer,
1981; Gilpin and Soulé 1986; Beissinger and Westphal,
1998). PVA can take into account the combined impacts
of stochastic factors (demographic, environmental and
genetic stochasticity) and deterministic factors (e.g.
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habitat loss, over exploitation) (Miller and Lacy, 1999;
Beissinger and McCullough, 2002). Individual-based
stochastic models of population dynamics typically use
population-speciﬁc life history information to forecast
future population sizes using computer simulation
(Miller and Lacy, 1999; Sjögren-Gulve and Ebenhard,
2000; Beissinger and McCullough, 2002).
A number of scientists have pointed out the limitations of PVA (Beissinger and Westphal, 1998; Coulson et al., 2001). However, despite criticism, the use of
PVA models in conservation continues to grow and no
attractive alternatives have arisen (Mann and Plummer,
1999; Beissinger and McCullough 2002; Brook et al.,
2002). Consequently, it is extremely important that
variables aﬀecting the predictive power of PVA be
identiﬁed, so that there can be improvement in this
important conservation tool.
A minimum viable population size (MVP) can be
deﬁned as the smallest size required for a population or
species to have a predetermined probability of persistence for a given length of time (Shaﬀer, 1981). During
the last decade, the concept of a generally applicable
minimum viable population size has fallen into disfavor.
This lack of interest in the concept of a minimum viable
population size seems to be due to two major causes. (1)
The perception that there is a great deal of taxonomic
and environmental speciﬁcity involved in population
dynamics, and (2) a greater emphasis on ecosystem and
landscape conservation (e.g. Christensen 1997).
Reed et al. (2002) suggest that PVA should never be
used to estimate minimum viable population sizes. Yet,
they provide no reasoning for this statement. Any estimate of extinction risk is a de facto estimate of minimum viable population size. Because the resources
available to conservation programs are ﬁnite and
because political and administrative decisions are frequently made without the time for case-speciﬁc evaluations, general yet scientiﬁcally defensible estimates of
minimum population sizes and habitat areas are essential
(Shaﬀer et al., 2000). With this information, time,
money and habitat areas can be rationally and eﬃciently
allocated (Lacy, 1992). We suggest that using PVA to
estimate MVPs can have great heuristic value and lead
to scientiﬁcally defensible generalizations concerning
viable populations.
We developed, or found in the literature, population
viability models for 102 vertebrate species based on
actual life history data. This approach allows us to estimate MVPs for a wide range of vertebrate species with a
high level of replication. It also allows us to include
most of the variables believed to be important to population persistence, using the best demographic and life
history data available for wild populations. Further,
PVA has been shown to provide reasonable predictions
of extinction risk for well-studied species (Brook et al.,
2000; McCarthy and Broome 2000; McCarthy et al.,

2000; but see Lindenmayer et al., 2001; McCarthy et al.,
2001).
It is not feasible to estimate MVPs from ﬁeld studies for
a wide variety of species within a reasonable time. The
only realistic way to obtain MVPs for a large number of
species and develop general guidelines is to use PVA, as
originally envisaged by Shaﬀer (1981). The aims of our
study were to: (1) Use PVA to estimate MVPs for 102
vertebrate populations, allowing us to make recommendations based on the characteristics of this distribution.
(2) Search for explanatory variables causing the variation in MVPs using a large number of case studies. This
allows for the speciﬁcation of MVPs for diﬀerent groups
of species or circumstances. (3) Use the data from this
study, and a review of pre-existing data, to address the
arguments, presented above, against a widely applicable
MVP. We use these 102 PVA models to test for the
underlying phenomena causing variation in minimum
viable population sizes across demographic, ecological,
study, and taxonomic parameters and groupings.

2. Methods
2.1. Deﬁnition of minimum viable population size
All MVP estimates in this data set are for a 99%
probability of persistence for 40 generations. We estimated minimum viable population sizes using three different criteria. (1) The primary variable manipulated in
this study is the mean carrying capacity required for a
99% probability of persistence for 40 generations
(MVPK). This was determined by setting the initial
population size (Ni) equal to the carrying capacity (K)
and varying these until the threshold risk of extinction is
reached, as detailed later. (2) Output from the population viability analysis software used (VORTEX; Miller
and Lacy, 1999) allows the calculation of the number of
adults expected in a population of size Ni (with Ni set
equal to K), assuming a stable age distribution. Since
the practical imperative is usually to deﬁne a minimum
habitat area suitable for establishment of breeding territories, hunting grounds, etc., we will focus on this
minimum viable adult population size (MVPA). This is a
particularly relevant measure, as most conservation
organizations couch population size in terms of the
number of sexually mature individuals. (3) Output on
heterozygosity can be used to calculate the eﬀective
population size (Ne) for any given K. This is the minimum viable eﬀective population size MVPNe. This
measure is relevant as a comparison with predictions of
minimum viable population size based on genetic theory.
The three measures of MVP all correlate very strongly
with each other (r > 0.93 in all comparisons) and the
choice of measure does not qualitatively change the
conclusions reached in any of the analyses.
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2.2. PVA models
VORTEX version 8.01 (Miller and Lacy, 1999) was
used to model the 102 populations examined in this
study. VORTEX is an individual-based, age-structured
population simulation model that can include carrying
capacity, demographic stochasticity (in mortality and
breeding structure), environmental stochasticity, catastrophes, density-(in)dependent reproductive rates,
inbreeding depression, and allows a range of user
deﬁned functions to replace ﬁxed parameter terms
(Miller and Lacy, 1999). VORTEX has been extensively
applied to endangered species conservation by the
Conservation Breeding Specialist Group of the World
Conservation Union and others (Seal et al., 1998).
2.3. Vortex inputs and outputs
Most model inputs were gathered directly from the
species–speciﬁc studies. Age-speciﬁc birth and death
rates and their variance, mean age at ﬁrst breeding,
mean litter size and its variance, and proportion breeding and its variance, were all calculated from the available demographic information. If no data on maximum
age were available, it was estimated from the shape of
the mortality curve.
The frequency and magnitude of catastrophes was
estimated from the species-speciﬁc study, from data
available on the Global Population Dynamics Database
(NERC Centre for Population Biology, 1999), or estimated from Reed et al. (in press).
Inbreeding depression is the one variable where a
default value was used. A conservative ﬁgure of ﬁve
lethal equivalents, per diploid genome, for juvenile survival was used. The actual number of lethal equivalents
for juvenile mortality may be higher (Jiménez et al.,
1994; Crnokrak and Roﬀ, 1999; Keller et al., 2002) and
certainly inbreeding depression in natural populations
aﬀects adult survival and fecundity as well as juvenile
survival (Keller, 1998; Cheptou et al., 2000; Meagher et
al., 2000; Keller et al., 2002). The model allowed for the
purging of the genetic load via selection against deleterious recessive alleles. The evidence for genetic eﬀects on
ﬁtness and persistence in wild populations now seems
irrefutable (Vrijenhoek, 1994; Saccheri et al., 1998;
Westermeier et al., 1998; Crnokrak and Roﬀ 1999;
Madsen et al., 1999; Hedrick and Kalinowski, 2000;
Richards, 2000; Nieminen et al., 2001; Reed and
Frankham, in press).
Density-dependence as a form of regulation for
population size is very common (Woiwood and Hanski,
1992; Godfray and Hassell, 1992; Holyoak, 1993;
Turchin, 1995; Lande et al., 2002). It is thought by many
to greatly inﬂuence the probability of population persistence (e.g. Den Boer, 1968; Hanski et al., 1996; Dennis et
al., 1998). However, whether density-dependence in
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reproductive and mortality rates increases or decreases
the probability of extinction depends on the shape of
the density-dependent function. All populations modeled had at least one form of density dependence, in that
population size could not exceed a ceiling size (K).
Where density-dependent rates of mortality or fecundity
for a speciﬁc species had been measured, the speciesspeciﬁc density-dependent function was used. For species where evidence of strong density-dependence was
available, but no details of the form provided, a logistic
model of density-dependence was used. There is no
consensus about the prevalent form of density dependence in real populations, however, ceiling and logistic
models of density-dependence diﬀer little in their
extinction rates when all else is equal (Foley, 1997).
Many of the parameters analyzed are outputs of the
model (population growth rate, generation length) or
are calculated from model outputs (CVN). Thus, no
information from the literature was required for these
parameters. Rather, they are the result of the demographic and life history data entered into the model.
2.4. Estimating minimum viable population size
To estimate MVPK, a series of runs of each PVA
model was performed using diﬀerent values of K, until
the estimates encompassed the threshold extinction
probabilities of population survival for the required
deﬁnition of MVP. Extinction risk at various K values
were plotted and MVP interpolated from the regression
line. Subsequently, runs around this predicted value are
done to reﬁne the MVP estimate (  0.5%). One thousand replicate simulations are used to provide adequate
precision (Harris et al., 1987; Burgman et al., 1993).
2.5. Choice of species
The 102 vertebrates modeled for this study include
two amphibians, 28 birds, one ﬁsh, 53 mammals, and 18
reptiles. Populations with strong negative growth rates
were not included in this data set. Even populations in
excess of 100,000 will not be viable if strong deterministic (anthropogenic) factors and habitat destruction
are the forces driving the population to extinction. For
these cases, the cause of decline must be identiﬁed and
ameliorated before a useful estimate of MVP can be
made (Caughley, 1994). No other ﬁlter was applied. The
populations represent a wide range of habitats, ecologies, and geographic locations. The species modeled,
their estimated MVP, and other pertinent information
are listed in the Appendix.
2.6. Methodological assumptions
There are two fundamental assumptions associated
with our approach. (1) No habitat loss (since we are
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concerned with the minimum habitat area to be maintained over a given time frame). (2) Individual populations are discrete and isolated (not distributed in a
source-sink or metapopulation conﬁguration).
2.7. Factors inﬂuencing MVP
Backwards stepwise regression and factor analysis
were performed to identify the key variables responsible
for variation among species in MVP. We used two
measures of population ﬁtness and growth, two measures of population variability and two measures of
study duration (Table 1). The relationships between
coeﬃcient of variation in population size (CVN) and
both MVP and duration of study (in generations) were
assessed using linear regressions with natural log transformed data.
In the test for a causal link between study duration
and extinction risk, a paired t-test was used to determine whether a random sequential one-third sample of
the data reduced MVP compared to that for the full
data set within each of 10 species.
Analysis of variance was used to test whether MVP
diﬀers among major taxonomic groups (birds, mammals, and poikilotherms) and trophic levels (carnivores,
omnivores, and herbivores). Linear regression was used
to test whether there was an eﬀect of latitude on MVP.

increase in the temporal variation in population size in
models created from longer data sets. Because of this
increasing variance with increasing study length, uncorrected estimates of minimum viable population size
would obviously be underestimates (i.e. the longer data
sets provide the better parameter estimates). Therefore,
all 102 minimum viable population size estimates were
corrected, using the following formula:
ln MVPC ¼ ln MVPA þ 0:75423 ½lnð40=SLGÞ
where MVPC is the minimum viable adult population
size corrected to 40 generations worth of data for each
species, MVPA is the minimum viable adult population
size as estimated from the available data regardless of
study length, and SLG is the study length in years divided by the species’ generation length in years. This is
similar to using residuals from the linear regression, and
provides estimates of MVP for all species under the
assumption that 40 generations of data were available
for each. This correction makes the variance in MVPC
due to variance in study length equal to zero.
MVP values were transformed using natural logarithms to normalize data prior to statistical analyses. F
tests were carried out to determine whether major taxa,
global latitiude, or trophic level aﬀected MVP.

2.8. Adjusting for bias

3. Results

There is a strong and highly signiﬁcant relationship
between the length of the study (in generations) used to
parameterize the population viability model and the
estimated minimum viable population size (r2=0.467,
P < 0.0001) (Fig. 1). This relationship is the result of an

3.1. Eﬀect of study duration

Table 1
Test of predictors of minimum viable population size using stepwise
multiple regressiona
Variable

F

P-value

Study duration (generations)
Population growth rate (ln R0)
Standard deviation of r
Study duration (years)
Coeﬃcient of variation of r
Intrinsic rate of increase (r)

20.58
9.68
1.09
0.92
0.87
0.22

<0.0001
0.0025
0.2992
0.3410
0.3536
0.6378

96.11
53.00

<0.0001
<0.0001

Adjusted R2=0.630
Study duration (generations)
Population growth rate (ln R0)
Adjusted R2=0.639
a

The top panel shows signiﬁcance levels for individual variables,
and the total variance explained when all six of the original variables
are included in the model. The bottom panel shows the results of the
multiple regression model when only the two signiﬁcant variables are
included.

We performed backwards stepwise multiple regression
and factor analysis to examine underlying causes of
variation among minimum viable population sizes. Both
analyses produced very similar results. Thus, only the
results of the multiple regression are shown (Table 1).
To our surprise, study duration had a major impact
on minimum viable population size (Table 1, Fig. 1). Critically, shorter studies caused a systematic underestimation
of extinction risk, rather than simply a less precise estimation, as often assumed. Further, the relationship was signiﬁcant only when study duration was measured relative to
the generation length of the organism.
A doubling of study duration increased minimum
viable population size by approximately 67%, based on
the regression equation. Study duration explained 47%
of the variation in MVP among species. Further, study
duration was the most important variable predicting
diﬀerences in MVP when multiple regression was used
to test two measures of population ﬁtness and growth,
two measures of population variability and two measures of study duration (Table 1). The only other variable explaining a signiﬁcant proportion of the variance
in MVP was the rate of population growth per generation (ln R0).
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Fig. 1. The relationship between the study duration (in generations) used in the population viability model and the minimum population size (MVP)
required for 99% persistence for 40 generations (F=87.7, r2=0.467, P<0.0001). Both variables were natural log transformed.

As greater temporal variability in population size is
positively correlated with extinction risk (Vucetich et
al., 2000), we hypothesized that the relationship
between study duration and predicted extinction risk
was a result of an increase in CVN with length of time
the population was studied. Thus, MVP (extinction
risk) and length of the study used to parameterize the
model should both be strongly related to variability in
population size. These predictions were conﬁrmed. CVN
was strongly correlated with MVP, explaining 65% of
the variation in MVP among species (r2=0.649,
P < 0.0001). The relationship between study duration
and CVN was also positive and highly signiﬁcant
(r2=0.340, P < 0.0001).
If study duration causes the diﬀerences in predicted
extinction risk, then the eﬀect should also be found
within species. This was evaluated by comparing predicted extinction risk for ten species, based either on the
use of the full data set, or a random sequential one-third
subset. Minimum viable population size estimates were
signiﬁcantly greater for the total data set than for the
data sub-set (t=3.58, d.f.=9, P < 0.005).
3.2. Minimum viable population sizes
The distribution of MVPc is presented in Fig. 2.
Means and medians for the three measures of MVP are
presented in Table 2. The mean for MVPC is 7316 and
the median is 5816. All MVP distributions are positively
skewed. MVPc is the most relevant measure in conservation terms and the median and mean provide our
estimate that a minimum habitat area capable of supporting approximately 7000 sexually mature adults is

required to maintain long-term minimum viable populations of vertebrates in the wild.
Estimates of minimum viable population size are very
scale dependent. Based on a subset (n=38) of the 102
species used in this study, approximately 5800 adult
animals are needed for a 95% chance of persistence over
40 generations, 4700 for 90% persistence, and 550 for a
50% chance of persistence.
3.3. Variables aﬀecting MVP
There were no signiﬁcant diﬀerences in minimum viable
population size, among the 102 species modeled, due to
global latitude (r2=0.006, P=0.455), taxonomic grouping (F=0.053, P=0.949), or trophic level (F2.97=0.479,
P=0.621). The statistical power of these tests was suﬃcient to detect a 7% or greater diﬀerence among groups
with at least a 87% probability (Zar, 1999).

Table 2
Mean (with standard error) and median minimum viable population
sizes for the 102 vertebrate species modeleda

MVPA
MVPK
MVPNe
a

Mean

Median

7316 ( 562)
11,410 ( 849)
1752 ( 156)

5816
8514
1341

MVPA is the carrying capacity (model ceiling), providing a 99%
probability of persistence for 40 generations, stated as a number of adults.
MVPK represents the carrying capacity in number of total individuals.
MVPNe the minimum viable eﬀective population size. The estimates are
corrected for the length of study as explained in the methods section.

28

D.H. Reed et al. / Biological Conservation 113 (2003) 23–34

Fig. 2. The distribution of minimum viable population sizes (ln MVPC) for the 102 vertebrate species, as determined by population viability
analysis. The smallest MVP is an estimate from a herd of domestic goats released on an island without predators.

Fig. 3. The minimum number of adults (ln MVPC) required, for a 99% chance of persistence for 40 generations, at a given population growth rate
(ln R0). The linear regression is highly signiﬁcant (r2=0.351, P< 0.0001). The regression formula predicts an MVPC of 13,455 when the growth rate
is 0 (R0=1.0), 2221 when the growth rate is 1 (R0=2.72), and 6006 when the growth rate is the mean value (R0=1.565) for the 102 vertebrate species
modeled in this study.

All else being equal, minimum viable population sizes
should be larger for more variable populations. Indeed,
in these 102 models, minimum viable population size
is closely correlated with temporal variability in
population size. There were also no signiﬁcant diﬀerences
in population variability among mammalian orders on
a per generation scale (F4.72=0.967, P=0.431) or

between carnivores and herbivores (F1.75=0.257, P=
0.614) in our analysis of the data collected by Sinclair
(1996).
Linear regression shows MVP to be signiﬁcantly and
negatively related to the population growth rate per
generation (ln R0) (r2=0.351, P < 0.0001) (Fig. 3). The
regression formula predicts an MVPA of 13,455 when
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the growth rate is 0 (R0=1.0), 2221 when the growth
rate is 1 (R0=2.72), and 6006 when the growth rate is
the mean value (R0=1.565) for the 102 vertebrate species modeled in this study.

4. Discussion
The major ﬁndings of this investigation are: (1) Estimated MVPs were strongly inﬂuenced by the duration
of the study, relative to the generation length of the
organism, used to parameterize the model. Larger
MVPs are predicted from longer studies because those
models produce greater temporal variation in population size. (2) MVPs did not diﬀer among major taxa, or
with latitude or trophic level. (3) MVPs were signiﬁcantly and substantially aﬀected by the population
growth rate, being larger with smaller growth rates. (4)
The mean and median estimated MVP was 7316 and
5816, respectively. Each of these ﬁndings and their conservation implications are elaborated on later.
4.1. Factors inﬂuencing MVP estimates
The predicted MVP increased with increasing length
of the study used to parameterize the model. This relationship was only statistically signiﬁcant when study
duration was measured relative to the generation length
of the organism. Thus, shorter studies caused a systematic underestimation of extinction risk, rather than
simply a less precise estimation, as often assumed
(Boyce, 1992; Ludwig, 1999; Coulson et al., 2001).
Besides underestimating the risk of extinction, the
study-duration eﬀect compromises the use of PVA in
determining relative risk among diﬀerent species and
prioritizing management decisions unless explicitly
accounted for.
Both study duration and MVP were signiﬁcantly correlated with the temporal variability of population size,
measured as the coeﬃcient of variation in population
size (CVN). Increases in the length of the study used to
parameterize the model, relative to the generation
length of the organism, increases the amount of temporal variability in population size produced by the
model, therefore increasing the MVP necessary to
maintain a given level of extinction risk.
The explanation for why shorter studies consistently
underestimate extinction risk is that ﬂuctuations in
population size through time are positively autocorrelated and the range of ﬂuctuations increases over
time (Halley, 1996; Morales, 1999). Thus, random samples from any continuous time period will underestimate
the true variance. While it has been shown previously
that variation in population size increases over time for
census data (Pimm and Redfearn, 1988; Inchausti and
Halley, 2001) and that under some conditions this can
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lead to underestimates of extinction risk (Ripa and
Lundberg, 1996; Johst and Wissel, 1997; Morales,
1999), this is the ﬁrst time that it has been demonstrated
that extinction risk estimated from individually estimated demographic parameters increases with study
duration. Further, we provide the ﬁrst estimate of the
magnitude of the eﬀect. PVA models built from shortterm studies will systematically underestimate extinction
risk. Interestingly, Thomas et al. (2002) have found that
a short-term (four generation) study of the metapopulation dynamics of a butterﬂy greatly underestimated
the 30-generation colonization and extinction rates
within the metapopulation. Thus, the underestimation
of population variability with short-term data sets
seems to exist at the demographic, population, and
metapopulation levels.
How long do populations have to be studied to allow
the possibility of accurate predictions of extinction risk?
The relationship between CVN and the study duration
was determined using a wide variety of non-linear functions. Yet, the best ﬁtting relationship between study
duration and CVN was linear. Thus, the variance in
population size is still increasing across the range of
study durations examined (up to 43 generations) in this
study. Similarly, temporal variability in population size
had not reached an asymptote for the majority of the
544 data sets studied by Inchausti and Halley (2001).
Greater than 12 generations of data are required to
produce minimum viable population sizes that are in
broad agreement with theoretical and empirically based
approximations (Soulé, 1987; Thomas, 1990; Reed and
Bryant, 2000).
The median generation length of the 102 vertebrates
modeled in this study was greater than 5 years. Thus,
many decades or even centuries of research would be
required to encompass most of the variation in demographic parameters. Since most ecological studies are of
very short duration, typically two or three years (Tilman, 1989; Baskin, 1997), the underestimation of
extinction risk will be ubiquitous.
It has been suggested that PVA models routinely
overestimate extinction risk due to the inclusion of error
variance (Beissinger and Westphal, 1998). Every
attempt should be made to remove error variance from
the estimates of demographic parameters, however,
three circumstantial lines of evidence suggest that the
study length is the stronger eﬀect. (1) As mentioned
earlier, the study length required to produce minimum
viable population sizes in accordance with theoretical
and empirical evidence is quite large. Yet, small studies
with greater error variance do not produce MVPs in
accordance with theory. (2) Population variability and
population growth rate explain > 75% of the variation
in MVP. (3) Brook et al. (2000) found that PVA predicted without bias quasi-extinction events in 20 wellstudied species. This would not be expected if error
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Table 3
Estimates of minimum viable population size from the literature. The estimates are generally smaller than the 7,000 predicted from PVA in this
studya
Reference

MVPA

Time Frame

Factors Considered

Franklin (1980)
Newmark (1987)
Reed and Bryant (2000)
Schultz and Lynch (1997)
Thomas (1990)
Whitlock (2000)

4500a
>3250
>2000a
2000a
5500
2000a

Into perpetuity
40 generations
50 generations
Into perpetuity
100 years
Into perpetuity

Mutation/drift
All (observation)
Adaptation/ﬁtness
Mutation/ﬁtness
Population variability
Mutation/ﬁtness

PVA likely includes a larger number of factors than any other single study. More details of the studies can be found in the discussion.
a
Minimum viable population sizes were originally presented as eﬀective population sizes. The eﬀective population size (N,e) presented in the
original paper was multiplied by nine to produce the MVPA listed here (see Frankham, 1995).

variance wildly exaggerated extinction risk. Two other
recent studies have also shown broad agreement
between the predictions of PVA models, created from
long-term data sets, and the actual population dynamics
of the population modeled (McCarthy and Broome,
2000; McCarthy and Lindenmayer, 2000).
How can the systematic underestimation of extinction
risk be avoided? It is not feasible to delay decisions
while adequate data are collected for each species. The
alternative to PVA is to rely on human intuition, but
this is notoriously inaccurate (Zeckhauser and Viscusi,
1990). One remedy is to use default values for stochastic
parameters derived from data on well-studied species.
Default values are used already, especially in VORTEX
(Miller and Lacy, 1999), but their origin is unclear and
they are not sourced to published analyses of long-term
data sets.
In addition to study length, diﬀerences in MVPs
based on population growth rate exist. As would be
expected, populations with larger growth rates (ln R0)
required smaller numbers of adults to avoid extinction
than did populations with lower growth rates. Because
the diﬀerences in MVP are not due to broad-scale
environmental diﬀerences or taxonomy, it is likely that
the diﬀerential growth rates reﬂect habitat quality and
the extent of anthropogenic interference. The actual
population size required for long-term persistence may
range from 2000 in pristine habitat to > 13,000 in substantially degraded habitats. This implies that the
amount of habitat required to maintain minimum viable
population sizes, can be reduced through habitat
restoration and by increasing population ﬁtness through
immigration into inbred populations (Westermeier et
al., 1998).
4.2. Minimum viable population size
We estimate that in order to ensure long-term persistence of vertebrate populations, suﬃcient habitat must
be conserved to allow for approximately 7000 breeding
age adults. How do our estimates, using detailed PVAs

on 102 species, compare with the small amount of
empirical data available? Pimm et al. (1988) provide
population sizes and median extinction times for multiple populations of 62 species of birds. We divided median extinction time by generation length and regressed
this against population size. The regression suggests
that approximately 125 breeding pairs would be
required for a 50% probability of persistence over 40
generations. Similarly, Berger (1990) gathered data on
extinction times for more than 102 populations of bighorn sheep. Linear regression of population size against
time until extinction suggests that 775 animals are needed for a 50% probability of persistence for 40 generations. These two numbers are in rough agreement with
our estimate of 550 adults for a 50% probability of
persistence for 40 generations.
Extinction records from national parks in the western
USA (Newmark, 1987; Soulé, 1987) shed some light on
what is likely to constitute a minimum viable population size. Of 69 populations of lagomorphs (rabbits
and hares), the 9 populations (13%) that went extinct
had median population sizes of 3276. The parks were
established about 75 years prior to the study and,
therefore, would represent 40–50 generations for a
lagomorph. Thus, 3000 animals do not appear to be
suﬃcient to ward oﬀ extinction during these time
frames.
Table 3 illustrates how our estimates, using PVA,
compare with estimates of minimum viable population
size derived using other methods, such as genetic theory
or simple models of population variability. Probably the
ﬁrst attempt to arrive at a generalized minimum viable
population size was by Franklin (1980). His estimate of
an eﬀective population size of 500 was based on an
expected equilibrium between the loss of quantitative
genetic variation due to drift and its replenishment by
mutation. An eﬀective population size of 500 is
approximately 4500 adults (Frankham, 1995). Reed and
Bryant (2000) monitored ﬁtness and adaptability in
laboratory populations of the houseﬂy and estimated
that > 2000 individuals would likely be necessary for
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long-term persistence in wild populations. Schultz and
Lynch (1997) and Whitlock (2000) have used mathematical models, incorporating the decline in ﬁtness due to
the ﬁxation of deleterious alleles and the restoration of
ﬁtness through beneﬁcial mutations, to estimate minimum viable population sizes. Both studies suggest that
an eﬀective population size of greater than 200
(N  2000) is needed to maintain equilibrium ﬁtness.
Although this approach holds promise, the genetic
parameters used in the model are known with very little
precision. Thomas (1990), using data on the ﬂuctuations
in population size of small vertebrates and some invertebrates, concluded that a minimum viable population
size of 5500 is needed to avoid an unacceptable risk of
extinction.
4.3. Homogeneity of population dynamics
In the introduction, we presented two reasons that are
often cited as failings of the general minimum viable
population size concept. These were: (1) The perception
that there is a great deal of taxonomic and environmental speciﬁcity involved in population dynamics. (2)
A retreat from ‘single species’ conservation to ecosystem
and landscape conservation. We will address both of
these later.
The second objection can be dealt with brieﬂy. The
goal of basing conservation eﬀorts at ecosystem and
landscape scales is a laudable one. However, regardless
of whether we manage conservation eﬀorts on the basis
of conserving ecosystems, landscapes, or ‘hotspots’ of
biodiversity, those conservation units must contain
viable populations of any species we seek to have
remain extant. Conservation eﬀorts directed at carefully
selected, charismatic, land-intensive species probably
provide the best and most pragmatic means to protect,
not only that particular population but, the ecosystem
and other species falling under its ‘umbrella’ (Foose et
al., 1995).
The ﬁrst objection is more contentious. It has long
been believed that there is no single value for population
size that may be applied to all populations to ensure
persistence (Gilpin and Soulé, 1986; IUCN 1994).
However, recent evidence calls this into question. In this
study, no diﬀerences in MVP were found due to taxon,
trophic level, or global latitude. Likewise, studies
examining temporal variability of population sizes,
which is expected to correlate strongly with extinction
risk, have found little evidence for large-scale patterns.
The variability in population size for 123 vertebrate
species was remarkably similar regardless of taxonomy
or trophic level (Inchausti and Halley, 2001). Temporal
variation in the population size of herbivores is similar
regardless of body mass, taxonomic group, or ecological
habitat (Gaillard et al., 2000). An analysis of data, originally presented in Sinclair (1996), also fails to show
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diﬀerences in population variability, among mammals,
due to taxonomic grouping or trophic level. The
applicability of default values is strengthened by this
growing body of evidence demonstrating homogeneity
in population variability among environments and
taxonomic groups.
Much of the perceived variation in previous estimates
of minimum viable population size is due to diﬀerences
in the temporal scale being measured (e.g. 50 years, 200
years, 10 generations), the extinction risk assumed (e.g.
1, 10, 50%), or what is actually being considered a
population (e.g. number of adults, eﬀective population
size). When generation length is controlled for and the units
of measure made the same, much of the variation in
estimates of minimum viable population size disappear.
With the possible exception of Amazonia, the Russian
Far East, and Canada, continuous blocks of land capable of supporting populations of 7000 large vertebrates, especially carnivores, is not available. Thus, the
need to coordinate networks of smaller populations to
ensure viable populations through the use of corridors,
or managed immigration, should be a high priority.
Our estimate for MVP is designed to provide broad
guidelines for species conservation planning. Population
viability analysis is an inexact science, the variance
among species estimates was large, and some of the
variance around our estimated MVPs is unexplained. A
number of upward and downward biases in estimating
extinction risk exist (Brook, 2000). Many of our models
unavoidably incorporated sampling error, so our MVP
estimates may be too large. However, since we use a
population ceiling, conservative estimates of inbreeding
depression, and do not model Allee eﬀects, we may
underestimate MVP (Lacy, 1993, 2000; Lindenmayer et
al., 1995). In short, we can provide no ‘magic number’
that will ensure persistence.
However, population viability analysis provides a
holistic method for estimating MVPs and is the method
that most capably brings all the factors considered
important to population persistence under one
umbrella. Thus, our goal in writing this paper is to stimulate a quantitative assessment of MVP approaches to
conservation planning and to add to the body of literature that suggests that we should be thinking in terms of
several thousands—not hundreds—of individuals in our
goal to maintain viable populations of vertebrates.
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Appendix
Species

MVPA

MVPC

ln R0

Taxon

Species

MVPA

MVPC

Accipiter nisus
Acinonyx jubatus
Aepyceros melampus
Agkistrodon contortrix
Ailuropoda melanoleuca
Alligator mississipiensis
Amazona vittata
Ambystoma tigrinium
Anolis limifrons
Anser caerulescens
Aphelocoma coerulescens
Aquila chrysaetos
Brachyteles arachnoides
Bubo virginianus
Canis lupus
Capra
Caretta caretta
Cercopithecus aethiops
Cervus eldi hainanus
Cervus eldi thamin
Cervus elephus
Chelydra serpentina
Chrysemys picta
Crocidura russula
Crocodylus acutus
Crocodylus rhombifer
Crotalus horridus
Cygnus columbianus
Delichon urbica
Dendroca kirtlandii
Diceros bicornis
Dipodomys stephansi
Elephas maximus
Emydoidea blandingii
Enhydra lutris
Eumetopias jubatus
Falco peregrinus anatum
Felis concolor
Ficedula hypoleuca
Fratercula arctica
Fulmarus glacialis
Gorilla gorilla beringei
Grus americana
Gulo gulo
Gypaetus barbatus
Haliaeetus leucocephalus
Halichoerus grypus
Hippotragus equinus
Kinosternon subrubrum
Leontopithecus rosalia
Liasis fuscus

915
831
69
1932
440
265
1073
1103
4189
635
3223
744
78
721
1403
75
331
996
155
1688
626
728
249
1,660
138
132
1282
97
3584
1256
325
2590
218
99
523
450
266
923
2878
261
197
842
1131
1265
102
193
2344
110
1413
722
200

5244
4036
2123
13,091
6224
3783
15,802
16,939
3,999
4,412
25,379
7480
1664
4090
6332
566
9472
19,547
3326
19,298
5768
6779
7594
3865
3611
2468
13,958
1720
12,689
7323
6199
13355
4737
1856
7623
4204
2385
5162
6688
3323
2885
11,919
5449
10,612
1713
3297
19,165
5037
18,636
6587
5409

0.456
0.123
0.671
0.320
0.272
1.060
0.417
0.733
0.566
0.911
0.302
0.763
0.695
0.471
0.438
0.854
0.202
0.105
0.932
0.336
0.541
0.440
0.231
0.925
0.982
1.008
0.302
0.965
0.373
0.329
0.531
0.053
0.509
0.487
0.510
0.437
0.279
0.196
0.647
0.113
1.035
0.346
0.447
0.517
0.485
0.836
0.111
0.546
0.108
0.410
0.812

bird
mammal
mammal
RAF
mammal
RAF
bird
RAF
RAF
bird
bird
bird
mammal
bird
mammal
mammal
RAF
mammal
mammal
mammal
mammal
RAF
RAF
mammal
RAF
RAF
RAF
bird
bird
bird
mammal
mammal
mammal
RAF
mammal
mammal
bird
mammal
bird
bird
bird
mammal
bird
mammal
bird
bird
mammal
mammal
RAF
mammal
RAF

Lichenostomus melanops
Loxodonta africana
Lycaon pictus
Lynx lynx
Lynx rufus
Marmota ﬂaviventris
Martes americana
Meles meles
Melospiza melodia
Mirounga angustirostris
Mirounga leonina
Monachus schauinslandi
Nannopterum harrisi
Nestor meridionalis
Nipponia nippon
Odocoileus virginianus
Ovibos moschatus
Ovis aries
Ovis dalli dalli
Panthera leo
Panthera leo persica
Panthera tigris altaica
Panthera tigris tigris
Papio cynocephalus
Parus atricapillus
Phacochoerus aethiopicus
Phascolarctos cinereus
Picoides borealis
Python reticulatus
Rana catesbeiana
Rhinoceros sondaicus
Rhinoceros unicornis
Rissa tridactyla
Salvelinus fontinalis
Sauromalus obesus
Sceloporus graciosus
Strix uralensis
Sus scrofa
Tetrao tetrix
Trichechus manatus latirostris
Tricholimnas sylvestris
Trichosurus caninus
Ursus americanus
Ursus arctos horribilis
Ursus arctos
Ursus marittimus
Urus thibetanus japonicus
Uta stansburiana
Varanus komodoensis
Vipera berus
Zosterops lateralis

233
166
500
1816
2208
3857
1867
427
3520
596
3249
76
207
279
301
2809
399
1026
982
1023
1449
876
329
934
694
406
2429
3720
813
451
395
75
264
984
515
1514
329
144
841
4982
592
386
189
600
469
250
395
133
221
913
2660

7009
5474
2229
6563
11,079
13,277
6884
2901
9870
5095
31,791
1597
5029
8349
2544
13,733
3876
7334
10,164
5792
9405
5840
2377
7097
2776
4114
13,774
20,868
13,418
5909
8771
2895
1678
3869
5912
5768
3543
1849
5846
7044
2151
5116
2045
3811
6221
4961
7823
1149
15,283
12,381
7141

ln R0
0.271
0.574
0.461
0.214
0.490
0.131
0.344
0.572
0.452
0.611
0.038
0.558
0.464
0.522
0.929
0.360
0.772
0.607
0.349
0.446
0.281
0.395
1.017
0.374
0.501
0.604
0.109
0.004
0.290
0.613
0.218
0.664
0.830
0.026
0.761
0.470
0.283
0.680
0.509
0.044
0.262
0.200
0.463
0.302
0.335
0.535
0.252
0.948
0.459
0.335
0.054

Taxon
bird
mammal
mammal
mammal
mammal
mammal
mammal
mammal
bird
mammal
mammal
mammal
bird
bird
bird
mammal
mammal
mammal
mammal
mammal
mammal
mammal
mammal
mammal
bird
mammal
mammal
bird
RAF
RAF
mammal
mammal
bird
RAF
RAF
RAF
bird
mammal
bird
mammal
bird
mammal
mammal
mammal
mammal
mammal
mammal
RAF
RAF
RAF
bird

A complete set of references for the building of the models, or for any single species, can be obtained by e-mailing
the corresponding author.

D.H. Reed et al. / Biological Conservation 113 (2003) 23–34

References
Baskin, Y., 1997. Center seeks synthesis to make ecology more useful.
Science 275, 310–311.
Beissinger, S., McCullough, D.R., 2002. Population Viability Analysis.
University of Chicago Press, Chicago, USA.
Beissinger, S.R., Westphal, M.I., 1998. On the use of demographic
models of population viability in endangered species management.
Journal of Wildlife Management 62, 821–841.
Berger, J., 1990. Persistence of diﬀerent-sized populations: an empirical assessment of rapid extinctions in bighorn sheep. Conservation
Biology 4, 91–98.
Boyce, M.S., 1992. Population viability analysis. Annual Review of
Ecology and Systematics 23, 481–508.
Brook, B.W., 2000. Pessimistic and optimistic bias in population viability analysis. Conservation Biology 14, 564–566.
Brook, B.W., Burgman, M.A., 2002. Akçakaya, H. R., Frankham, R.
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Biology: The Science of Scarcity and Diversity. Sinauer, Sunderland, MA, pp. 19–34.
Godfray, H.C.J., Hassell, M.P., 1992. Long time series reveal density
dependence. Nature 359, 673–674.
Halley, J.M., 1996. Ecology, evolution and l/f noise. Trends in Ecology
and Evolution 11, 33–37.
Hanski, I., Foley, P., Hassell, M., 1996. Random walks in a metapopulation: how much density dependence is necessary for longterm persistence? Journal of Animal Ecology 65, 274–282.
Harris, R.B., Maguire, L.A., Shaﬀer, M.L., 1987. Sample sizes for
minimum viable population estimation. Conservation Biology 1,
72–76.
Hedrick, P.W., Kalinowski, S.T., 2000. Inbreeding depression in conservation biology. Annual Review of Ecology and Systematics 31,
139–162.
Holyoak, M., 1993. The frequency of detection of density dependence
in insect orders. Ecological Entomology 18, 339–347.
Inchausti, P., Halley, J., 2001. Investigating long-term ecological
variability using the global population dynamics database. Science
293, 655–657.
IUCN, 1994. IUCN red list categories. Species Survival Commission,
IUCN, Gland, Switzerland.
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a b s t r a c t
Legal and illegal killing of animals near park borders can signiﬁcantly increase the threat of extirpation
for populations living within ecological reserves, especially for wide-ranging large carnivores that regularly travel into unprotected areas. While the consequences of human-caused mortality near protected
areas generally focus on numerical responses, little attention has been given to impacts on social dynamics. For wolves, pack structure typically constitutes an unrelated breeding pair, their offspring, and close
relatives, but intense harvest may increase adoption of unrelated individuals into packs. Concerns that
high human-caused mortality outside Algonquin Park, Canada threatened the persistence of eastern
wolves, led to implementation of a harvest ban in surrounding townships. We combined ecological
and genetic data to show that reducing anthropogenic causes of mortality can restore the natural social
structure of kin-based groups despite the absence of a marked change in density. Since implementation
of the harvest ban, human-caused mortality has decreased (P = 0.000006) but been largely offset by natural mortality, such that wolf density has remained relatively constant at approximately three wolves/
100 km2. However, the number of wolf packs with unrelated adopted animals has decreased from 80%
to 6% (P = 0.00003). Despite the high kinship within packs, incestuous matings were rare. Our results indicate that even in a relatively large protected area, human harvesting outside park boundaries can affect
evolutionarily important social patterns within protected areas. This research demonstrates the need for
conservation policy to consider effects of harvesting beyond inﬂuences on population size.
Ó 2009 Elsevier Ltd. All rights reserved.

1. Introduction
Conservation and management strategies, including decisions to
remove species from endangered lists, are largely based on estimates
of population size and sustainable harvest (Pyare and Berger, 2003;
Whitman et al., 2004; Isaac and Cowlishaw, 2004; Patterson and
Murray, 2008). There is, however, growing evidence that maintenance of family groups within species that exhibit kin-based social
structure can have ﬁtness beneﬁts associated with the adaptive evolution of sociality (Pope, 2000; Silk, 2007; Gobush et al., 2008). Despite the potential importance of kinship, the role of social groups
in long-term population persistence is routinely overlooked (Haber,
* Corresponding author. Tel.: +1 705 755 2258; fax: +1 705 748 1132.
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1996). In protected areas, exploitation near park borders further
complicates conservation efforts because these edge effects can signiﬁcantly increase risk of extirpation, especially for carnivores that
have large home ranges (Woodroffe and Ginsberg, 1998).
In the absence of strong harvest pressure, wolf packs (Canis lupus, Canis lycaon and their hybrids) are typically kin-based (Mech
and Boitani, 2003). Although some variability in this model has
been reported (Meier et al., 1995; Forbes and Boyd, 1997), exceptions are rare in naturally-regulated populations. High mortality
from hunting and trapping may, however, disrupt this natural social structure by prompting the adoption of unrelated animals into
wolf packs (Grewal et al., 2004; Je˛drzejewski et al., 2005). Thus,
anthropogenic inﬂuences may play an important role in the social
structure of kin-based species. In fact, due to the high propensity
for compensatory demographic responses in wolf populations subject to exploitation (e.g. Fuller et al., 2003; Adams et al., 2008),
marked changes in wolf population social structure, including
those related to kinship within packs and/or inbreeding, may occur
even in the absence of numerical changes. This compensatory par-
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adigm provides an important challenge for the restoration and
maintenance of not only viable, but also naturally-functioning,
populations where ﬁtness is likely to be optimized when evolutionary adaptation is driven by natural rather than artiﬁcial (i.e.
human-mediated) selection pressures (Darimont et al., 2009).
The eastern wolf (C. lycaon) is designated as a species of special
concern by the Committee on the Status of Endangered Wildlife in
Canada (COSEWIC) under Canada’s Species at Risk Act (SARA). One
of the largest protected areas (7571 km2) for eastern wolves is
Algonquin Provincial Park (APP) in Ontario, where 200–300 resident wolves have been inﬂuenced by hybridization with gray-eastern wolf hybrids (C. lupus  lycaon) that occur north of the park,
and with eastern coyotes (C. latrans var.) south and west of the
park (Grewal et al., 2004; Wilson et al., 2009). Between 1987 and
1999, eastern wolves in APP suffered high mortality from hunting
and trapping when they left the park to hunt deer outside park
boundaries; 56–66% of total mortality was attributed to human
causes (Forbes and Theberge, 1996; Theberge et al., 2006). It was
speculated that this intense harvest was responsible for low kinship within packs (Grewal et al., 2004) and that extirpation of
wolves in APP was likely if human-caused mortality was not
curbed (Vucetich and Paquet, 2000). In December 2001, due to prevalent concern for the long-term viability of wolves in APP, the
Government of Ontario, amidst much public controversy, banned
wolf harvest in townships adjacent to APP, thereby increasing
the protected area for park wolves by 6340 km2 (Fig. 1). The purpose of this study was to determine whether wolf pack structure
changed in APP following inception of the harvest ban. Speciﬁcally,
we used previously published data (Grewal et al., 2004) combined
with current ﬁeld data and genetic proﬁles to test the hypothesis
that the ban elicited measurable effects on wolf pack structure.
We predicted that extending protection for wolves into areas pre-
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viously experiencing high human-caused mortality would prompt
the renewal of kin-based wolf packs and initiate the restoration of
a natural social structure for wolves in APP.
2. Materials and methods
2.1. Study area
The 2700 km2 continuous study area (CSA) surveyed consists of
rolling hills on the southern margins of the Canadian Shield. The area
is forested with pines (Pinus strobus, Pinus resinosa, Pinus banksiana),
shade-intolerant hardwoods (Acer rubra, Populus tremuloides, Populus grandidentata, Betula papyrifera) and lowland conifers (Abies
balsamea, Picea glauca, Picea mariana). On moister uplands, shadetolerant hardwoods (Acer saccharum, Betula alleghaniensis), along
with Tsuga canadensis predominate. Lakes, rivers and ponds are common. Although we monitored wolves across the entire park during
2002–2007, for comparability we consider here population trend
and cause of death data only for an area of eastern Algonquin
(881–2635 km2) that corresponded with the previously described
CSA (Theberge and Theberge, 2004). It should be noted that packs
used for pedigree analysis in this study include wolves monitored
outside the CSA and therefore the sample size for animals included
in the post-ban pedigree analysis (n = 138) is higher than that used
for the post-ban density and proportional mortality data (n = 112).
2.2. Wolf population density and determination of causes of death
Wolf population density within the CSA was estimated during
eleven consecutive years prior to the harvest ban (1989–1999)
using territory mapping as described by Theberge and Theberge

Fig. 1. Map of study area. Pack territories are ﬁxed kernel home ranges and those outlined in black represent packs compared in Fig. 3. Deer wintering areas are occupied by deer in
early winter or when snow cover is light and less than 30 cm in depth; deer yards are the core of the deer wintering areas and is used when movement of deer is restricted due to
severe weather conditions when snow depth is greater than 46 cm. Numbers within pack territories refer to pack names as follows: 1 = Achray, 2 = Beechnut, 3 = Bena, 4 = Big
Crow, 5 = Cauliﬂower, 6 = Flat Iron, 7 = Jocko, 8 = LaFleur, 9 = Leaf, 10 = Louisa, 11 = McKaskill, 12 = Pine, 13 = Potter, 14 = Pretty, 15 = Radiant, 16 = Spoor, 17 = Sunday.

334

L.Y. Rutledge et al. / Biological Conservation 143 (2010) 332–339

(2004). Territories were deﬁned based on 95% minimum convex
polygon (MCP; Mohr, 1947) to exclude locations resulting from
off-territory excursions (Bekoff and Mech, 1984; Potvin, 1988).
The effective sampling area varied annually but averaged
1250 km2. For each year’s population estimate, a census area
was deﬁned by a concave polygon enclosing all adjacent territories
within the study area. The total number of wolves (including both
territorial and non-territorial animals) was summed in the census
area (Messier, 1985; Ballard et al., 1987; Fuller, 1989) with density
(Nt), given as wolves/100 km2, estimated as the summed maximum pack sizes plus the estimated number of lone wolves in the
area, divided by the census area (Mech, 1973; Fuller, 1989). The
number of lone wolves in the area was estimated from the proportion of lone wolves among the radio-collared sample in the study
area each year. Conﬁdence intervals are not included with density
estimates because they were unavailable for the pre-ban dataset
(see Theberge and Theberge, 2004).
We employed the same methods described above to post-ban
data to estimate wolf density in an area of eastern Algonquin
(881–2635 km2) similar to the CSA during winters 2003–2007.
We radio-tagged 112 wolves within this study area between August 2002 and February 2007 as described by Patterson et al.
(2004). Each wolf was ﬁt either with a VHF radio-collar (Holohil
Systems Ltd., Woodlawn, Ontario, Canada and Lotek Engineering
Inc., Newmarket, Ontario, Canada) weighing approximately 400 g,
or Lotek model 4400S or M GPS collars (weighing approximately
500 and 950 g, respectively, Lotek Engineering, Inc., Newmarket,
Ontario) that were scheduled to obtain ﬁxes at approximately
90 min intervals during November–April. Additionally, young pups
were manually captured from their natal dens and weighed, sexed,
and implanted with a VHF radio-transmitter (2  8 cm, Advanced
Telemetry Systems, Isanti, MN or Telonics, Inc., Mesa, AZ) in the
peritoneal cavity (Crawshaw et al., 2007). All radio-transmitters
contained mortality switches that doubled the signal pulse rate if
the transmitter remained motionless for >7 h. Wolf capture and
handling procedures were approved by the Ontario Ministry of
Natural Resources’ animal care committee (permit nos. 02-75,
03-75, 04-75, 05-75, 06-75, 07-75).
We checked radio-tagged wolves for mortality signals from the
ground or during aerial tracking at <1–2 week intervals throughout
the year, and when a mortality signal was detected, we promptly
visited the site on the ground. Cause of death for each wolf was
determined by assessing evidence at the mortality site and detailed
necropsies conducted by personnel from the Canadian Cooperative
Wildlife Health Centre, University of Guelph.
2.3. DNA extraction and ampliﬁcation
Blood samples were collected during radio-collaring activities
conducted from August 2002–January 2007. DNA was extracted
from 205 samples; 196 from blood on FTA cards or blood clots
and 9 from pulled hair, with a DNEasy Blood and Tissue Extraction
Kit (Qiagen, Mississauga, Canada). Of these, 138 were afﬁliated
with packs and were included in kinship analyses. Hair was cut
into lengths of approximately 2 cm and placed directly into
500 lL 1 lysis buffer (4 M urea, 0.2 M NaCl, 0.5% n-lauroyl sarcosine, 10 mM CDTA (1,2-cyclohexanediamine), 0.1 M Tris–HCl, pH
8.0). Two 6 mm diameter hole punches from the whole blood on
FTA paper were placed in 500 lL 1 lysis buffer and then DNA
was extracted according to manufacturer’s directions. For the
blood clots, 350–400 mg was removed from the top portion of
the clot to increase the chance of obtaining the buffy coat layer
where the majority of white blood cells remain after centrifugation. The clot was fragmented with a scalpel blade, placed in
1 mL of 1 lysis buffer in a 15 mL tube, and rotated at 37 °C overnight (12–18 h). A 500 lL subsample of lysate was removed and

placed in 1.5 mL Eppendorf tubes. Proteinase K (2.4 Units) was
added and samples were incubated at 65 °C for 1 h with pulse vortexing after 30 min and at the end of 1 h. Samples were then transferred to a 65 °C water bath inside a 37 °C incubator for one hour to
allow slow cooling to 37 °C, at which time a second aliquot of proteinase K (2.4 Units) was added to each sample followed by pulse
vortexing and incubation at 37 °C overnight. A 250 lL subsample
was removed and placed in new 1.5 mL Eppendorf tubes. DNA
extraction from the blood clots from this point on was according
to manufacturers directions. All samples were quantiﬁed with
Picogreen™ (molecular probes) (Ahn et al., 1996) and subsequently
diluted to 2.5 ng/lL. For those samples below the threshold of
3 ng/lL, the undiluted extract was used in PCR and quantiﬁed by
gel ﬂuorescence with ethidium bromide (Ball et al., 2007) to ensure
that all samples had between 0.5 and 5 ng of template DNA for
each PCR. We ampliﬁed a 343–347 bp fragment of the mitochondrial DNA control region (Wilson et al., 2000) to assign maternal
haplotypes, a 658 bp section of the Y-intron (Forward Primer
LGL-331: 50 -CAAATCATGCAAGGATAGAC-30 ; Reverse Primer
YInt2-335: 50 -GTCCATTGGATAATTCTTTCC-30 ) (Shami, 2002) and 4
Y-microsatellites (Sundqvist et al., 2001) to track paternal inheritance, and 16 autosomal microsatellite loci (cxx377, cxx172,
cxx123, cxx109, cxx225, cxx250, cxx200, cxx204, cxx147, cxx253,
cxx383, cxx410, cxx442, c2010, cph11, c2202) (Grewal et al.,
2004) to determine individual genotypes and bi-parental inheritance. Ampliﬁed fragments were size-separated and visualized on
a MegaBace 1000 (GE Healthcare, Baie d’Urfé, Quebec), sequences
were edited in BioEdit 7.0.9 (Hall, 2007) and genotypes were
scored in GeneMarker 7.1 (SoftGenetics, State College, PA).
2.4. Parentage and kinship analysis
All pre-ban data relating to kinship within packs was taken
from Grewal et al. (2004). A pack was deﬁned as P3 individuals
living concurrently within a group. Pack afﬁliations were determined using multiple telemetry locations and ground tracking, as
well as visual observations made during telemetry tracking ﬂights.
Speciﬁcally, pack afﬁliations were inferred when the animals in
question were located together, within a common territory, during
>75% locations over a period extending >30 days. In two cases
(W113/C4361 in McKaskill and W195/C4443 in Pretty; Supplementary Fig. 1k and n), male individuals unrelated to other pack
members were not considered adopted because their presence
was conﬁrmed only after contact was lost (due to dispersal, death,
or collar failure) with the breeder of the same sex; in such cases we
could not rule out the possibility that the new individual was
replacing the ‘‘lost” animal as the breeder.
Samples genotyped at fewer than eight loci were not included
in the analysis (n = 4, all from hair) to ensure high probability of
identity, and an additional ﬁve samples were excluded because
they represented previously sampled animals. A total of 196 animals were included in the parentage analysis; overall, missing data
accounted for 1.4% of the dataset. The autosomal microsatellite
dataset was assessed for genotyping errors with MicroChecker
(VanOosterhout et al., 2004). To test the power of our dataset for
individual identiﬁcation, we calculated the probability of identity
(PID) and probability of identity for siblings (PIDsibs) (Taberlet
and Luikart, 1999) in GenAlEx 6.1 (Peakall and Smouse, 2006). In
the parentage analysis, females were excluded as the mother if
the mitochondrial haplotype was inconsistent with the putative
offspring, and males were excluded as the candidate father of male
pups if either the Y-intron haplotype or Y-microsatellites were
inconsistent with those of the putative offspring. We then utilized
two different methods to assign parents: (1) the exclusion method,
considered the ‘‘paragon” of parentage analysis (Jones and Ardren,
2003) but can result in false exclusions (Pompanon et al., 2005)
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and (2) a maximum likelihood approach (95% conﬁdence) implemented in CERVUS 3.0.3 (Kalinowski et al., 2007). CERVUS is a robust parentage analysis software package that accounts for rare
alleles, genotyping errors, and null alleles by using simulations to
statistically assign the most likely parent among all non-excluded
parents. Paternity simulations generated 100,000 offspring with
100 candidate males (assuming a park population estimate of
200 animals and a 1:1 sex ratio) and assuming 57% of the population was sampled (based on 57 males P1 year sampled over a 5year period and an average 5-year lifespan) and allowed a standard
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error rate of 0.010. We used KINSHIP 1.3.1 (Goodnight and Queller,
1999) to test the hypothesis that individuals within packs were
more likely to be related at the half-sibling and full-sibling level
than unrelated based on a simulation series of 10,000 pairs generated from allele frequency calculations of 124 adults (pups excluded). KINSHIP uses relatedness (r) values, allele frequencies,
and comparative genotypes to calculate the likelihood of the relationship hypothesis being tested. Pairs that were assigned as not
signiﬁcant (based on a critical P-value of 0.05) in the test of halfsiblings were considered unrelated. Where relatedness was indicated but speciﬁc kinship was unclear, we used ML-Relate (Kalinowski et al., 2006), a program that accommodates null alleles
and uses simulations and a maximum likelihood approach, to test
hypotheses between putative and alternative relationships, to assign the most probable relationships based on 10,000 simulations.
When comparing mitochondrial DNA and Y-chromosome haplotypes (Fig. 3), for pre-ban data (1995–2001) all animals sampled
in 2–5 of six consecutive years were included (pups were not sampled from the den); for post-ban data (2002–2007) (Figs. 3 and 4)
pups sampled from the den were excluded unless they were conﬁrmed in the pack 1 year later.
3. Results
3.1. Wolf population density and causes of death

Fig. 2. Wolf density in Algonquin Park, Canada. Pre-ban (1989–1999) data are from
Theberge and Theberge (2004). Post-ban data was collected after a hunting and
trapping ban was implemented in townships surrounding the park.

In winter 2003, approximately 14 months after initiation of the
harvest ban, we estimated wolf density in eastern APP at approxi-

Fig. 3. Comparison of pre- and post-ban haplotypes. Mitochondrial DNA control region and Y-chromosome microsatellite haplotypes found in packs occupying the same
territory during pre- and post-ban time periods. Maternal haplotypes are based on the mitochondrial DNA control region and paternal haplotypes are based on Ymicrosatellites. Where different, the pre-ban pack name is included in parentheses.

336

L.Y. Rutledge et al. / Biological Conservation 143 (2010) 332–339

Fig. 4. Maternal and paternal haplotypes in post-ban packs. These packs are in addition to those shown in Fig. 3.  Indicates inferred haplotype based on paternity analysis. As
in Fig. 3, pups sampled from the den were excluded unless they were conﬁrmed in the pack 1 year later. Two packs (Flat Iron and LaFleur) are not shown because there was
only one female and one male adult representative in the pack.

mately three wolves/100 km2 (Fig. 2), suggesting an average rate of
increase (rt) = 0.20 between 1999 and 2003. However, no further
increases in density were observed between 2003 and 2007 despite a marked reduction in mortality from hunting and trapping
within the ban area and park during this period (Table 1;
P = 0.000006). This was due in part to natural causes largely replacing anthropogenic causes as the leading mortality agents for
wolves following inception of the harvest ban (Table 1).
3.2. Parentage and kinship
The mean level of observed heterozygosity for APP wolves sampled post-ban was high (HO = 0.687) and similar to the levels of

0.694–0.725 reported by VonHoldt et al. (2008) for non-inbred
wolves in Yellowstone National Park. Grewal et al. (2004) also reported high levels of heterozygosity during the pre-ban time period, although no estimates were given. No loci showed a signiﬁcant
deviation from Hardy–Weinberg equilibrium after Bonferroni
correction. Probability of identity among siblings was low
(PIDsibs = 1.06  106) indicating that full-siblings in this group
were unlikely to have the same genotype. We created pedigrees
for 138 individuals living in 17 packs over a 5-year period (Supplementary Fig. 1a–q). Parent–offspring relationships were identiﬁed
in all 17 packs, twelve of which had both breeders identiﬁed. Only
one pack (Cauliﬂower; Supplementary Fig. 1e) had an animal that
was unrelated to the breeder. This female yearling was the only

Table 1
Impact of harvest ban on cause of deatha and adoption of unrelated wolves into packsb in Algonquin Park, Ontario.
Time period

Number (%) of
human-caused deaths*

Number (%) of
natural deaths

Number of
packs with P3

Number (%) of packs that
had unrelated animals**

Pre-ban
Post-ban

42 (67)
5 (16)

21 (33)
26 (84)

15
17

12 (80)
1 (5.9)

a
Data are from radio-collared animals. Pre-ban mortality data are based on an 11-year sampling period (1989–1999) (Theberge and Theberge, 2004); post-ban mortality
data are based on a 5-year sampling period (2002–2007).
b
Pre-ban pack data are based on sampling between 1987 and 2001 (Grewal et al., 2004); post-ban pack data are based on sampling between 2002 and 2007.
*
Indicate signiﬁcance based on a two-tailed Fisher’s exact test (P = 0.000006).
**
Indicate signiﬁcance based on a two-tailed Fisher’s exact test (P = 0.00003).
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unrelated adult of the 59 non-breeding adults identiﬁed within all
of the 17 packs over the 5-year period. Further, this female dispersed in March 2003, the ﬁrst winter of our study, and subsequently became a breeding female in another territory along the
southern edge of our study area. The overall proportion of packs
that had adopted unrelated animals (here deﬁned as unrelated at
the half-sibling level) decreased signiﬁcantly post-ban (Table 1;
P = 0.00003) demonstrating that post-ban packs are less likely to
adopt unrelated animals.
We found that incestuous matings were generally avoided despite high kinship within packs. Only two of the 17 post-ban
packs had related breeding pairs: one had a half-sibling breeding
pair (Beechnut; Supplementary Fig. 1b) and another had a fullsibling breeding pair (Louisa; Supplementary Fig. 1j). There were
three packs in which daughters became subsequent breeders:
two while the mother was still in the pack (Cauliﬂower and
Leaf; Supplementary Fig. 1e and 1i) and one after the mother
dispersed (LaFleur; Supplementary Fig. 1h). In one case the
full-sibling of the breeding male (both unrelated to the breeding
female) replaced his brother as breeder while the brother was
still in the pack (Jocko; Supplementary ﬁg. 1g). In two cases
(W113/C4361 in McKaskill, W195/C4443 in Pretty; Supplementary Fig. 1k and n) a male unrelated to all others in the pack
was identiﬁed within the pack after the death of the breeding
male, and in one instance (W131/C4379 in Achray, Supplementary Fig. 1a) a male unrelated to the breeders was caught in
the pack after contact was lost with the breeding male, and in
this case the new male became the breeder.
Within ﬁve packs known to occupy the same territory both prior
to, and following, the harvest ban, single mitochondrial DNA haplotypes in females were more common post-ban (Fig. 3). Single Y-haplotypes were common during both time periods but where a second
Y-haplotype was documented in post-ban packs (Pretty and McKaskill) it was found in an unrelated animal caught after the death of
the breeding male (Fig. 3). This pattern was similar in the other
post-ban packs studied (Fig. 4). In Big Crow, the BB Y-haplotype
was found in animals caught after the death of the male with the
CG Y-haplotype, and in Sunday the Y-haplotypes represent two pairs
of full-siblings of which brothers with the BB Y-haplotype were documented in the territory after the brothers with the AA Y-haplotype
had dispersed or died (Fig. 4). The C9 mtDNA haplotype in Cauliﬂower (Fig. 4) represents the one non-breeding adult found that
was unrelated to the female breeder in the pack.

4. Discussion
Our results suggest that high levels of hunting and trapping of
wolves outside the borders of Algonquin Provincial Park prior to
the harvest ban were responsible for the low kinship observed within packs. Extending protection for APP wolves has, therefore, helped
restore a more naturally structured population consisting of familybased wolf packs, despite stable wolf densities since implementation of the ban. More speciﬁcally, adoption of unrelated animals into
packs is almost non-existent in the current population.
The restoration of a family-based social structure in APP, including the pattern of female recruitment from within the pack but
acceptance of unrelated immigrant males, presumably as potential
breeders after breeder loss, is congruent with naturally-regulated
gray wolf populations in park preserves where wolves have legal
protection such as Yellowstone National Park in Wyoming (Von_ Primeval Forest in Poland
Holdt et al., 2008) and the Białowieza
(Je˛drzejewski et al., 2005). Also in concordance with wolf studies
in Denali National Park in Alaska, Superior National Forest in
northeastern Minnesota, and Yellowstone National Park (Smith
et al., 1997; VonHoldt et al., 2008), incestuous matings in APP were
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generally avoided despite high kinship within packs. Together,
these results indicate that the natural social fabric has been restored for wolves in Algonquin.
Although the long-term viability of APP wolves has been the
subject of some debate (see Theberge et al., 2006; Patterson and
Murray, 2008), we consider the social restoration of pack structure
to be a positive response to the harvest ban because it represents
an important element of a naturally-functioning ecosystem, the
maintenance of which is a primary goal for Ontario Parks, the
agency responsible for management of provincial parks; this social
component may stimulate natural regulation at other trophic levels (Sand et al., 2006; Stahler et al., 2006). In general, assessments
of population viability typically focus on numerical responses and
estimates of sustainable harvest (Pyare and Berger, 2003; Whitman
et al., 2004; Theberge et al., 2006; Isaac and Cowlishaw, 2004; Patterson and Murray, 2008), with the impacts of human exploitation
on social dynamics being largely ignored, even in highly social
large mammals such as lions (Whitman et al., 2004) and wolves
(Haber, 1996). There is, however, growing evidence suggesting that
maintaining kin relationships in socially structured populations is
evolutionarily important and can have positive effects on ﬁtness
(Silk, 2007). For example, female red howler monkeys (Alouatta
sericulus) living in kin-based groups have higher reproductive success than those living in unrelated groups (Pope, 2000), and female
elephants (Loxodonta africana) in well established family groups
with old matriarchs have lower levels of stress hormones and higher reproductive output than those in groups that have been socially
disrupted by poaching (Gobush et al., 2008). Therefore, focussing
solely on abundance when assessing population status may ignore
other potentially important factors that can contribute to longterm ﬁtness, and hence persistence, of populations.
Wolves are highly intelligent animals that have evolved under
a family-based social framework. Although the inﬂuence of this
structure on ﬁtness is not well understood, recent work suggests
that maintaining the social organization of wolf packs is important for effective resource use (i.e. knowledge of prey distribution and ability to detect, pursue and subdue prey) (Sand
et al., 2006; Stahler et al., 2006), pup survival (Brainerd et al.,
2008; Schmidt et al., 2008), and may be effective, at least in part,
at precluding hybridization with coyotes (C. latrans) due to the
lower turnover of individuals within packs and the tendency
during hybridization events for genes to ﬂow from the more
common into the rarer species (Grant et al., 2005). Breeder loss
is particularly inﬂuential and can result in abandonment of territories, dissolution of social groups, and smaller pack size (Brainerd et al., 2008). Mate loss can also result in unusual
behavioural responses of the surviving breeder (Smith and Ferguson, 2005) or incestuous pairings if mate loss occurs close to
breeding season (VonHoldt et al., 2008).
Minimizing the anthropogenic impact on social structure in
populations that form highly related groups is likely to improve
overall ﬁtness by allowing evolutionary processes to occur in response to natural selection, not human-mediated mortality (Darimont et al., 2009). In this way, conservation strategies can
bolster the adaptive evolutionary potential of populations facing
environmental ﬂuctuations, including climate change. When
compared to other conservation and management approaches
such as translocations and habitat restoration, reducing levels
of exploitation by expanding no-harvest zones to include areas
outside park boundaries is a relatively simple, long-term solution
to promote persistence of top predators that are integral to
healthy ecosystems (Terborgh et al., 2001; Soulé et al., 2003;
Chapron et al., 2008).
We conclude that the harvest ban around Algonquin has restored the natural social structure of wolf packs in the park. Given
the ﬁtness beneﬁts of kin-based groups in animals that have
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evolved complex social patterns, these results are likely relevant to
other socially structured animal populations that experience high
human-caused mortality near park borders. Our results demonstrate the need for conservation policies that look beyond numbers
to include the subtler, but potentially important, impacts on social
dynamics of wildlife. Future work addressing the ﬁtness elements
associated with harvesting and the adaptive evolution of family
groups will add signiﬁcantly to our understanding of how centuries
of harvesting have shaped the genetic evolutionary potential of Canis and other family-based species.
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FORAGING STRATEGY OF A GENERALIST PREDATOR TOWARD A
SPECIAL PREY: COYOTE PREDATION ON SHEEP
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Abstract. How predators select domestic relative to wild prey is of relevance to depredation management and presents opportunities to investigate foraging theory as applied
to mammalian carnivores. Domestic prey have numerous qualities that should increase their
energy value to predators relative to wild prey. However, whether a predator specializes
on domestic prey should also depend on the relative importance of energy efficiency and
nonfood-related activities to the predator’s fitness, as well as the composition of the alternative prey base. We used radiotelemetry, carcass surveys, and fecal analysis to investigate
(1) whether breeding coyotes killed sheep disproportionately to sheep abundance, (2) whether coyotes consumed wild prey disproportionately to wild prey abundances, and (3) the
effects of sheep abundance on consumption of five principal wild prey. Coyote pairs killed
sheep in proportion to sheep abundance within territories, suggesting that coyotes did not
specialize on sheep. Occurrences in scats of four small wild mammalian prey were not
significantly correlated with abundance of sheep in territories, but occurrence of deer in
scats was negatively correlated with abundance of sheep in territories. Small prey generally
comprised a minor portion of the coyote diet. During the lambing period, consumption of
deer was lower where sheep were available than where they were not and was inversely
correlated over time with sheep predation rate. During the non-lambing period, when only
larger sheep were present, consumption of deer was similar where sheep were available
and where they were not, and there was no significant relationship between monthly consumption of deer and sheep predation rate. Because coyotes did not specialize on sheep,
lambs, or any other prey, these results suggest that their foraging strategy emphasized
minimizing time spent with food acquisition over maximizing net energy gain.
Key words:
predator.

Canis latrans; coyote; foraging; generalist predator; prey selection; sheep; specialist

INTRODUCTION
Coyote (Canis latrans) predation on domestic sheep
in North America is an important economic problem
for sheep producers (Wagner 1988). Efforts to manage
depredation have concentrated on attempts to reduce
coyote abundance in sheep-producing areas (Knowlton
1972, Knowlton et al. 1999). Consequently, ecological
research related to this problem has focused on coyote
demographics (Knowlton 1972, Connolly and Longhurst 1975). However, it has become increasingly clear
that sheep depredation is a complex problem and that
coyote abundance alone is a poor predictor of kill rates
on sheep (Knowlton et al. 1999). Depredation losses
vary considerably, both spatially and temporally, and
many factors, both ecological and management-related,
are likely to affect this variability (Nunley 1995,
Knowlton et al. 1999).
Previous studies at the Hopland Research and ExManuscript received 2 January 2001; revised 6 April 2001;
accepted 27 April 2001.
1 Present address: Department of Nematology, One Shields
Avenue, University of California, Davis, California, USA.
2 Present address: Department of Environmental Toxicology, One Shields Avenue, University of California, Davis,
California, USA.

tension Center (HREC), Mendocino County, California, USA, have examined the roles of predator control
practices and the coyote social system in determining
predation on sheep (Conner et al. 1998, Sacks et al.
1999a, b; Blejwas et al. 2002). Here we examine the
foraging strategy of coyotes in this prey-rich environment, with particular emphasis on the role of sheep in
the diet of breeding coyotes. We focused on the breeding population as this segment was responsible for
most, if not all, sheep depredation at HREC (Sacks et
al. 1999b) and elsewhere (Till and Knowlton 1983).
Breeding coyotes are socially dominant and have been
observed to inhibit access of nonbreeders (e.g., pups,
pack associates) to certain foods (Gese et al. 1996a),
possibly explaining why nonbreeders avoid predation
on even small domestic ungulates.
Although the coyote is an archetypal generalist (i.e.,
the species as a whole has a broad food niche), coyote
populations (O’Donoghue et al. 1998, Patterson et al.
1998) and individuals within populations (Gese et al.
1996b, Sacks et al. 1999b) may specialize to varying
degrees on particular prey (see Roughgarden 1974 for
a general discussion). In this study, we were concerned
with the population-level foraging strategy of coyotes,
especially with respect to sheep. Although speciali-
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FIG. 1. Three hypothetical relationships between mean
coyote predation rate and mean abundance of sheep in a territory. A high, constant predation rate regardless of sheep
abundance (above some minimum) indicates that coyotes generally specialize on sheep, whereas a linearly increasing or
sigmoid relationship indicates that coyotes generally do not
specialize on sheep. Whether coyote populations specialize
on sheep is most apparent when territories contain low to
moderate sheep abundance.

zation can be defined in many ways, we considered a
prey to be ‘‘specialized on’’ by a population if predators
with differing abundances (above some minimum) of
that prey in their territories preyed on it at similarly
high rates (i.e., regardless of abundance; Fig. 1). This
definition is the population-level analogue to the type
II functional response of an individual predator to
changes in a prey’s abundance over time.
Whether a breeding coyote population exhibits prey
specialization is likely to depend on the relative importance of energy efficiency vs. time spent on nonfood-related activities (e.g., territory maintenance) related to the survival and reproductive success of the
coyote. Further, to the extent that energy efficiency
matters, the degree of specialization should depend on
the variety of available prey and their variability with
respect to intrinsic energy qualities (e.g., handling time,
search time per unit abundance, caloric value). Schoener (1971) coined the terms ‘‘energy maximizer’’ and
‘‘time minimizer’’ to refer to ends of a foraging strategy
continuum ranging from an emphasis on energy efficiency to an emphasis on temporal efficiency, respectively.
Domestic sheep, especially lambs, have important
qualities that are likely to set them well above most
wild prey with respect to their energy value as coyote
prey. First, handling costs to coyotes are likely to be
low relative to similarly sized wild prey because lambs,
and domestic prey in general, tend to lack the antipredator behavior characteristic of their wild counterparts (see Plate 1). Although lambs are larger than large
rodents or lagomorphs, which are thought to represent
the optimally sized wild prey of coyotes (Bekoff and
Wells 1986, MacCracken and Hansen 1987), it is likely
that handling costs, including chase and average success of capture, should be lower for lambs than for
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medium-sized wild mammals. Second, search time is
likely to be lower than for wild prey because sheep are
highly visible from long distances and, on year-round
ranches such as HREC, tend to be confined to small
pastures, such that their location is predictable. Third,
the abundance of domestic sheep in pastures (i.e., a
‘‘patch’’) is usually high enough that the coyote will
not deplete the patch by returning repeatedly. Finally,
a pair of coyotes can be energetically sustained for 2
d on a single lamb kill (Sacks et al. 1999b), whereas
;10 jackrabbits (Lepus spp.) or 20 ground squirrels
(Spermophilus spp.) would be required to sustain a pair
for the same period (Bekoff and Wells 1986). Thus,
from a strictly energetic perspective, it seems that
breeding coyotes should specialize on lambs.
Coyotes have highly variable litter size thought to
be dependent on nutritional condition (Knowlton 1972,
Knowlton et al. 1999), which should tend to push coyotes, in particular breeders, toward an energy maximizer foraging strategy relative to many other carnivores (Schoener 1971). Even so, energy intake rate can
only translate to increased litter size up to a point,
beyond which litter size would not increase. Therefore,
costs associated with energy maximizing (e.g., time
away from other activities related to survival and reproductive success) should outweigh reproductive benefits beyond some optimal energy efficiency. Breeding
coyotes are territorial, which requires that they travel
throughout their territories scent-marking, excluding
conspecifics, and otherwise maintaining territory integrity. Hence, it is not only the relative energy value
of available prey that should determine whether coyotes specialize on one of them, but the absolute availability of prey in general. For this reason, coyote populations are likely to be positioned more or less toward
an energy maximizer or time minimizer foraging strategy depending partly on overall prey abundance.
Our study was conducted in a prey-rich, Mediterranean environment during a flush period, potentially
reducing the importance of energy efficiency to foraging coyotes. Conversely, coyote density was high
(Sacks 1996), which may have increased the time required by breeding coyotes to maintain territories. On
the other hand, territories were also small (Sacks 1996),
such that movement from one end to the other, when
necessary to kill a lamb or defend the territory, required
relatively little time. Thus, it was primarily an empirical matter whether coyotes specialized on sheep.
To determine whether breeding coyotes specialized
on sheep (adult ewes and lambs) or lambs, we monitored predation rates of breeding pairs on sheep and
lambs in territories with different numbers of these
available. The prediction of the time minimizer model
is that coyotes would not specialize on any prey. The
prediction of the energy maximizer model is that coyotes would specialize on the most energetically optimal
prey (presumably lambs). It is possible that some other
prey was more energetically optimal than sheep. There-
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February 2002

PLATE 1.

301

A pair of coyotes completing a lamb kill while a second lamb looks on. Photograph courtesy of Guy Connolly.

fore, we used contents of coyote feces to additionally
investigate coyote consumption of five principal wild
prey: brush rabbit (Sylvilagus bachmani), dusky-footed
woodrat (Neotoma fuscipes), black-tailed deer (Odocoileus hemionus columbianus), pocket gopher (Thomomys bottae), and California vole (Microtus californicus). Specifically, we compared consumption of these
prey among territories in relation to abundance indexes
of these prey to determine if coyotes specialized on
any of them. To further elucidate the overall foraging
strategy of coyotes, we also compared consumption of
these wild prey to abundance of sheep among territories. Finally, to better characterize this relationship
with a wild prey of similar body size to sheep, we
examined the monthly consumption of deer on vs. off
sheep range and compared monthly consumption of
deer on the sheep range to sheep kill rate.
METHODS

Study area
We conducted our study during January 1994–May
1996 on and adjacent to the HREC, in the mountains
of the Coast Range in Mendocino County, California,
USA (398009 N, 1238059 W). Vegetation occurred in a
mosaic of oak woodland, annual grassland, mixed evergreen–deciduous forest, and chaparral (Murphy and
Heady 1983). The natural coyote prey base was diverse
and included black-tailed deer, two lagomorphs, and
numerous rodent species (Neale 1996). The climate was
Mediterranean, characterized by a winter wet season
and summer dry season. The study was conducted during a flush period, which began 2 yr after a 6-yr
drought. The HREC had been used extensively for research on sheep production since 1951 and was grazed

year-round by 900–1500 ewes (Timm 1990). Lambs
were present primarily during January–May (lambing
period). Sheep were contained in several of 32 fenced
pastures ranging from 6 to 260 ha. Most fences were
;1 m high and were (usually) impermeable to sheep
but posed little or no obstacle to coyotes, which frequently crawled through holes under or jumped over
fences.

Field methods
We used radiotelemetry to delimit coyote territories
as described by Sacks et al. (1999b). We quantified
abundance (i.e., numbers) of lambs and ewes in each
territory on a weekly basis. We documented coyote
predation on sheep through daily searches of pastures
for dead sheep, field necropsies, and radiotelemetry of
coyotes to assign kills to individuals or pairs (Sacks et
al. 1999b). We located approximately half of all dead
or missing sheep and, based on ratios of found to missing sheep, determined that search success was similar
among territories (Sacks 1996). In addition, thorough
searches in a subset of pastures indicated that causes
of mortality were distributed similarly among found
and missing sheep (Neale et al. 1998), suggesting that
our estimates of sheep predation were unbiased.
To estimate consumption of prey, we collected recently deposited coyote scats opportunistically
throughout the site and every two weeks from 21 500-m
transects spread throughout the study area, during June
1994–September 1995. Coyote territories were mutually exclusive and transient individuals avoided territories (Sacks et al. 1999b). Therefore, scats collected
in known coyote territories were assumed to have been
deposited by residents (Bowen 1981, Andelt 1985), i.e.,
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breeders, their pups, and 0–2 pack associates (Sacks
1996). Scats were oven-dried, placed in nylon bags,
washed in an automatic washing machine, and then
dried in a clothes dryer (Kelly 1991, Neale 1996). Prey
remains were identified using a reference collection and
hair keys (e.g., Mayer 1952). Most prey were mammals
and only mammalian species occurring in $5% of scats
were included in analyses. Several species of mice
(Peromyscus spp., Reithrodontomys megalotis) also occurred in $5% coyote scats, but because we could not
consistently differentiate among these from available
remains, they were excluded from analyses.

Data analyses
To determine whether coyotes specialized on sheep
(or lambs) during lambing periods, we regressed,
among territories, mean sheep kill rate on mean sheep
abundance. A significant (positive) slope would indicate that the coyote population was not characterized
by sheep specialists, but rather that individuals either
preyed opportunistically or exhibited different responses to sheep depending on abundance in the territory
(Fig. 1). Lack of a significant regression would support
the specialization hypothesis if the mean kill rate was
‘‘high.’’ Sacks (1996) estimated that a breeding pair
could be sustained energetically by $15 sheep/mo,
based on how much meat typically was eaten from a
kill (similar amount for lambs and ewes).
We performed regression analyses among territories
for consumption of each of five principal wild prey
species on (1) sheep abundance and (2) suitable habitat
of that wild prey as a proxy for prey abundance. We
calculated the proportion of each territory composed
of ‘‘suitable’’ habitat (cover or open) using a geographic information system (Arcview, version 3.2, ESRI,
Redlands, California, USA) to overlay coyote territories on a vegetation layer (Fox et al. 1997; a wildlife
habitat map and database for the ORCA [Oregon-California] Klamath Bioregion derived from Landsat imagery, version 1.0a).3 Brush rabbit, woodrat, and blacktailed deer were designated as cover (chaparral/forest/
woodland) species, and pocket gopher and vole were
designated as open (grassland) species (Jameson and
Peeters 1988).
For each wild prey species, we regressed consumption on habitat, sheep, and habitat and sheep together.
Statistics for the models with the highest adjusted R2
values were reported. Because the suitable habitat likely corresponded only approximately to actual prey
abundance, we treated it as an ordinal index. Specifically, we ranked the territories with respect to composition of the habitat types and used these ranks in
analyses. We transformed numbers of sheep [ln(x 1
1)] and proportions of scats composed by each prey
[arcsin(Ïx)] within each territory to linearize and normalize data, respectively (Zar 1984). Statistical anal3

URL: http://www.humbolt.edu/;sisi/projects/klamath.htm

FIG. 2. (A) Sheep (ewes and lambs) kill rate in relation
to the abundance of sheep in the territory (means, n 5 12)
and (B) lamb kill rate in relation to the abundance of lambs
in the territory (means, n 5 6) during lambing in 1994, 1995,
and 1996 at the Hopland Research and Extension Center
(HREC), Mendocino County, California, USA. Satiation lines
indicate approximate kill rates necessary for coyotes to meet
energy needs solely from freshly killed sheep (assuming one
meal per coyote per kill).

yses were performed in SYSTAT (version 5.0, Evanston, Illinois, USA).
RESULTS
During the lambing periods of 1994–1996, 185 coyote-killed sheep, including 158 lambs, were found.
These kills were distributed among territories of nine
different coyote pairs for 1–2 lambing periods (n 5 12
pair-years). Coyote kill rates on sheep and lambs increased with their abundance in coyote territories
(sheep, adjusted R2 5 0.82, F1,10 5 52.44, P , 0.001;
lambs, adjusted R2 5 0.76, F1,4 5 17.11, P 5 0.014;
Fig. 2).
We analyzed 467 coyote scats collected from five
known territories overlapping sheep range and surrounding areas off the sheep range during a 16-mo
period of the study. Occurrence in scats of the three
cover species (brush rabbit, woodrat, and deer) in-
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TABLE 1. Regressions of prey consumption on proportions of territory composed of suitable
habitat and abundance of sheep, June 1994–September 1995.

t
Prey
Brush rabbit‡
Dusky-footed woodrat
Black-tailed deer
California vole
Pocket gopher

Habitat

Sheep

7.73**
7.12**
3.02†
0.38
21.67

···
···
24.98*
0.28
1.81

Overall
F2,2
59.77**
50.53**
94.78**
0.64
1.67

Adjusted
R2
0.94
0.93
0.98
,0.01
0.25

Note: Regressions were performed with each predictor variable alone and together in a
multiple regression; statistics are shown for only the best models.
† P # 0.10; *P # 0.05; **P # 0.01.
‡ This category probably included a small proportion of juvenile jackrabbit (Lepus californicus), which could not be discriminated from the smaller brush rabbits.

creased with increasing proportions of suitable habitat;
relationships were less clear for grassland species
(pocket gopher and vole; Table 1, Fig. 3). Among wild
prey, deer was found at the highest (n 5 4 territories)
or second highest (n 5 1 territory) frequency in scats
(Kruskall-Wallis x24 5 9.96, P 5 0.04). When deer was
excluded from the analysis, no wild prey ranked consistently among territories with respect to its relative
frequency of occurrence in scats (Kruskall-Wallis x23 5
1.18, P 5 0.76). Relationships between consumption
of wild prey and the (logarithm of) abundance of sheep
were significant only for deer; this correlation was negative (Table 1; Fig. 4). Independent variables were not
overly intercorrelated (habitat vs. sheep abundance, r
5 20.19).

FIG. 3. Relationships between occurrence of wild prey in
coyote scats and the proportional amount of suitable habitat
for those prey in the territory (n 5 5), June 1994–September
1995.

Occurrence of deer in coyote scats collected during
the lambing period on sheep range was lower than in
scats collected off-range during this period (Fig. 5A).
The difference between off-range and on-range occurrence of deer in scats was least in early summer, when
fawns were present and after most lambs were sold,
and during late fall. The occurrence of deer in scats
was negatively correlated with the number of sheep
kills during the lambing period (r 5 20.99, P 5 0.001)
but not during the non-lambing period (r 5 0.08, P 5
0.87; Fig. 5B).
DISCUSSION
Our findings led us to reject the hypothesis that the
breeding coyote population specialized on sheep.
Sheep and lambs were killed by breeding coyotes approximately in proportion to abundance of these prey
in territories, yet, in every territory, sheep were available in considerable excess of what was killed. Whether
the pattern reflected a truly linear relationship or a
weakly sigmoid relationship between predation rate
and abundance could not be resolved from the data
(Fig. 2). In either case, it was clear that coyote pairs
with relatively low availability of sheep or lambs did
not prey disproportionately more on these prey than
did pairs with higher availability.
We also found no evidence that coyotes specialized

FIG. 4. Occurrence of deer in coyote scats in relation to
the mean abundance of sheep in the territory (n 5 5), June
1994–September 1995.
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FIG. 5. Monthly occurrence of deer in coyote scats in four
territories overlapping sheep pastures (on range; n 5 313
scats) in relation to (A) occurrence of deer in coyote scats
from outside these territories and off the sheep range (off
range; n 5 154) and (B) numbers of sheep kills, June 1994–
September 1995. Error bars represent binomial standard errors (6 1 SE). The shaded region indicates lambing, and the
boxed area indicates fawning. Scats were pooled and kills
averaged for summer months (June–August) of 1994 and
1995. A 3-mo running average was used to display occurrence
in off-range scats in (A) due to small sample sizes in some
months.

on any other of the five principal wild prey. All wild
prey were either consumed in proportion to the amount
of suitable habitat in a territory (deer, woodrat, brush
rabbit) or there was no clear relationship (pocket gopher, vole). Moreover, with the exception of deer, no
wild prey was consumed frequently in all territories.
Consumption of deer was probably considerably greater than that of small mammals in all territories given
that the index we used, frequency of occurrence, tends
to underestimate consumption of large relative to small
prey (Weaver 1993). Indeed, based on estimates of biomass consumption for the entire study area, deer (32%)
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and sheep (24%) composed considerably greater proportions of the coyote diet than did any small prey,
among which the greatest consumption was of woodrat
(10%), vole (8%), and lagomorph (6%; Neale and
Sacks 2001). Estimated biomass consumption of miscellaneous rodents not included in the present study
totaled ,8%.
Based on multiple regressions, sheep presence in a
territory had no discernable effect on consumption of
small mammals but apparently reduced consumption
of deer. This relationship between sheep abundance and
deer consumption was further supported by the observation that deer were consumed less on sheep range
relative to off range during the lambing period (when
the more optimally sized sheep were available) but not
the non-lambing period and by an inverse relationship
between sheep kill rate and deer consumption over time
during the lambing period.
That we detected a clear relationship between sheep
abundance and deer consumption but not between
sheep abundance and consumption of smaller prey
could partly have been due to the generally lower consumption of small mammals, which would have weakened our power to detect effects. Further, on our study
area, it was breeding coyotes that killed most if not all
sheep (Sacks et al. 1999b) and, based on observations
elsewhere (Gese and Grothe 1995), these were likely
the same individuals that killed deer. Much of the
small-mammal consumption, however, was likely due
to nonbreeding coyotes, which would not have been
directly affected by the presence of sheep. Although
nonbreeders commonly scavenge sheep carcasses (Roy
and Dorrance 1985, Sacks 1996, Sacks et al. 1999b),
sheep consumption was not proportional to sheep abundance in this study (B. N. Sacks, personal observation).
Unfortunately, we are limited in our interpretations
based on scat data because we could not differentiate
consumption by breeders from that by nonbreeders, nor
could we consistently differentiate scavenging from
predation.
Our finding that the coyote population did not specialize on sheep does not imply that no individual
breeding coyotes specialized on sheep. Indeed, some
coyotes in this study killed similarly high numbers of
sheep in months when abundance of sheep was low as
when abundance of sheep was high, suggesting that
those individuals specialized on sheep (Sacks et al.
1999b). Such a pattern resulted in a type II functional
response to changes in numbers of lambs over time in
territories with high mean abundance of lambs (B. N.
Sacks, personal observation), analogous to the specialist curve shown in Fig. 1. Coyotes, like many predators (Murdoch 1969), probably learn, form search images, or otherwise habituate to particular prey such that
encounter rates with a prey may influence the ontogeny
of prey choice behavior. For example, high exposure
to sheep during a sensitive period of development could
lead a coyote to develop a search image for sheep and
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subsequently become a sheep specialist. This pattern,
whereby coyote pairs with high abundances of sheep
become sheep specialists but pairs with low abundances
of sheep prey opportunistically on sheep, is analogous
to a prey-switching response (sensu Murdoch 1969) of
an individual to changes in relative prey abundances
over time.
In summary, the breeding coyote population as a
whole did not specialize on sheep, lambs, or any other
prey, and clearly killed sheep and lambs in approximate
proportion to their abundance in territories. Moreover,
deer, the only substantially consumed prey other than
sheep, also was consumed in proportion to its abundance in territories. These findings indicate that coyotes
did not forage according to predictions of an energy
maximizer model. This conclusion seems most apparent when sheep predation and deer consumption are
compared. Based on estimates of deer density at HREC
(14.6 deer/km2; McCullough 2001), deer abundance on
the study area as a whole was 6–7 times lower than
that of sheep and 3–4 times lower than lambs alone.
Relative to sheep, however, deer were evenly distributed across the landscape such that the territories with
the highest abundances of sheep likely had .10 : 1 ratios of sheep to deer, whereas territories with the lowest
abundances of sheep probably had sheep : deer ratios
#1 : 1. Within territories, sheep also were more clustered than deer. If we assume that sheep, especially
lambs, were a more energetically optimal prey than
deer (which were all large during lambing), then the
observation that lambs were not taken in high numbers
in territories where lamb : deer ratios were close to
1 : 1 clearly indicates that factors other than energy
efficiency determined coyote prey selection. Possibly,
relatively uniform spatial dispersion was more important than high abundance in a territory in determining
availability of prey to coyotes. Such would be the case
if coyotes foraged according to a time minimizer strategy, whereby they moved thoughout their territories
primarily for reasons unassociated with foraging, such
as territory maintenance, and took prey opportunistically, i.e., as they encountered them. Additionally, if
coyotes perceived risk in killing sheep, for example,
due to increased probability of being trapped in the
vicinity of sheep, this also could partly explain their
lack of specialization on sheep. Nevertheless, the cumulative findings of this study support the hypothesis
that coyotes tended toward a time minimizer strategy
and clearly refute the hypothesis that coyotes foraged
primarily as energy maximizers.
A management implication of these findings is that
predation on sheep in our study area could be minimized by concentrating sheep in as small an area as
possible. Our findings likely are applicable to other
similarly prey-rich environments. Coyote populations
in more food-limited environments, however, might be
more likely to forage as energy maximizers and, hence,
to specialize on domestic ungulates, regardless of spa-
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tial distribution. For example, in a Chihuahuan desert
region of New Mexico, where lagomorphs represented
the staple prey of coyotes, 12 of 34 goat kids experimentally introduced were killed by coyotes almost immediately (,3 wk), even though the ranges of goat
flocks overlapped only small parts of the coyote territories in which kid remains were found (Windberg et
al. 1997). Studies similar to ours in different environments would be valuable in an effort to gain a more
complete understanding of coyote foraging strategies.
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Abstract: Conservation biology requires the development of practical tools and techniques to minimize conflicts arising from human modification of ecosystems. We applied behavioral theory of primary and secondary
repellents to predator management by using aversive stimulus devices (electronic training collars) and disruptive stimulus devices (behavior-contingent audio and visual repellents) in a multipredator ( Canis lupus,
Haliaeetus leucocephalus, Ursus spp.) study in the United States. We examined fladry and a newly developed disruptive stimulus device contingent upon behavior on six wolf territories in Wisconsin, (U.S.A.) and determined
that the disruptive stimulus device gave the greatest degree of protection from predation. We also compared the
efficacy of a primary repellent (disruptive stimulus device) versus a secondary repellent (electronic training
collars) to keep captive wolves from consuming a food source. Disruptive stimulus devices effectively prevented
captive wolves from consuming the food resource, but did not produce an aversion to that food resource.
With training collars, logistical and behavioral variability limited our ability to condition wolves. Our studies
highlight the complexity of application of nonlethal techniques in real-world situations.
Técnicas no Letales para Gestión de la Depredación: Repelentes Primarios y Secundarios

Resumen: La biologı́a de la conservación requiere del desarrollo de herramientas y técnicas prácticas para
minimizar los conflictos derivados de la modificación de ecosistemas por humanos. Aplicamos la teorı́a conductual de repelentes primarios y secundarios a la gestión de depredadores por medio de dispositivos de
estı́mulos de aversión (collares electrónicos de entrenamiento) y dispositivos de estı́mulos disruptivos (repelentes conducta-contingentes visuales y auditivos) en un estudio de depredadores múltiples ( Canis lupus,
Haliaeetus leucocephalus, Ursus spp.) en los Estados Unidos. Examinamos fladry y un dispositivo de estı́mulos
disruptivos recientemente desarrollado en seis territorios de lobos en Wisconsin (E.U.A.) y determinamos que
el dispositivo de estı́mulos disruptivos proporcionó el mayor grado de protección a la depredación. También
comparamos la eficacia de un repelente primario (dispositivo de estı́mulo disruptivo) versus un repelente secundario (collares electrónicos de entrenamiento) para impedir que lobos cautivos consumieran una fuente
de alimento. Los dispositivos de estı́mulos disruptivos previnieron eficientemente que los lobos cautivos consumieran el recurso alimenticio, pero no produjeron aversión a esa fuente de alimento. Con los collares de
entrenamiento, la variabilidad logı́stica y conductual limitó nuestra capacidad para condicionar a los lobos.
Nuestros estudios resaltan la complejidad de la aplicación de técnicas no letales en situaciones reales.

Introduction
Conservation biology is as much about the interface between theory and practice as it is the science of scarcity
and diversity (Soulé 1986). To promote the existence

and expansion of large carnivores, conservation biologists should assist with the real-world problems predators
cause. Therefore, we continue to investigate and develop
applied techniques for predation management to identify
a variety of alternative methods for solving the growing
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number of conflicts between humans and wildlife. New,
especially nonlethal, tools for management are important
for us as conservation biologists in our interface with the
public and policy-makers, and the concepts we describe
here are designed to help us to effectively operate within
this real world.
Where predators live, the people directly affected by
large predators (and most likely to directly affect the
predators, lethally, illegally, or otherwise) are influenced
by their own educational and value systems (Primm &
Clark 1996), which often conflict with those of many conservation biologists. It is important to acknowledge the
attitudes of the humans living sympatrically with predators and to provide small-scale solutions to conflicts. Our
assistance with predation problems may counteract a
perception that conservation values only result in adversity for those directly affected by predator-conservation
policies.
Lethal control of predators can effectively end predation on cattle, dogs, sheep, and other domestic animals. However, the goal of rare-carnivore management is to reclaim viable populations of predators, and
lethal management actions slow the process of building populations. Furthermore, there is a strong correlation (probably causative) between predator-livestock
conflicts and the subsequent removal of predators
(Fig. 1). Rare-carnivore management involves encouraging the survival and reproduction of individual predators,
which, especially in the early stages of recovery, means
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keeping individual predators from coming into conflict
with humans. Also, with highly social predators such as
wolves (Canis lupus) the important biological unit, in
terms of social transfer of knowledge, is the pack and not
necessarily the absolute number of wolves. Even a population of hundreds or thousands may not be a healthy ecological and behavioral unit under highly exploited lethal
management schemes (Haber 1996). Thus, it is preferable from a biological point of view to maintain natural
predator demographics and behavior while attempting to
minimize the conflicts between humans and wildlife. Although territoriality in canids may not wholly preclude
interlopers, territoriality does limit interpack access to
a domestic animal resource (Shivik et al. 1996). Thus,
nonlethal techniques that preserve stabilization of social
and demographic structure may limit conflicts with humans and have additional benefits in management efficiency. That is, removal of territorial predators results
in a breakdown of territorial defense and allows access
to livestock by predators that were formerly excluded.
Nonlethal methods for managing predation allow continuance of territorial defense and may have longer-term
effects by preventing other predators from intruding into
an area containing livestock. Furthermore, efficiency of
nonlethal techniques may be greater because they can
last beyond the year of management (Bromley & Gese
2001).
We present two conceptual approaches to nonlethal
tool development, testing, and application and describe
concepts and examine case studies of how tools and techniques for predation management were identified and
tested. With additional knowledge and understanding of
nonlethal techniques that are available or in development,
the conservation community may more effectively employ these nonlethal tools when most appropriate.

Primary Repellents

Figure 1. Correlation between numbers of livestock
killed and numbers of wolves killed or removed in the
Rocky Mountain region of the United States. Data are
from U.S. Fish and Wildlife Service (USFWS 2002)
( y = 0.25x + 2.68; p < 0.001, R2 = 0.89).
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Primary repellents are those that immediately disrupt a
predator’s actions through a number of mechanisms such
as neophobia, irritation, or pain (Clark 1997; Mason et al.
2001). Stimuli that are applied as primary repellents are
disruptive stimuli because they disrupt normal behaviors
of an animal (e.g., a light and siren combination that may
disrupt the normal progression of a predator’s stalk or
attack). These stimuli may be chemical, visual, or auditory
in nature.
Fladry is an example of a disruptive stimulus that
has been used recently for wolf predation management
(Musiani & Visalberghi 2001; Musiani et al. 2003 [this issue]). Fladry is an ancient Eastern European technique
used to control wolf movements during capture that has
been successfully modified for use as an exclusionary device for captive wolves, and it may be possible to prevent
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intrusion by wild wolves with flagging hung on fence
lines (Musiani et al. 2003 [this issue]).
Flashing highway lights and sirens have been used as
disruptive stimuli to deter wolves on farms in Minnesota
(Fritts 1982; Fritts et al. 1992), although the degree of effectiveness is unknown. Other researchers reported that
electronic guards (a siren and strobe device that activates
randomly at night) are effective for preventing predation
by coyotes (Linhart et al. 1984). Little other research has
been conducted to test the effect of frightening devices
on reducing livestock depredations by wolves (Smith
et al. 2000), probably because investigations usually concluded that light and sound stimuli are limited in usefulness because of habituation (Bombford & O’Brien 1990;
Koehler et al. 1990). Primary repellents are limited in their
effectiveness because of habituation, and unless disruptive stimuli are sufficiently noxious to prevent an animal
from continuing a behavior, the continued use of the disruptive stimuli will result in an extinction of the neophobic effect. The effectiveness of disruptive stimuli can be
prolonged by randomizing stimuli and location and by
using behavior-contingent technologies that selectively
activate dependent upon behavior of the predator being
repelled (Shivik & Martin 2001).
One disruptive stimulus approach to livestock protection resulted in the development of an animal-activated
disruptive stimulus device for wolves (more commonly
referred to as a radio activated guard [RAG], Shivik & Martin 2001). The current version of the RAG system is commercially available as the Model 9000 Frightening Device
(Avian Systems Louisville, Kentucky) and is designed to
keep radiocollared predators out of small (<16 ha) areas,
such as those containing infant livestock. Activation of
the device triggers a strobe light and loud sound effects.
To reduce the ability of animals to habituate to the device,
there are 30 different recorded sounds. The devices are
currently being employed in Idaho, with indications of
substantial, but not unlimited effectiveness (Breck et al.
2002).

Secondary Repellents
Whereas primary repellents rely on novelty and are rendered ineffective due to animal learning, secondary repellents rely on animal learning to become effective. That
is, secondary repellents are linked to a behavior and result in aversive conditioning after a link is established
between a behavior and a negative outcome. Aversive
stimuli cause discomfort, pain, or an otherwise negative
experience and are paired with specific behaviors to reduce the occurrence of these behaviors (Shivik & Martin 2001). Aversive stimuli are often difficult to apply in
management situations, usually because controlling the
specificity of aversion to an area or prey item can be difficult (e.g., a bear that receives a negative stimulus from
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a rubber bullet will not necessarily form an aversion to
the area where it was shot, but will often learn to avoid
the person who shot it instead). However, because fields
of theory and evolution are based on aversive conditioning in natural conditions (e.g., aposomatic indicators),
it is safe to assume these concepts can be employed in
such a way that they are useful for protecting a resource
of immediate human concern. For example, Gustavson
et al. (1974) suggest that aversive conditioning, through
the mechanism of conditioned taste aversion, may be an
effective management tool, although conditioned taste
aversion is more useful for reducing consumptive behaviors of particular foods rather than for limiting killing behavior by predators (Conover & Kessler 1994). Similarly,
the concept and theory of using electric shock as aversive
stimuli to alter domestic animal and wildlife behavior has
been intensively studied (Krane & Wagner 1975; Linhart
et al. 1976; Quigley et al. 1990; Tiedeman et al. 1997).
Andelt et al. (1999) recently demonstrated the effectiveness of domestic-dog training collars for conditioning coyotes, and Shivik et al. (2002) expanded this concept, applying it to wild wolves.

Methods
Case Study 1: Primary Repellents in Wolf Territories
in Wisconsin (U.S.A.)
Attack and kill behaviors are separate and distinct
from consumption behaviors for predation management
(Klunder & O’Boyle 1979; Sterner 1995). However, because experimental evaluations of depredation control
technologies are difficult to implement in actual management situations, we tested two repellents for their efficacy
in reducing consumption only. We tested the effectiveness of two disruptive stimulus approaches (fladry and
a behavior-contingent light and sound device) and used
deer carcasses as an attractive resource placed in wolf
territories in northwest Wisconsin.
Six wolf packs (Bird Sanctuary, Casey Creek, Chain
Lake, Crotte Creek, Shoberg, and Tranus Lake) were identified from long-term monitoring by the Wisconsin Department of Natural Resources ( Wydeven et al. 1995,
2002). Within each pack, we installed three plots. To construct plots, we located a wooded site within an area that
was known to contain wolves but was >500 m from an
historic den site and >100 m from a road. We demarcated the boundary of a plot with nylon rope and constructed a virtual fence by stringing cord at approximately
1.3 and 0.3 m on existing vegetation. Each plot was approximately 30 m in circumference and teardrop shaped.
A road-killed deer carcass was placed within the center
of the plot. All carcasses were obtained in good condition
(intact and relatively fresh) and were stored frozen until
needed. A technician visited the plots at 2- to 3-day intervals, inspected the area for predator sign, and examined
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the condition of the carcass, including measuring the carcass weight. Plots in the Bird Sanctuary, Chain Lake, and
Shoberg packs were monitored with movement-activated
night-vision cameras to positively identify species visitation to plots. A carcass was removed and replaced with a
“fresh” carcass when one of the following criteria were
met: (1) all muscle mass and viscera were gone, (2) most
of the muscle and viscera were gone and the reduction of
weight through time reached an asymptote, (3) another
plot in the pack recently had a carcass replaced (within
6 days), or (4) a carcass had been sitting on a plot for
2 weeks.
Plots were installed sequentially within each pack territory and maintained for 9–35 days pretreatment ( beginning 4 April 2002) and then 16–29 days during treatment
(ending 7 June 2002). Treatments were (1) a movementactivated guard device (MAG), which used light (strobe
light) and sound (30 recorded sound effects including
yelling, gunfire, and helicopters) stimuli used by Breck
et al. (2002) but was activated (with a passive infrared
detector) by movement of a large animal proximal to
the carcass, (2) strips of 1 m × 7.5 cm red flagging suspended between ropes serving as fladry, and (3) a control site with no protection from predation. We measured
the proportion of carcasses consumed per day on each
plot. To avoid pseudoreplication, we used the pack as
the sample unit for analysis. That is, in statistical tests
differences in mean daily consumption were based on
a sample size of six per treatment. We tested for differences in mean daily consumption on plots before and
during treatment with analysis of variance (ANOVA), with
post-hoc multiple comparisons made using the Tukey
method.
Case Study 2: Primary and Secondary Repellents on Penned
Wolves in Minnesota (U.S.A.)
We evaluated aversive and disruptive stimulus approaches
for managing predation with captive wolves at the
Wildlife Science Center, Forest Lake, Minnesota. The first
treatment was a MAG device. The device was installed
such that an approach within 2 m of a unique food source
(sled-dog chow) would activate the light and sound stimuli of the behavior-contingent disruptive stimulus device.
The second treatment was an electronic training collar set
to activate if a wolf approached within 2 m of the food
source ( by burying collar-activation wires beneath the
area where the food source was placed). The final treatment was a control with the food source unprotected.
Social groups were not mixed during this study, and
wolves remained in their home pens at the Wildlife Science Center (although one group was separated into two
by closing a barrier that transected the middle of their
pen). We stratified by group size and then randomly assigned treatments to 14 groups of mixed size, sex, and
age class. We performed initial trials during June and July
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2002. Wolves assigned the collar treatment were in four
groups of one, two, three, and four animals. Wolves assigned the MAG treatment were in six groups of one,
two, three, four, six, and seven animals each. Four control groups had one, two, three, and four wolves. Trials
were run for 1 hour and began when the food source
was placed in the pen with the wolves. We measured
the proportion of the 1-kg portion that was consumed by
wolves during the duration of the trial. Training collars
were affixed 1–2 days before the first trial, left on wolves,
and checked periodically. We retested (post-treatment)
wolves in August 2002 after collars and MAG devices
were removed. Some penned wolves were removed or
relocated (from causes independent of treatments), and
we were unable to retest each original group in posttreatment trials. Therefore, the wolves that remained for
post-treatment trials were from five groups of the MAG
treatment (one, three, four, six, seven animals per group,
respectively), one group of two wolves in the training
collar treatment and two groups of wolves (one and two
animals per group) in the control treatment.
So we could extrapolate our results to wolf packs in
the wild, we measured the effectiveness of the MAG and
collar treatments for limiting consumption behavior and
used the group as the sample unit. That is, the dependent
variable was the proportion of food consumed per group.
We used ANOVA to detect differences in mean consumption per group and made post hoc multiple comparisons
with the Tukey method.

Results
Case Study 1: Primary Repellents in Wolf Territories
in Wisconsin
Our preliminary analysis suggested the effectiveness of
the MAG device for protecting the carcass resource from
predators. The average weight of consumption per day
was similar on all plots before treatments were applied
(p = 0.771, Fig. 2). Consumption increased on control
and fladry plots but was reduced on MAG plots during
the treatment period. When treatments were applied, carcass consumption was different depending on treatment
(ANOVA, p = 0.032), and the average daily consumption
on MAG-protected plots was 68% less than that on control plots ( p = 0.028, Fig. 2). Consumption on the fladry
plots was not statistically less than on the control plots
( p = 0.583) or more than MAG plots ( p = 0.174). We positively identified black bears (Ursus americanus), Crows
(Corvus brachyrhynchos), Bald Eagles (Haliaeetus leucocephalus), fishers (Martes pennanti), foxes (Vulpes
vulpes), Turkey Vultures (Cathartes aura), and wolves
visiting the carcass sites. Most carcass consumption resulted from black bear and Bald Eagle activity, although
we were not able to precisely quantify consumption by
species.
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Figure 2. Mean (± 1 SE) predator consumption of
carcass resource per day during periods before
treatments were in place (pretreatment) and after
they were in place (treatment) in northwest
Wisconsin, spring 2002 ( n = 6 per treatment group)
(MAG, movement activated guard).

Case Study 2: Primary and Secondary Repellents on Penned
Wolves in Minnesota
The measurement of food consumed by wolves indicated
a significant treatment effect ( p = 0.014). That is, less
food was consumed using the disruptive stimulus device
than in the control treatment ( p = 0.011; Fig. 3), but effectiveness of the training collar was not evident ( p =
0.33). During all post-treatment trials, all food was completely consumed by wolves in the collar, MAG, and control groups.

Discussion
In multipredator ecosystems, protective methods that
prevent predation on human resources by various predators are desired. Fladry has limited effectiveness for
wolves (Musiani et al., 2003 [this issue]), but it does not
appear to be as effective for other predatory species. The
MAG technology, however, repelled all vertebrate consumers until the conclusion of the study. We hypothesize
that the behavior-contingent disruptive stimulus concept
will be useful in apiary and other small-area applications
to protect resources from bears and may also be applied to
protect some species (e.g., endangered ferrets [Mustela
nigripes]) from avian predators. In some instances the
devices may be quicker and easier to install. Other
benefits are possible: the frightening stimuli may warn
species such as ferrets (or humans protecting livestock)
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Figure 3. Mean (± 1 SE) proportion of food source
consumed by captive wolves in Forest Lake,
Minnesota, summer 2002 ( n = 6, 4, and 4 for
movement activated guard [MAG], electronic training
collar [EC], and control [CON], respectively).

of approaching predators and further increase survival
probabilities.
We did not evaluate the duration of effectiveness for
the MAG device, but such research is necessary, especially
because differential response is likely from various predators. For example, a stereotypical aspect of canid predators is that they seem to be inherently “wary” (Harris &
Knowlton 2001) and are thus more likely to be susceptible
(i.e., less quick to habituate than, e.g., usrine predators) to
simple disruptive stimuli. Lastly, effectiveness of disruptive stimuli is possibly influenced by availability of alternative food resources and if unprotected food resources are
not available, the effectiveness of any nonlethal technique
will be limited. We designed our study to give predators
within each wolf territory a choice between treatments,
and we measured relative consumption based on protective method. The availability of alternative, unprotected
food resources probably influences the consumption rate
on protected resources, and future studies should measure the effectiveness of repellents when no alternative
food supply is provided.
In this and other studies, researchers reported that electronic training collars were difficult to use with wolves
(Shivik et al. 2002). Although fur was trimmed and all
collars were fitted to the same snugness, we observed a
wide variability in response (Fig. 3). Some wolves found
the stimuli very noxious and immediately jumped, yelped,
and ran away from the food source. Others, however,
acted as if the stimulus from the collar was mildly annoying, if at all, and continued to consume the food resource.
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One female wolf sat and scratched at the device but did
not retreat from the area upon activation of the collar.
After four trials, we were unable to show conditioning
against the food resource and submit that substantial logistical, animal care, and maintenance issues, and variation in wolf response to the electronic collar complicates
application of this type of aversive conditioning into management programs. Furthermore, difficulty in producing
aversions to consumptive behavior has been observed
(Garcia & Koelling 1966), although other researchers
showed that reduction of consumptive behaviors using electrical stimuli is possible (Krane & Wagner 1975;
Klunder & O’Boyle 1979). Linhart et al. (1976) and
Andelt et al. (1999) demonstrated the effectiveness of
electronic training collars for minimizing attack behavior
from coyotes.
In our studies, primary repellents were easier to apply
and thus more “management friendly” than secondary
repellents. However, we believe that limitations of application of secondary repellents are not due to theoretical
limitations of the technique, but to logistical difficulties
and differential response to the aversive stimulus used.
Technological advancement is possible that would prevent tissue irritation (such as implantable conditioning
units), but readily available technology must be considered carefully before broad-scale application in predation
management. Based on previous reports on penned animals, we believe it is possible to condition predators to
not attack livestock (Linhart et al. 1976; Andelt et al. 1999)
but acknowledge the need to overcome the difficulties
of using training collars on wild predators (Shivik et al.
2002).
In our pen experiments, the primary repellent functioned as expected and no conditioning occurred. Furthermore, in our field experiment, no generalization or
conditioning from the disruptive stimuli was evident because predators apparently only limited consumption on
protected plots and did not generalize and avoid control plots. This experiment emphasizes the specificity
of application of nonlethal techniques; there is no one
inexpensive, simple, nonlethal technique that will provide protection across an ecosystem. Real-world applications for predation management in conservation biology should minimize logistical difficulties. Thus, based on
our preliminary studies in nonlethal techniques for predation management, current methodology favors the use
of primary repellent approaches in managing predation,
albeit there are substantial limitations associated with using primary repellents. Failure of nonlethal techniques
may result from misapplication or logistical difficulties
rather than a basic unsuitability of the behavioral concepts of nonlethal predation management. Animal behavior is a complicated field in itself, but basic tenets
must be understood to prevent wasteful misapplication
of nonlethal methods (Caro & Durant 1995; Clemmons &
Buchholz 1997).
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Clark et al. (1996) note that problem definition is an important aspect of improving conservation efforts. Clearly,
when cultural history, ecology, management, and the policy process conflict, reasonable compromises must be
identified to mollify all parties. Nonlethal approaches to
managing predation are not without costs and limitations,
but they do provide a means for conservation biologists
to target areas with high predation levels and increase
acceptance of large mammalian predators. Furthermore,
we acknowledge that nonlethal approaches to predator
management may be frustrating to managers with limited
resources. High-technology devices are much more expensive, complicated, and limited in effectiveness than a
single bullet from a high-powered rifle, but they also allow a predator to live—surely the goal of conservation.
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The fear induced by predators on their prey is well known to cause behavioural
adjustments by prey that can ripple through food webs. Little is known,
however, about the analogous impacts of humans as perceived top predators
on the foraging behaviour of carnivores. Here, we investigate the influence
of human-induced fear on puma foraging behaviour using location and prey
consumption data from 30 tagged individuals living along a gradient of
human development. We observed strong behavioural responses by female
pumas to human development, whereby their fidelity to kill sites and overall
consumption time of prey declined with increasing housing density by 36
and 42%, respectively. Females responded to this decline in prey consumption
time by increasing the number of deer they killed in high housing density areas
by 36% over what they killed in areas with little residential development. The
loss of food from declines in prey consumption time paired with increases
in energetic costs associated with killing more prey may have consequences
for puma populations, particularly with regard to reproductive success. In
addition, greater carcass availability is likely to alter community dynamics
by augmenting food resources for scavengers. In light of the extensive and
growing impact of habitat modification, our study emphasizes that knowledge
of the indirect effects of human activity on animal behaviour is a necessary
component in understanding anthropogenic impacts on community dynamics
and food web function.

1. Introduction
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Anthropogenic disturbance can cause shifts in biotic community dynamics, generally through the loss of native species, introduction of novel species or artificially
enhanced populations of native generalists [1]. These changes are characterized
most often by quantifying the population size or presence of particular species.
However, behaviour-mediated interactions are predicted to have equal or greater
impacts on animal populations than purely numerical mechanisms [2–4]. Animal
behavioural responses to anthropogenic disturbances have the potential to be
cryptic but powerful drivers of ecological change in modified habitats [5].
Large carnivores are widely recognized to be sensitive to human disturbances
owing to slow life cycles, large space requirements, direct persecution by humans
and avoidance of human-dominated areas, often resulting in their decline or extirpation. Reduced large carnivore density and occupancy in some developed areas
has resulted in both mesopredator release [6,7] and overpopulation of primary
consumers [8,9]. Yet, some large carnivores do persist in modified landscapes,
but alter their behaviour to reduce interactions with humans [10,11]. Owing to
the strong regulatory influence large carnivores can exert on their competitors
and prey, changes in their behaviour are likely to contribute to whole community
responses to anthropogenic disturbances [12].
Hunting and foraging are costly behaviours for carnivores, but are often
assumed to be optimized so that individuals gain the most energy (or other limiting
nutrients) for the least effort [13]. Animals that choose to expend more energy than
what is perceived to be optimal may be responding to risks that increase the longterm pay-off of certain energy-expensive behaviours through decreased chance of
non-starvation mortality [14]. Hunting in high-risk habitats can therefore create a
risk-foraging trade-off in which animals sacrifice efficient foraging to compensate
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Our research was conducted in the Santa Cruz Mountains, which
lie in the Central Coast region of California. We captured 30
pumas from 2008 to 2013 and fitted them with GPS/radio telemetry collars (IACUC no. WILMC1011 Model GPS Plus 1 or 2 D,
Vectronics Aerospace, Berlin, Germany). Collars were programmed
to record locations every 4 h, and location data were downloaded
remotely via UHF once a month. We used a custom cluster generation algorithm integrated in the Geographical Information
Systems program ARCGIS (v. 10; ESRI, 2010) using the programming languages R (v. 2.1.3.1; R Development Core Team, 2010)
and PYTHON (v. 2.6; Python Software Foundation, 2010) to identify
groups of locations in which each location was within 100 m of the
cluster centre and 6 days of another location in the cluster (for full
details on the algorithm, see [10]). We field-investigated clusters in
reverse chronological order from their time of formation using the
most recently downloaded GPS data. Clusters were investigated
within 30 days of their first recorded locations. At investigated clusters, we recorded whether a kill was present, and if so, the species,
age and sex of the kill (if identifiable).
We constructed a mixed-effects binomial logistic regression
model to predict deer kill sites from all generated clusters. We
chose to only use deer kills because deer are the preferred prey in
our study area. In addition, small prey cannot be predicted accurately from location data in our study area owing to high
variability in puma behaviours at small kill sites. The variables
used to fit the model were behavioural characteristics associated
with clusters, including number of night locations (NIGHT), a
binary variable indicating greater than 1 day duration (BINARY),
the harmonic mean distance of locations from the cluster centre
within the cluster (HMDIST), the proportion of locations occurring
at night (P.NIGHT), site fidelity measured by the proportion of

3. Results
(a) Behavioural shifts
Of 703 field-investigated clusters, 208 were classified as deer
kill sites. The other remaining clusters included 66 non-deer
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2. Material and methods

points occurring within the cluster over the cluster duration
(P.ACTIVE) and the farthest distance travelled during a cluster
period (DIST). Total duration of a cluster (DUR) was excluded
owing to high correlation (r . 0.7) with variables already used in
the model. We allowed for random slopes and intercepts for individual pumas when fitting the best model. We also constructed a
truncated model without behavioural variables that we expected
to correlate with housing density in order to allow inference on behavioural influences on kill rates. This model excluded P.NIGHT,
P.ACTIVE and DIST. We compared the truncated model and
best-fit model to assess if we could confidently use the truncated
model. We constructed receiver operating characteristic curves
for both full and truncated models and calculated the area under
the curve (AUC) to ensure that both models were similar in their
predictive abilities. The AUC for the full model (AUC ¼ 0.818)
and the truncated model (AUC ¼ 0.820) were nearly identical,
and both support good discriminative ability [20]. We assigned
each generated cluster as a deer kill or not a deer kill by applying
the truncated model to all generated clusters.
We first investigated puma behavioural responses at the population level at four levels of housing density within 150 m of
predicted kill sites: no housing, rural (greater than 0.0 and up to
0.062 houses per hectare), exurban (greater than 0.062 and up to
1.236 houses per hectare) and suburban (greater than 1.236 and
up to 9.884 houses ha21; [21]). Owing to the discrete nature of
housing count data, each housing class was rounded up to the
nearest number of houses, resulting in housing classes within
150 m of a cluster to be defined as 0 houses for no housing, one
house for rural, two to nine houses for exurban and greater than
nine houses for suburban. We used the 150 m buffer because this
is the scale of development found to most impact puma hunting
in our study area [10]. We constrained the response variables to
only include behaviours we expected to be associated with risk
aversion, which were narrowed down to P.NIGHT, P.ACTIVE,
DUR, DIST and a final measure of prey consumption time
(P.C.TIME) which was calculated as P.ACTIVE  DUR. We
added the prey consumption time measure because it best reflects
the energetic gain an animal receives from a kill. We tested the
differences in behaviours at all predicted kill sites in different housing density categories using an ANOVA test and examined
pairwise comparisons with Tukey’s HSD test for all behaviours
found to vary significantly with housing density.
To determine kill rates, we calculated the total number of deer
predicted to be killed by each puma from the output of the deer
kill prediction model using all generated GPS clusters. We divided
the predicted number of kills by the total time each puma was
actively collecting GPS data to obtain annual deer kill rates. We
investigated sex-specific relationships between kill rates and average values for P.NIGHT, P.ACTIVE, DIST, DUR and P.C.TIME for
individual pumas using univariate linear regressions owing to
high correlation values (r . 0.7) among variables.
In order to assess the impact of housing on individual pumas,
we calculated housing density within each puma home range.
Puma home ranges were obtained using a local convex hull
(LOCOH) home range estimator, where the 95% isopleth represented the home range boundary [22,23]. All housing points in
the Santa Cruz Mountains were manually digitized from high-resolution satellite imagery. We calculated puma home range housing
density as the number of houses per km2. We tested for the relationship between individual puma kill rates and home range housing
densities using univariate linear regression.
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for increased vigilance and risk avoidance. Giving-up density
studies support that an animal’s perceived risk is inversely correlated with food intake, suggesting that time spent consuming
a food item reflects the fear experienced by forager [15].
Top carnivores generally kill large-bodied prey species,
which require a high initial energetic cost during the hunting
stage [16], but provide high energy gain during consumption.
However, because carnivores are constrained by gut capacity,
solitary carnivores can only maximize their caloric yield
by repeatedly returning to feed on a prey carcass. In developed habitats, carnivores can be particularly vulnerable to
risk-foraging trade-offs because disturbance-induced carcass
abandonment can result in food loss owing to scavenging [17]
or decomposition [18]. Prey consumption time can therefore be
limited by external forces that reduce carnivore access to a carcass. Anthropogenic disturbances can ultimately reduce the net
caloric gain carnivores receive from consuming large prey [19]
by displacing carnivores from kill sites and decreasing their
prey consumption time at kills. If perceived risk increases with
human disturbance, the magnitude of human impact should
be a predictor of foraging efficiency and consumption time.
We examined puma (Puma concolor) behavioural changes
associated with perceived risk at kill sites with increasing
housing density levels and investigated the relationship
between risk-avoidance behaviours and kill rates in disturbed
areas. We hypothesized that disturbance would displace
pumas more often in highly developed areas, reducing overall prey consumption time and increasing kill rates. In the
long term, we anticipate that more frequent risk-avoidance
behaviours will increase puma kill rate and subsequently
alter interactions with prey, competitors and scavengers.
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Figure 1. (a) Study area and predicted kill sites in relation to housing density. Box shows area (b) in which kill site examples (c,d) are shown. Kill site 1 (c) belongs
to puma 13F, whose home range is in the top quartile of housing densities among female pumas. Kill site 2 (d ) belongs to 28F, whose home range in the bottom
quartile of housing densities among female pumas. Grey labels depict location times during the first day at the kill site and black labels depict location times during
the second day. Note that at kill site 1, the puma has made a kill close to development but spends the majority of time away from the kill, whereas at kill site 2,
which has no nearby development, the puma stays within the vicinity of the kill. (Online version in colour.)
kills (e.g. raccoons and house cats) and 429 non-kills (often bed
sites). Our best-fit binomial logistic regression model to predict deer kills included NIGHT, BINARY, HMDIST,
P.NIGHT and P.ACTIVE. The truncated model included
NIGHT, BINARY and HMDIST. Neither the random intercept
nor a random slope was included in the best-fit full model or
the best-fit truncated model. We used the truncated model to
predict 1537 deer kills from 8523 generated clusters (figure 1).
At predicted kill sites, females had lower P.ACTIVE (F ¼
67.7, p  0:001), higher DIST (F ¼ 16.0, p , 0.001) and shorter
P.C.TIME (F ¼ 44.2, p  0:001) as housing density increased
(figure 2; example shown in figure 1). In suburban habitat,
female P.ACTIVE was 36% lower, DIST was 31% higher and
P.C.TIME was 42% lower than in no housing areas. Both
males (F ¼ 19.3, p , 0.001) and females (F ¼ 144.4,
p  0:001) were more nocturnal (higher P.NIGHT) with
increasing housing density at kill sites. Males did not show
any responses to housing density concerning time spent at
kill sites. Identical analyses using only confirmed kills
supported each of the reported trends for predicted kills.

(b) Deer kill rates
Male average home range size was 163.0 + 7.7 s.e. km2 with
15.6 + 0.8 s.e. houses km22. Female average home range

size was 53.8 + 2.1 s.e. km2 with 25.5 + 1.3 s.e. houses km22.
Males had an average deer kill rate of 43.7 deer yr21, whereas
females killed on average 67.3 deer yr21. Male deer kill rates
were not correlated with any of our variables of interest
(P.ACTIVE, P.NIGHT, DIST, DUR or P.C.TIME), nor with
home range housing density ( p ¼ 0.9, r 2 ¼ 0.005; figure 3).
Conversely, female deer kill rates showed a strong positive
and linear correlation with home range housing density
within its observed range ( p ¼ 0.0003, r 2 ¼ 0.745; figure 3).
Females with home ranges in the top quartile of housing density killed 36% more deer per year (81.2) than females in the
bottom quartile of housing density (59.7). Female kill rates
were also negatively correlated with average fidelity to kill
sites (P.ACTIVE; p ¼ 0.05, r 2 ¼ 0.322).

4. Discussion
Our estimate of average male kill rates (43.7 kills yr21) stayed
constant across housing densities and was comparable to
previously reported values described by Knopff et al. (35
ungulates yr21, [24]) and Anderson & Lindzey (47 kills yr21,
[25]). However, female kill rates increased positively, strongly
and linearly with housing density. Although female kill rates
in lower housing density areas (59.7 kills yr21) were
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comparable to previously estimated mule deer kill rates for
solitary adult females (52.5 kills yr21, [25]) and females with
kittens (62.4 kills yr21, [26]; 68.1 kills yr21, [25]; 57.2 kills yr21,
[24]), female kill rates in the highest quartile of home range
housing densities were substantially higher (81.2 kills yr21).
This 36% increase in kill rates between the top and bottom
quartiles indicates that development may exert a significant
energetic cost associated with hunting behaviour.
Hunting deer requires large energetic investments in the
stalking, subduing and killing stages for pumas [16]. We
have documented a sizable increase in female kill rates that
we expect represents higher energetic costs for females in
developed landscapes. Although these costs do not appear to
influence adult survival (C. C. Wilmers 2014, unpublished
data), impacts on reproductive success possibly make development-interface zones sinks for the puma population.
Anecdotally, we have observed that the tagged female living
in the most developed habitat in our study area has lost at
least three litters in the last 3 years, one of which was confirmed
as abandonment (C. C. Wilmers 2014, unpublished data). The
three other females living in less developed portions of our
study area for which we have also documented at least three
dens have had the majority of their litters survive. Although
there are many stressors in a developed landscape that might
influence kitten survival, we expect that higher energetic
costs from increased hunting may contribute to this pattern.

rspb.royalsocietypublishing.org
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Males did not alter their kill rates or prey consumption time
at kills with increasing housing density. Because male life histories are constrained by requirements to defend much larger
territories [27], this is perhaps not surprising. We found that
male pumas have home ranges that are approximately three
times as large as female home ranges on average. Male
pumas are also known to spend significantly more time performing scent-marking behaviours than females [28]. We
found that males have lower DUR at kills than females by
7.2 h on average (males ¼ 2.86 days + 0.06 s.e., females ¼
2.56 days + 0.05 s.e.; t ¼ 3.83, d.f. ¼ 1000, p  0:001), probably
owing to their need to patrol and defend their home range
boundaries from encroaching males. Therefore, because
males already tend to leave their kills early, they may be less
influenced by chronic disturbance. In addition, male home
ranges are characterized by much lower overall housing
densities, indicating that males may exhibit risk-avoidance
behaviours at the landscape scale rather than at the kill
site scale.
Higher deer kill rates by females in response to increased
housing density appear to be driven by a behavioural shift to
a lower proportion of time spent at kill sites over the consumption period. Although females did not alter their total duration
spent at clusters, their overall prey consumption times declined
owing to a lower proportion of time spent at kills, indicating
reduced utilization of carcasses at higher housing densities.
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Other possible explanations for female increase in deer kill rate
are not supported by our understanding of puma energetics
and reproduction. Deer in our study have lower detection
rates in more developed habitats (C. C. Wilmers 2014, unpublished data), therefore variation in deer activity or abundance is
unlikely to explain these patterns. In addition, it is unlikely that
increased kill rate could be a result of greater reproductive
activity in high housing density areas because females in our
study area avoid anthropogenic development when denning
[10]. We conclude that behavioural risk avoidance is a substantial contributor to female prey consumption time and hence
hunting patterns, due to our observation that housing density
is associated with decreased prey consumption time. Both food
loss and increased movement as a result of these behavioural
shifts may contribute to observed increased kill rate in
human-modified habitats.
An increase in ungulate carcasses left by female pumas may
impact the biotic community by providing additional carrion
subsidies to scavengers. By leaving their kills for longer
periods of time in more developed areas, female pumas might
create greater opportunity for scavenging by mesopredators
and birds. Subordinate predators often scavenge kills of apex
predators when kills are abandoned or not guarded [29], and
carrion can form a large proportion of their diets [30]. Pumas
are known to be important sources of food subsidies to
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Worldwide, native predators are killed to protect livestock, an action that can undermine wildlife conservation
efforts and create conflicts among stakeholders. An ongoing example is occurring in the western United States,
where wolves (Canis lupus) were eradicated by the 1930s but are again present in parts of their historic range.
While livestock losses to wolves represent a small fraction of overall livestock mortality, the response to these
depredations has resulted in widespread conflicts including significant efforts at lethal wolf control to reduce
impacts on livestock producers, especially those with large-scale grazing operations on public lands. A variety
of nonlethal methods have proven effective in reducing livestock losses to wolves in small-scale operations but
in large-scale, open-range grazing operations, nonlethal management strategies are often presumed ineffective or
infeasible. To demonstrate that nonlethal techniques can be effective at large scales, we report a 7-year case study
where we strategically applied nonlethal predator deterrents and animal husbandry techniques on an adaptive
basis (i.e., based on terrain, proximity to den or rendezvous sites, avoiding overexposure to techniques such as
certain lights or sound devices that could result in wolves losing their fear of that device, etc.) to protect sheep
(Ovis aries) and wolves on public grazing lands in Idaho. We collected data on sheep depredation mortalities in
the protected demonstration study area and compared these data to an adjacent wolf-occupied area where sheep
were grazed without the added nonlethal protection measures. Over the 7-year period, sheep depredation losses
to wolves were 3.5 times higher in the Nonprotected Area (NPA) than in the Protected Area (PA). Furthermore,
no wolves were lethally controlled within the PA and sheep depredation losses to wolves were just 0.02% of the
total number of sheep present, the lowest loss rate among sheep-grazing areas in wolf range statewide, whereas
wolves were lethally controlled in the NPA. Our demonstration project provides evidence that proactive use of a
variety of nonlethal techniques applied conditionally can help reduce depredation on large open-range operations.
Key words: Canis lupus, coexistence, human–wildlife conflict, livestock damage prevention, predator

Gray wolves (Canis lupus) were nearly eradicated from the
48 conterminous states in the United States by the 1930s,
largely to protect livestock producers from the threat of depredation (Young and Goldman 1944; Lopez 1978; McIntyre
1995). However, 4 decades later, in 1974, wolves were granted

protection through the United States Endangered Species Act
(16 U.S.C. 1531–1544, 87 Stat. 884), and due to successful reintroduction efforts and natural expansion, the species
was reestablished in the northern Rocky Mountains (United
States Fish and Wildlife Service et al. 2012, 2014). With the
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return of wolves, threats to livestock (primarily sheep, Ovis
aries, and cattle, Bos taurus) again have become a source
of conflict, and as a result wildlife agency managers often
kill wolves that prey on livestock (Fritts et al. 1992; Mech
et al. 2000; Bangs et al. 2006). However, killing depredating
wolves without addressing the underlying causes of depredation only temporarily eliminates depredation attacks on livestock (Fritts et al. 1992; Gehring et al. 2003; Musiani et al.
2005; Harper et al. 2008; Bradley et al. 2015). For example,
Bradley et al. (2015) found that recurring depredations were
typically made by the next pack to occupy the vacant territory within 2 years, yet, in the Northern Rockies region, costs
for investigations into livestock depredation, lethal control,
and compensation for livestock losses exceeded $1.5 million
in 2010 alone (Bradley et al. 2015).
Research indicates there is broader public support for nonlethal methods of predator control than for lethal methods (Arthur
1981; Reiter et al. 1999; Bruskotter et al. 2009; Holsman et al.
2014; Slagle et al., this issue). For example, in the state of
Washington, recent surveys on public attitudes indicate growing opposition to lethal control of wild predators to prevent
livestock losses (Duda et al. 2008). Public attitudes help shape
public policy and, as a consequence, the nature of wildlife management programs. However, when surveyed, many livestock
producers who had experienced livestock losses to wolves
expressed skepticism concerning the anticipated effectiveness
of nonlethal methods and the costs to implement them, whereas
others expressed uncertainty regarding which methods were
appropriate to use and when to use them (Stone 2009). Even
established researchers of wolf and livestock management have
mostly dismissed large-scale nonlethal predator deterrents as a
viable alternative to traditional lethal control measures because
they claim that nonlethal methods do not provide “an adequate
or overall solution to this problem” and have “little or no long
term value” in predator management efforts (Shelton 2004:3–4).
The willingness of livestock managers to adopt nonlethal
techniques often relies on proof of their efficacy (Baker et al.
2008), which requires research aimed at determining their
effectiveness across a variety of situations. Employing these
measures for a small-scale farm or ranch is often feasible and
inexpensive, and several specific methods have been studied at
this level (Breck et al. 2002; Musiani et al. 2003; Gehring et al.
2010). However, most livestock killed by wolves in the northern Rocky Mountains of the United States are part of large,
open-range grazing operations covering 4,000–40,000 ha or
more. The question then becomes not just whether nonlethal
deterrents can work but whether they are feasible in large landscapes. Some wolf scientists have cautioned that “all means of
protecting livestock from wolves over large areas are largely
ineffective and expensive” (Mech et al. 2003:336) yet also
acknowledge that most methods remain untested (Harper et al.
2008). Others have dismissed nonlethal methods as too costly,
impractical, and limited in their effectiveness due to wolves
habituating to deterrent stimuli (Smallidge et al. 2008).
To date, there have been few landscape-scale trials of nonlethal deterrents in overlapping wolf and livestock range, and

none that involved thousands of sheep in rugged national forests. Because wolves kill far more sheep than other types of
livestock in the northern Rockies of the United States, including in Idaho (United States Fish and Wildlife Service et al.
2016), our goal was to determine if we could proactively and
adaptively use nonlethal tools and techniques to significantly
reduce losses of sheep to wolves while reducing lethal control
of wolves across a large, rugged, and primarily forested landscape. Our case study compared the rate of sheep loss to wolves
in a Protected Area (PA) and a Nonprotected Area (NPA) over
7 years. Details of our methods are given below, but critical here
is that the PA and NPA were comparable in that both were on
national forest lands, in adjacent areas, and occupied by wolves
and both had a history of sheep losses due to wolf depredation.
Furthermore, the sheep we monitored on the PA and NPA all
belonged to several of the same 4 producers who participated
in this project, and some of the same wolves from established
packs ranged in both the PA and NPA. We emphasize that our
goal was not to evaluate any single tool or method using a standard research design but rather to evaluate the holistic strategy of increasing the presence of humans, more diligence in
handling of sheep (animal husbandry), and using a variety of
nonlethal techniques in a proactive and adaptive fashion based
primarily on wolf-monitoring information, grazing conditions,
terrain, time of day, available resources, and accessibility.

Background
Wolves were reintroduced into Idaho in 1995 and 1996 as part
of the northern Rockies wolf recovery efforts. Since that time,
more than 2,400 wolves have been killed across the region in
response to reported depredations involving more than 6,000
sheep and cattle (United States Fish and Wildlife Service et al.
2016). In the northern Rockies, significantly more sheep (4,514
confirmed) than cattle (2,274 confirmed) have been killed by
wolves since 1987, when the 1st confirmed wolf depredations on livestock occurred (United States Fish and Wildlife
Service et al. 2016). Approximately 200,000–220,000 sheep
graze annually in Idaho, with estimated average annual losses
of 20,000–30,000 from all mortality causes other than intentional slaughter for market (Idaho Sheep Loss Report 2013).
Predator depredations account for 30–40% of all sheep mortality as estimated and reported by sheep producers (United
States Department of Agriculture – National Agricultural
Statistics Service 2010), with wolves accounting for ≤ 4.1%
of total losses statewide in 2012, the most recent data available
for sheep mortality loss in Idaho. While coyote (Canis latrans)
depredation is the main cause of sheep losses in the northern
Rockies, accounting for > 66% of depredations (United States
Department of Agriculture – National Agricultural Statistics
Service 2013), wolf depredation is more controversial and
results in state-sanctioned efforts to reduce wolf numbers to
address conflicts (Russell 2015). Nearly 64% of Idaho consists
of federally owned or administered forests and other rangelands,
almost half of which is leased to private individuals or corporations for rangeland grazing (Rimbey et al. 2014). According to
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the United States Department of Agriculture’s (USDA) Wildlife
Services Idaho Depredation Field Investigation Reports from
1995 to 2010, more sheep were killed by wolves on national
forest lands (which are typically more remote and rugged) than
on privately owned lands in Idaho.

Materials and Methods
Regional study area.—Our demonstration project was conducted in one of the largest sheep-grazing sectors in the Idaho
wolf range (S. Boyd, Executive Director, Idaho Woolgrowers
Association, pers. comm.). Domestic sheep and wolf packs
share the same range each year from mid-June through early
October on the Sawtooth National Forest, federally managed
public lands that cover 854,052 ha in the states of Idaho (96%)
and Utah (4%). This region includes sagebrush steppe, sprucefir forests, and alpine tundra, among other vegetation types.
The elevation ranges from 1,784 to 3,660 m, and the terrain is
largely mountainous, unpopulated, and rugged. There are few
maintained access roads in the more remote areas. The region
is interspersed with lower-lying areas of concentrated human
use and permanent settlement. Native mule deer (Odocoileus
hemionus), elk (Cervus elaphus), and moose (Alces alces) are
present, among many other wildlife species, and game hunting
is regulated by the state wildlife agency (Idaho Department
of Fish and Game and Nez Perce Tribe 2014). Idaho Fish and
Game reported a minimum of 6 documented packs of wolves
in the Southern Mountains wolf management zone in 2007,
7 in 2008, 7 in 2009, 6 in 2010, 7 in 2011, 11 in 2012, 9 in
2013, and 8 in 2014 (Idaho Department of Fish and Game and
Nez Perce Tribe 2008, 2009, 2010, 2011, 2012, 2013, 2014).
Recreational use of the national forest (hunting, hiking, camping, skiing, and snowmobiling) is popular among local residents and tourists year round. Sheep traditionally are grazed in
large bands attended by 1 or more shepherds, herding dogs, and
livestock guardian dogs (LGDs). Bands are generally either
“ewe–lamb” bands or “dry” bands. “Ewe–lamb” bands consist of about 850–950 ewes plus their lambs, usually totaling >
2,000 animals per band. “Dry” bands consist of a few hundred
ewes early in the season, but later, after their lambs have been
shipped, can grow to as many as 2,000 when older ewe bands
and young replacement ewe bands are combined. Idaho range
operators primarily employ Peruvian sheepherders to manage
bands in the field. These bands slowly graze from lower to
higher elevations in the spring and summer months after the
native forage has become green. This seasonal cycle, known
as transhumance migration, is an ancient pastoral tradition that
has been practiced in areas around the world since sheep were
first domesticated approximately 10,000 years ago. Sheep
ranchers participating in the Demonstration Project have sheep
bands that typically graze across a distance of more than 200
km each season.
Sheep grazing.—Although there are several farm flock
operators in the vicinity of the study area that each manage
up to a few hundred sheep in pastures, we were principally
concerned with large-scale “range operators”, producers who
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graze thousands of sheep across a vast landscape. Range operators graze lands with complex surface ownership, including
their own deeded properties and public lands managed by various state and federal agencies. These range operators typically
release (turn out) ewes and their lambs on the Snake River
Plain in early April at an elevation of approximately 1,219 m,
then travel slowly north through sagebrush steppe into midelevation country ranging from 1,524 to 2,438 m in May that
offers greater topographic relief and is dissected by riparian
corridors. In June, sheep bands enter the PA when they move
into higher, more mountainous country ranging from 1,981 to
2,896 m in 1 or more national forests and where wolf packs
establish their range. Bands of ewes and lambs are herded
down from the high mountains in July or August to corrals in
the valleys below where the lambs are weaned and shipped.
The resulting “dry” bands then return to high elevation forest allotments for several weeks before the migration back to
lower elevations begins in early- or mid-autumn. Rams typically are added to the ewe bands in August for breeding purposes. The bands are slowly herded to the vicinity of lambing
sheds, located on the operator’s deeded property, or to lambing range on private or public lands in sagebrush steppe on
the Snake River Plain, home ranch, or farm. Shed-lambing
for most project participants occurs from January to March.
Turnout onto desert allotments occurs in early April, beginning the annual cycle anew. Following these spatiotemporal
schedules, sheep bands passed through allotments (for which
the operator held grazing permits or trailing rights) during
the summer grazing season on public lands. Most bands were
accompanied by a sheepherder and both herding and guardian
dogs by day (Fig. 1), and by guardian dogs and sheepherders
in the area at night. Sheepherders are the most experienced
in day-to-day band management and are responsible for protecting the sheep from predators, keeping them watered and
grazing, and managing their herding dogs, LGDs, horses, and
equipment. Sheepherders also have the most direct influence
on sheep and predator management in the field, and their ability to implement nonlethal methods on the ground in challenging terrain is critical to the project.
We hired and trained field technicians who worked directly
with livestock producers and sheepherders. Their responsibilities were to detect and communicate information on the presence of wolves, analyze grazing routes in relation to wolf den
and rendezvous sites, identify threats to sheep in specific locations, prescribe nonlethal livestock protection strategies, and
proactively apply nonlethal deterrents to protect sheep, especially at night when the bands are on bedgrounds and most
losses to predators occur. Sheep operations were offered project
assistance only while grazing within the boundaries of the PA.
Sheep depredations were closely monitored by herders and
reported to agency wildlife control agents within hours or days
of each occurrence. The wildlife control agent would examine
the carcasses or site where the losses occurred and determine
cause of death, including the type of predator responsible for
the depredation mortalities and injuries. It is possible that some
minor sheep losses were undetected in both the protected and
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Fig. 1.—Lava Lake herder and herding dogs among the sheep. Photo credit: Defenders of Wildlife.

unprotected areas, though the sheep are counted during shipping and at the end of the grazing season, which makes this
scenario unlikely.
PA and NPA.—Our efforts to protect sheep occurred within
the Big Wood River drainage with in the Ketchum Ranger
District. The Big Wood River drainage runs primarily north to
south from Galena Summit, southeast through a valley bounded
by the Smoky, Boulder, and Pioneer Mountains, and past the
towns of Ketchum, Sun Valley, Hailey, and Bellevue, Idaho; it
is comprised almost entirely of lands managed by the United
States Forest Service. We operated through 2 phases on the
grazing allotments of the Big Wood River drainage within the
Ketchum Ranger District of the Sawtooth National Forest in
Blaine County, Idaho (Fig. 2). In Phase 1 (2008–2010), we protected sheep grazing in the PA covering approximately 598 km2
(years 1–3). In Phase 2 (2011–2014), we expanded the PA to
approximately 1,161 km2.
The situation that precipitated our study and the formation of
the project occurred in 2007 when a family of wolves known
as the “Phantom Hill pack” killed sheep and LGDs on national
forest land north of Ketchum. This particular area is part of the
Sawtooth National Recreation Area and includes the historic
Sawtooth Sheep Driveway along the Big Wood River. Under
these circumstances—when sheep and LGDs are killed or
injured—members of the pack or the entire depredating family
of wolves normally would be killed by government officials in
response to prevent more livestock depredations. In this situation, local residents strongly opposed killing the wolves, which
were popular among wildlife watchers in the area. Nonlethal
interventions were used instead, preventing further losses in
this area through the end of the 2007 summer grazing season.
This success led to the formation of a small coalition consisting of local sheep producers, county commissioners, a wildlife
conservation organization, federal land managers, and state and

federal biologists (see Supplementary Data SD1). This coalition became the Wood River Wolf Project.
During Phase 1, project personnel used nonlethal tools and
methods on behalf of livestock operations to determine if these
methods were effective at preventing wolf depredations in the
PA. In Phase 2, we transitioned the responsibility of employing
nonlethal tools to individual sheepherders, livestock managers, and sheep producers; project personnel served primarily
as consultants who intermittently assisted in the field during
situations of highly elevated depredation risk. Four major sheep
producers participated in the project, which meant that during
the summer grazing season each producer would have multiple bands of sheep that would enter and exit the PA at various
times throughout the grazing season. None of the producers
grazed sheep exclusively in the PA, but all had bands that spent
a significant part of the summer grazing season there. When
sheep were on Forest Service allotments, they were either in
the PA, where we helped provide protection from wolf depredation, or they were in the NPA. The NPA consisted of all
Forest Service grazing allotments that were near or adjacent to
the PA; it also included nearby areas in which sheep from several of the participating producers grazed. These areas did not
have project personnel providing additional protection or deterrent equipment. Both the PA and NPA were within the wolf
management zone identified by Idaho Fish and Game as the
Southern Mountains zone. The NPA included grazing allotment
from the Ketchum Ranger District, Fairfield Ranger District,
and the Sawtooth National Recreation Area. Comparing the
number of sheep killed by wolves (see below) between the
PA and NPA was the primary component of our evaluation of
the project. We made concerted effort to include comparable
grazing allotments between the PA and NPA, and, because we
protected sheep almost entirely on Forest Service grazing allotments where sheep grazing primarily occurred, we excluded
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Fig. 2.—State of Idaho (inset), showing Blaine County (light gray) and National Forest Service land (dark gray). Northern portion of Blaine
County is enlarged to show grazing allotments where Wood River Wolf Project was carried out during Phase 1 (darker gray) and Phase 2 (lighter
gray and darker gray).

information on any sheep killed by wolves on private property
or Bureau of Land Management land. Thus, our inference is
restricted to grazing lands managed by the Forest Service, the
primary grazing management agency within Blaine County.
Materials.—In order to weight the number of sheep killed in
the PA and the NPA, we calculated the variable “sheep days.” For
this, we used data provided by the United States Forest Service
on number of sheep on allotments and duration each grazing
allotment was used by each of the 4 producers. Sheep days were
calculated from Annual Operation Instructions, which are generated annually for every Forest Service allotment and which
give details on the “Authorized Season of Use and Numbers”
prior to the grazing season. We calculated sheep days for each
allotment by multiplying the number of authorized sheep by
the number of days of permitted use on the allotment. Annual
Operation Instructions do not include numbers of lambs that
may be present. For sheep bands consisting of both ewes and
lambs, we used the Forest Service’s method to calculate number
of lambs, multiplying the authorized number of ewes by 1.5.
Data on the number of sheep killed came from USDA
Wildlife Services. We used only those records for which it

was designated as probable or confirmed that the predator
was a wolf (and not those listed as “possible”). We considered
data only for sheep, not cattle, because sheep are the primary
livestock species grazed in the PA. Depredations within the
PA that occurred prior to 1 July or after 15 October (the primary summer grazing season) were counted as being predations in the NPA. For each area, PA and NPA, we calculated a
weighted number of sheep killed by summing the number of
sheep killed each year and dividing the sum by the calculated
number of sheep days. To make the value easier to handle,
we multiplied it by 105. We graphed the cumulative number
of sheep killed in each area over the 7-year period, measured
the slope of the number of sheep killed per unit time, and used
covariate analysis to test whether the slope in the PA differed
from the slope in the NPA. We used program R version 3.0.1
(R Development Core Team 2013) and package “car” to perform the statistical test.
Impact of depredation.—Assessments of livestock loss
and wolf depredations were compiled from official reports of
depredation investigations (both federal and state) and from
reimbursement claims for losses due to depredation. Number
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of wolf depredation events for the 4 primary producers grazing in the PA were determined from field investigation reports
verified by Idaho USDA Wildlife Services from 1995 to 2010.
These reports provide the official basis for annual reports
by United States Fish and Wildlife Service on wolf management and livestock depredation in Idaho over the course of the
7-year demonstration project. The dates of these events were:
8 August 2008 (Blaine County, Baker Creek, 1 confirmed
sheep); 4 July 2009 (Blaine County, 1 confirmed sheep); 10
August 2009 (Blaine County, Baker Creek, 12 confirmed sheep
and 1 injured guard dog); 9 July 2010 (Blaine County, 1 confirmed sheep); 21 September 2010 (Blaine County, 4 confirmed
sheep); 22 August 2011 (Blaine County, 1 probable sheep);
12 October 2011 (Blaine County, 1 probable sheep); 5 July
2012 (Blaine County, Lake Creek, 4 confirmed); 13 July 2014
(Blaine County, West Fork, 3 confirmed); 22 September 2014
(Blaine County, East Fork, 2 confirmed sheep) but these last
2 were likely bear depredations according to the herders who
were present and our field manager.
Wolf presence.—Part of our effort involved trying to predict
where wolves were on a daily and seasonal basis. Information
on wolf presence in the PA was obtained from trained project field technicians, Idaho USDA Wildlife Services, Idaho
Department of Fish and Game, reports from sheep producers
and sheepherders, aerial and radiotelemetry monitoring, indirect and direct observation of wolf activity, and reports from
hunters and recreationists. Wolf pack activity was documented
in the PA annually from 2007 through 2014. During Phase 1,
we used radiotelemetry to monitor radiocollared wolves from
the Phantom Hill pack. In 2011, during Phase 2, we conducted
surveys of howling, track and scat, and kill sites to identify
pup and rendezvous sites for 3 separate packs whose territories
overlapped the PA during the summer grazing season. In 2012,
we conducted a field camera survey to document broader wolf
activity in the county. Our field technicians set 18 cameras in
territories of 3 primary packs and obtained images of multiple
individual wolves in the range of each pack. Cameras were
checked every 3–10 days in sheep-grazing areas but less frequently in other areas. In 2013, we again placed motion-sensing
field cameras but only in areas where packs had denned or in
areas that had been used for rendezvous sites in prior years. We
documented 4 pups in the Hyndman pack along with at least 2
adults and captured images of wolves in the Baker Lake area.
The Baker Lake field camera documented a sheep band and a
wolf in the same location within a 48-h period. We documented
wolf howling near sheep bands at night and physically chased
wolves out of occupied sheep bedgrounds in 2009, 2011, and
2012. That same year, a 6-week-old wolf pup was captured
from the Warm Springs pack on the western side of the PA. We
documented multiple tracks from additional pups and an adult
member in that pack after the capture of the pup. In summary,
we documented consistent pack activity of ≥ 2 packs annually
for 7 years, 3 packs during 5 of the 7 years, and 4 packs during
3 of the 7 years of the demonstration project.
Nonlethal deterrents.—It was our assumption that no single
deterrent is adequate to deter wolves from livestock effectively

over the entire grazing season. This was based on several hundred depredation reports and field examinations over decades
by several of the coauthors. Instead of relying on a single or
few deterrents, we tailored our use of adaptive nonlethal methods in the PA based on prior research on use of fladry, LGDs,
and radioactivated guards conducted by Wildlife Services and
the Natural Resource Conservation Service; survey information
from livestock operators who experienced wolf depredations in
Idaho, Montana, and Wyoming (Stone 2006, 2009); and adaptive protocols developed during an interagency workshop on
livestock and wolf management at the 2006 Northern Rockies
Wolf Conference. These methods included the use of increased
numbers of LGDs per band in the post-denning season, reducing attractants such as livestock carcasses and diseased animals
near sheep bands, penning bands at night when high-risk wolf
encounters were likely, increased human presence near sheep
bedgrounds, use of light and sound devices at night, predictions on wolf movements based on previous patterns, alternative grazing routes when feasible and necessary to avoid wolf
rendezvous areas, and opportunistic hazing of wolves when
necessary (see Table 1 for details regarding individual deterrents and methods).
Phase 1: 2008–2010.—During this initial phase, we
increased human presence around sheep bands grazing through
the PA, especially at night, and began to use nonlethal techniques when wolves were in close proximity to a band (Fig.
3; Table 1). Technicians were scheduled to accompany each
band of sheep from dusk till dawn while sheep were in the PA.
During this period, there were several radiocollared wolves
from 2 or more known packs that ranged in and adjacent to the
PA. We used radiotelemetry, conducted surveys on the presence
of tracks, carcasses, and scat, and listened for howls to detect
and monitor wolves. When wolves were detected or anticipated
near sheep bands, field technicians and sheepherders deployed
more aggressive nonlethal tools and techniques. These included
increased nighttime camping near sheep bedgrounds, sound
and light devices such as high beam flashlights, starter pistols,
and air horns, or worked with agency and livestock managers
to devise viable alternate grazing routes when possible to avoid
encounters. We alternated use of scare devices to avoid habituating the wolves to any specific deterrent. We also discouraged
producers and sheepherders from using LGDs in the spring
near den or rendezvous sites to avoid conflicts caused by the
natural aggression of wolves toward unfamiliar canids detected
near their pups. We recorded several variables: number of sheep
that grazed in the PA; dates and locations when wolves were
detected in the vicinity of a band; dates and locations where
sheep were killed; and whether a sheepherder was present at the
time of the depredation. We also recorded which nonlethal tools
were applied and, when discernable, how wolves responded to
deterrents, the number of LGDs that were with each band, and
the number of hours technicians were present in the field. These
observations helped us determine when and where to deploy
nonlethal deterrents in subsequent grazing seasons.
Phase 2: 2011–2014.—The Wood River Wolf Project was
originally designed to be a 3-year feasibility study. However,

SPECIAL FEATURE—NONLETHAL MITIGATION OF WILDLIFE CONFLICT

39

Table 1.—Nonlethal deterrent methods used to protect bands of sheep (Ovis aries) from gray wolves (Canis lupus) in the Wood River Wolf
Project. Deterrents were used during the field season in the Protected Area of the study in Blaine County, Idaho.
Method
Description and application
Increased human presence
A team member guarded the band from dusk to dawn (when wolves are most active); the guard responded to threats from any predator (not just wolves) and used
the nonlethal tool or tools deemed most effective. If no wolf activity was observed, the guard scanned the band and nearby area with the spotlight and radiotelemetry system several times during the night.
Increased number of livestock guardian dogs
Sheep producers and sheepherders were encouraged to assign ≥ 3 guardian dogs to each band for the season. Numbers were subject to change depending on
potential conflict, with more dogs added when predator encounters were more likely. We recommended alternative deterrents in April through mid-June when
wolf pups were restricted to a den or rendezvous site (when packs are highly defensive of pups).
Spotlight
A high-powered halogen spotlight was used to scan the band and surrounding hills and used frequently by night guards to check the band and deter potential
predators.
Radioactivated guard box
A radiotelemetry device detected signals from radiocollars of collared wolves; collar frequency was programmed into the device. The box activated when the collar appeared within a preset range, setting off a variable series of lights and prerecorded alarm noises. Used only when radiocollared wolves were locally present
and when access by motor vehicles was feasible. This device was rarely used because of difficulty setting it up, and few or no wolves in the Project Area were
radiocollared.
Fladry and turbo-fladry
Fladry is a series of red or orange plastic flags (50 × 10 cm) sewn at 50-cm intervals on a nylon rope (0.2 cm in diameter), suspended 50 cm above the ground and
supported on metal rebar posts spaced at 30-m intervals (Musiani and Visalberghi 2001; Musiani et al. 2003). For the later version (“turbo-fladry”), the rope was
electrified; it was powered with a solar charger (Lance et al. 2010). Used when wolf activity and possibility of conflict was deemed to be high, where terrain was
suitable, and the sheep producer was agreeable to its use. Sheep were driven into a fladry corral and enclosed for the night. This deterrent was used frequently in
Phase 1 but not in Phase 2, when other effective and easier-to-use deterrents became available. (Turbo-fladry was kept available in case a situation needed more
protection.)
Blank handgun
A .22 starter pistol that fired blanks into the air was used alone or with a klaxon when wolves were known to be near (detected visually, by wolf howls, or by
strong telemetry readings). Also used when wolves were possibly near (determined by guard dogs barking consistently, wolf seen that day, weak telemetry readings, or recent depredation by wolves).
Klaxon
A loud air-horn was used alone or in conjunction with a blank handgun, under same conditions described for “blank handgun.”
Radiotelemetry
Used for wolves fitted with radiocollars to give real-time indication of when these wolves were in the vicinity. The method permitted teams to respond with timely
application of additional protection measures.
Flashing lights
Lighting devices were deployed near animals in danger of being attacked by predators at night. LED lights inside the device flashed irregularly, feigning human
presence, with the intention of increasing a predator’s sense of perceived risk. The devices were originally created for use in Australia to protect livestock from
foxes and sold under the name Foxlights. Starting in 2014, devices were used at night near sheep bedgrounds to simulate human activity near the bands.

ranchers and Blaine County commissioners requested that the
project be continued and extended to cover a larger area. In
response, we adapted our methods to cover an expanded PA
(increased from 598 to 1,161 km2 by 2012) and advanced our
yearly starting date from 15 July to 1 June, which allowed us
to monitor wolves before sheep entered the PA. As a result of
the areal expansion, the approximate number of adult sheep
and lambs present seasonally in the PA increased from 10,000–
12,000 to 20,000–22,000. However, by 2012, the few known
radiocollared wolves in and around the PA had been killed by
hunters or poachers, and we were unable to monitor wolves
using radiotelemetry. By this time, the sheepherders had
become more familiar with wolf behavior and more self-reliant
in the use of nonlethal deterrents.
During Phase 2, the main responsibilities of field technicians
changed from full-time intervention to providing a monitoring and support service. Technicians focused more attention
on detecting wolf activity near sheep bands, with significant
findings being promptly communicated to sheepherders. Wolf
tracks, scat, and images were mapped in conjunction with

grazing schedules to provide technicians with the information
necessary to target and refine mitigation efforts, both spatially
and temporally. Grazing allotments were surveyed for wolf
activity in advance of sheep grazing. Technicians resumed
providing direct field assistance including implementing additional protection measures when technicians suspected wolves
were nearby. When feasible in late spring and early summer,
sheepherders avoided wolf den and rendezvous sites where
pups were raised. Results are presented as mean ± SE unless
otherwise noted.

Results
It is estimated that annual losses from predator depredations
accounted for 30–40% of all sheep mortality (United States
Department of Agriculture – National Agricultural Statistics
Service 2010), with wolves recently accounting for 4.1 % in
2011 and 4.4 % in 2012 of total confirmed and unconfirmed
sheep losses statewide in Idaho (United States Department of
Agriculture – National Agricultural Statistics Service 2013).
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Fig. 3.—Lava Lake sheep in fladry. Photo credit: Defenders of Wildlife.

There was a total of 240,000 sheep in Idaho in 2011 and, according to producer estimates, wolves killed 1,300 statewide (or 1
out of every 184 sheep statewide—United States Department
of Agriculture – National Agricultural Statistics Service 2013).
In 2012, there were 235,000 sheep in Idaho, and wolves reportedly killed an estimated 1,400 (or 1 out of every 167) sheep
statewide. The National Agricultural Statistics Service reports
on self-reported estimates obtained from producer surveys,
which primarily represent unverified losses. However, they are
the only measure beyond minimum confirmed depredations
reported by state or federal agencies that provide even a rough
estimate of total livestock losses. Statewide, 576 wolves were
killed in response to livestock depredations from 2008 through
2014 (United States Fish and Wildlife Service et al. 2016).
Over the 7-year project period, the 4 producers whose
sheep we tracked had an annual mean of 576,000 ± 77,787
sheep days in the PA and 1,512,000 ± 157,876 sheep days
in the NPA (Table 2). Wolves did not prey on sheep as frequently in the PA as in the NPA. The mean number of times
they killed sheep was only 1.3 ± 0.3 times/year in the PA,
but it was 9.4 ± 2.4 times/year in the NPA. Similarly, wolves
killed far fewer sheep in the PA than the NPA; the mean number of sheep killed was 4.2 ± 1.8 sheep/year in the PA, but
44.8 ± 13.6 sheep/year in the NPA (Table 2). There were no
known subsequent depredation losses following any single
incident of depredation in the PA. Of a total of 11 incidents
of sheep lost to wolves confirmed in the PA during the 7-year
project period, 8 incidents involved only 1 or 2 sheep, and no
single confirmed incident exceeded 12 sheep. After weighting
the number of sheep killed by sheep days, the number of sheep
killed was, on average, approximately 3.5 times greater in the
NPA than in the PA. The slopes of the cumulative weighted

number of sheep killed between the PA and NPA differed
significantly (analysis of covariance: F1,10 = 49.3, P < 0.001;
Fig. 4). The weighted number of sheep killed was lower in the
NPA than in the PA during years 2011 and 2014. Some lethal
wolf control occurred annually in the NPA; namely, during
2014, 2 packs were lethally removed by government wildlife
managers. In comparison, no wolves were killed by wildlife
managers or livestock operators in the PA from 2008 to 2014.

Discussion
Comparative results between the PA and NPA indicate that
adaptive use of nonlethal methods reduced the number of sheep
preyed on by wolves, reduced the need for lethal removal of
wolves, and helped train and convince sheepherders that nonlethal methods can effectively manage wolf–sheep conflict. The
presence of 1 or more field specialists assisting in monitoring
and deterring wolves played a critical role in minimizing wolfsheep interactions because they were able to select appropriate
deterrents based on site-specific conditions at the time. Beyond
addressing immediate risks, our field personnel and sheepherders (aided by increased numbers of guardian dogs for each
band after wolf rearing periods in the spring) provided extra
vigilance at night as well as being able to detect wolves when
they were present near bands, and often accurately predicted
movements in relationship to sheep-grazing routes. Field technicians taught herders how to use deterrent tools in ways that
maximized their effectiveness while minimizing the potential
for wolves to habituate to the deterrents. Most importantly,
together technicians and herders concluded that without human
presence, especially at night, wolves and other predators tended
to prey more heavily on the sheep bands.
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Table 2.—Depredation of sheep (Ovis aries) by gray wolves (Canis lupus) in the Protected Area and Nonprotected Area of the Wood River
Wolf Project, Blaine County, Idaho. In the Protected Area, only nonlethal methods were used to prevent depredation. Sheep days = number of
sheep in the area × number of days, as described in the text. Weighted number of sheep killed = (sheep killed/sheep day) × 105.
Year

2008
2009
2010
2011
2012
2013
2014
Total

Protected Area

Nonprotected Area

Number of wolf
attacks

Number of
sheep killed

Sheep days

Weighted no. of
sheep killed

Number of wolf
attacks

Number of
sheep killed

Sheep days

Weighted no. of
sheep killed

1
1
2
2
1
0
2
9

1
13
5
2
4
0
5
30

233,305
512,188
534,061
524,475
821,638
707,740
695,220
4,028,627

0.43
2.54
0.94
0.38
0.49
0.00
0.72
5.49

14
14
15
2
11
9
1
66

55
96
64
5
49
44
1
314

1,547,825
1,929,082
1,987,172
1,605,951
1,435,615
905,028
1,175,560
10,586,233

3.55
4.98
3.22
0.31
3.41
4.86
0.09
20.42

Fig. 4.—Killing of sheep (Ovis aries) by wolves (Canis lupus) in
Protected and Nonprotected Areas in public grazing allotments in Blaine
County, Idaho, as shown by cumulative weighted number of sheep killed
in each year of the study. Lines indicate regression of killings on year.

The Wood River Wolf Project was designed as a case study to
determine if nonlethal methods could be applied effectively at
the large landscape level to reduce losses of sheep and wolves.
It was not designed primarily as a scientific study, but rather, as
a management intervention that allowed some opportunity for
collecting and analyzing data to assess the effectiveness of nonlethal wolf management strategies. Our research was limited by
lack of a control site or sites where nonlethal measures were not
used, and thus our results and conclusion should be interpreted
cautiously. We acknowledge that this work was a case study
and that more rigorous research would be helpful in confirming
(or disproving) our findings. However, we find it encouraging
that upon completion of our work, livestock producers from
our study area took the initiative to continue the project, which
indicates that they were convinced our methods are useful for
protecting sheep. Every annual grazing season that the nonlethal methods continue to demonstrate success is evidence that
nonlethal methods can be highly effective on large-scale grazing operations.
There are other issues that this paper does not address,
including the impact of lethal wolf control and wolf hunting
in the NPA, which had implications for this study but are
not easily measured. For example, several wolves were killed
annually in the NPA and, in some years, this represented

most known members of resident packs; this was the case
in 2014 when 2 packs in the NPA were lethally removed
because of depredation on livestock (Idaho Department of
Fish and Game and Nez Perce Tribe 2014). Hunters also
trapped, snared, and shot more wolves in the NPA than in the
PA where public trapping and snaring were not allowed. In
2011 and 2014, the weighted number of sheep lost to wolves
was lower in the NPA than the PA, but this may have been
due to lethal control of wolf packs, which would have temporarily resulted in fewer livestock depredations until new
wolves dispersed into the NPA. Sheep grazing, and perhaps
wolf behavior, in both areas were also affected by occasional
wildfires in the PA and NPA.
Shepherding is an ancient practice, but the use of a variety
of new nonlethal deterrent tools and techniques and the ability
to understand wolf behavior and movement can be novel for
sheepherders who have never dealt with wolves. It is likely that
there was a strong educational component during both phases
of the project. The transfer of knowledge relating to the most
effective use of nonlethal tools and techniques enabled the
sheepherders to become increasingly proficient in their implementation. This is important because nearly all sheep producers
grazing on public lands employ sheepherders who manage their
bands on a daily basis. Familiarizing livestock producers and
sheepherders with novel techniques and gaining their participation in protecting sheep from wolves is critical for successfully
reducing sheep depredations.
An important hurdle for the project was gaining the support
of producers to implement nonlethal methods in a fashion that
maximized their effectiveness. All but 1 livestock operator in
the Wood River Wolf Project initially expressed resistance to
changes in their operations. Some producers relied on a few
nonlethal measures, which they repetitively applied without
regard to wolf presence. Wolves and other predators are adaptable and thus may habituate to a deterrent if they are exposed
to it too frequently or for too long a period. Adaptively rotating
methods and carefully timing their application can reduce such
habituation (Shivik and Martin 2000; Shivik 2006). If wolves
become habituated to a deterrent, that method is no longer a
deterrent. The loss of nonlethal tools increases the probability
that lethal control will be employed as the alternative management option.
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Testing nonlethal measures in a field situation leads to questions regarding the best protocols to use, when and where to use
them, and concerns that the costs may be greater than ranchers could afford to adopt. This is a valid consideration because
these methods may require additional labor and equipment
depending on the size and type of operation. For example, project costs ranged from $22,000 to $48,000 annually, with technician contract labor and field transportation representing more
than 85% of the total annual costs. In 2014, project costs for a
seasonal field contractor and equipment were $20,250, during
which time 20,120 sheep grazed in the PA. Split among the 4
producers, this represents an additional cost of $5,063 per year
per producer (or approximately $1.00 per sheep).
Some livestock operators who attended training workshops
or outreach events sponsored by the Wood River Wolf Project
expressed concern that nonlethal methods may be unreliable.
Some of these livestock operators also reported attempting a
nonlethal method, then experiencing wolf depredations, and
returning to lethal control as a more trusted strategy (Stone
2006). For example, 1 Idaho sheep producer reported using
fladry barriers to protect a band of sheep, but he continued to
lose sheep to wolves. While discussing this incident, it was discovered that the fladry was incorrectly installed too high above
the ground, allowing wolves to walk under it and continue to
kill sheep. Another farmer reported playing loud music in his
barn every night for several weeks to keep predators at bay.
When we examined the site, we discovered that a large horse
carcass had been left for more than a month next to the barn
before a wolf killed a ram in a pen located next to the barn.
Livestock carcasses are attractants known to draw wolves
from miles away (R. Morgan, Oregon Department of Fish and
Wildlife, pers. comm.).
The most important aspect of nonlethal deterrent strategies
to protect livestock from wolf depredation is correctly implementing effective measures before losses occur. The project
employed a site evaluation process (see Supplementary Data
SD2) that helped livestock managers understand and address
risks, but this process still requires technical assistance to
ensure that best management methods are implemented. The
need for a consistent applicator, such as an experienced field
technician, to be present is currently a major limitation to nonlethal predator management. Furthermore, as noted previously,
not every situation allows for proper use of nonlethal wolf and
sheep management methods.
Nonlethal measures were effective at reducing or preventing sheep losses to wolves across a large landscape during the
summer and early fall grazing periods. The most common factor that led to confirmed depredations by wolves on sheep in
the PA was not having active deterrents in place, or not having
enough of them, when undocumented wolves appeared at sheep
bedding grounds at night. During the annual evaluation process, the project steering committee observed that the greatest
protection against chronic or heavy livestock losses to wolves
reliably came from using this adaptive strategy—implementing tools and methods based on season, terrain, proximity to
wolves, and availability of access. The steering committee

based their evaluation on the repeated success of the intervention methods in protecting sheep from immediate threat of wolf
depredation.
It is believed that stable wolf packs are easier to manage
with nonlethal deterrents than unstable packs because stable
packs tend to hold and remain in their own established territory,
which discourages new wolves from entering the area (Smith
2005; Mech and Boitani 2007). Knowledge of the behavior of
stable packs helps guide nonlethal strategies, such as avoiding
traditional den sites in the spring, and it increases the odds of
successfully avoiding depredations. Packs that are disrupted
or eliminated by lethal control leave vacant territory that other
wolves soon fill (Mech and Boitani 2007). In the absence of
adequate nonlethal strategies for livestock protection, loss of
livestock and wolves is more likely to occur. These nonlethal
strategies should include adequate livestock husbandry, as
noted by Wallach et al. (this issue), because livestock that are
weakened by disease, bad weather, complications with birthing, or other problems due to poor husbandry are more susceptible to depredation by native predators.
While some livestock owners in Idaho report an increased
interest in nonlethal methods (Stone 2009), strict adherence to
nonlethal methods remains uncommon and largely unsupported
by funding or assistance in implementation. Specifically, in
Idaho, there is no permanent state or federal program to protect
livestock from depredations using nonlethal wolf deterrents that
is comparable to programs for lethal control. However, several
western states have recently adopted programs to encourage
the use of nonlethal methods and provide funding assistance
to livestock producers to implement these strategies. Although
they use models different from the Wood River Wolf Project,
the states of Oregon and Washington provide technical assistance and even require, in certain circumstances, that livestock
producers use reasonable nonlethal deterrence methods (Wiles
et al. 2011; Oregon Department of Fish and Wildlife 2016).
Having a system for documenting and evaluating the use of
these methods and predator responses would help in developing more reliable protocols for the use of nonlethal methods.
Our site evaluation system (see Supplementary Data SD2) is
an example of the type of information needed to help assess the
long-term use of these strategies. Overall, a combined approach
incorporating consistent human presence at night, wolf monitoring to determine and help predict pack movements, and
appropriate deterrents carefully applied has effectively reduced
the loss of sheep and wolves in the Wood River Wolf Project’s
PA. This model may be applicable in other settings and contexts to reduce the loss of livestock and lethal control of native
predators that share the landscape.
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Hunting as a management tool?
Cougar‑human conflict is positively related
to trophy hunting
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Abstract
Background: Overexploitation and persecution of large carnivores resulting from conflict with humans comprise
major causes of declines worldwide. Although little is known about the interplay between these mortality types,
hunting of predators remains a common management strategy aimed at reducing predator-human conflict. Emerging theory and data, however, caution that such policy can alter the age structure of populations, triggering increased
conflict in which conflict-prone juveniles are involved.
Results: Using a 30-year dataset on human-caused cougar (Puma concolor) kills in British Columbia (BC), Canada,
we examined relationships between hunter-caused and conflict-associated mortality. Individuals that were killed via
conflict with humans were younger than hunted cougars. Accounting for human density and habitat productivity,
human hunting pressure during or before the year of conflict comprised the most important variables. Both were
associated with increased male cougar-human conflict. Moreover, in each of five regions assessed, conflict was higher
with increased human hunting pressure for at least one cougar sex.
Conclusion: Although only providing correlative evidence, such patterns over large geographic and temporal scales
suggest that alternative approaches to conflict mitigation might yield more effective outcomes for humans as well as
cougar populations and the individuals within populations.
Keywords: British Columbia, Mountain lion, Predator-human coexistence, Puma, Puma concolor, Skull size, Trophy
hunting, Wildlife
Background
Exploitation and persecution related to conflict with
humans form major causes of predator declines worldwide [1–4]. Killing takes several forms and its ecological
and evolutionary effects might be more severe than the
number of removed predators suggests [5]. Expansion of
human activities into previously undisturbed areas enables increased killing through facilitated human access;
roads, cut lines and trails associated with extractive
industries facilitate hunting of predators during and/or
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Victoria, BC V8W 3R4, Canada
Full list of author information is available at the end of the article

after resource extraction [6, 7]. As human populations
expand, the likelihood of wildlife-human conflict also
increases [8].
When conflicts involve large mammalian predators
that pose a perceived or real threat to humans and property, a common outcome is the lethal removal of the
predator by management agencies or sometimes by land
owners, for example in response to predation on livestock [9]. In addition, conflict is often managed through
increasing human-caused killing of carnivores, under the
premise that human hunting can reduce conflict incidence over depredation or decrease predation on wild
ungulates sought by hunters (hereafter, ‘human hunting
hypothesis’; e.g., [10–12]).
In the case of predator-human conflict over depredation, Treves and Naughton-Treves [13] suggested that
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carnivore killing by hunters may actually promote conflict. The process is thought to operate via shifts in age
composition to younger age animals, which might depredate more because of higher encounter rates with livestock. This process is thought to occur via the increased
mobility of juvenile age classes of carnivores caused by
decline in adult male territory tenure [14]. Young individuals become locally more abundant and thereby have
increased chance of encountering livestock—and/or
young animals might be bolder, more curious or lacking
experience in interactions with people [15] or in capturing wild prey effectively [16]. Collectively these factors
suggest that younger animals are more conflict-prone
(hereafter, ‘young animal hypothesis’). Moreover, hunting, culling or other lethal control targeted at specific
individuals (e.g. those involved in livestock predation)
may reduce conflict (‘problem individuals hypothesis’;
e.g., [16]), which has been challenged by the assertion
that dispersing individuals often quickly recolonize conflict areas, offering only temporary relief [17].
To confront these hypotheses, we examined a longterm dataset on human hunting of cougars and conflict
involving cougars in BC, Canada. Cougar-human conflict
and cougar hunting are relatively widespread and common, the latter attracting both local BC hunters as well
as foreign hunters for guided hunts. We used this system to test whether: (1) cougars killed by hunters would
be larger than those that came into conflict with people
(young animal hypothesis); and (2) human hunting mortality and conflict incidence would be related (problem
animal and human hunting hypotheses).

Methods
Cougar data

We used a 30-year dataset (1979–2008) on recorded cougar mortality in BC, Canada provided by the BC Ministry
of Environment, wherein all records had an associated
date. We used cougar kill records resulting from conflict
and legal hunting events. For analyses involving age of
conflict and legally hunted cougars [(1) above] we used
only those records with associated spatial data, sex and
skull sizes. The other analyses [(2) above] were carried
out using the larger dataset of spatially-referenced conflict and legal hunting mortalities of cougars with known
sex, irrespective of whether skull size had been recorded.
Only 96 illegal kills were recorded during 1979–2008,
of which 35 had associated skull length and width data
and these were not used in analyses. We consider this a
minimum estimate because evaluations of the frequency
of illegal cougar kills have not been performed. We do
not expect illegal killing to vary across regions. Additional spatially-referenced mortality records of cougars
with known sex (356, of which 139 had associated skull
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information) had unclear or unrecorded cause of death
and were not used in analyses.
Spatial data included universal transverse mercator
(UTM) coordinates and we considered only conflict and
legal hunting records occurring within the 5 of 8 total
‘development regions’ of BC (region size mean ± SE,
72,173 ± 19,388 km2) in which mortality was highest (Cariboo, Kootenay, Lower Mainland South-West
(SW), Thompson Okanagan and Vancouver Island).
After plotting kill locations by region in ArcGIS v.10.3
(ESRI, Redlands, USA) for validation and discarding
records occurring outside the 5 regions or in water, as
well as a small number of erroneous records (e.g., skull
width > skull length), the final dataset for cougar age analysis consisted of 3665 records. The data included records
of kills by BC resident hunters and non-resident guided
hunters (n = 3219) as well as conflict-related cougar
deaths (n = 449). ‘Conflict’ was defined as any incident of
cougar road mortality, predation on livestock, perceived
risk to people such as cougars sighted in urban areas, or
recorded attack on humans. More male (n = 2240) than
female (n = 1428) mortality records occurred in the data.
The larger dataset for analysis of cougar conflict in relation to human hunting levels included 8788 records. The
data were dominated by hunting mortalities (n = 7550),
with conflict-related kills being less frequent (n = 1238).
The dataset had more male (n = 5348) than female
records (n = 3440).
Skull size data (length and width in mm) were collected
by BC Ministry of Environment personnel as a proxy for
age. These variables are positively correlated [18] with
the skull growth continuing long into adulthood [19].
Skull size has been used as a proxy for age/body size in
other large felids, such as African lion [20], leopard [21]
and jaguar [22]. Because skull length and width were
highly correlated for males (Pearson r = 0.761, df = 2239,
P < 0.001) and females (r = 0.669, df = 1427, P < 0.001),
we used an index known as the total skull length (or total
skull size) for all analyses. This index is the sum of length
and width [22] and is the standard age/body/trophy size
metric used by the Boone and Crockett Club and the
International Council for Game and Wildlife Conservation when assessing cougar and jaguar trophies [23].
Statistical analyses

To assess if skull sizes varied in relation to different
human-caused mortality types, we first assessed if the
variable was normally distributed with Shapiro–Wilk
tests. Separate assessments were carried out for each sex
and region. For males and females in all regions, the skull
size variable was not normally distributed. Therefore we
used two-sample Wilcoxon rank-sum (Mann–Whitney)
tests to compare mean skull size for conflict and hunter
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kills. Separate testing was performed for each sex and
region for a total of 10 tests (2 sexes × 5 regions).
We used time series analysis to test factor combinations hypothesized a priori to influence annual conflict frequency across time (Additional file 1: Table S1).
Newey-West Heteroskedasticity and Autocorrelation
(HAC) standard errors were computed in multiple linear
regression to account for potential variability and temporal autocorrelation in the models’ error terms. Conflict incidence (dependent variable) was standardized per
10,000 km2 and square root-transformed prior to modelling to reduce skewness. Predictor variables included
human density (D), human hunting pressure (annual
number of cougars hunted) in the year of conflict (Ht0)
and the Normalized Difference Vegetation Index (NDVI;
a proxy for plant and prey productivity) in the year of
conflict (Nt0). A squared term was included for human
density (D2) to account for possible thresholds in human
density beyond which conflict would decrease because
of an assumed limitation to cougar habitat. Yearly lag 1
and 2 terms were used for human hunting pressure (Ht1;
Ht2) and NDVI (Nt1; Nt2) to incorporate potential influences of hunting and habitat productivity in the periods
preceding conflict. Human density (per 10,000 km2) was
calculated for each year by dividing annual census counts
by region size (details in Additional file 2). Human density calculation for the Vancouver Island region included
a small part of the mainland coast as constrained by data
availability. Human hunting pressure was standardized
per 10,000 km2 and included hunting by residents and
non-residents of BC. Because habitat quality and prey
availability can influence large carnivore-human conflict [24, 25], but such data over our broad temporal and
spatial extents were not available, we used NDVI as a
habitat productivity surrogate [26–28]. These data came
from the National Oceanic and Atmospheric Administration (NOAA) Climate Data Records (CDR), which
derived NDVI from surface reflectance data acquired by
the advanced very high resolution radiometer (AVHRR)
sensor ([29]; details in Additional file 2). Highly correlated variables (r > |0.8|) were not included together in
the same model structure..
We evaluated candidate models using Akaike’s Information Criterion for small sample sizes (AICc) [30]. We
estimated relative importance of variables by applying
multi-model inference to rank variables in the supported
model set (ΔAICc ≤ 7) by their summed AICc weights
[31]. We used the proportion of variance explained (R2)
to evaluate model performance. For all models that
received support we plotted residuals against fitted values and inspected for patterns in the residual distribution. We used Stata v.14.1 (StataCorp, College Station,
USA) and an alpha level of 0.10 for all statistical analyses.
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The Newey-West HAC standard errors were computed
in Stata using the hacreg command [32].

Results
Skull size comparisons between hunter‑ and conflict‑killed
cougars

At the provincial level, conflict-killed male cougar skulls
were smaller than those of hunter-killed animals (Twosample Wilcoxon rank-sum z = −5.376, df = 2239,
P < 0.001). Skull sizes differed between kill types for
males in 4 of the 5 BC regions, similarly larger for
hunter-killed than for conflict-killed males for Cariboo
(Two-sample Wilcoxon rank-sum z = −1.959, df = 329,
P = 0.050), Lower Mainland SW (Two-sample Wilcoxon
rank-sum z = −2.195, df = 113, P = 0.028), Thompson
Okanagan (Two-sample Wilcoxon rank-sum z = −2.210,
df = 763, P = 0.027) and Vancouver Island (Two-sample
Wilcoxon rank-sum z = −2.762, df = 571, P = 0.006)
(Fig. 1a).
At the provincial level, skull sizes of females were
similarly smaller among conflict animals compared with
hunter-killed individuals (Two-sample Wilcoxon ranksum z = −3.464, df = 1427, P < 0.001). Skull sizes likewise differed between kill types in 2 of the 5 BC regions
(Lower Mainland SW; Two-sample Wilcoxon rank-sum
z = −1.701, df = 114, P = 0.089; Thompson Okanagan;
Two-sample Wilcoxon rank-sum z = −4.311, df = 520,
P < 0.001) (Fig. 1b).
Predictors of cougar‑human conflict

Regional models (see Additional file 3) that received substantial support explained roughly half of the variation
in cougar-human conflict for males (R2: mean = 0.504;
range = 0.258–0.816; all P < 0.10) as well as females (R2:
mean = 0.507; range = 0.124–0.772; all P < 0.10). For
both sexes, models that received substantial support
were of intermediate or low complexity (with 1‒4 parameters, including the intercept; Table 1). Only for males in
the Lower Mainland SW did the intercept-only model
receive substantial support, but two candidate models
were superior. All supported models (ΔAICc ≤ 7) [33]
are listed in Additional file 4: Tables S2–S6, provided
their ΔAICc was smaller than that of the corresponding
null model.
Human hunting pressure in both current (Figs. 2, 3)
and lagged periods (Fig. 2) had the most relative importance for predicting cougar-human conflict for male
cougars across the five regions. Human hunting was positively associated with conflict involving this cougar sex.
Variables for human hunting during the conflict year or
hunting lagged occurred in all but one male model that
received substantial support and which had AICc less
than the null model’s AICc (Table 1).
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Fig. 1 Average skull sizes of cougars killed in five regions of British Columbia, Canada, as a result of conflict and human hunting. Data include kill
records with associated geographic coordinates and age (skull size) information for a males and b females. BC regions are: C Cariboo, K Kootenay,
LM Lower Mainland SW, TO Thompson Okanagan and VI Vancouver Island. Error bars represent ± 1 SE. Note broken Y axis

Table 1 Models for assessing temporal patterns of cougarhuman conflict in British Columbia, Canada that received
substantial support (ΔAICc < 2)
Region

Sex

Model
description

ΔAICc

wAICc

R2

Cariboo

Male

D + D2 + Ht0

Female
Kootenay

Male
Female

Lower Mainland
SW

Male

Female
Thompson
Okanagan

Male
Female

Vancouver Island

Male
Female

0.0

0.33

0.557

D + D2

1.0

0.20

0.456

Ht0

1.1

0.19

0.369

D + D2

0.0

0.64

0.599

Nt0 + Ht0

0.0

0.82

0.816

D + D2

0.0

0.48

0.736

Nt0 + D + D2

0.3

0.42

0.772

Ht1 + Ht2

0.0

0.19

0.258

Ht0 + Ht1 + Ht2

0.6

0.14

0.347

D + D2

0.0

0.46

0.334

D + D2 + Ht0

0.0

0.51

0.590

Ht0 + Ht1 + Ht2

0.0

0.30

0.406

Ht0

1.8

0.12

0.124

D + D2

1.8

0.12

0.236

Ht1 + Ht2

0.0

0.35

0.539

Ht0 + Ht1 + Ht2

0.2

0.32

0.602

Ht0

0.0

0.50

0.668

Nt0 + Ht0

1.6

0.23

0.688

D human density, Ht0 human hunting pressure, Ht1 Human hunting pressure (lag
1), Ht2 human hunting pressure (lag 2), Nt0 NDVI, Nt1 NDVI (lag 1), Nt2 NDVI (lag 2)

Human hunting pressure was also the most important
factor associated with cougar-human conflict for female
cougars in 2 of 5 BC regions. Only for one model (female
cougars, Thompson-Okanagan) was increased human
hunting (lag 2) associated with decreased conflict.
Overall, increased human hunting was related to
greater conflict for 16 of 17 models that included hunting variables with estimates that did not overlap zero and
that received substantial support (Table 2; Additional
file 4: Tables S7–S11).
Human density was the key variable associated with
conflict for female cougars in 3 BC regions (Fig. 2) and
was also important for male cougar-human conflict in 1
BC region (Table 2). Years with intermediary human densities were generally associated with conflict (Additional
file 4: Tables S9, S10). For both cougar sexes, NDVI was
the least important variable tested in relation to conflict (Fig. 2), but three substantially supported models
revealed conflict increases in years when habitat productivity was low (Table 2).

Discussion
With expanding human populations and influence, conflict between carnivores and humans is expected to
increase, which requires evidence-informed approaches
to conflict mitigation. A long-term data set on humancaused cougar mortality allowed us to confront
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Fig. 2 Relative importance of variables associated with cougarhuman conflict in British Columbia, Canada for a males and b
females. Importance values were calculated by summing AICc
weights of models that included the respective variable and which
received support (ΔAICc ≤ 7). C Cariboo, K Kootenay, LM Lower Mainland SW, TO Thompson Okanagan and VI Vancouver Island

fundamental hypotheses on the relationship between
human hunting, cougar-human conflict and cougar population demography, including testing of the commonly
accepted but under-examined assumption that hunting of large carnivores could result in decreased conflict
incidence (see [34] for an overview and call for inquiry
into the relationship between hunting of carnivores and
conflict).
As we expected, we found support for the young animal hypothesis in most comparisons, with individuals
that came into conflict with humans younger compared
to those hunted. Human encroachment into cougar
habitat increases conflict potential [35–37] and young
animals are more likely to occur in areas used by people
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than other age classes [38]. Dispersing juveniles are more
likely to come into conflict on travel routes through fragmented habitats and high risk areas including human
inhabited areas, roads [39] and ranches [24, 40]. In addition, food resources may be limited while dispersers
attempt to establish home ranges [41]. As a result, when
available, cougars may attack livestock [42] (however,
see [43] for an alternative documentation of old cougars
being disproportionately involved in livestock predation).
Finally, hunters might be more likely to forgo killing small
individuals for trophies, particularly if they are treed by
trained hounds, although this has not been examined.
The manner by which carnivore populations respond
to regulated hunting depends on social structure, reproductive strategies and dispersal patterns [14]. Human
hunting of old individuals can increase immigration of
juveniles from neighboring areas [14, 44], which could
result in increased conflict. We therefore hypothesized
that increased human hunting pressure would be associated with increased conflict via social disruption and
younger population age structure (problem animal and
human hunting hypotheses). We demonstrated that high
hunting-related mortality in the same or preceding time
period is positively associated with cougar-human conflict for at least one sex in all five regions tested (Table 2;
Figs. 2, 3), with the most consistent pattern (both sexes:
regression P < 0.10) for Thompson-Okanagan and Vancouver Island. While Thompson-Okanagan is an inland
region, Vancouver Island is a large land mass off the British Columbia mainland known to be the world’s ‘hotspot’
of cougar-human conflict [45]. Our results corroborate
and extend recent findings on impacts of human hunting
on cougar complaints and depredations in Washington
State [46]. In British Columbia, male cougars appeared
most susceptible to conflict if hunted more intensively
and conflict records involving males were almost double

Fig. 3 Mean (±1 SE) annual conflict-killed relative to hunter-killed cougars per 10,000 km2 in five regions of British Columbia, Canada. Data are for
a males and b females. C Cariboo, K Kootenay, LM Lower Mainland SW, TO Thompson Okanagan and VI Vancouver Island
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Table 2 Direction (+ positive, − negative) and confidence interval overlap with zero for parameter estimates from substantially supported ΔAICc models for cougar-human conflict in British Columbia, Canada
Region

Sex

Cariboo

Male
Female

Kootenay

Male
Female

Lower Mainland SW

Nt0

Nt1

Nt2

‒*

‒*

++

‒‒

Ht0
+* +*

‒*‒*

‒

+* + *

+

+*

Male

+*

Female
Vancouver Island

D2

Male
Female

Thompson Okanagan

D

Male
Female

‒*

+*

‒*

‒*

‒*

Ht1

Ht2

+* + *

‒‒

+*
+*
+*

‒

‒*

+*

+* + *

+* + *

+* + *

+* + *

Estimates for which confidence intervals did not overlap zero have an asterisk. No reporting of coefficients refers to the specific variable(s) not being included in
supported models
D human density, Ht0 human hunting pressure, Ht1 Human hunting pressure (lag 1), Ht2 human hunting pressure (lag 2), Nt0 NDVI, Nt1 NDVI (lag 1), Nt2 NDVI (lag 2)

in number than those involving females. The latter findings are in accordance with Linnell et al.’s conclusion that
male large carnivores are most likely to get into conflict
with humans [16], a proposition also more recently supported by research on cheetah-human [47] and jaguarhuman conflicts [48]. One mechanism that might explain
why males of hunted cougar populations are involved
more frequently in conflicts than females might be the
altered male spatial organization under greater hunting
pressure [49].
Human densities were associated with male cougarhuman conflict in only one BC region, whereas conflict
with females appeared related to variation in human density. Females might use suboptimal areas with human
development by means of spatially avoiding male-caused
mortality risk for themselves and their offspring, possibly
resulting in increased conflict for females in connection to
human densities, as we detected. Selection of areas close
to human development by females with offspring presumably to avoid males has been recently documented for cougars in California [50] and grizzly bears in Alberta [51].
Thompson-Okanagan was the only region where human
density was related with conflict for both sexes, with conflicts most likely at intermediary densities of people. Such
intermediate densities are typically found in exurban or
suburban areas and are thought to have high levels of cougar-human conflict in California [52]. Despite high human
populations in Lower Mainland SW, human density in this
region did not influence frequency of conflict involving
males. The documented decreases in conflict associated
with decreased human hunting of males in this region suggest that, similar to other carnivores [53], cougar populations can persist in regions with high human densities as
long as human hunting pressure is low.

We found limited relationship with NDVI, our proxy
for habitat productivity. Decreased productivity was
hypothesized to be associated with increased cougarhuman conflict. Conversely, a positive relation between
conflict and NDVI might have been expected due to
increased productivity resulting in increased reproductive output [54], with the indirect effect of increased subadult dispersal and greater conflict potential. Kootenay
was the only region where decreased productivity was
associated with increased conflict for both males and
females. This region comprises substantial high elevation
mountain ranges compared to the other regions and habitat productivity in the Kootenay is possibly an important
limiting factor for cougars and their prey. Future monitoring of the associations between habitat productivity
and carnivore-human conflict should not be neglected,
given increased variability in vegetation conditions/
NDVI associated with climate change, which might have
implications for future predator-human conflicts that
have yet to be explored. When possible, finer scale prey
availability metrics should be incorporated, because prey
use differences among cougar sexes [55] could influence
conflict incidence. Furthermore, it is important to recognize that inferences from this study should be placed
in the context of the relative coarseness of covariate data
utilized, which is to be expected when focusing on broad
spatiotemporal extents such as the one we considered.
Our results showed that human-related variables had
the strongest association with conflict. We acknowledge
that the patterns of association we reveal do not necessarily imply causation. Our results, however, are generally
consistent with the hypothesis that high hunter mortality leads to young animals becoming involved in conflict. Unlike natural agents of mortality (other predators,
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competitors, disease), hunters typically target adult individuals. The ability of resident males to maintain territories means that sub-adults are more likely to come into
conflict, likely because of their movements during dispersal in search for vacant territories [56]. Human hunting
can disrupt social structure leading to increased juvenile
immigration from surrounding source populations [14]
and result in younger age structure [57, 58] exacerbating
conflicts between cougars and humans. With increasing
human populations, interactions between predators and
humans are expected to become more common, underlining the need for research into patterns and mechanisms of conflict, conflict prevention and non-traditional
management strategies to facilitate coexistence.
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Conclusions
Wildlife managers often prescribe hunting of carnivores
to reduce competition with hunters for prey and to minimize conflicts with humans and their property [8]. If
lethal control such as through human hunting is to facilitate coexistence between wildlife and humans, control
must minimize wildlife-human conflict or increase tolerance of the public towards wildlife, without compromising wildlife population viability [13]. In some situations
lethal management focused on targeted individuals associated with conflict (e.g., individuals that injure or kill
people in predatory attacks) offers one route to address
large carnivore-human conflicts. However, we showed
that overall increased human hunting in fact can be
associated with increased conflict, especially for males.
Although our results are only correlative, we caution
against the universal use of hunting as a tool for managing conflict with large predators.
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1.

Introduction

Conservation practitioners are challenged to make informed
choices about the allocation of finite resources to mitigate
the current extinction crisis (Ceballos and Ehrlich, 2002; Thomas et al., 2004), while being cognizant of the complex ecological (Shaffer, 1985) and socio-political (Woodroffe et al., 2005)
systems in which such decisions are embedded. Accelerating
habitat and species losses have mandated consideration of
this problem in terms of the number of individuals required
for persistence within a specified timeframe (Shaffer, 1981;

Shaffer, 1987) because small and range-restricted populations
are highly vulnerable to extinction (Terborgh and Winter, 1980;
Gilpin and Soulé, 1986; Schoener and Spiller, 1987). The
concept of a ‘minimum viable population’ (MVP; Shaffer,
1981; Lacava and Hughes, 1984) has been used extensively in
species recovery and conservation management programs
(Clark et al., 2002), and is relevant to the IUCN’s Red List
(www.iucnredlist.org) criteria concerning small and rangerestricted populations. However, the biological and utilitarian
value of MVP to species conservation has remained controversial (Shaffer, 1987; Caughley, 1994; Reed et al., 1998).
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Past reviews of the concept (Samson, 1983; Gilpin and
Soulé, 1986; Ewens, 1990) and its application (Sjogren-Gulve
and Ebenhard, 2000; Bulte, 2001; Stinchcombe et al., 2002)
have been theoretical, qualitative or cursory, with the primary
literature tending to focus on inherent problems of estimation (Reed et al., 1998; Brook et al., 2000) rather than utility
per se. Despite both debate on the real-world applicability of
the concept (Caughley, 1994; Reed et al., 1998) and its sustained popularity (Bulte, 2001; Reed et al., 2003; Tear et al.,
2005; Brook et al., 2006), there has been no broad-scale quantitative assessment of the MVP literature. This is perhaps due
in part to the difficulty of standardization (e.g., definition of
risk and timeframe, alternative model structures) across
studies.
Individual case studies of MVP for any given species cannot reveal: (a) the form and variance of the cross-species
distribution of MVP, and whether these agree with theoretical predictions, or match with genetic, demographic or
environmental rules of thumb for MVP; (b) the existence
(or absence) of taxonomic or life history patterns in MVP;
and (c) generalizations useful for conservation management. Here we provide the first quantitative meta-analysis
of published MVP estimates, to determine the ensemble
properties of MVP and whether useful generalizations
emerge.

2.

Methods

2.1.

Dataset

We conducted an exhaustive meta-analysis of the MVP-relevant literature. All MVP data were obtained from published
articles, book chapters and scientific reports. Primary
literature was identified through ISI’s Web of Science
(www.isinet.com) and Elsevier’s Science Direct (www.
sciencedirect.com) databases. The online search engines
Google (www.scholar.google.com) and Yahoo (www.yahoo.
com) were used to identify, and where possible source, scientific reports and other grey literature. Search terms such
as ‘‘minimum & viable’’ and ‘‘extinction’’ were used, among
others. Monographs and book chapters were sourced
through university library databases. A cross-check of the
reference list of each article permitted further collation,
especially for sources published prior to 1992. Each article
was reviewed for MVP estimates, and where population
viability analysis (PVA) methods were used, populations
were considered ‘viable’ only where P80% of the initial
population survived for P20 years (Shaffer, 1981). If the
initial population was considered unviable but a target
MVP estimate provided, the latter was used. Where MVP
was not specified explicitly, we required at least the risk
of extinction for a defined timeframe and initial population
size to be reported. Data from baseline PVA models were
selected and hypothetical scenarios ignored. MVP estimates
derived through genetic analyses or population censuses
were also included. A database was collated and structured
according to taxonomic group. Attributes such as species
IUCN Red listing (IUCN, 2006) were later assigned, and the
completed database is available online as Supplementary
Material (Table S1).
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2.2.
Controlling for differences in the modelling technique
used to derive MVP
Data were collated for 287 MVP estimates, initially by collecting all parameters that some or all of the models used to derive MVP. These were (1) probability of persistence, (2)
duration of persistence in years, (3) duration of persistence
in generations, (4) model type or method used to derive
MVP estimate, (5) sex ratio at birth, (6) adult sex ratio, (7) form
of density dependence, (8) carrying capacity, (9) Allee effect
(present/absent), (10) inbreeding depression considered, (11)
probability of catastrophe, (12) birth to adult survival, (13)
adult survival, (14) per cent of female population breeding,
(15) fecundity, (16) age at parturition, (17) longevity, (18) density and (19) dispersal ability. In many cases, data for the
above parameters were omitted or not given by the authors.
Using logic and previous hypotheses based on extinction
theory (Akcakaya, 1998; Brook et al., 2006), we reduced the initial 19 model attributes to six predictors which we hypothesized would be relatively independent and explain much of
the methodological variation in MVP among studies: (1) Model
used [MOD]: a categorical index of method or model used to
derive MVP. This was restricted to: (a) individual-based simulation, (b) matrix/cohort-based simulation (including time
series methods), (c) empirical census or (d) genetic analysis;
(2) Persistence probability [PER]: a continuous variable of the
probability of population persistence over a given time period.
If not used, and where the population was stated as viable,
the probability was assumed to be 100%; (3) Duration [DUR]:
a continuous variable being the period of time over which a
population was deemed viable, expressed as a continuous
variable in generations (3–1200). When generation length of
the species was not provided, we assumed it to be equal to
the age at primiparity. Where a MVP was estimated from a
census or genetic analysis, or where the time frame of viability was not stated explicitly (n = 13), viability was assumed to
be 100 years and the number of generations estimated on this
basis; (4) Density dependence [DEN]: a categorical factor classified as: (a) density-independent, (b) ceiling-type density
dependence or (c) functional-type density dependence. The
differentiation between categories (b) and (c) was necessary
to account for their opposite effect on MVP – ceiling density
dependence increases extinction risk, whereas non-Allee
functional density dependence (negative feedback) decreases
extinction risk, relative to density-independent models (Ginzburg et al., 1990); (5) Inbreeding depression [INB]: a categorical
factor indicating whether the loss of genetic variation in the
population was modelled or not. This was most commonly,
although not universally, applied as 3.14 diploid lethal equivalents on juvenile survival; and (6) Catastrophes [CAT]: a categorical factor indicating whether random catastrophe
outside the normal distribution of environmental stochasticity was included or not.

2.3.

Ecological extinction predictors

Following previous work (Brook et al., 2006), we reduced a set
of postulated ecological, life history and anthropological
extinction correlates to a set of eight composite predictors.
Where these correlates were not given in the sourced litera-
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Table 1 – Summary of generalized linear and generalized linear mixed-effect model (GLM and GLMM, respectively)
comparisons using Akaike’s Information Criterion corrected for small sample sizes (AICc) and Bayesian Information
Criterion (BIC): (a) GLMMs of the MVP-generating model correlates used for standardization (PER = persistence probability,
MOD = model type, DUR = duration in generations, DEN = form of density dependence, INB = inbreeding included,
CAT = catastrophes included) against the original MVP estimates; (b) GLMMs of the standardized MVP (MVPst) against
ecological and life history correlates (BWT = body weight, GNL = generation length, FEC = fecundity SOC = social grouping,
HMP = human impact, DSP = dispersal, RAN = range, TRE = population trend); (c) GLM of the ecological and life history
correlates against MVPst; and (d) binomial GLMM relating species IUCN Red-Listing (listed or not listed) to ecological and
life history correlates
LL

k

DAICc

wAICc

DBIC

wBIC

%DE

425.935
427.324
438.280
420.397
435.307
454.568

7
7
5
12
8
3

0.056
2.834
20.489
0.000
20.961
48.889

0.439
0.109
<0.001
0.451
<0.001
<0.001

0.000
2.778
13.978
15.708
24.102
35.841

0.800
0.199
<0.001
<0.001
<0.001
<0.001

6.3
6.0
3.6
7.5
4.2
0.0

(b) GLMM of ecological and life history correlates
MVPst  null
MVPst  BWT
MVPst  TRE
MVPst  HMP
MVPst  GNL
MVPst  BWT + GNL
MVPst  HMP + TRE
MVPst  BWT + GNL + FEC
MVPst  BWT + GNL + DSP + RAN
MVPst  BWT + GNL + SOC
MVPst  BWT + GNL + FEC + SOC + DSP + RAN + HMP + TRE

1.151
1.116
1.127
1.146
1.147
1.112
1.127
0.973
1.052
1.016
0.914

3
4
4
4
4
5
5
6
7
8
13

0.000
2.025
2.046
2.084
2.087
4.136
4.167
6.003
8.333
10.456
21.646

0.364
0.132
0.131
0.128
0.128
0.046
0.045
0.018
0.006
0.002
0.000

0.000
5.096
5.114
5.151
5.155
10.247
10.272
15.142
20.451
25.555
51.184

0.757
0.059
0.059
0.058
0.058
0.005
0.004
0.000
0.000
0.000
0.000

0.0
3.0
2.1
0.5
0.4
3.4
2.1
15.5
8.6
11.8
20.6

(c) GLM of ecological and life history correlates
MVPst  BWT + GNL + FEC
MVPst  BWT
MVPst  null
MVPst  BWT + GNL + SOC
MVPst  TRE
MVPst  BWT + GNL + DSP + RAN
MVPst  BWT + GNL
MVPst  HMP
MVPst  GNL
MVPst  BWT + GNL + FEC + SOC + DSP + RAN + HMP + TRE
MVPst  HMP + TRE

196.466
181.859
178.585
191.868
180.875
188.197
182.293
179.103
178.968
203.025
180.878

5
3
2
7
3
6
4
3
3
12
4

0.000
25.039
29.528
13.454
27.006
18.658
26.248
30.551
30.821
2.159
29.079

0.746
0.000
0.000
0.001
0.000
0.000
0.000
0.000
0.000
0.253
0.000

0.000
18.502
19.692
19.909
20.469
21.896
22.989
24.014
24.283
24.379
25.820

1.000
0.000
0.000
0.000
0.000
0.000
0.000
0.000
0.000
0.000
0.000

15.5
3.0
0.0
11.8
2.1
8.7
3.4
0.5
0.4
20.6
2.1

60.328
74.019
76.136
84.747
89.857
100.322
107.006
105.896
112.062
104.677
111.778
116.044
119.315
121.283
115.406
131.254
130.474

13
5
4
8
7
7
5
6
4
9
5
6
5
4
8
3
4

74.329
0.000
0.452
32.400
37.429
56.577
63.603
64.494
70.888
73.018
73.039
84.142
87.930
89.159
89.623
106.551
107.425

0.000
0.556
0.444
0.000
0.000
0.000
0.000
0.000
0.000
0.000
0.000
0.000
0.000
0.000
0.000
0.000
0.000

0.000
4.571
5.912
36.731
44.222
66.842
73.362
74.464
80.100
82.254
83.116
95.822
98.583
99.019
101.176
115.564
117.768

0.867
0.088
0.045
0.000
0.000
0.000
0.000
0.000
0.000
0.000
0.000
0.000
0.000
0.000
0.000
0.000
0.000

54.0
43.6
42.0
35.4
31.5
23.6
18.5
19.3
14.6
20.2
14.8
11.6
9.1
7.6
12.1
0.0
0.6

Candidate models
(a) MVP-generating model correlates
MVP  PER + DUR + INB + CAT
MVP  DEN + PER + DUR
MVP  PER + DUR
MVP  MOD + PER + DUR + DEN + INB + CAT
MVP  MOD + PER + DUR
MVP  null

(d) GLMM of ecological and life history correlates
IUCN  BWT + GNL + FEC + SOC + DSP + RAN + HMP + TRE
IUCN  HMP + TRE
IUCN  HMP
IUCN  BWT + GNL + DSP + RAN + TRE
IUCN  BWT + GNL + DSP + RAN
IUCN  BWT + GNL + FEC + TRE
IUCN  GNL + TRE
IUCN  BWT + GNL + TRE
IUCN  TRE
IUCN  BWT + GNL + SOC + TRE
IUCN  BWT + TRE
IUCN  BWT + GNL + FEC
IUCN  BWT + GNL
IUCN  GNL
IUCN  BWT + GNL + SOC
IUCN  null
IUCN  BWT

All GLMMs include the taxonomic Class (e.g., Mammalia, Aves, etc.) as a random effect. Shown are model log-likelihood (LL), number of
parameters (k) change in AICc (DAICc), AICc weight (wAICc), change in BIC (DBIC), BIC weight (wBIC) and the per cent deviance explained (%DE).
%DE is a measure of the structural goodness-of-fit of the model. Models sequences are ordered by wBIC for all model sets, because we were
primarily interested in main rather than tapering effects.
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ture, data were derived from online databases or published
papers on that species (see Appendix S1, Supplementary
Material). Predictors used were: (1) Body weight [BWT]: an
allometric scaling covariate (mass in g). Body mass data for
the mostly herbaceous plants were estimated using a benchmark wet-weight for a similar-sized species, and forestry timber data used to estimate mass for large Monocotyledons; (2)
Generation length [GNL]: taken as age at sexual maturity and
estimated in months; (3) Fecundity [FEC]: a continuous variable representing the mean number of young produced per
female per year. This included the average number of eggs
laid/young born, but did not account for the probability of survival to adulthood (such as in birds and herptiles). Multiple
broods within a year were taken into consideration to calculate a total yearly output of offspring; (4) Social grouping
[SOC]: a categorical index of mating systems. These were (a)
colonial (i.e., large breeding colonies and spawning sites), (b)
polygamous or gregarious, (c) monogamous and (d) solitary
(i.e., a brief period of copulation only or asexual/hermaphroditic breeding, and plants); (5) Dispersal [DSP]: the migratory
or dispersive capability of a species, where dispersal and
migration are used interchangeably, and categorized broadly
as (a) migratory or (b) constrained. A species was considered
constrained if it remained within a 20-km radius of its place
of birth/hatching; (6) Range [RAN]: the geographic distribution
scored as either (a) geographic range spanning more than one
major biome (Smith and Smith, 2003), or (b) the species was
primarily restricted to a single biome; (7) Human impact
[HMP]: a categorical index of the (a) beneficial or (b) generally
adverse influence of people. Species considered to benefit
from humans were domesticated animals, harvested crops
and commensals, for example; and (8) Population trend
[TRE]: a categorical index of (a) stable or increasing population
or (b) a population in general decline. TRE was assumed to account for deterministic population decline.

2.4.
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because of sample size limitations: many Orders were represented by a single species only. The importance of considering taxonomy in the GLMM was assessed also by repeating
the analyses using a series of generalized linear models
(GLM) with the same ecological and life history correlates.
Asymptotic indices of information loss were used to assign
relative strengths of evidence to the different competing
models (Burnham and Anderson, 2002), with both Akaike’s
Information Criterion corrected for small sample sizes (AICc)
and Bayesian Information Criterion (BIC) weights used as an
objective means of model comparison (Burnham and Anderson, 2002). AICc identifies tapering effects where n, per term,
exceed approximately 20 data, whereas BIC only identifies
main effects (Link and Barker, 2006). Full model results are
shown in Table 1.
Because MVP estimates taken from the literature vary due
to the particular methods employed in each case, it was necessary to standardize estimates (MVPst) to a consistent model
structure. To do this we used the best-ranked GLMM based on
BIC (Table 1) for the model characteristics set (the model
including persistence probability, duration of persistence,
inbreeding depression and catastrophes, and a phylogenetic
correction), setting persistence probability (PER) to 99%, the
number of generations (GNL) over which MVP was estimated
to 40, and set the b coefficients for the factors to have inbreeding depression (INB) and catastrophes (CAT) included. The
standardizing equation was therefore:


0:99
þ bGNL
loge MVPst ¼ loge MVPorig þ bPER  loge
PER


40
þ bINB þ bCAT
 loge
GNL
where bPER = 22.5618, bGNL = 0.4365, bINB = 1.2306, bCAT =
0.4258. The distributions of the original versus standardized
MVP estimates are shown in Fig. 1. For each species, the

Statistical analyses

For all analyses we reduced the population dataset from 287
populations to 212 unique species to avoid potential problems
of pseudo-replication caused by multiple representations (different populations) of the same species. Two a priori model
sets (Burnham and Anderson, 2002) were constructed to examine the amount of variation explained in MVP (Table 1): (a) six
models encompassing a selection of the model characteristics
used to derive MVP, and (b) eleven models encompassing a
selection of ecological, life history and anthropogenic threat
terms.
To gauge the relative importance of each derived variable
for predicted MVP, we fitted a series of generalized linear
mixed-effects models (GLMM) to loge MVP in the R Language
(R Development Core Team, 2004), using the lmer function
(in the lme4 library). MVP was assumed on a priori grounds
to be log-normally distributed (Brook et al., 2006). The random
effects error structure of GLMM was used to correct for nonindependence of species due to potential shared evolutionary
life history traits (Felsenstein, 1985) by decomposing the variance across species by hierarchical Linnaean taxonomy
(Class) (following Blackburn and Duncan, 2001). Class was selected as the taxonomic random term in preference to Order

Fig. 1 – Comparison of original versus standardized
minimum viable population sizes. Relative frequencies of
the 212 MVP species estimates (log10 scale) for the original,
uncorrected values, taken directly from the literature (solid
line, Supplementary Notes) and the same values after
standardization for differing structure of the
MVP-generating method/model (dotted line).
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respective coefficients were set to zero when its original MVPgenerating model matched the defined standardization criterion. Although the per cent deviance explained in MVP by the
highest BIC-ranked model was only 6%, standardization was
still required to avoid potentially spurious relationships in the
analysis of MVP and ecological correlates.
We tested the ecological predictors by fitting GLMM to loge MVPst with Class set as a random effect for phylogenetic
control, and then fitted GLM without random effects to examine the importance of including phylogenetic control in the
models. To provide an independent check of the biological
authenticity of the derived ecological predictors with respect
to a measure of extinction proneness, we constructed analogous models using the IUCN Red Listing (IUCN, 2006) of species (17 models). Of the 212 species represented in the
meta-analysis, 92 were Red-Listed (anything other than ‘Least
Concern’).

3.

Results

We sourced 529 relevant articles published between January
1974 and December 2005, describing up to 2202 species and
a minimum of 1444. The exact count of distinct species could
not be determined because one large study (Fagan et al., 2001)
did not report which species were examined. Excluding a recent study on MVP which fitted a set of simple phenomenological models to 1198 abundance time series (Brook et al.,
2006), 141 articles met the selection criteria and listed 287
MVP estimates for 212 species. A gradual increase in MVP-related publications over the past 30 years was matched by a
concomitant rise in the number of species studied (Fig. 2).
The establishment of public-access online databases (e.g.,
IUCN Red list and Global Population Dynamics Database

Fig. 2 – Publication trends for minimum viable population
size (MVP), 1974–2005. The cumulative number of species in
studies related to population viability and extinction (log10
scale, solid line), and a 5-year moving-average of the
number MVP-related peer-reviewed and unpublished
literature sources (dotted line). A large increase in species
studied since 2001 marked the advent of freely-accessible
online population databases.
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[GPDD], www.cpbnts1.bio.ic.ac.uk/gpdd/) and subsequent
multi-species analyses (Fagan et al., 2001; Reed et al., 2003;
Brook et al., 2006) in recent years were responsible for large
increases in the number of species evaluated (Fig. 2).
A bias toward large-bodied species in extinction-related
research was evident. Ultimately, we found that the frequency distribution of species studied was skewed towards
heavier species, with 53.8% of all species and 85.3% of mammals exceeding 1000 g (Fig. 3). By contrast, only 31% of 4049
extant mammals listed in a large database of body masses
(Smith et al., 2003) are >1000 g. Moreover, vertebrates accounted for 47% of all species studied, despite this taxon representing only a few percent of named species (IUCN, 2006),
and of the 92 species in the meta-analysis that were IUCN
Red-Listed, 62.0% were mammals. Surprisingly, the Red Listing of species included in all MVP-related studies showed
an over-representation of non-threatened species (Fig. S1,
Supplementary Material), likely due to larger studies (Brook
et al., 2006) being based on abundance time series collected
for purposes not directly related to conservation, such as
monitoring and harvesting.
The reported MVP values were not comparable in a quantitative meta-analysis because of differences in the specified
risk definitions and structure of the generating models. We
therefore collated relevant model type and structure data
for each species and fitted a set of GLMM and used AICc,
and BIC to select the most parsimonious model(s) for standardizing MVP (see Section 2). The most parsimonious model
relating MVP to ‘generating-model structure’ was, according
to AICc, the one that included all model characteristics; however only 7.5% of the deviance was explained by the saturated
model after controlling for phylogeny (Table 1). An analysis on
a reduced dataset, using Class/Order as a nested random effect, yielded an equivalent result. It has been shown that with
sufficient sample sizes, the Kullback–Leibler prior used to justify AICc weighting favours more complex models (Link and

Fig. 3 – Relative frequency distribution of body weight (log10
scale in g). All species (open bars) and mammals (solid bars)
with estimates of minimum viable population size are
shown, with the relative distribution of body weights for all
extant mammals for which data are available (Smith et al.,
2003) (dotted line) for comparison.
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inbreeding and catastrophe – see Section 2) explained an
important component (6.3%) of the deviance in MVP (Table
1). Thus, using the best BIC-supported model’s coefficients,
we standardized MVPs (MVPst) to a 99% persistence probability, and time frame of 40 generations (a previously used time
frame – Brook et al., 2006).
Median MVPst was 4169 individuals (3577–5129, 95% CI),
compared to the median reported uncorrected MVP of 3299
individuals. This is similar to the recommended effective
population size of 4500 individuals based on genetic data
(Frankham, 1995), and the median MVP of 5816 reported for
vertebrates (Reed et al., 2003). The frequency distribution of
the standardized published MVP estimates (Fig. 4) was more
symmetrical and peaked at a higher MVP than the modelaveraged distribution of MVPs derived from an independent
time series analysis (Brook et al., 2006). This result contradicts
the view that estimates of population viability derived from
scalar models may be overly precautionary (Dunham et al.,
2006), probably because Brook et al. (2006) considered functional density dependence, whereas Dunham et al. (2006) only
used a population ceiling function.

Fig. 4 – Relative frequency distribution of minimum viable
population (MVP) estimates (log10 scale). Standardized
MVPs from the meta-analysis of 212 species examined
since 1976 (solid line) are compared to MVP estimates
derived independently from models fitted to 1198 species’
time series of abundance data (dotted line) (Brook et al.,
2006). Median values are represented by vertical lines for
each distribution.

4.

Barker, 2006), so we also considered model ranking according
to the dimension-consistent BIC weights to identify the main
drivers of structural variation in MVP (i.e., ignoring tapering
effects). The latter metric signalled that only four of the six
correlates considered (probability of persistence, duration,

Discussion

Deciding how much habitat is needed to achieve conservation
goals requires robust rules of thumb because in many situations there are insufficient data to develop a species-specific
population viability analysis (Shaffer et al., 2002). So, can we
provide any generalities from this meta-analysis of MVP?
Models relating ecological attributes predicted a priori to

Table 2 – Summary of median (and bootstrapped 95% confidence bounds) minimum viable population sizes from all
available literature (n = number of species; standardized = MVPst; original = MVPorig)
n

MVPst

MVPst 95% CI

MVPorig

48
8
95
31

3742
1,239,727
3876
5409

2544–5244
211,171–2,085,032
2261–5095
3611–6779

3310
500,000
2901
3999

182

4102

Other taxa
Plantsb
Insects
Marine invertebratesc

22
5
3

4824
10,841
3611

Sum/median

30

Body mass
<1 kg
P1 kg

Vertebrates
Birds
Fish
Mammals
Herptilesa
Sum/median

3325–5096

3697

2512–15,992
1650–103,625
1984–1,047,547

2097
2000
2500

6111

3165–10,768

2100

98
114

5137
3956

3577–6947
2575–4961

2509
3697

IUCN
Listed
Not listed

92
120

3611
4824

2261–5033
3867–5878

2484
3435

All species

212

4169

3577–5129

3299

a Reptiles and amphibians.
b Mosses, ferns, dicotyledons, monocotyledons and gymnosperms.
c Molluscs and crustaceans.
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correlate with extinction risk failed to explain much of the
variation in MVPst; the saturated correlates model accounted
for 20.6% of the explained deviance after taking phylogeny
into account as a random effect (Table 1). The most parsimonious GLMM, according to BIC, failed to find evidence for any
main effects. Yet these predictors explained 54% of the deviance in whether or not a species was IUCN Red-Listed. This
contrast between the predictability of MVP versus IUCN status has been described in previous work (Brook et al., 2006),
using MVP estimated from an independent source (time series data), and effectively highlights two different paradigms
(Caughley, 1994). Ecological predictors of threatened status
indicate a species’ sensitivity to the largely systematic drivers
of extinction (Cardillo, 2003), confirmed here by the support
for IUCN listing. MVP represents, on the other hand, the small
population paradigm (Caughley, 1994); that is, a population already reduced in size and subject to a host of population-specific threats (many stochastic) which cannot be accounted for
in broad species comparisons such as ours.
MVP is thus an appropriate measure of the viability of populations that have declined deterministically (or catastrophically) to a small size, but subsequently ‘stabilized’ (though
they continue to fluctuate stochastically). As such, contextspecific factors such as variability of the local environment
are more relevant for determining MVP than the broad-scale
extinction drivers that cause endangerment. MVP size and regional or global extinction risk are thus unrelated (Brook
et al., 2006). Note that the majority of vertebrates considered
threatened by IUCN are listed under Criterion A, which relates
threat to rate and magnitude of population size or range decline (IUCN, 2006). The assessment of vulnerability of IUCN
is complementary, but essentially unrelated, to that derived
from MVP.
Despite the lack of predictability of MVP based on plausible
(and measurable) correlates of extinction risk, we can draw
some broad generalizations from the meta-analysis. MVPrelated studies have gradually increased over the past three
decades, with no apparent decline in the concept’s use, and
with a trend toward multi-species analyses (Fig. 2). Depending
on the strength of density dependence, MVP follows either a
weakly right-skewed or symmetrical distribution (Fig. 4), with
the highest probability density in the range of a few thousand, rather than hundreds, or tens of thousands of individuals, comparable to the findings of Brook et al. (2006) and Reed
et al. (2003). While there was some broad taxonomic variation, the true magnitude of any differences is uncertain because some taxa have been poorly sampled to date (fish and
invertebrates – Table 2).
A major product of this collation and standardization of
published MVPs, especially when coupled with a previous
phenomenological analysis (Brook et al., 2006), is a database
of MVPs and species attributes that span a broad range of biomes, body sizes, life histories and threat status. This resource
(Table S1, provided as a searchable spreadsheet table in the
Supplementary Material) can be used by conservation practitioners as a preliminary guide to the MVP range expected for
particular species or surrogate taxa of concern, or indeed to
derive a target MVP for data-deficient species (we recommend
the upper 95% confidence limit of MVP for the taxon in question, excluding poorly sampled taxa such as insects, fish and
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marine invertebrates). Moreover, these results provide important baseline data for testing future research hypotheses
regarding population size and extinction risk, particularly
with the now-evident shift toward the Bayesian paradigm
within ecology and the concomitant need for robust informative prior information (Clark and Gelfand, 2006). We also support a disciplinary shift away from charismatic species (as
highlighted by the lack of data available for fishes, insects
and marine invertebrates) and focus of expertise and resources on IUCN-listed species and hotspots of latent extinction risk (Cardillo et al., 2006).
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a b s t r a c t
To ensure both long-term persistence and evolutionary potential, the required number of individuals in a
population often greatly exceeds the targets proposed by conservation management. We critically review
minimum population size requirements for species based on empirical and theoretical estimates made
over the past few decades. This literature collectively shows that thousands (not hundreds) of individuals
are required for a population to have an acceptable probability of riding-out environmental ﬂuctuation
and catastrophic events, and ensuring the continuation of evolutionary processes. The evidence is clear,
yet conservation policy does not appear to reﬂect these ﬁndings, with pragmatic concerns on feasibility
over-riding biological risk assessment. As such, we argue that conservation biology faces a dilemma akin
to those working on the physical basis of climate change, where scientiﬁc recommendations on carbon
emission reductions are compromised by policy makers. There is no obvious resolution other than a more
explicit acceptance of the trade-offs implied when population viability requirements are ignored. We recommend that conservation planners include demographic and genetic thresholds in their assessments,
and recognise implicit triage where these are not met.
Ó 2009 Elsevier Ltd. All rights reserved.
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1. Introduction
Extinction is the natural endpoint in the evolutionary process,
with most species typically persisting 1–10 million years (Frankham et al., 2002). Evolutionary theory and numerical simulation
of population persistence (or demise) has allowed the estimation
of thresholds, or key ‘turning points’, after which extinction is
more likely. The turning point in the trajectory of a population
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is complex, such that simpliﬁcations of the process are often used
to make conservation decisions in an imperfectly measured
world. This is why the concept (and applied use) of population
viability and minimum viable population size (MVP) gained
momentum in the early years of conservation biology (Beissinger
and McCullough, 2002), and why population thresholds remain in
use today (Traill et al., 2007), albeit concomitant with extinction
correlates such as habitat loss (Mace et al., 2008). Importantly,
these thresholds imply the moment at which a declining population becomes a small population, with increased vulnerability to
extinction (Caughley, 1994). Small populations are uniquely
vulnerable to demographic stochasticity at this crucial stage (Melbourne and Hastings, 2008). Moreover, the number of individuals
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required to maintain the small population is generally underestimated.
But are people really listening to the key, inconvenient truths
that emerge here? The present-day increase in the rate of extinction is rapid and can be principally attributed to an explosion of
modern human activity (IUCN, 2008). In response to the perceived biotic crisis that looms as a result (Ehrlich and Pringle,
2008), multi-lateral conservation organisations such as the World
Conservation Union (IUCN) and the scientiﬁc community have
worked hard to understand and quantify extinction risk, and
communicate this knowledge to policy-makers, governments
and the general public (Beissinger and McCullough, 2002). Here
we review the evolutionary and demographic requirements of
populations and argue that evidence-based scientiﬁc estimates
of what is required to achieve viability are (often considerably)
larger than targets outlined by conservation organisations. While
we cannot provide an exhaustive review of the practical challenges of conservation biology, we suggest that most vulnerable
species are not really being managed for viability (continued
existence under trying environmental circumstances); rather,
conservation targets in most cases merely aim to maximise
short-term persistence and ﬁt with complex political and
ﬁnancial realities (see Duffy, 2008). The problem is similar to
the dilemma faced by climate scientists, where national and
international policy seems incapable of meeting the emissions
reduction implied by the available geophysical and biological evidence to avert severe anthropogenic interference with the climate
system, let alone to reverse the damage already done (Chakravarty et al., 2009; Hare, 2009). Numerous socio-political impediments (IPCC, 2007; Working Group III) do not invalidate the
science behind climate change and its impacts (Working Group
I and II); rather, they capitulate to the reality of what is considered politically possible. Here we argue that preventing species
extinctions by applying knowledge derived from the discipline
of conservation biology has an analogous problem, admittedly
with no immediate resolution.

2. The scientiﬁc basis for minimum viable population sizes
Despite a good deal of empirical development of the concept of
minimum viable population size (Frankham, 1995; Franklin and
Frankham, 1998; Reed et al., 2003; Brook et al., 2006; Traill et al.,
2007), there is a disconnect between associated theory and conservation practice. It is irrefutable that population size matters for
extinction risk, with small and isolated populations being particularly vulnerable to: (1) demographic ﬂuctuation due to random
variation in birth and death rates and sex ratio, (2) environmental
ﬂuctuation in resource or habitat availability, predation, competitive interactions and catastrophes, (3) reduction in co-operative
interactions and subsequent decline in fertility and survival (Allee
effects), (4) inbreeding depression reducing reproductive ﬁtness,
and (5) loss of genetic diversity reducing the ability to evolve
and cope with environmental change (see Caughley, 1994; Frankham, 1995).
The idea of a MVP has its foundation in efforts to capture, in
population viability analyses (PVA), the many and interacting
determinants of extinction risk. In this original context, MVP is deﬁned as the smallest number of individuals required for a population to persist in its natural environment (Shaffer, 1981). The
likelihood of success is measured on a probability scale (0–1),
and projections into the future can be scaled to years or generations (Reed et al., 2003).
Alternatively, evolutionarily determined MVPs are based
solely on the maintenance of evolutionary potential, that is, the
population size required at equilibrium to balance the loss of
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quantitative genetic variation with the gain from mutation
(Franklin, 1980; Franklin and Frankham, 1998). Although the
arguments are theoretically different, both recommend
similar turning points toward extinction, as we demonstrate
below.

2.1. Empirical MVP
Estimates of MVP size can be derived by empirical simulation,
experiments, or long-term monitoring. An example of longterm census study is that by Berger (1990) who evaluated the
persistence of isolated populations of bighorn sheep (Ovis canadensis) over 50 years. Populations <50 individuals went locally
extinct, while those containing P100 individuals generally
persisted.
Most empirical MVPs are probabilistic estimates of population
persistence over a stipulated period: by arbitrary convention at
least 90% certainty of persistence for at least 100 years (Shaffer,
1981). Typically, PVAs are stochastic systems models which project
changes in population abundance over time and account for demographic and environmental variation, catastrophic events, density
dependence and inbreeding depression (Gilpin and Soulé, 1986).
PVAs are used to predict population persistence in the short (a
few years) to medium term (10s–100s of years) and allow quantitative comparison and qualitative ranking of alternate management strategies. Persistence over generations (from as low as 3
to 40 or more generation spans) is used as an alternate to time
steps in years, and is seen as biologically more appropriate when
working across taxonomic groups (O’Grady et al., 2008). Simulation models can be individual- or matrix/cohort-based and implemented using generic computer software packages (see
Lindenmayer et al., 1995) or tailored models. Most estimates of
empirical MVP have been obtained using PVAs; indeed, a recent review of MVP-related literature found that 95% of 141 published
articles used PVA as their basis for estimating extinction risk (Traill
et al., 2007).
Median estimates of the empirical MVP derived from PVAs
range from 1300 (Brook et al., 2006) to 5800 individuals (Reed
et al., 2003), depending on the method and underlying assumptions. The lower estimate derives from scalar population growth
models that do not include demographic stochasticity, ﬂuctuation
in age structure or genetic deterioration. The upper estimates of
MVP (Reed et al., 2003) accounted for all major deterministic
and stochastic threats and some positive feedbacks, including
inbreeding depression. Of note, Melbourne and Hastings (2008)
ﬁnd that most population analyses have under-estimated viability
by not accounting for all major factors contributing toward
stochasticity.
A recent review and meta-analysis reported that 60% of published PVAs included genetic effects (Traill et al., 2007). Yet, even
PVAs that take genetic factors into account usually underestimate
their impacts on extinction risk. First, these only encompass the
deleterious genetic impacts of inbreeding on reproduction and survival (inbreeding depression), but do not consider the loss of genetic diversity which effectively reduces a population’s ability to
evolve and cope with environmental change (Visser, 2008). Second,
all studies that include inbreeding depression underestimate its effect on population viability. Many use small impacts of inbreeding
depression based on juvenile mortality in captive populations,
rather than those for all components of reproduction and survival
in wild populations (O’Grady et al., 2006). Further, all assume Poisson-type variation in family size, but variation is typically much
greater leading to lower effective population sizes (Box 1), more rapid inbreeding and greater reduction in reproductive ﬁtness
(Frankham et al., 2002).
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Box 1 Genetically effective population sizes.
The genetically effective population size (Ne) is a measure
of a population’s genetic behaviour relative to that of an
‘ideal’ population (Frankham et al., 2002). Technically, it is
the size of an idealised population that would result in
the same inbreeding or loss of genetic diversity as that in
the population under study. An idealised population is a
conceptual closed, random-mating population of hermaphrodites that have Poisson variation in family size, constant
numbers of breeding individuals in successive, non-overlapping generations, and no mutation or selection (Wright,
1931). Real populations deviate from the idealised population due to ﬂuctuations in population size, unequal sex
ratios, family size variation greater than Poisson and overlapping generations. The ﬁrst three factors reduce Ne to
below the census size, while the effects of overlapping generations are not consistent in direction (Frankham, 1995).
Genetic impacts depend on Ne, rather than N, with genetic
diversity being lost at a rate of 1/(2Ne) per generation
within closed populations, and inbreeding increasing at this
same rate in random-mating populations. The Ne is the
‘currency’ used to describe the evolutionary MVP.

Critics argue that PVAs are only practically useful for predicting
extinction risk where data are extensive and reliable and projection time frames are short (Fieberg and Ellner, 2000). Further, the
IUCN Red List does not base the categorisation of any threatened
species on PVAs alone (IUCN, 2008). However, Boyce (1992) and
Burgman (2006) suggest that PVAs are indispensable when done
properly because they cause assumptions regarding the processes
leading to decline to be made explicit, and bring together scientists
and policy-makers to assess the costs and beneﬁts of alternative
approaches to population management.
2.2. Evolutionary MVP
Few conservation programs (for wild-living populations)
explicitly incorporate genetic goals or attempt to maintain wild
populations large enough to retain a substantial fraction of genetic diversity (Frankham et al., 2002). Genetically viable populations are those large enough to avoid inbreeding depression,
prevent the accumulation of deleterious mutations, and maintain
evolutionary potential. Small populations can persist in the wild
for some time, but the reproductive ﬁtness of these, and especially the ability to adapt to change (evolutionary potential) is
compromised and extirpation is likely (Spielman et al., 2004;
Kristensen et al., 2008). So what population sizes are required
to ensure genetic viability, and how do these compare to empirical MVPs?
The MVP to retain evolutionary potential in perpetuity is the
equilibrium population size where loss of quantitative genetic
variation due to small population size (genetic drift) is matched
by gains through mutation. Franklin (1980) estimated this to be
a genetically effective population size (Ne) of 500 individuals
(50 to avoid inbreeding). Critically though, the mean ratio of
the Ne to the census population size (N) is 0.1 (Frankham,
1995) and therefore a census population of 5000 adults. The
concept of Ne is described in Box 1, but we note here that the
estimation of the census N allowed biologists to move on from
the 50/500 rule (after Franklin, 1980). Other estimates of the evolutionary MVP have attained a Ne of 5000, corresponding to an
adult population size of 50,000 (Lande, 1988; Franklin and Frankham, 1998).

Unfortunately, the population sizes of many threatened species
are likely to fall below this range (perhaps >2000 species, given the
total number of Critically Endangered populations in the Red List;
IUCN, 2008). The loss of genetic variation within these populations
can be regenerated through mutation, but this will typically take
hundreds to thousands of generations (Frankham et al., 2002).
Small populations have therefore reached a point-of-departure:
away from the ability to adapt to changing environmental circumstances and toward inﬂexible vulnerability to these same changes
(Frankham and Ralls, 1998).
3. Generalities
The bottom line is that both the evolutionary and demographic
constraints on populations require sizes to be at least 5000 adult
individuals. These seem to be large requirements, but a number
of studies across taxonomic groups have made similar ﬁndings:
the median MVP derived from PVA of 102 vertebrate species was
5816 individuals (Reed et al., 2003), and 4169 individuals from a
meta-analysis of 212 species (Traill et al., 2007). The census-based
MVP of 5500 reported by Thomas (1990) is also remarkably congruent; all similar to the recommended census N of 5000 individuals (Frankham, 1995). We note though that similarities are not
strictly equivalent, and are a result of evaluation of some non-overlapping factors, meaning minimum viable population size in many
circumstances will be larger still.
4. Conservation in the long term
The science of more than 30 years of empirical and genetic research on the viability of wild-living populations thus implies that
the number of individuals (required to avoid a turning point toward extinction) is greater than generally appreciated or implemented within conservation management. Although our
contention that conservationists often manage below a biologically
reasonable extinction threshold is not new (see Tear et al., 1993;
Reed et al., 2003), debate persists. Disagreement hinges on two
main issues: (i) the accuracy of predictions and (ii) their real-world
applicability to conservation action (Beissinger and Westphal,
1998; Coulson et al., 2001).
Regarding accuracy, criticism centres on the general low quality of available population data and the high sensitivity of predictions to assumptions made. A response to this is that the rapidity
with which the extinction crisis is unfolding means that biologists
and managers cannot afford to wait for the collection of the necessary high-quality data before making decisions (Lee and Jetz,
2008) – and that given their relative simplicity, most biases are
likely to underestimate rather than over-estimate risk (though
see Brook, 2000 for a counter-example). Many conservationists
also question the real-world relevance of MVP estimates given
their high associated uncertainty bounds and the wide cross-species range. For example, some published PVAs have speciﬁed MVP
sizes as low as 20 individuals (Sther et al., 1998) and others as
high as 100,000 (Reed, 2005). However, variation arises in part
from the complexity, biological reality and type of PVA used,
and median conﬁdence intervals from meta-analysis of standardised MVPs still provide reasonable guidance on the most likely
targets that will be required (e.g., 3577–5129, 95% CI; Traill
et al., 2007). Further, conservationists working within developing
nations will rarely have the resources available to collect the
demographic and other data necessary to model viability for speciﬁc species or taxa; there is thus a compelling argument to
develop rules of thumb for population size extinction-risk thresholds. Moreover, related species tend to have similar characteristics and response.
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Differences between published MVP estimates, even for the
same species, can also be explained by the different survival
probabilities and timescales used. For example, median MVP values estimated from time series models ﬁtted to 1198 species
(Brook et al., 2006) differed substantially (by up to 10,000 individuals) depending on whether the risk criteria speciﬁed a >50%
or >90% probability of survival (Fig. 1). The ﬁrst is a ‘coin toss’
level of risk acceptance, the latter is equivalent to being listed
as Threatened by the IUCN (Criterion E). Further, median MVP
values increase by many thousands of individuals as the projection interval increases from 10 to 1000 years (Fig. 2). The implication here (of selecting a particular frame of reference) is that
conservation decision-makers must explicitly choose a period
over which they are managing for persistence, and with a speciﬁed certainty of success. Beyond that chosen frame of reference,
nothing useful can be said about the long-term persistence of a
given species.

The science of integrated population biology is now clear enough that we can state that if conservation practitioners purportedly manage for population viability with a few hundred
individuals or less, then they effectively manage at a 50:50 odds
of success on a century time scale (see Fig. 1). Clearly, any conservation project that is serious about the long-term survival (and
continued ability to evolve) of a species must aim for a meta-population of thousands of individuals (Figs. 1 and 2), or else re-evaluate their stated position. Practitioners can validly take issue with
high population targets, because of the impracticality of preserving adequate contiguous habitat, especially for large-bodied species (e.g., Armbruster and Lande, 1993). In reality, most
populations presently exist as fragmented sub-populations within
a larger meta-population (Akçakaya et al., 2004), with their successful conservation depending on genetic exchange among units
to maintain high genetic diversity (Hoegh-Guldberg et al.,
2008).

100000

50% survival
> 90% survival
10000

1000

100
10

100

1000

Persistence, Years
Fig. 1. Line plot of median minimum viable population estimates (scaled to log10) for 1198 species derived from time series analyses (see Brook et al., 2006) along a logged
timescale (10–1000 years). The full line represents median MVP size at 50% probability of persistence. The dotted line is the median MVP at greater than 90% probability of
persistence.

Fig. 2. Bar chart of (log10) MVP estimates for three threatened vertebrate species from time series population viability analyses (Brook et al., 2006). Selected species are the
Yosemite toad (Bufo canorus), black rhinoceros (Diceros bicornis) and the Puerto Rico parrot (Amazona vittata). Data are model-averaged MVP values for 100 years (90%
probability of survival, as used by the IUCN, 2008) and 1000 years (99% probability of survival). Images, PR parrot (http://kevinschafer.com), black rhino (http://wildcast.net)
and Yosemite toad (http://calacademy.org).
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5. Conclusions
We maintain that given demographic, genetic and phenomenological consensus, the concept of the minimum viable population is
a useful benchmark, and highly relevant in today’s biodiversity crisis. The poor implementation of empirically derived MVP targets is
not the fault of the available data or theory arising; rather, we argue
it is more constrained by political and logistic challenges. In other
words, MVP estimates bring scientiﬁc frankness to the socio-political arena. Geophysical scientists use climate models to advise
decision makers on the risks posed by global warming associated
with different scenarios of carbon emission reductions (IPCC,
2007). Similarly, conservation biologists have a critical role to play
in providing a scientiﬁc reality check on whether, and to what degree, decisions made in the interests of threatened species management or under the motivation of avoiding extinctions, will be
effective. This can be done openly, thereby avoiding the tag of
stealth policy (see Lackey, 2007; Wilhere, 2008). By explicit presentation of threshold data at alternate probabilities of success (Fig. 1),
biologists leave the ultimate decision to the political process.
Current evidence from integrated work on population dynamics
shows that setting conservation thresholds at a few hundred individuals only is a subjective and non-scientiﬁc decision, not an evidence-based biological one which properly accounts for the
synergistic impacts of deterministic threats (Brook et al., 2008; Visser, 2008). Many existing conservation programs might therefore
be managing inadvertently or implicitly for extinction – a clearly
illogical and counter-intuitive aspiration. If practitioners cannot
justify using conservation triage to alleviate problems associated
with unrealistic targets (see Box 1), where small, inbred populations are neglected in preference to more viable options, then they
must manage for biologically relevant MVPs at least 5000 adult
individuals (or 500 simply to prevent inbreeding) whilst addressing the concomitant mechanisms of decline (Balmford et al., 2009).

Box 2 Ecological triage.
Ecological (or conservation) triage is a concept enveloped in
an evolving, but unfortunately acrimonious, debate at the
centre of conservation biology. Polarity centres on two fundamentally different approaches toward conservation, viz.
‘no species extinction, at any cost’ and ‘extinction is inevitable for some species, let’s manage the process rationally’
(e.g., Jachowski and Kesler, 2009).
The debate has a long history. Walker (1992) advocated
the prioritisation of species (conservation status) according
to the necessary functions that species or populations
provided to ecosystem function; and the abandonment of
functionally redundant, or highly diminished species.
While few conservationists explicitly advocate extinction
of no-hopers, triage is implicit through recognition that
current threats to biodiversity outweigh the resources
available to mitigate these (Bottrill et al., 2008). Thus, a
number of approaches can be taken to optimise conservation effort, albeit acknowledging that preventing extinction
altogether is at the very least daunting. For example, Hobbs
and Kristjanson (2003) advocate adaptive management
strategies ranging from no immediate management action
(say, for non-threatened species) to urgent protection or
restoration, without stating that populations should be
abandoned. Carefully thought-out resource allocation thus
allows more efﬁcient conservation effort, and hopefully,
better outcomes.

Recent advances in the science include ‘prioritisation
protocols’ that optimise (conservation) resource allocation
through cost-beneﬁt analyses (Murdoch et al., 2007) and
the likelihood of management success (Joseph et al.,
2009). The authors build on the Noah’s Ark framework
(Weitzman, 1998) through consideration of conservation
costs and beneﬁts, species utility and value; but take these
a step further by accounting for the probability of management success. Wilson et al. (2007) developed a conservation prioritisation framework that addressed geographic
priorities, fund allocation and area-speciﬁc threats. By
applying this framework across Mediterranean ecoregions,
they found that more species could be conserved through
targeted conservation actions than through sole reliance
on acquisition of appropriate habitat.
Conservation planning uses many criteria to guide decisions on conservation action, principally based on (biodiversity) representation and persistence (see Sarkar et al.,
2006). Among the principles relevant to biodiversity persistence are population viability and evolutionary potential.
Nonetheless, the point we make is that even (conservation)
planners practice an implicit form of triage through recognition that entire conservation networks are not feasible.
Conservation is one form of land use among many, and
planners optimise conservation outcomes given the constraints.
Criticism of triage basically comes down to ‘defeatism’.
Pimm (2000) argues that triage is inappropriately seductive
because ‘‘it combines the semblance of tough decisionmaking style with the substance of doing nothing.” The
argument to let species X go will be repeated years later
for species Y. Further, triage inhibits science; saving the
very rarest pushes the technical frontiers of conservation
biology. To quote Pimm (2000) again, ‘‘nothing concentrates the mind like impending extinction, nor so openly
tests whether our knowledge of ecology, genetics and is
up to task.”
More recent critics point out that a shift in philosophical stance by conservation biologists will have ramiﬁcations far beyond the current debate. If conservation
biologists, the very people dedicated to prevent extinction
via scientiﬁc investigation and restorative problem solving,
sanction this, then what is there to stop others with no
sympathy for conservation from justifying extinction
(Jachowski and Kesler, 2009)? Others highlight conservation success stories such as the whooping crane (Grus americana), or indicate new funding possibilities for
conservation through carbon ﬁnancing (Pimm, 2000; Parr
et al., 2009).
The debate is not likely to go away. In the interim,
and on a positive note, the explicit nature of triage-based
analyses will likely prompt funding from Government
and donor sources that may not otherwise have been
freed.
One partial remedy is for prioritisation of conservation funds to
be based on indices of the distance of species population sizes from
MVP. So for example, a small population of 50 individuals will
score 0.01 (percent of 5000), and the inverse of this can be used
as a modiﬁer for fund allocation. A simple scoring system such as
this can be the basis of a decision-framework for threatened species within a particular management region, and conservationists
can factor in other considerations such as likelihood of success
and economic value (see Joseph et al., 2009). Indeed, both
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demographic and evolutionary MVPs have been, and continue to
be inﬂuential to real-world conservation planning (Sarkar et al.,
2006). As with the use of biodiversity surrogates in conservation
planning (Pressey, 2004), rules of thumb on species’ demographic
and genetic requirements are often the only option when dealing
with the current crisis under conditions of great uncertainly and
severe resource constraints.
Further, minimum viable population sizes are legitimate and
concrete targets that policy-makers can digest and implement.
While scientists debate MVP variance, the extinction crisis deepens. Thresholds at 500/5000 are communicated more effectively
to policy-makers who do not have the time to read the extensive
literature surrounding viability. Indeed, the lack of communication
between science and conservation policy can be improved through
dissemination of generalities (such as thresholds) that can be formulated as policy (see Gibbins et al., 2008).
If, on the other hand, scientists regard MVP thresholds to be too
high to implement practically, then what are the alternatives? Is
managing for hundreds of individuals over short time-frames sensible? If biologists believe that meta-populations numbering less
than a few thousand individuals are capable of survival in a globally changing world, then this needs to be argued with relevant
empirical and genetic data as support. Other than that, a more explicit and honest acceptance of the biological trade-offs implied in
ignoring MVPs on logistical grounds is needed, for credibility’s
sake.
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Predator control should not be a shot in
the dark
Adrian Treves1*†, Miha Krofel2†, and Jeannine McManus3†
Livestock owners traditionally use various non-lethal and lethal methods to protect their domestic animals
from wild predators. However, many of these methods are implemented without first considering
experimental evidence of their effectiveness in mitigating predation-related threats or avoiding ecological
degradation. To inform future policy and research on predators, we systematically evaluated evidence for
interventions against carnivore (canid, felid, and ursid) predation on livestock in North American and
European farms. We also reviewed a selection of tests from other continents to help assess the global generality of our findings. Twelve published tests – representing five non-lethal methods and 7 lethal methods – met
the accepted standard of scientific inference (random assignment or quasi-experimental case-control)
without bias in sampling, treatment, measurement, or reporting. Of those twelve, prevention of livestock
predation was demonstrated in six tests (four non-lethal and two lethal), whereas counterintuitive increases
in predation were shown in two tests (zero non-lethal and two lethal); the remaining four (one non-lethal
and three lethal) showed no effect on predation. Only two non-lethal methods (one associated with livestockguarding dogs and the other with a visual deterrent termed “fladry”) assigned treatments randomly, provided
reliable inference, and demonstrated preventive effects. We recommend that policy makers suspend predator
control efforts that lack evidence for functional effectiveness and that scientists focus on stringent standards
of evidence in tests of predator control.
Front Ecol Environ 2016; 14(7): 380–388, doi:10.1002/fee.1312

S

ubstantial numbers of vertebrate predators have been
intentionally killed by government agencies and by
private citizens acting legally or illegally (Wirsing and

In a nutshell:
• Predator control methods to prevent livestock loss have
rarely been subject to rigorous tests using the “gold standard”
for scientific inference (random assignment to control and
treatment groups with experimental designs that avoid biases
in sampling, treatment, measurement, or reporting)
• Across the controlled experiments that we systematically
examined, higher standards of evidence were generally
applied in tests of non-lethal methods than in tests of
lethal methods for predator control
• Non-lethal methods were more effective than lethal methods
in preventing carnivore predation on livestock generally;
at least two lethal methods (government culling or regulated
public hunting) were followed by increases in predation
on livestock; zero tests of non-lethal methods had
counterproductive effects
• All flawed tests came from North America; 10 of 12 flawed
tests were published in three journals, compared to four of
12 tests with strong inference in those same journals
• We recommend suspending lethal predator control methods
that do not currently have rigorous evidence for functional
effectiveness in preventing livestock loss until gold-standard
tests are completed
1

Nelson Institute for Environmental Studies, University of
Wisconsin, Madison, WI *(atreves@wisc.edu); 2Biotechnical
Faculty, Department of Forestry, University of Ljubljana,
Ljubljana, Slovenia; continued on p 388
www.frontiersinecology.org

Ripple 2010; Ripple et al. 2014). More recently, however,
killing top predators – such as wolves (Canis lupus) and
leopards (Panthera pardus), which occasionally prey on
livestock – has prompted concerns associated with ethical issues (Vucetich and Nelson 2014), effectiveness, and
ecological impacts. Depletion of apex consumers, which
include most large-bodied predators, has led to the degradation of ecosystems and disruption of vital ecological
processes worldwide (Estes et al. 2011; Ripple et al. 2014).
As a result, traditional non-lethal methods have been
reinstated and new approaches are being developed
(Treves et al. 2009).
Questions about functional effectiveness center on
whether intervening will protect property owners from
future losses (“effectiveness” hereafter). The question
remains unresolved for many cases but is particularly
unclear for killing predators (Mitchell et al. 2004; Treves
and Naughton-Treves 2005; Woodroffe and Redpath
2015). Although it seems obvious that killing a carnivore about to take a lamb should ensure the latter’s
short-term survival, most lethal methods are applied
indirectly in wholly different situations. Lethal intervention is usually implemented after carnivores are observed
near livestock or days after a predation event has
occurred, sometimes far from where the attack occurred
(eg Treves et al. 2002). Historically, eradication
campaigns have been aimed at reducing predation by
exterminating species. However, national and global
concerns about biodiversity loss have largely discouraged
this, when applied to native predators (Treves and
© The Ecological Society of America
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Karanth 2003; Chapron et al. 2014). Furthermore, over
time, numerous observers have noted that killing predators could fragment predator social groups or create
vacancies in the ecological community, to be filled by
more numerous, smaller species of predators that in turn
might prey on livestock (Young and Dobyas 1945;
Newby and Brown 1958; Haber 1996; Knowlton et al.
1999; Prugh et al. 2009). Indiscriminate killing was also
often ineffective in removing probable culprits
(Knowlton et al. 1999). Finally, for both lethal and nonlethal interventions, little information was available
about the behavioral and population dynamic responses
of survivors or any ripple effects, whereby neighboring
livestock owners suffer higher costs after predator control was implemented on a nearby property. For example,
in response to moderate rates of human-induced mortality, coyotes (Canis latrans) frequently showed compensatory reproduction, resulting in higher population growth
rates and population densities during subsequent years
(Knowlton et al. 1999). Controversy and uncertainty
about predator control generally persisted for decades in
the absence of convincing evidence. Resolving this
controversy will help to restore populations of predators
and other species in largely undisturbed ecosystems as
well as in more developed landscapes with people and
domestic animals (Fischer et al. 2008).
Prior studies of predator control reviewed evidence for
one carnivore species (eg coyotes; Mitchell et al. 2004) or
a single type of control method (Linnell et al. 1997;
Mason et al. 2001), but general conclusions were elusive
because standards of evidence varied or unreliable inferences arose from uncontrolled tests. As the field matured,
so did its standards of evidence. Experiments with
Australian sheep (Ovis aries), for instance, suggested that
intense and frequently repeated killing of introduced red
foxes (Vulpes vulpes) and dingoes (Canis lupus dingo)
produced only minimal, inconsistent protection for lambs
(Greentree et al. 2000; Allen and Sparkes 2001).
Controlled experiments on three management techniques
for European badger (Meles meles) – a mustelid – showed
that lethal interventions significantly exacerbated disease
transmission from badgers to livestock (Vial and Donnelly
2012). Nevertheless, predator control methods have not
been subject to comprehensive “clinical trials”, in which
interventions that appear effective in “laboratory trials”
are tested experimentally on real subjects, to borrow
terminology and lessons from the biomedical sciences
(Mukherjee 2010). Here we apply uniform criteria and
an established standard of evidence to evaluate the
effectiveness of various interventions used to prevent
predation on livestock by carnivores (ie terrestrial
members of Carnivora >5 kg, such as coyotes, wolves,
bears, or big cats). We adopted the scientific framework
for strong inference first articulated by Platt (1964) to
review both the experimental design and the evidence for
effectiveness of various, widely used lethal and non-lethal
methods.
© The Ecological Society of America
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Strong inference demands the careful avoidance of
bias at several stages, primarily through the use of an
experimental control with random assignment of treatments, followed by unbiased measurement and reporting subjected to rigorous, anonymous peer review, with
disclosure of potential conflicts of interest. For ease of
discussion, we refer to random assignment of treatments as the “gold standard” for scientific inference –
but we also examine whether study designs included
other steps to avoid bias in sampling, measurement, or
reporting. We use the scientific terms “bias” and
“flawed design” without any suggestion of intentional
bias or incompetence. Often well-intentioned and
highly competent researchers encounter flaws in
research design because of inescapable challenges presented by field conditions. Nevertheless, the gold
standard of scientific inference has been embraced by
practitioners within the clinical biomedical sciences
because of a long history of unreliable inferences from
tests that had one or more biases in the sampling of
subjects, treatments, measurements, or reporting
(Mukherjee 2010). Unlike scholars in the paleosciences (Gould 1980; Biondi 2014) who have made
cogent arguments for a lesser standard because studies
of the past can never be replicated exactly to the specifications required by scientific experimentation, ecologists have long advocated for controlled experiments in
ecological research (Hairston 1989). We therefore hold
our subdiscipline to the gold standard. However, the
shortage of tests meeting the gold standard (see below)
led us to examine an alternative “silver standard” of
non-random assignment of treatments, as long as we
discerned – from a close reading of the peer-reviewed,
published methods – no other biases that might weaken
inference. The silver standard included quasiexperimental tests with haphazard assignment of treatments (case-control or Before–After Control–Impact
[BACI] designs).
J

Methods

Methods of review

We performed repeated searches of the peer-reviewed
literature using Google Scholar, followed by a snowball
method using the reference lists of >100 articles identified in the search. We searched with the following
keywords: (control, damage, depredation, lethal, nonlethal, removal, or livestock) AND (predat* or carnivor*). For our quantitative summary of results, we
included only peer-reviewed, published tests in our
native languages (English and Slovenian) that (1) used
experimental or quasi-experimental control with a design
that allowed strong inference, (2) occurred on working
livestock operations with free-ranging, native carnivores
of North America or Europe, and (3) verified livestock
losses.
www.frontiersinecology.org

381

Predator control
382

A Treves et al.

Table 1. Tests of interventions to prevent carnivore predation on livestock that met review criteria
Observed changes (if any) in livestock predation
Decrease

No difference

Increase

Lethal methods

Quasi-experimental tests of culling gray
wolves (1) and culling, hunting, and
poaching Eurasian lynx (2)

Quasi-experimental tests of hunting
black bears (3*), hunting and culling
brown bears (4), and culling and
hunting gray wolves (5)

Non-lethal methods

Random assignment test of fladry on
gray wolves (8), random assignment test
of LGDs on gray wolves and coyotes (9),
quasi-experimental tests of LGDs and
night enclosures on gray wolves (10),
and fladry on gray wolves (11)

Random assignment test of fladry on
coyotes (8), quasi-experimental tests
of diversionary feeding on brown
bears (12)

Quasi-experimental tests
of culling coyotes (6) and
hunting cougars (7**)

Notes: *Some complaints related to livestock predation but some related to property damage. **A quasi-experimental two-county comparison was reported in Peebles
et al. (2013), based partly on the work of Cooley et al. (2009a,b). Sources of evidence are listed by number: 1 = Bradley et al. (2015); 2 = Herfindal et al. (2005); 3 = Obbard
et al. (2014) see their Table S1 for use of moving averages; 4 = Sagør et al. (1997); 5 = Krofel et al. (2011) reanalyzed as after–before measures of livestock losses
(WebPanel 1); 6 = Conner et al. (1998); 7 = Peebles et al. (2013) and Cooley et al. (2009a,b) treated as a single test for the two-county comparison, not the state-wide
analysis; 8 = Davidson-Nelson and Gehring (2010); 9 = Gehring et al. (2010a,b); 10 = Espuno et al. (2004); 11 = Musiani et al. (2003); 12 = Kavčič et al. (2013). LGDs =
livestock-guarding dogs. We excluded two studies that used time lags but not BACI designs to infer changes in livestock losses over time (eg Wielgus and Peebles 2014;
Fernández-Gil et al. 2016).

Regarding criterion (1), we explicitly describe the reasons
any test was deemed unreliable based on selection, treatment, measurement, or reporting biases in WebPanel 1. We
excluded analyses that were purely correlational, those
based only on unverified estimates of livestock loss, and
analyses in which n ≤ 4 subjects (farms or livestock herds)
completed the test. Several studies we mention in the footnote to Table 1 came close to the silver standard by calculating time lags in livestock loss following treatments but
we omitted them because they failed to estimate change in
livestock loss (after–before). We believe several of these
might qualify if the data were reanalyzed.
Regarding criterion (2), we defined a working livestock
operation as one in which livestock, land, and predators
were managed in ways characteristic of a private livestock
producer. That criterion excluded tests with captive
predators (Jaeger 2004). We did not review qualifying tests
from continents other than North America and Europe for
two reasons. First, we excluded Australia because dingoes
and red foxes are non-native species and their predation on
livestock today may have been shaped by domestication
and captivity, respectively, as a result of human-associated
artificial selection for traits in these canids. Second, by
excluding other continents, we avoided biased representation of tests published in languages that we (the authors)
could not understand well enough to evaluate the research
design. As WebPanel 1 and our descriptions below reveal,
careful reading is necessary to understand research design.
Regarding criterion (3), we excluded studies measuring
self-reported livestock losses or perceptions of effectiveness from Table 1. Although livestock owners’ perceptions of interventions are important for the adoption of
effective techniques, the functional effectiveness of candidate solutions should be established first. This exclusion reduced the number of allegedly effective non-lethal
methods in particular.
www.frontiersinecology.org

Methods of analysis

Our quantitative summary was limited to counting tests
in various categories. We did not attempt to perform
a quantitative meta-analysis of effects, because there
is no standard for consistent application of treatments
and because the variety of methods used even within
one category (eg different types of traps, or breeds of
livestock-guarding dogs [LGDs]) would introduce
uncontrollable variation. Furthermore, tests using the
silver standard offer weaker inference than those using
the gold standard but to an unknown degree.
We use the terms “culling” to refer to any variety of
killing of wild predators by agents of the government and
“hunting” to refer to regulated killing by private citizens.
Geographic and taxonomic distribution

The geographic distribution of tests in Europe and North
America has been patchy, and the taxonomic distribution
has concentrated on canids (n = 7), ursids (n = 3),
and felids (n = 2) (Figure 1). The few tests involving
wild felids and ursids do not suggest marked differences
between taxonomic groups, as detailed below.
J

Results

Flawed tests

The earliest scientific studies had design flaws and a
total of 12 tests (one published as recently as 2008)
were excluded despite otherwise meeting our criteria
(WebPanel 1); the earliest test with reliable inference
was published in 1997 (Sagør et al. 1997). Our review
of flawed tests revealed two important patterns. First,
early investigations with design flaws have been cited
© The Ecological Society of America
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uncritically, even after flaws were identified in peerreviewed, published articles (eg Mitchell et al. 2004).
Second, seven tests of lethal methods and four (or
five if one counts sterilization) tests of non-lethal
methods had design flaws. All flawed tests were conducted
in North America.

383

Lethal methods

Reliable inference was detected in only 7 tests of
lethal methods that met the silver standard (those
with quasi-experimental designs); tests of lethal methods
that might have qualified for the gold standard were
flawed (WebPanel 1). Of those 7 tests, only two were
shown to reduce livestock losses from predation; in
the remaining five, predation on livestock was unaffected in three tests and increased in two tests.
Using a quasi-experimental design to compare Eurasian
lynx (Lynx lynx) predation on sheep across sites varying
in the number of lynx killed over a 6-year period,
Herfindal et al. (2005) reported that a lethal method
(killing by various means) prevented sheep losses but
only to a minor degree; prevention differed by site and its
duration was short term. The test indicated that for every
male and female lynx that were killed, 13 lambs and 2
lambs were saved, respectively. Because the range of each
lynx encompassed multiple sheep flocks, the benefits to
individual livestock owners averaged <1 lamb saved per
lynx killed and were deemed to be “of little practical benefit” (Herfindal et al. 2005). Given that individual lynx
differed substantially in their tendencies to prey on sheep,
benefits were also geographically variable (Herfindal et al.
2005).
In three separate investigations of lethal control
measures applied to bears, predation on livestock was
unaffected or increased. For example, culling Norwegian
brown bears (Ursus arctos) did not reduce predation on
sheep (Sagør et al. 1997). Likewise, results from a study of
American black bears (Ursus americanus) across Ontario,
Canada, suggested that neither the number of black bears
killed by hunters using various methods, nor bear population size, predicted future bear-related damage; rather,
bear food availability was the best predictor (Obbard et al.
2014). A similar study in Wisconsin (Treves et al. 2010)
did not include sufficient numbers of livestock losses
among the incidents involving black bears for us to
include in Table 1 but the results for agricultural damages
of all sorts were similar when the data were reanalyzed as
a BACI design.
Most quasi-experimental tests of lethal methods
showed no effects or counterproductive effects on livestock loss. Slovenia’s nationwide culling of 51 wolves,
averaging 4.6 wolves or ~25% of the population annually, was distributed among local management units proportional to the current wolf densities. In an 11-year
study in Slovenia, Krofel et al. (2011) detected no effect
of wolf culling on subsequent livestock losses, even when
© The Ecological Society of America

Figure 1. The geographic distribution of tests of lethal and
non-lethal methods providing reliable inference about functional
effectiveness in preventing carnivore predation on livestock from
North American and European livestock farms. Numbers
correspond to those in Table 1.

only the years with the most extreme killing rates were
compared. The data for this test were reanalyzed in a
BACI design to meet the silver standard (WebPanel 1).
In 1998, researchers at the University of California’s
Hopland Research and Extension Center (HREC) investigated preventive effects of coyote killing (Conner et al.
1998) conducted using various methods (Figure 2).
Conner et al. (1998) performed numerous analyses on the
same data to test the effect of routine, non-selective coyote killing in preventing sheep predation. We focused
only on those analyses that employed BACI designs
(comparing lamb losses across consecutive seasons and
those with time lags) and these reported counterproductive effects of killing more coyotes (Table 1).
Each of the quasi-experimental tests of lethal methods
(Table 1) included unmeasured or uncontrolled variables,
which may confound analyses and thereby weaken inference (see below for wolf culling and also WebPanel 1).
However, one correlational study we would have excluded
(Peebles et al. 2013) achieved silver standard when we
www.frontiersinecology.org
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Figure 2. M-44 explosive poison (sodium cyanide) delivery
device for killing wildlife (Factsheet May 2010, US Department
of Agriculture Wildlife Services; http://1.usa.gov/28Iv69N).

considered it in combination with another study to qualify as a BACI design. Cooley et al.’s (2009 a,b) study of
cougars (Puma concolor) strengthened the inference in
Peebles et al. (2013) when looking only at the twocounty comparison in the latter paper. Specifically,
Cooley et al. (2009 a,b) documented that hunting cougars
led to demographic changes in a heavily hunted county
and not in another county with much lower rates of cougar hunting (also see White et al. 2011). Later, Peebles
et al. (2013) showed that livestock losses rose annually in
correlation with the number of cougars taken by hunters
but only in the county that experienced changes in cougar demography. We therefore judged that the two studies together provided the causal mechanism and the
BACI design needed to identify it as a silver standard test
in Table 1.
Potential confounding variables in two wolf culling
studies illustrate how weak inferences from tests using the
silver standard impede scientific consensus. Two teams
(Wielgus and Peebles 2014; Bradley et al. 2015) came to
opposite conclusions when analyzing the same data from
the northern Rocky Mountain (NRM) wolf population.
Although Wielgus and Peebles (2014) found that killing
more wolves was followed by more livestock losses during
the following year, it did not adequately account for the
time series underlying livestock exposure and lethal
interventions. We therefore excluded it from Table 1,
pending reanalysis. The time series is critical to BACI
designs in the silver standard. Namely, as the wolf population increased in size, it also spread geographically,
thereby exposing more livestock to wolf predation.
Because wolf killing increased over time as recolonizing
wolves left strictly protected areas and as policy changes
introduced more and more wolf-killing (Bradley and
Pletscher 2005; Bradley et al. 2008, 2015), one would
therefore expect the predictors (wolf killing, livestock
exposed, and wolf distribution) to rise over time. This
www.frontiersinecology.org

A Treves et al.
would create a positive correlation with the observed rise
in livestock losses over time. Statistical control for
encounters between wolves and livestock would require a
measure of geographic spread of wolves, not just wolf and
livestock abundance regionally (Wielgus and Peebles
2014). In contrast, Bradley et al. (2015) incorporated spatial information in their BACI design but limited their
investigation in a critical way: restricting the spatial
extent to pack territories.
Bradley et al. (2015) reported a reduction in livestock
losses subsequent to culling within a wolf pack territory.
The reductions were significant after an entire pack was
killed, but insignificant when a few wolves were removed;
when wolves were neither killed nor removed, no reduction in livestock losses was observed. The analysis was
restricted to the affected wolf pack territory, despite the
researchers’ own work documenting how partial removal
of wolves could scatter survivors beyond their original
pack range or prompt take-over by a neighboring wolf
pack (Bradley 2004; Bradley et al. 2008). The analysis
should have examined neighboring areas and beyond,
including ripple effects, whereby livestock losses recurred
up to 16 km from sites of wolf culling (Treves et al. 2013).
We recommend use of the gold standard for scientific
inference to resolve the NRM wolf culling controversy. In
sum, we find only weak inference for lethal methods and
unconvincing evidence of preventive effects (Table 1).
Non-lethal methods

Non-lethal methods have long been examined but fewer
of these studies met our criteria (five tests on six species; Table 1), because the measures of effect often
came from livestock owners’ perceptions rather than
field verification. Of these five tests, four showed preventive effects; one test found preventive effects for
wolves but not coyotes and one showed no effect. The
latter – a BACI comparison in Slovenia that provided
brown bears with livestock carcasses to deter or distract
them from attacking sheep – revealed no change in
livestock predation regionally (Kavčič et al. 2013). A
large-scale, long-term study in France evaluated the
effectiveness of 0–8 LGDs per pasture, and of mobile
electric fences to confine sheep at night, against predation by wolves (Espuno et al. 2004). We include
their study for the secondary analysis that tested sheep
herds and pastures in relation to changes in the number
of LGDs over time, not for their primary correlational
model, which did not meet our criteria. From that
secondary quasi-experimental test, Espuno et al. (2004)
inferred that a combination of at least five LGDs and
night enclosures (but neither in isolation) would prevent
virtually all wolf predation on sheep (Figure 3a and
b). In addition, two tests of non-lethal methods met
the gold standard and showed preventive effects. One
conducted on LGDs reported no livestock predation
for control or treatment groups but detected an effect
© The Ecological Society of America
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of preventing carnivore incursions into fenced pastures
(Gehring et al. 2010a, 2010b). We considered prevention
of carnivore incursions into livestock pastures to be a
relevant measure of effect because incursions are an
essential precursor to predation on livestock. Likewise,
the technique known as fladry (in which flagging is
mounted on fences or ropes as a visual deterrent to
predators; Figure 4) also demonstrated preventive effects,
in the best random-assignment test that we found
(Davidson-Nelson and Gehring 2010). A similar test
of fladry used a BACI design (Musiani et al. 2003).
Fladry was found to be effective against wolves but not
coyotes or black bears in the former test and in another
random-assignment experiment that we excluded because
it did not involve livestock (Shivik et al. 2003).
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(a)

(b)

Peer review

Rigorous peer review is a component of the gold standard for scientific inference, but we could not assess
the rigor of review in the published tests. Three journals
published 10 of the 12 (83%) articles with flawed
designs (WebPanel 1), and only four of 12 (33%) tests
that were reliable (Table 1). The same society publishes
two of the journals, one of which also published a
strong critique of several of the flawed tests (Mitchell
et al. 2004). Yet the three journals continued to publish
articles citing the flawed tests as evidence without citing
Mitchell et al. (2004). Indeed, the latter paper appears
to have been cited only once in any of those three
journals (http://bit.ly/28Joqto, accessed 22 Jan 2016;
Web of Science and Science Reports indicated no
citations in these journals).
J

Conclusions

Effectiveness

Tests of effectiveness of interventions to prevent carnivore predation on livestock were consistent across
regions. Among 12 North American and European tests
that met “gold” or “silver” standards for reliable inference, we found a greater proportion of non-lethal
methods were effective in preventing carnivore predation
on livestock than lethal methods (80% versus 29%).
Quasi-experimental tests of culling and hunting revealed
positive, negative, and no effects (Table 1). None of
the tests of lethal methods met the gold standard.
Indeed, many combined several different methods of
killing predators, including unregulated killing that
would introduce uncontrolled variables. Culling and
hunting appear risky for livestock owners because effects
were slight or uncertain and five of seven tests produced no effect or a counterproductive effect (Table 1).
This conclusion stands even without the inclusion of
four studies that found counterproductive effects of
killing wolves, bears, or cougars (Treves et al. 2010;
© The Ecological Society of America

Figure 3. Livestock-guarding dog (a) protecting sheep and
(b) charging the approaching photographer.

Peebles et al. 2013; Wielgus and Peebles 2014; FernándezGil et al. 2016). The non-lethal methods that have
been tested (LGD, fladry, night enclosures) were not
associated with similar negative results.
Two studies – one relying on LGDs (Gehring et al. 2010
a,b) and the other on fladry (Davidson-Nelson and
Gehring 2010) – provide both strong inference and
evidence of effectiveness in preventing predation on
livestock. Although fladry may be limited to deterring
wolves, LGDs have a long history and detailed technical
information on appropriate breeds, husbandry, and
deployment.
Our findings for selected sites in North America and
Europe are consistent with tests conducted for Asiatic
black bears (Ursus thibetanus) in Japan (Huygens et al.
2004), cougars in Mexico (Zarco-González and MonroyVilchis 2014), and canids and felids in South Africa
(McManus et al. 2015). Using a pseudo-control, casecontrol design similar to BACI, the latter team found
livestock losses and related costs declined for two consecutive years after implementing non-lethal methods
(LGDs, alpacas [Vicugna pacos], and livestock protective
steel collars) as compared with lethal methods (various
kill-traps and shooting) in the first year of their study on
the same livestock farms. Although the data on livestock
losses were self-reported by livestock owners, the researchwww.frontiersinecology.org
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Figure 4. An experimental plot containing a road-killed deer
carcass surrounded by a treatment of fladry – a flagging method
used to deter wolves (Shivik et al. 2003).

ers trained the owners in verification techniques and
issued field kits to improve verification (McManus et al.
2015).
Strength of inference

We found few random-assignment experiments 50 years
after its importance for strong inference was first
explained (Platt 1964). Of the tests that met our
inclusion criteria (Table 1), 83% were quasi-experimental tests using BACI comparisons. We considered
that only two tests (17%) both allowed reliable inference and approached the gold standard for experimental design. Other studies were excluded from our
quantitative summary because of small sample sizes or
unreliable inference (WebPanel 1). The gap between
recommended experimental designs (Platt 1964;
Hairston 1989) may partly reflect the difficulty of randomizing treatments around working livestock operations.
However, the above-mentioned examples of gold
standard tests of non-lethal methods emphasize the
importance of developing more robust experimental
designs for the future.
We recommend an independent scientific panel of
experts be convened to conduct a large-scale experiment
on predator control, as was done in the UK for badger
culling (Vial and Donnelly 2012). Indeed, we suggest
that this experiment be subject to an even higher “platinum standard”, which would include “double blinds”,
where those measuring effects are unaware of the treatment and where analysts compare results without knowing which data were from treatment or control groups
(Mukherjee 2010).
Law, ethics, and ecological side effects

Sound policy should be consistent with law, scientific
evidence, and ethical standards of society. The EU
www.frontiersinecology.org
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Habitats Directive and various US federal policies and
laws (including the Endangered Species Act) require
the use of evidence and in some cases specify the best
available science (Treves et al. 2015). When two or
more interventions to control predators are lawful, we
recommend that farmers, managers, policy makers, and
courts first consider functional effectiveness (will the
intervention prevent future threats to human interests?)
and the strength of inference for that effect. If two
candidate interventions perform equally by those criteria,
then we recommend that two additional criteria be
considered before implementing predator control: public
acceptance (will the intervention be supported by both
the complainants and the general public?) and ecological
consequences (will the intervention deplete biodiversity
or ecosystem services?). We recommend continuing
education requirements for wildlife managers to keep
up-to-date with the best available science. We also
suggest that decision makers should suspend predator
control programs that do not meet standards of strong
inference about effectiveness, especially if those have
legal, ethical, or ecological drawbacks. The burden of
proof should rest heaviest on the interventions that
have the most serious negative effects on biodiversity,
people, and livestock.
Comparisons between non-lethal and lethal methods
(such as culling and hunting) reveal how multiple criteria support the use of non-lethal methods. Livestockguarding dogs and fladry outperformed lethal methods in
functional effectiveness and were superior in strength of
inference (Table 1). Lethal methods have additional
limitations for managing predators and face a legal burden of proof in North America and Europe because of
public trust principles or explicit protections (Epstein
and Darpö 2013; Treves et al. 2015). The Habitats
Directive 92/43/EEC, for example, restricts lethal
controls to situations with an “absence of a satisfactory
alternative” (Article 16, 2). Furthermore, recent court
decisions in the US have restricted the use of predator
control in several situations (Treves et al. 2015; http://
bit.ly/28J2mkq). Ethical decisions should also consider
the values of society at large and the intrinsic worth of
all of the individual animals involved (Vucetich and
Nelson 2014). For instance, two large-scale studies in
the US suggested lower public acceptance of lethal
methods than of non-lethal methods and that humaneness was important to the public (Reiter et al. 1999;
Slagle et al. in press). Finally, the negative ecological
effects of killing carnivores have recently been documented in many regions (Ripple et al. 2014; Krofel et al.
2015). In many ecosystems, both terrestrial and aquatic,
predators appear to play a disproportionate role not only
in preventing excessive herbivory, which may result in
long-term depletion of vegetation and its associated
biodiversity, but also in enhancing species diversity.
Regardless of whether predators directly regulate the
numerical abundance of their prey or indirectly keep the
© The Ecological Society of America
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survivors fearful, human-induced mortality, translocation, or sterilization methods for predator control may
alter predator ecology and ecosystem dynamics with
far-reaching effects.
In conclusion, we believe the science of predator
control lacks rigor generally – the resulting uncertainty
about the functional effectiveness of killing predators
should guide evidence-based policy to non-lethal methods
until gold standard tests are completed.
J
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WebPanel 1. Tests we excluded because the design precluded reliable inference
We use the scientific terms “‘bias” and “flawed design” without any suggestion of intention or
incompetence. Indeed, the flaws we discuss often result from inescapable challenges of running
experiments under complex field conditions over many months or years. Several tests were
excluded because they were not peer-reviewed, published descriptions of all methods and results.
Not all tests conducted at the Hopland Research and Extension Center (HREC) were peer
reviewed (HREC 2003), including proceedings of conferences that do not publish the editorial
policy on anonymous peer review (eg Proceedings of the Vertebrate Pest Conference;
http://bit.ly/1UycGeA). Below and in the quotations that follow, we inserted square brackets to
identify biases, which we discuss after the quote.
Tests of lethal methods that had flawed designs that precluded strong inference
We found seven tests published since 1978 – each described in the following paragraphs – that
evaluated the effectiveness of lethal methods of predator control that fit our criteria but had
biases in design that precluded strong inference.
Guthery and Beasom (1978) reported a 17% and 0% decline in predation on goat kids
and nanny-goats, respectively, after comparing an untreated pasture to a pasture treated with
intense mechanical and explosive trapping (Figure 2), snaring, and shooting. After the test, the
authors discovered a decline in native prey species that was twice as large at the untreated
pasture as compared with the treated pasture, which unfortunately produced selection bias.
Furthermore, it was unclear whether the two pastures received the same level of human stimuli
(visits, noise, material left behind, etc), leading to a possible treatment bias.
A test of two lethal methods by Till and Knowlton (1983) came closest to the gold
standard in our view. Their experimental design had great potential but because the description
of methods and results were flawed, we recommend replicating the test with state-of-the-art
reporting. The authors recorded sheep losses 7 days before and 7 days after two treatments and a
control. The treatments consisted of one or more technicians back-tracking coyotes to their dens
and then either killing only the pups by fumigation (treatment 1) or killing the pups and adults by
fumigation and shooting, respectively (treatment 2). In describing this method, Till and
Knowlton (1983) cited a manual (Young and Dobyas 1945) that included several alternative
treatments. However, Till and Knowlton (1983) did not provide sufficient detail; for instance,
back-tracking coyotes is an expert skill but the authors failed to adequately describe who
performed the back-tracking, what training they had received, and what actions were taken in
various scenarios (eg if technicians lost the coyote trail to the den, if a den was unoccupied, or if
adult coyotes did not return to the den). We also noted a discrepancy in their results that confirms
that key aspects of the methods were not described: 30 dens should have been destroyed but Till
and Knowlton (1983) reported that 40 were destroyed. Till and Knowlton (1983) did not clarify
whether dogs were used, as the 1945 methods paper suggested. The study is therefore impossible

to replicate, due in part to these shortcomings, and because the control may have been a pseudocontrol (eg no den found), because of ambiguous references to “other control methods” being in
place, and because the treatments may have differed from the control in multiple ways. We also
detected several types of reporting bias. First, the interval after treatments (7 days) may be too
short to represent an unbiased comparison of treatments. The authors’ conclusion – that, during
the 7-day period, greater losses of sheep were associated with controls than with treatments –
may be correct but was confounded by unclear statistics and by insufficient details, not only
regarding the number and reproductive status of adults killed but also on observed pack sizes
(hence the numbers of survivors). Finally, although Till and Knowlton (1983) relied on sheep
herders to report lamb kills, their paper did not include data on overall losses or losses to other
causes. Without data on sheep flock sizes before and after, one cannot determine if
disappearances increased or other causes of death confound the results.
O’Gara et al. (1983) compared coyote killing on a single property by conducting a
before-and-after test, where the researchers initially habituated coyotes for observation and later
switched to various lethal methods when funds ran out. A lack of replication and the presence of
a pseudo-control (manipulations during the “before” period differed in more than the lethal
intervention) preclude reliable inference.
Using a before-and-after test in Alberta, Canada, Bjorge and Gunson (1985) compared 2
years of use of strychnine-laced baits to 4 years pre-poison. Over the course of 2 years, 26 out of
40 wolves were poisoned by researchers and an additional 11 wolves left the study area or died
from other causes (in total 93% mortality), resulting in a decline in wolf predation on cattle from
0.7% to 0.3%. The authors warned of non-target mortality (29 non-target animals representing
five species also died) and the potential movement of livestock predators when surviving wolves
dispersed (Bjorge and Gunson 1985). However, the first two pre-treatment years showed losses
that were statistically equivalent to the two treatment years, and the third and fourth pretreatment years experienced an important change in management, leading to lower cattle density,
associated with substantially higher levels of predation in the 2 years before treatment. We are
unsure if the control was appropriate or whether it represented a pseudo-control, given that the
sample size was one study site over 6 years. Indeed, it is not clear how one should measure the
effect of the treatment to avoid pseudo-replication (number of cattle lost, number lost per wolf
present, percent of cattle, or years with higher than median losses). Depending on which measure
was used, the effect might have been an increase, a decrease, or no change in wolf predation on
cattle. Therefore, we find the test inadequate to support reliable inference.
Wagner and Conover (1999) treated several mountain pastures during summer months
with mechanical and explosive trapping (Figure 2), snaring, and shooting; subsequently, flocks
on those pastures experienced 7.3% verified predation by coyotes. These losses were compared
to sheep flocks on another set of pastures treated with those same lethal methods as well as with
aerial gunning during winter. The authors claimed a decline to 2.7% losses. The study had five
design flaws, some of which were noted by Mitchell et al. (2004): (1) control pastures started
with 40% higher sheep densities, which has been shown to increase vulnerability to predation by

North American canids (Robel et al. 1981; Mech et al. 2000; Wydeven et al. 2004) and implies a
treatment bias; (2) pre-treatment sheep losses were 186% higher in untreated than treated
pastures, suggesting selection bias; (3) untreated pastures were subject to twice the lethal effort
(excluding aerial-gunning), again suggesting treatment bias; (4) livestock-guarding dogs (LGDs)
were apparently matched between treated and untreated pastures but those data were not
presented, implying reporting bias; and (5) the authors made an unsupported assumption in their
analyses that the ratio of known to unknown losses was constant across treatments and years
(measurement bias).
Blejwas et al. (2002) tested poison-filled collars on sheep at the HREC. Note the word
“control” referred to killing coyotes and other wildlife, not experimental treatments, in the quote
that follows:
“Coyote Control. The HREC employed three different control strategies during the
course of the study: no control, nonselective control, and selective control…During the
no-control periods, animals on the periphery of HREC were still subject to control on
adjacent ranches. During nonselective control, the local Wildlife Services specialist
attempted to remove as many coyotes as possible from HREC [pseudo-control]. These
activities were carried out independently of the ongoing coyote research and without
benefit of radiotelemetry locations. During selective control, HREC personnel used
[Livestock Protection Collars, LPC] to target depredating coyotes. Once a pattern of
coyote predation was established [treatment bias 1], all sheep were removed from the
pasture except for a small target flock of 10–30 lambs or yearlings with LPC [treatment
bias 2]. Collared lambs were accompanied by uncollared ewes. [An LPC] consists of a
pair of toxicant-filled rubber bladders attached to a Velcro collar and placed around the
neck of a lamb or small ewe…in some cases, use of the LPC was impractical or
unsuccessful, and HREC or Wildlife Services personnel used radiotelemetry to remove
these depredating breeders by shooting [treatment bias 3 and reporting bias]” (square
brackets added; Blejwas et al. 2002).
First, non-selective coyote killing during experiments represents a pseudo-control – allowing
only an inference about the addition of LPC to an unmeasured, background level of nonselective
coyote killing. The first treatment bias arose from the timing of intervention: “once a pattern of
coyote predation was established” (which was undefined). Thus, treated flocks were neither
randomly assigned nor selected haphazardly (independent of outcomes), but rather selected
based on past vulnerability. In biomedical clinical trials, that step would be analogous to treating
patients only when disease symptoms had appeared – and it was not clear how control flocks
were managed when a pattern of coyote predation was established. The second treatment bias
compounded the latter issue because the vulnerable sheep flock was replaced with a treated one,
thereby conflating vulnerability, treatment, and a massive manipulation of the flock. True
experimental controls and non-LPC periods should have also had simultaneous flock
replacement with lambs wearing dummy collars lacking poison. Finally, the decision to add
coyote shooting when LPC was impractical or unsuccessful was the third treatment bias. Because

the latter step was neither quantified nor fully explained, we also find reporting bias.
In a Minnesota study, Harper et al. (2008) analyzed the effects on livestock predation in
three scenarios: when traps were set and wolves were trapped, when traps were set and no
wolves were trapped, and when no traps were set; the authors concluded that the effects of
removing wolves by trapping did not differ from trapping without removing wolves. The authors
reported exceptions for small effects on sheep farms and when male wolves were removed.
However, the test represents a pseudo-control because decisions whether or not to set traps
apparently reflected subjective judgments by government trappers, implying possible treatment
bias. Also, the authors discarded data points for numerous reasons without citing evidence or by
justifying the removal of data post hoc based on results, implying measurement and reporting
biases. For example, they excluded farms where trapping was unsuccessful but where dispersing
wolves might have been present, which the authors did to “decrease apparent effectiveness of
unsuccessful trapping” (Harper et al. 2008). Given the Minnesota wolf population size exceeded
1000 individuals, and the very small proportion of marked wolves
(www.dnr.state.mn.us/mammals/wolves/mgmt.html), the guesswork required to make such
judgments implies possible measurement bias.
We could not draw reliable inference from three or four tests of non-lethal predator
control methods (if one counts sterilization as non-lethal).
Tests of sterilization
Bromley and Gese (2009) conducted a well-designed random-assignment experiment to capture
what they believed were entire packs of coyotes and surgically sterilize some or conduct sham
treatments that were identical except for sterilization. However, we identified a measurement and
a reporting bias in this study, which precluded strong inference. First, the position, size, and
overlap of territories of the treated, control, and uncaptured packs were potentially important
confounding variables. The authors were transparent about the uncaptured coyotes when writing,
“In 4 packs, no members were captured or radiocollared, but pack members were observed and
the home range boundary was estimated based on the spatial arrangement of adjacent
radiocollared packs…many [sheep] kills were located in areas of overlap between territories”
(Bromley and Gese 2009). Across both years of the study, the authors reported six sheep kills in
core pack areas and 20 on the edge of territories. In 1999 (the year with the best radio-telemetry
data), sheep kills were significantly disproportionately on the edge of territories, when
accounting for sheep distributions. Therefore, assignment of a sheep kill to a particular coyote
pack must have included some uncertainty. Furthermore, that uncertainty was not a random
effect because subsequent work showed that the home ranges and core areas of sterilized coyote
packs overlapped territories of neighbors significantly more than those of intact coyote packs
during the breeding season, when virtually all sheep predation occurred (Seidler and Gese 2012).
Thus, assigning sheep kills to a certain pack may have introduced measurement bias to a
majority of sheep kills on the edge of territories. Error in classifying even a single sheep kill
might alter their results, as evidenced by the slight difference between treatment and control:

“weekly survival rate tended to be higher for sheep in sterile coyote territories (mean = 0.998)
than in intact coyote territories (mean = 0.989)” (Bromley and Gese 2009). The authors
presented no justification regarding why such a small difference in weekly survival rate was
biologically significant, or exceeded the measurement error given uncertainty in assignments
described above. Nor did the authors justify why weekly survival was better than other measures.
For example, the authors did not emphasize in the abstract or conclusions that they found a
counter-productive effect. Namely, they reported that 5 of 9 (56%) sterile packs and 9 of 14
(64%) intact packs were not assigned as having killed sheep. We conclude that strong inference
cannot be drawn in either direction, despite the excellent random-assignment of treatment in this
study.
Tests of non-lethal methods that had flawed designs that preclude strong inference
We excluded a substantial number of studies of non-lethal methods because they relied on
livestock owners to report losses without providing training in verification (Coppinger et al.
1988; Meadows and Knowlton 2000). Three additional tests met our criteria except for flaws in
research design. Bourne and Dorrance (1982) tested baits laced with an aversive chemical
(lithium chloride, LiCl) to deter coyotes and other animals from sheep. This study seemed to
present reporting bias: “It seemed improbable that the LiCl baits affected predation in
southwestern Alberta because the rate of bait disappearance was so low. Therefore data from the
8 farms in southwestern Alberta were excluded from subsequent analyses of bait disappearance
and predation losses” (Bourne and Dorrance 1982). A greater concern was raised by apparent
selection bias: “flock size differed markedly between farms treated with placebo and LiCl baits
[placebos averaged 123 lambs, LiCl averaged 231 lambs]” (Bourne and Dorrance 1982). Finally,
the authors apparently used a pseudo-control that hinders interpretation of the results because
lethal controls were implemented throughout the study until depredations stopped, on both
treatment and control farms.
Between 1979 and 1992, Linhart et al. tested several non-lethal methods. Some of these
tests were not peer reviewed and thus did not meet our criteria for inclusion; other tests met our
criteria but were flawed. For example, Linhart et al. (1984, 1992) tested sound and light devices
to prevent coyote predation on sheep. We agree with Mitchell et al.’s (2004) reasoning that the
BACI design Linhart et al. used may have triggered a measurement bias by comparing early
losses without treatment to late losses with treatment, within the same year. As time passes,
lambs may outgrow the size most coyotes would attack and coyote pups may no longer need the
provisioning that seems to prompt alpha breeders to prey on sheep (Knowlton et al. 1999). Also
Linhart et al. (1979) summarized several tests of LGDs on sheep in working farms but relied on
various methods that we view as having one or more of the following flaws: pseudo-control,
before-and-after comparison with the above-mentioned measurement bias in the timing of
comparisons, or small sample size.
Finally, Palmer et al. (2010) tested the effects of sheep herders quasi-experimentally. We
could not draw strong inference: (a) lethal methods were ongoing in the background against
coyotes and cougars; (b) the control (no herder) and treatment (herder or herder and dog)

selected by the owners and treatment flocks were larger than control flocks; (c) bands or flocks
of sheep which were the subunits of herds varied in treatment within the same herds, but the
analyses were conducted at the level of herds; and (d) although the researchers attended carefully
to scavengers (Palmer et al. 2010), the quantitative effect of scavengers in relation to different
treatments was not adequately described.
Reanalysis
In the main text, we argued that several studies might qualify as “silver” standard tests by our
criteria if they re-analyzed data using a BACI design; namely estimating livestock losses minus
losses before the treatment. These include those studies listed in a footnote to Table 1. We
conducted such a re-analysis of the data presented in Figure 1 in Krofel et al. (2011) to illustrate
the point. When we recalculated livestock losses each year as a net change in livestock losses
over 2 years, we found no effect of wolf culling and hunting, as in Table 1 (Spearman rho=0.47,
p=0.09. Indeed, there was a trend toward a counterproductive effect that killing more wolves led
to more livestock losses the following year).
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Abstract: Carnivore conservation depends on the sociopolitical landscape as much as the biological landscape.
Changing political attitudes and views of nature have shifted the goals of carnivore management from those
based on fear and narrow economic interests to those based on a better understanding of ecosystem function
and adaptive management. In parallel, aesthetic and scientific arguments against lethal control techniques
are encouraging the development of nonlethal approaches to carnivore management. We anticipate greater
success in modifying the manner and frequency with which the activities of humans and domestic animals
intersect with those of carnivores. Success should permit carnivore populations to persist for decades despite
human population growth and modification of habitat.
Conflicto entre Humanos y Carnı́voros y Perspectivas de la Gestión Mundial de Carnı́voros

Resumen: La conservación de carnı́voros depende tanto del paisaje sociopolı́tico como del paisaje biológico.
Cambios en las actitudes polı́ticas y percepciones de la naturaleza han cambiado las metas de manejo de
carnı́voros de aquéllas basadas en el miedo y las intereses económicos estrechos a metas basadas en un mejor
entendimiento del funcionamiento del ecosistema y en el manejo adaptativo. A su vez, los argumentos estéticos
y cientı́ficos en contra de las técnicas de control letal están fomentando el desarrollo de planteamientos no
letales en la gestión de carnı́voros. Anticipamos un mayor éxito en la modificación del modo y la frecuencia
en que las actividades de humanos y animales domésticos intersectan con las de carnı́voros. El éxito debe
permitir que las poblaciones de carnı́voros persistan por décadas a pesar del crecimiento de la población
humana y la modificación de hábitats.

Introduction
The members of the mammalian order Carnivora number
about 226 species, almost all of which are predators. As a
group, carnivores exert a profound influence on biological communities via predation and interspecific competition. Carnivores often regulate or limit the numbers of
their prey, thereby altering the structure and function of
entire ecosystems (Schaller 1972; Estes et al. 1998; Berger
et al. 2001; Terborgh et al. 2002). As a result, carnivore
management is of central concern to conservation
biologists. In this context, human-carnivore conflicts
(carnivore-related threats to human life, economic se-

curity, or recreation) pose an urgent challenge worldwide because these conflicts often pit human communities against carnivores and against other humans who
seek to preserve or restore wildlife populations (Torres
et al. 1996; Bangs et al. 1998; Berg 1998; Karanth &
Madhusudan 2002).
Human-carnivore conflict arises for several reasons.
Carnivores’ protein-rich diet and large home ranges draw
them into recurrent competition with humans, who have
somewhat similar needs. Indeed, many larger carnivore
species are specialized for ungulate predation; therefore, some individuals readily kill domesticated ungulates
when opportunities arise (Meriggi & Lovari 1996; Karanth

‡Current address: Living Landscapes Program, Wildlife Conservation Society, 2300 Southern Boulevard, Bronx, NY 10460, U.S.A., email atreves@
wcs.org
Paper submitted February 3, 2003; revised manuscript accepted May 7, 2003.

1491
Conservation Biology, Pages 1491–1499
Volume 17, No. 6, December 2003

1492

Human-Carnivore Conflict Worldwide

et al. 1999; Polisar 2000). This is a worldwide problem,
exemplified by wolves (Canis lupus) and bears (Ursus
spp.) killing sheep in North America and Europe; pumas
(Puma concolor) and jaguars (Panthera onca) taking cattle in South America; numerous carnivore genera preying
on cattle and goats in Africa; and tigers (P. tigris) and
leopards (P. pardus) killing livestock in Asia ( Jackson &
Nowell 1996; Kaczensky 1999; Karanth & Madhusudan
2002). Under some conditions, individual carnivores attack humans, with tragic consequences for all (Brain
1981; McDougal 1987; Treves & Naughton-Treves 1999;
Rajpurohit & Krausman 2000; Karanth & Madhusudan
2002). This competition over food and space is not restricted to big, fierce predators. Smaller carnivore species
have long been involved in competition with humans over
game species, crops, apiaries, fish stocks, and poultry
(Gipson 1975; Jorgensen et al. 1978; Reynolds & Tappen
1996).
The frequency and economic cost of conflicts between
humans and carnivores appears to be on the increase in
many areas (Halfpenny et al. 1991; Mech 1998; Karanth
2002; Rajpurohit & Krausman 2000; Treves et al. 2002).
Conflicts between humans and wildlife increase with the
expansion and growth of human populations, farming
frontiers, and housing (Thouless & Sakwa 1995; Torres
et al. 1996; Woodroffe 2000; Naughton-Treves et al. 2003
[this issue]). Under a variety of demographic, economic,
and social pressures, human alteration of carnivore habitat or exploitation of carnivores has led to escalated
conflicts (Mladenoff et al. 1997; Liu et al. 2001; NaughtonTreves et al. 2003 [this issue]). Humans have also allowed
the recovery of carnivores, which has promoted conflicts
in some areas. For example, changing land-use practices
exemplified by the regrowth of forests in many regions of
the United States are providing room for potential recolonization by previously extirpated carnivores (Mladenoff
et al. 1997). Also, successful recovery programs for extirpated carnivores have raised concerns about conflict
(Bangs et al. 1998; Breitenmoser 1998). Conservationists
must now resolve human-carnivore conflicts in a setting
of rapid social and ecological changes across the landscape.
Opponents of carnivore recovery or population persistence remain active both politically and on the ground.
For example, intentional killing of carnivores by humans
is a major and rising threat to carnivore population viability (Rabinowitz 1986; Jhala & Giles 1991; Bangs et al.
1998; Woodroffe & Ginsburg 1998; Landa et al. 1999). At
the same time, new social constituencies have emerged
to promote carnivore preservation as a part of broader
social mobilizations in support of nature protection or animal welfare (Harbo & Dean 1983; Torres et al. 1996; Berg
1998; Breitenmoser 1998; Forbes et al. 1998; Fox 2001).
In this new sociopolitical context, past strategies of managing carnivores may need to be re-evaluated. Preventing
and mitigating human-carnivore conflict must be based
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on an improved understanding of carnivore behavioral
ecology and public acceptance of wildlife management,
and it must draw upon accumulated empirical knowledge
and local experiences. To suggest some directions for
the future, we examined past management of carnivores
in the light of modern research into human-carnivore
conflicts.

Overview of Past Approaches
Governments have used three primary strategies to manage wild carnivores. The three strategies can be defined by population management goals—eradication, regulated harvest, or preservation—and reflect economic
cost-benefit ratios and varying social perceptions of carnivore species. Eradication is designed to reduce the negative economic or ecological impacts of carnivores, as
in the elimination of exotic species that harm native
fauna or flora or the attempted extirpation of native carnivores perceived as valueless. Regulated harvest involves
controlling the timing, location, method, or number of
carnivores killed by hunters, sometimes in combination
with low-intensity monitoring of carnivore populations.
Preservation aims to protect carnivores with more careful monitoring of their numbers and methods to prevent
them being objects of poaching or illicit killing. Preservation is generally used in protected areas or for carnivore
populations considered endangered, rare, or valuable.
The three primary strategies are neither immutable nor
mutually exclusive. Often, we can understand changes in
carnivore management policy by examining the records
of human-carnivore interactions and their change over
time (Suminski 1982; Harbo & Dean 1983; Torres et al.
1996; Breitenmoser 1998). For example, eradication gave
way to regulated harvest as the value of leopard skins and
their rarity increased from 1920 to 1960 in Uganda (Treves
& Naughton-Treves 1999). Conflicts with carnivores often underpin changes in management policy. For example, lynx (Lynx lynx) harvest quotas have been directly
tied to livestock losses in Norway (Sunde et al. 1998). We
reviewed past examples of eradication, regulated harvest,
and preservation policies to elucidate their costs, benefits, and constraints, and the conditions under which each
may best be applied.
Eradication
Governments pursue policies of carnivore eradication
through bounties to private hunters or systematic,
widespread elimination by trained agents (Boumez 1989;
Linton 1998; Treves & Naughton-Treves 1999; Rangarajan 2001). Campaigns to eradicate populations of carnivores have now largely been terminated, except for some
against exotic carnivores that threaten native fauna. The
justification for eradication of carnivores is usually prevention of agricultural loss or protection of other species.
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These policies have a mixed record of success (Evans
1983; Theberge & Gauthier 1985; Reynolds & Tappen
1996; Ratnaswamy et al. 1997). A full treatment of this subject is beyond the scope of this paper, but failures to stem
the perceived negative impacts of carnivores, through
eradication, sometimes reflect inadequate understanding
of the individual predator’s interactions with the prey or
resource valued by humans. For example, carnivores may
select weak, aged, or young individuals unlikely to reproduce successfully (Evans 1983; Karanth & Sunquist 1995;
Palmqvist et al. 1996). Eradication also has several costs.
The first is political: conservation groups oppose threats
to wildlife populations, and animal welfare groups oppose harm to individual animals. Eradication campaigns
can also be costly to taxpayers if bounties are paid or involve expensive methods such as aerial hunting ( Wagner
& Conover 1999). Other costs may be ecological if the decline of carnivore populations upsets ecosystem function
or leads to dramatic changes in the populations of other
taxa (Estes et al. 1998; Berger et al. 2001; Terborgh et
al. 2002). For example, small to medium-sized carnivores
often benefit from reductions in large carnivores—a phenomenon referred to as mesopredator release (Newby &
Brown 1958; Reynolds & Tappen 1996; Crooks 2002).
Regulated Harvest
In many regions, carnivores are managed by hunting
( Jorgensen et al. 1978; Harbo & Dean 1983; Stowell &
Willging 1992; Okarna 1993; Landa et al. 1999;
Andersone & Ozolins 2000). The carnivore population
is monitored to ensure sustainable harvests, usually by
indirect, inexpensive, regional techniques rather than by
intensive, systematic monitoring. For example, the previous year’s harvest may be used to set current bag limits
(Sunde et al. 1998). In our view, a policy of regulated harvest must include scientific monitoring by methods sensitive enough to detect significant population declines. This
will generally require enforceable limits on the number of
carnivores killed. Sound harvest policies also address the
timing, location, and method of hunting, and the distribution of benefits to all stakeholders. Unregulated killing of
carnivores is not a management strategy by our typology.
The cost of regulated harvests tends to be low. Placing
control in local hands can satisfy the proponents of private property rights and self-determination while possibly
raising public tolerance for dangerous carnivores (Linnell
et al. 2001; Du Toit 2002). For example, between 1992
and 2001, black bears (Ursus americanus) killed 429 livestock in the state of Wisconsin (U.S.A.), whereas wolves
killed 164 livestock (Treves et al. 2002; Wisconsin Department of Natural Resources, unpublished data). Yet
political opposition to wolves is persistent, and opposition to bear populations is invisible (Stowell & Willging
1992; Naughton-Treves et al. 2003 [this issue]). This variation may reflect the fact that bear hunting is permitted
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and licenses are tremendously oversubscribed, whereas
wolves cannot currently be hunted legally. With hunter
cooperation, regulated harvests can provide information
on carnivore populations and interactions with humans
( Jorgensen et al. 1978; Faraizl & Stiver 1996; Andersone &
Ozolins 2000). Licensed hunting can also provide funding
for protection or rural development (Stowell & Willging
1992; Du Toit 2002). For example, Stowell and Willging
(1992) described how the increasing revenue from harvests led managers of black bear populations to enforce
protection outside the hunting season, translocate problem bears rather than destroy them, and closely regulate
permits to kill problem bears. By combining regulated
harvest with preservation tactics, managers could optimize political, economic, and ecological priorities.
However, carnivore harvests face increasing political
opposition in the United States and Europe (Berg 1998;
Breitenmoser 1998). This majority is increasingly composed of rural residents, as well as urban and suburban
ones (Forbes et al. 1998). Critics of carnivore hunting cite
concerns about animal welfare, conservation, tourism,
and scientific issues (Harbo & Dean 1983; Haber 1996;
Manfredo et al. 1998; Harden 2002; Treves 2002). Such opposition can limit managers’ flexibility (Mansfield 1991;
Torres et al. 1996).
Harvests intended to reduce crop and livestock losses
have had limited effectiveness (Treves et al. in press).
Private hunters and government culling agents often do
not selectively target the individuals that cause economic
losses ( Jackson & Nowell 1996; Sunde et al. 1998; Sacks
et al. 1999). Many individual carnivores pose no threat to
crops, domestic animals, or humans, despite having access to them for years ( Jorgensen 1979; Suminski 1982;
Tompa 1983; Wydeven et al. in press). Hunters can even
increase the risk of conflict if they wound rather than kill
carnivores (Rabinowitz 1986; Hoogesteijn et al. 1993; Linnell et al. 1999). In short, hunting is unlikely to reduce
human-carnivore conflict and might even increase it.
Preservation
In recent years, many countries have implemented strict
protections following dramatic carnivore population declines. For example, the large felids are totally protected by law both inside and outside protected areas in India, and the laws are enforced reasonably well
(Karanth et al. 1999; Rangarajan 2001). Even problem
carnivores that stray into human settlements and kill livestock (and sometimes even humans) are not automatically
killed; many protected-area managers prefer translocation (Sanyal 1987; Chellam & Johnsingh 1993; Karanth &
Madhusudan 2002).
We see two primary benefits of preservation. First, it
has resulted in the recovery of several carnivore populations from the brink of extinction in the last century and holds out hope for many other populations in
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severe decline (Wydeven et al. 1995; Bangs et al. 1998;
Breitenmoser 1998; Karanth et al. 1999). Without strictly
protected sites, it is nearly impossible to conduct longitudinal studies of carnivores that are critical to scientific
management and shaping positive public attitudes toward
wildlife (Mech 1970; Schaller 1972; Caro & Durant 1995;
Haber 1996; Karanth et al. 1999).
On the other hand, preservation requires heavy investments of personnel, time, and resources in interaction
with the public because managers have to demarcate
and patrol boundaries, interdict and prosecute poachers, engage community participation, or verify damage
claims. The costs of managing human-carnivore conflicts
within preservation policies can also be high because
many nonlethal methods are complex and expensive to
maintain (Thouless & Sakwa 1995; Linnell et al. 1997;
Angst 2001; Karanth & Madhusudan 2002; Shivik et al.
2003 [this issue]). A political cost of preservation is the
opposition mounted by livestock producers, hunters, and
local communities (Naughton-Treves et al. 2003 [this issue]). Hunters tend to range into carnivore habitats with
firearms, and farmers can place poisoned bait and other
traps on their land (Newby & Brown 1958; Tompa 1983).
Few wildlife agencies have the wherewithal to prevent
such illicit killing and must depend on the goodwill of
farmers and hunters. Incentive schemes and compensation often aim to generate goodwill among these constituencies (Hötte & Bereznuk 2001; Mishra et al. 2003
[this issue]; Montag 2003; Naughton-Treves et al. 2003
[this issue]). Hence, the role of farmers and hunters in
carnivore management policy exceeds their numerical
representation.

Future Directions
Carnivore management now stands at a crossroads in
many regions of the world. In some areas, carnivore populations have recovered to the point that regulated harvest is being considered. In others, threats to carnivores
are growing despite efforts at preservation. We believe
that the tactics employed for the mitigation of humancarnivore conflict will determine the future course of carnivore management in both these situations. We suggest
that solutions to human-carnivore conflict can be classified as those that modify behavior (that of humans, livestock, or carnivores) and those that prevent the activities
of humans and carnivores from intersecting in space.

Modifying Behavior
The most drastic ways to modify carnivore behavior are to
kill the individual, sterilize it, or relocate it to a new site.
Some workers argue that these control operations can
have a positive effect on conservation and management
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if they are highly selective (Sacks et al. 1999; Treves 2002;
Treves et al. 2004), whereas others believe that lethal control is essential to balancing political and conservation
goals even if methods are not highly selective (Mansfield
1991; Mech 1995). However, opposition to lethal control
of carnivores has impeded its use in some areas because
the control operations are accused of preferential catering to livestock producers and hunters (Harbo & Dean
1983; Torres et al. 1996; Fox 2001). In addition to public
opposition, there is reason for scientific skepticism about
some forms of lethal control. For example, a survey of
systematic studies of lethal control (Treves et al. 2004)
suggests that 11–71% of the carnivores killed to prevent
conflict showed no evidence of having been involved
in recent conflicts (Gipson 1975; Horstman & Gunson
1982; Sacks et al. 1999). In the United States from 1996
to 2001, federal agents killed 13.7 million animals to control agricultural damages (U.S. Department of Agriculture
Wildlife Services 2003). If error rates resemble those cited
above, 1.5–9.7 million animals were killed without cause.
Studies also show that conflicts recur in the same locations even after removal of a few individuals (Evans 1983;
Hoare 2001; Karanth & Madhusudan 2002; Treves et al.
2004).
If lethal control can be applied selectively to reduce future conflicts or remove only the problem carnivores, it
may be a useful component within both preservation and
regulated harvest strategies. For instance, elimination of
repeat offenders may facilitate public approval of protection for the remainder. Moreover, the surviving carnivores
that avoid humans and their domesticates may gain a relative advantage and pass on their learned or genetic avoidance to future generations ( Jorgensen et al. 1978; Treves
2002). Otherwise, lethal control is simply an expedient
approach to satisfying stakeholders for a brief period at
best (Hoare 2001). Selective removal of problem carnivores will require further advances in such areas as toxic
defenses (Burns et al. 1996; Mason et al. 2001) or forensic
techniques (Treves & Woodroffe in press).
From a conservation perspective, nonlethal removal
may often be tantamount to killing when translocated animals die. In Wisconsin, for example, translocated adult
and yearling wolves had significantly higher mortality
than other radiocollared adults or yearlings ( Wisconsin
Department of Natural Resources, unpublished data).
Translocation of bears, wolves, and some smaller carnivores has been reviewed by others ( Jorgensen et al.
1978; Stander 1990; Linnell et al. 1997), so we summarize their findings here. Translocation can work if the
individual is transported sufficiently far that it cannot
return home and is placed in suitable habitat with territorial vacancies. Translocation of carnivores into protected areas or habitat already occupied by conspecifics
can lead to social disruptions such as infanticide and intraspecific aggression that may result in many more carnivore deaths than would simply killing the problem animal
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(K.U.K., unpublished data). If individual carnivores are
extremely valuable—as the last individuals in a population
or as trophy animals for sport hunters—translocation may
be a cost-effective alternative to lethal removal (Stowell &
Willging 1992). Public acceptance of translocation varies
markedly, so its effective use may also depend on public education efforts and community participation (Manfredo et al. 1998; Naughton-Treves et al. 2003 [this issue]).
Otherwise, the effort, expense, and high rates of mortality associated with translocation render it unsuitable for
most situations.
Other forms of modifying carnivore behavior include
nonlethal deterrence. Aversive stimuli are meant to trigger negative gustatory, olfactory, visual, or tactile sensations in carnivores to repel them from a resource that is
important to humans. Chemicals that cause aversive responses when ingested have limited utility because they
do not inhibit predatory behavior per se, their effect
may be temporary, and they often have unpredictable,
unintended effects on nontarget species (Ratnaswamy
et al. 1997; Mason et al. 2001). Sound and light stimuli
used to repel wildlife have a long history. Most research
in this area has been conducted on canids and ursids
( Jorgensen et al. 1978; Linhart et al. 1984; Smith et al.
2000; Bangs & Shivik 2001). Shivik et al. (2003 [this issue]) note the great potential of these devices if stimuli
vary unpredictably and if the devices are triggered by the
behavior immediately preceding conflict with humans.
Electrical or mechanical sensory aversion has been advocated in some cases (Sanyal 1987; Musiani et al. 2003 [this
issue]). A consensus is emerging that multiple nonlethal
defenses must be deployed simultaneously, must be designed and installed with a particular species in mind, and
must be modified periodically to avoid habituation by target species. In many cases, highly technical interventions
are not practical within the socioeconomic constraints of
developing countries or rural communities.
Interventions that modify human or livestock behavior include changes in husbandry and guarding practices.
Decades of study indicate that animal and crop husbandry
practices affect vulnerability to carnivores. Risk increases
where more livestock are present, when sick or pregnant animals roam far from humans or buildings, when
carcasses are left exposed, when humans are distant or
absent, and when herds roam near cover (Mech et al.
2000; Stahl & Vandel 2001; Ogada et al. 2003 [this issue]; Treves et al. 2003 [this issue]). Reducing humancarnivore conflict at farms will require changes in the behavior of producers. Such changes are resisted typically
for reasons of economy or inertia. Research is underway
to determine whether incentive schemes and outreach
campaigns can promote the needed behavioral changes
(Fox 2001; Mishra et al. 2003 [this issue]).
When carnivores threaten humans themselves, education campaigns may help reduce risks (Sanyal 1987;
Beier 1991; Rajpurohit & Krausman 2000). A systematic
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study of the effectiveness of education campaigns is badly
overdue.
Changing husbandry practices to include the use of
guard animals begins by modifying human behavior, although its mode of action is ultimately to affect carnivore behavior (Coppinger et al. 1988; Green & Woodruff
1989; Andelt 2001). Domestic dogs and some breeds of
livestock, such as donkeys (Equus asinus) and llamas
(Lama glama), may counterattack some carnivores or
act in such a way as to interrupt predatory behavior. Preliminary conclusions can be drawn. Donkeys and llamas
can repel coyotes (Canis latrans) or smaller canids, but
there is no evidence that they guard against other carnivores ( Wagner & Conover 1999; Meadows & Knowlton
2000). Guard dogs can also repel coyotes but less often
wolves; likewise, they are effective against black bears
but less so against the larger grizzly bears (Ursus arctos)
(Green & Woodruff 1989; Bangs & Shivik 2001). Studies of
the efficacy of guard animals against felids have not been
published to our knowledge, but cheetahs (Acinonyx jubatus) appear to be deterred by guard dogs in Namibia
(L. Marker, unpublished data).
Avoiding the Intersection of Human and Carnivore Activities
Barriers such as fences, trenches, and walls have been
used for millennia. When made from local materials and
using traditional technologies, barriers are generally inexpensive to maintain and sustainable under local socioeconomic constraints ( Jackson & Wangehuk 2001; Ogada
et al. 2003 [this issue]). Some barriers may be undermined
by the very people they are meant to protect if resources
on the other side are needed (Karanth & Madhusudan
2002). Electrified barriers are both expensive in capital
and time (Shelton 1984; Angst 2001) and produce undesirable ecological side effects when they isolate wildlife
populations or are dismantled and used as wire snares
(Thouless & Sakwa 1995; L. Osborne, unpublished data).
Limitations exist to even the most intensive barrier maintenance efforts. Carnivores that have become dedicated
predators on livestock or humans have not been impeded
by most barriers for long (Corbett 1954; Turnbull-Kemp
1967; Brain 1981). Given time, some individuals learn to
penetrate any barrier (Thompson 1978; Shelton 1984;
Thouless & Sakwa 1995). In sum, barriers are an important part of protecting humans and their resources, but
they must be coupled with other approaches that address
transgressions by either humans or carnivores.
Where human settlements are expanding within the
last remaining habitats of highly endangered carnivores,
enforced zoning schemes may need to be considered.
Protected areas that prohibit certain human activities are
a form of zoning. The debate over the effectiveness of
parks and their political challenges is beyond the scope
of this paper, but the use of zoning specifically to mitigate human-carnivore conflicts has begun to receive more

Conservation Biology
Volume 17, No. 6, December 2003

1496

Human-Carnivore Conflict Worldwide

attention (Breitenmoser 1998; J. Linnell unpublished
data). Because human-wildlife conflicts of all sorts are
concentrated at the edges of protected areas (Woodroffe
& Ginsburg 1998; Naughton-Treves et al. 2000), zoning
may simply relocate conflicts without preventing them.
More work is needed to understand zoning and its effectiveness in limiting the intersection of human and carnivore activities.
Voluntary resettlement is an extreme form of zoning.
It has been employed for over 30 years in India to move
human settlements out of lion (Panthera leo) and tiger
habitat, leading to a substantial reduction in conflict and
recovery of carnivore populations at many sites (Karanth
et al. 1999; Karanth 2002; Karanth & Madhusudan 2002).
To be successful in the long run, these relocation schemes
should be truly voluntary, with participants gaining a net
benefit such as improved access to jobs or essential services. The schemes should also be driven by incentive
rather than coercion and must entail a fair, transparent
participatory process. When conflicts with wildlife result in human casualties, or catastrophic loss of home
and income, human communities may wish to relocate
their settlements (Karanth 2002; Karanth & Madhusudan
2002). Resettlement schemes may face political opposition from groups seeking to protect local land claims
or culture. These concerns must also be addressed adequately. For many large carnivores in densely populated
regions, however, such as in southern Asia, resettlement
may increasingly be the only conservation option for
some time (Karanth 2002).

Conclusions
Carnivore management is as much a political challenge
as a scientific one. Public opposition can block translocations, reintroductions, and the natural recovery of carnivores to former habitats. Successful conservation of
carnivores depends on tolerant sociopolitical landscapes
and favorable ecological conditions because humans have
caused most of the carnivore mortality worldwide and
most of the recent extirpations of carnivore populations. The human dimensions of carnivore conservation
can trap carnivore managers between powerful interest
groups and inflexible legislation. As a result, carnivore
managers must now invest in intense and prolonged public outreach and engage social scientists to study public
approval for management tactics. This investment will
earn dividends if interested members of the public assist
in necessary management tasks, such as monitoring and
education. Thus, public involvement in carnivore policy
can have a salutary effect but may also have a negative
outcome. Negative outcomes are common in carnivore
policy discussions when interest groups polarize debate
and litigation leads to formal and inflexible rules. This outcome undermines the principles of adaptive management
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so important to conserving wildlife in human-dominated
ecosystems.
We believe that future carnivore managers will increasingly employ a mix of strategies involving nonlethal modification of carnivore behavior, a change in human behavior, prevention of conflicts through spatial separation,
and use of lethal controls only where absolutely essential.
These solutions must be situation-specific and driven by
scientific data ( both biological and social), not by fears
and prejudices against carnivores. We recommend that
attention be directed to understanding and reducing human causes of carnivore mortality because this may result
in the speedier recovery of many populations. In addition,
information on the locations and participants in humancarnivore conflict may aid in the prediction, prevention,
and mitigation of future conflicts (Treves et al. 2004).
The job of conservation biologists is to inform the public
and policy-makers about locally feasible options based on
careful research. Close coordination with managers will
be essential.
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Large predators are declining worldwide primarily due to hunting and persecution by humans, driven in large part
by the livestock industry. Some ranchers are transitioning to “predator-friendly” farming by adopting nonlethal
predator deterrents. On very large rangeland properties, such as the vast stations of the Australian arid zone,
ending lethal control may in itself reduce livestock losses by enabling the predator’s social structure to stabilize.
The dingo (Canis dingo), Australia’s apex predator, is commonly subjected to eradication campaigns to protect
livestock. We analyzed causes of cattle (Bos taurus) deaths on Evelyn Downs, a 2,300-km2 predator-friendly
station in central Australia, for 2 years after dingo protection was established. Husbandry-related challenges,
associated with deteriorating environmental conditions, were the leading causes of deaths of cattle. Predation
by dingoes was minor and declined as the indices of dingo abundance stabilized and social stability increased.
Shifting from killing predators to improving husbandry standards is likely to improve livestock survival and
welfare.
Key words: 1080, dingo, human–wildlife conflict, livestock, poison-baiting

Improving the environmental and ethical standards of meat production is a major challenge, particularly as meat consumption
increases worldwide. Much of the earth’s land area is used for
livestock grazing, and pastoralists (farmers) frequently come
into conflict with wildlife (Machovina et al. 2015). One major
change required for the improvement of the pastoral industry is
to increase tolerance towards rangeland predators. Poisoning,
shooting, and trapping of predators are common industry
practices to protect livestock and are significant threats to this
imperiled and ecologically important group of species (Ripple
et al. 2014). Promoting nonlethal—“predator-friendly”—pastoral practices has the potential to improve both animal welfare
and environmental outcomes across large regions of terrestrial
landscapes (Johnson and Wallach, in press).
In Australia, dingoes (Canis dingo—Crowther et al. 2014)
are subjected to intensive culling operations that aim to reduce
predation on sheep and calves. Several local, State, and
Territory governments encourage killing, by declaring dingoes “pest” species and by offering bounties, collected with
scalps that can be worth over AU$100 (about US$70; Fig. 1).
In some regions, landholders are legally obligated to control
dingoes (New South Wales Government 2015). Dingoes are

routinely shot and trapped on pastoral stations, but the main
killing method is poison-baiting with sodium fluoroacetate
(1080; Fig. 1). The poison is used across the country and is
often subsidized for farmers as part of drought relief packages
(Department of Agriculture and Fisheries 2015).
Poisoning with 1080 causes severe animal welfare harms
(Sherley 2007) and is driving biodiversity declines (Wallach
et al. 2010; Colman et al. 2014). As the largest mammalian
terrestrial predator in Australia, dingoes perform key ecological functions as apex predators. They limit the densities
and affect the behavior of wild herbivores such as kangaroos
(Macropus) and goats (Capra hircus), which enables more
productive and diverse vegetation communities, and they
also suppress mesopredator populations such as red foxes
(Vulpes vulpes) and cats (Felis catus), thereby reducing predation pressure on smaller prey animals (Wallach et al. 2010;
Letnic et al. 2012; Colman et al. 2014). The persecution of
dingoes, driven largely by the pastoral industry, is a major
cause of Australia’s wave of mammalian extinctions (Johnson
et al. 2007). The persistence of many of Australia’s fauna and
flora species depends on the function of dingo populations
(Letnic et al. 2009).
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Fig. 1.—Dingoes (Canis dingo) are persecuted across Australia, primarily with poison-baiting (left panel), and they are also shot and scalped for
bounties—and then displayed (right panel). Images from July 2015, highway in Boulia, Queensland. Photos by Arian D. Wallach.

One of the most significant welfare and ecological impacts
of killing socially complex species, such as dingoes, is the disruption of their social groups (Haber 1996; Bryan et al. 2015).
Dingoes live in extended families led by a single breeding pair.
Packs act cooperatively to hold large territories, hunt, and rear
offspring. The impact of lethal control extends beyond the
individuals directly killed, harming surviving family members, and changing population structure and ecological function (Wallach et al. 2015). Importantly, killing of dingoes is
often an ineffective and counterproductive approach to reducing livestock predation (Allen 2014). The breakdown of dingo
social groups acts primarily to increase reproductive rates and
immigration, due to the loss of reproductive suppression and
territorial boundaries (Wallach et al. 2009). Under these conditions, all females can reproduce, primiparity tends to occur
earlier, and dingoes can more easily immigrate into vacant
territories (Wallach et al. 2015). Lethal control can therefore
cause increases in both dingo population density (Wallach
et al. 2009) and predation rates on livestock (Allen 2014).
Some Australian pastoralists are transitioning to predatorfriendly management by adopting nonlethal deterrents, such as
guardian dogs (van Bommel and Johnson 2012). These methods are highly successful in small- to medium-sized properties
but are less suitable for very large properties. Seventy percent of
the continent is arid and semiarid, and as productivity declines,
“farms” and “ranches”—measured in acres and hectares—give
way to “stations”—measured in thousands of square kilometers. These large stations have the advantage that they encompass several dingo territories (typically 50–100 km2—Thomson
1992). Thus, the simple act of ending lethal control can, at this
scale, reduce depredation by enabling the establishment of a
socially stable population.

Here, we report on the causes of cattle (Bos taurus) deaths
during the 2 years we (AJO and ADW) managed a large predator-friendly cattle station in central Australia. We hypothesized
that protecting dingoes would increase their social stability and
would not cause an increase in depredation of cattle. We tested
this by recording the causes of cattle deaths and analyzing patterns of mortality in relation to ecological and management
variables that were likely to affect dingo predation and cattle
condition.

Materials and Methods
Study site.—Evelyn Downs is a 2,300-km2 cattle station in
northern South Australia. Although this is a large landholding, many Australian stations are even larger due to the relative
low productivity of the area. This arid region receives on average 150 mm of rainfall annually, but during the study period,
rainfall only averaged 9.4 mm/month. Two rainfall peaks occur
each year, in summer and in early winter. Temperatures in summer (November–February) sometimes exceed 45°C.
There were 40 main water sources situated approximately 10
km apart across the station. Most were man-made and included
semi-permanent rain-filled dams and permanent bores (wells)
that were manually pumped with generators into tanks and
troughs. Most of the station is a complex of mesas, escarpments, and gibber plains (desert pavement) dominated by chenopod shrublands and tall Acacia woodland, with Eucalyptus
species along ephemeral creeks. The station grazed approximately 1,200 Poll Hereford cattle.
Dingoes were persecuted intensively up until the late 1980s
when Evelyn Downs was a sheep station. Killing subsided
but continued regularly after the station transitioned to cattle
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production. The last poison-baiting operation occurred in 2007,
when the station acquired organic certification, and killing of
dingoes declined significantly from that time but did not end
completely. Killing dingoes is an ingrained practice among station workers and can take time and effort to stop, particularly
because it can be difficult to patrol human activity across these
vast stations. Against station policy, dingoes were killed sporadically until 2012, according to surveys and discussions with
station personnel. For example, in 2011, a dingo was found
shot, and in 2012, station workers chased a dingo pack and captured a pup which was taken as a pet.
The recovery of dingoes commenced in earnest in October
2012 when we (AJO and ADW) assumed management. During
our nearly 2-year tenure (September 2012–August 2014), dingoes were proactively protected in 2 main ways: station visitors and employees were prohibited from killing wildlife and
carrying guns (commercial kangaroo shooters were excluded
from the station) and we maintained water sources (bores),
which were operational even if cattle were not using them, to
enable dingoes uninterrupted access to water. During our tenure, we found no evidence to suggest that dingoes were killed
or harassed by humans.
Data collection.—Deaths of cows were identified as part
of standard station activities, which included extensive daily
drives both on and off station tracks (approximately 5 h were
travelled daily on average). Carcasses were usually found
within days of death, but a small number were found 3–4
weeks after death. We assessed the cause of death and recorded
the location and size class of the dead animal as either “calf”
(< 9 months old), “adult”—including grown steers (castrated
males), heifers (young females), and cows (mature females)—
or “bull” (mature intact males). Carcasses were left where they
were found.
We grouped all apparent causes of deaths into 4 categories:
dingo predation, husbandry, natural, and unknown. Husbandry
causes included all cases in which direct or indirect human
action led to death, such as drying of dams. Natural causes
included a range of circumstances, such as qualitatively
assessed heat stress and illness (“poor condition”), as well as
fights between bulls. Dingo predation was identifiable by the
occurrence of dingo tracks at the remains, as well as conditions of torn and stretched calf hide. Calves eaten by dingoes
were recorded as “dingo predation” although some may have
died of other causes and been scavenged. The cause of death
for orphaned or separated calves was classed together with the
cause of death or separation from their mothers.
We measured 7 variables that may have contributed to deaths
of cattle: index of dingo abundance, index of dingo social
stability, predator-friendly tenure (time since dingo protection commenced), index of abundance of wild prey, rainfall
(3-month totals), cattle density at water sources, and vegetation cover. We considered all variables as potentially explaining dingo predation rates, while only the last 3 were included
as contributors to deaths due to husbandry or natural causes.
The first 3 variables (index of dingo abundance, index of dingo
social stability, predator-friendly tenure) reflect conditions and
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impacts on the dingoes; the 4th variable (wild prey abundance)
was included because it could influence dingo prey choice; and
the last 3 variables (rainfall, cattle density at water sources, and
vegetation cover) affect the condition of the cattle.
Abundance indices of dingoes and wild prey, and measures of
vegetation cover, were monitored before and during the period
we managed the station: in April 2012, April 2013, November
2013, and April 2014. We established 30 permanent monitoring
transects, positioned across the station, > 2 km apart, both on
and off road, with a passive track survey method adapted from
Wallach et al. (2010). At least 20 of the transects were surveyed
at each monitoring session. Each transect was a stretch of earth
500 m long by 1 m wide, cleared of tracks with a metal plate
dragged behind a slow-moving quadbike. Each day for 3 days
we examined tracks on the transect and counted the number
and identified the species of animal crossings, which gave an
average abundance index value of number of track crossings
along 500 m/day. All wild mammals known to be prey of dingoes (kangaroos; rabbits, Oryctolagus cuniculus; donkeys,
Equus asinus; horses, E. caballus; and small mammals such as
rodents) were combined into a single prey biomass variable by
multiplying the abundance index of each species by its average
body mass (obtained from the Encyclopedia of Life website).
Vegetation cover and diversity were measured along ten
10-m plant transects running parallel to and 2 m away from
each of the 500-m-long passive animal track transects. We did
not measure vegetation > 2 m tall, as it was too high for most
browsing animals. Each set of 10 plant transects was averaged
for each animal track transect. Plant species were identified, but
we used percentage vegetation cover in our analyses because
all other variables (e.g., diversity, richness) were strongly correlated with each other and with cover (Wallach et al. 2010).
Dingo social stability was assessed based on scent-marking
rates at water sources (Wallach et al. 2009). Dingo scats, urine,
and ground rakings are signs of scent-marking and have a wide
range of communication purposes, including pack composition
and territorial boundaries. In the Australian arid zone, dingoes
place scats at distinct focal points such as water sources, animal
warrens, and carcasses; but they do this primarily when they are
socially stable (Wallach et al. 2009). Scent-marking does not
reflect abundance, as dingoes subjected to poison-baiting tend
not to leave scats at focal points, even when they are in high
abundance. Instead, dingo scat deposits at focal points increase
in number the longer an area is allowed to recover from control.
Thus, scent-marking rates provide a reliable index of social stability (Wallach et al. 2009). We surveyed dingo scent-marking
rates by counting the total number of accumulated dingo scats
around water sources approximately every 6 months.
Data on stock composition (calves, adults, and bulls) were
taken from the September 2013 muster (roundup) records.
Most (probably 75–90%) of the cattle herd were accounted for
during the muster. Stocking rates (number of cattle on station)
remained relatively constant during the study, but localized density changed as water sources filled and dried up, which could
influence mortality rates. We counted the number of cattle at
each water source each month. There were no internal fences
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within Evelyn Downs, apart from 2 holding paddocks, and
cattle could move freely between watering sources. However,
cattle movement was predictable and groups tended to remain
stably concentrated at each watering source, apart from during
brief high-rainfall events. We were therefore able to provide
a relatively accurate monthly count of cattle numbers at each
water source by direct observation.
We compiled monthly records of cattle deaths, cattle density
at waters, and rainfall. For variables recorded less frequently
(e.g., wild animal abundance measured every 6 months), we
generated monthly data by calculating the monthly change
between surveys, assuming a linear trend (by dividing the difference between the 2 data points by the number of months
between them).
Analysis.—To test the relative strength and direction of each
predictive variable on predation, husbandry, and natural deaths,
we generated 3 Poisson generalized linear models. The 7 predictive variables were first checked for colinearity, which reduced
the number included in the model to 4: dingo social stability,
vegetation, rainfall, and cattle density at waters. The variables
vegetation, rainfall, and cattle density at waters were included
for the models that explained mortality classed as husbandry
and natural causes. The model explaining dingo predation was
reduced to the variables index of dingo social stability, rainfall,
and cattle density at waters. Each variable was standardized
to have a mean of 0 and a SD of 1. The variables were further reduced using a backwards selection process to select the
most parsimonious model with the lowest Akaike Information
Criterion. All analyses were conducted in R version 3.1.3
(R Core Team 2015).

Results
During the 2-year study, we recorded 56 deaths of cattle (mean
of 2.6 deaths recorded per month). Husbandry problems caused
the highest number of deaths (n = 25 cases, 45% of all deaths),
followed by natural causes (n = 10, 18%) and dingo predation
(n = 8, 14%). The rest (n = 13, 23%) were of unknown causes.
The most common cause of death (n = 18, 32% of total, and
72% of husbandry-caused deaths) was the drying of mud-silted
dams (Fig. 2A), causing cattle to get bogged in mud and die of
heat stress and dehydration when attempting to access water.
One calf killed by dingoes after its mother died in a silted dam
was included in the “husbandry” category (orphaned or separated). Most deaths classed as natural causes were of cattle previously observed to be in “poor condition” (including half of
all deaths of bulls), followed by calves that were orphaned or
abandoned (Fig. 2A).
Most deaths occurred during dry months (Fig. 2B), except
for dingo predation, which was concentrated at the beginning of
the study (Fig. 2B). Six of the 8 dingo-caused deaths occurred
during the first 6 months of the 2-year predator-friendly regime
(Fig. 2B), and all were deaths of calves. The 2013 muster
records were comprised of 259 calves within a total of 903 cattle mustered. Of these, dingo predation (4 per year averaged)
accounted for 1.5% of calves, or 0.4% of the entire herd.

The index of dingo abundance was stable and the index of
social stability increased under predator-friendly management
(Fig. 3). The decline in dingo predation was best explained
by the increasing scent-marking rates (index of dingo social
stability), explaining 36% of the variation of predation rates
(Table 1). Husbandry deaths were associated primarily with
declining rainfall, as well as declining vegetation and increasing cattle densities at water sources, which together explained
45.8% of the variation for this mortality cause. Natural deaths
were best explained by cattle densities at water sources,
explaining 27.5% of the variation (Table 1).

Discussion
The cessation of dingo persecution on Evelyn Downs did not
result in high or increasing predation rates, which is in line
with our prediction. Instead, most recorded predation events
(6 of 8 calves killed) occurred during the early stages of the
dingo’s recovery, and subsided after 6 months, as the index
of dingo social stability increased. The index of dingo abundance was stable during the study and did not explain predation rates. The main cause of deaths of cattle during the study
was the drying of silted dams (Fig. 4). Husbandry-related
deaths were concentrated in dry times, were 3 times more
common than recorded predation by dingoes, and affected all
size classes including valuable breeding cows and a stud bull.
Deaths classed as “natural” were not unrelated to husbandry
and were best explained by cattle densities at water sources.
Half of the recorded deaths of stud bulls were caused by “poor
condition.” The bulls may have been less resilient to this environment because, unlike the rest of the herd, they were born
and raised in milder climates and selected primarily for reproductive and growth rates.
Dingoes were known to kill only calves. Calf carcasses
may have been less visible to us than those of adults and
bulls because of their smaller size and the ability of dingoes
to consume more of the carcass. It is therefore possible that
we under-recorded predation compared to husbandry and
natural deaths. However, this is unlikely to be a significant
bias in our data, because most recorded deaths of calves
were caused by problems unrelated to dingoes, and because
we were able to detect relatively high predation rates at the
onset of the study. Therefore, we conclude that while opportunistic sightings of dead cattle of different causes and sizes
are not fully comparable, the patterns are informative. In
addition, this is the type of information available to most
cattle producers and will be the basis for informing their
perceptions of mortality.
Our results are in line with other studies around the world
that show that killing predators for livestock protection is
generally unnecessary and counterproductive. For example,
McManus et al. (2014) found a 70% decline in predation
rates and operating costs per sheep during 2 years of predator-friendly farming in South Africa, regardless of the nonlethal method adopted. In North America, wolf depredation
on cattle and sheep increased by 4–6% the year following
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Fig. 2.—Causes of cattle deaths during 22 months of predator-friendly (nonlethal) management on a cattle station in South Australia. A) Cattle
deaths recorded for each size class revealed that husbandry problems were the most common causes, particularly drying of mud-silted dams. B)
Cattle deaths tended to occur during months of low rainfall (black line), while predation by dingoes (Canis dingo) was concentrated at the early
stage of the study.

predator control operations according to one study (Wielgus
and Peebles 2014), and in another study, application of nonlethal deterrents was significantly more effective than predator control at reducing wolf depredation on sheep (Stone
et al., this issue). While we cannot compare predation rates
with and without predator control, our case study suggests
that husbandry practices, not dingoes, are often the primary
cause of preventable deaths for cattle. Similarly, in North
America, the growth rate of calves is related mainly to husbandry practices and climatic conditions, rather than to wolf
activity (Ramler et al. 2014).

Transitioning from killing dingoes to improving husbandry
practices is likely to increase survival and welfare of cattle significantly, as well as improve economic outcomes on large stations. Maintaining dams and bores in good condition, handling
cattle humanely during muster, designing yards to reduce stress
for cattle, ensuring sustainable stocking rates, and choosing
breeds suited to the environment they will be bred in, are likely to
result in significantly fewer deaths and lower costs. Government
assistance and subsidies to farmers during times of drought
and financial difficulty would best focus on improving station
infrastructure. For example, subsidies for dam maintenance,
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Fig. 3.—Abundance of dingoes (Canis dingo) and dingo scent-marking, before and after predator-friendly management began (indicated by
arrow) on a cattle station in South Australia. Index of dingo abundance was stable and scent-marking rates (number of scats per water source)
increased under predator-friendly management.
Table 1.—Causes of deaths of cattle (Bos taurus) on a predator-friendly station in South Australia, as shown by results of generalized linear
models. Husbandry deaths were associated primarily with low rainfall as well as with low vegetation cover and high density of cattle at water
sources. Natural deaths were mainly associated with high density of cattle at water sources. Predation by dingoes (Canis dingo) was best explained
by low values of our index of dingo social stability. “Rainfall” is total monthly rainfall, “vegetation” is percentage vegetation cover, “cattle per
water source” is the mean number of cattle at water sources, and “index of dingo social stability” is based on the mean number of dingo scats per
water source. Asterisks (*) highlight statistically significant coefficients (P < 0.05).
Cause of death

Predictive variables

Coefficient estimate

P-value

Deviance explained

Rainfall
Vegetation
Cattle per water source

−1.16
−0.53
0.37

0.005*
0.10
0.13

45.8%

Cattle per water source

0.84

0.01*

27.5%

Index of dingo social stability

−1.49

0.02*

36%

Husbandry

Natural
Predation

Fig. 4.—Dingoes (Canis dingo) were not the main cause of death for cattle on Evelyn Downs station, South Australia. Left, cow (Bos taurus)
keeps a watchful eye on a young dingo at Evelyn Downs. Right, cows becoming bogged in a drying mud-silted dam at Evelyn Downs was the
main cause of death. Apart from the 18 cows that died in silted dams, 4 wild donkeys (Equus asinus) were also killed. However, 9 cows (including
those in the image), 2 wild donkeys, and 1 wild horse (E. caballus) were rescued (some more than once). Photos by Gerrit Schuirmann (left) and
Arian D. Wallach (right).
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transitioning from manual generators to solar-operated bore
pumps, and installation of remote satellite monitoring cameras
at critical and remote water sources could significantly improve
production and reduce stress for farmers, particularly during
dry times.
There is a significant need for transition to evidence-based
and ethically defensible management in livestock production that could be delivered through increasing collaboration
between farmers, academics, and policy makers (Johnson
and Wallach, in press). Our study provides an inside view
of the workings of a single cattle station during a 2-year
period, using an observation method that could be readily
adopted by farmers. Much would be gained by establishing
similar studies on a broader scale with replication and controls. The effectiveness of different management strategies,
or of changes in management, could be tested by regular
monitoring and reporting to assess cost effectiveness and
animal welfare.
Transitioning to predator-friendly farming is also necessitated by a growing social demand for improved transparency
and ethical conduct in farming practices (Johnson and Wallach,
in press; Slagle et al., this issue). Clearly, there remains a large
gap between social expectations and practices. For example,
poison-baiting remains the most common and intensively used
approach to protecting livestock from dingoes and other predators, despite it being perceived by the public as unacceptably
inhumane (Fitzgerald 2009; Slagle et al., this issue). Vucetich
et al. (this issue) argue that policies that enable the killing
of predators are inconsistent with expectations that wildlife
management practices will be guided by science, democracy,
and legitimacy. As human population continues to grow and
expand, the need for enabling peaceful coexistence and tolerance of wildlife outside of protected areas is becoming
ever more apparent. Developing “coexistence skills” will be
demanded of farmers in particular, as they sit on the frontline
of the human–wildlife interface.
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Predator control and sport hunting are often used to reduce predator populations
and livestock depredations, – but the efficacy of lethal control has rarely been
tested. We assessed the effects of wolf mortality on reducing livestock
depredations in Idaho, Montana and Wyoming from 1987–2012 using a 25 year
time series. The number of livestock depredated, livestock populations, wolf
population estimates, number of breeding pairs, and wolves killed were calculated
for the wolf-occupied area of each state for each year. The data were then analyzed
using a negative binomial generalized linear model to test for the expected negative
relationship between the number of livestock depredated in the current year and the
number of wolves controlled the previous year. We found that the number of
livestock depredated was positively associated with the number of livestock and the
number of breeding pairs. However, we also found that the number of livestock
depredated the following year was positively, not negatively, associated with the
number of wolves killed the previous year. The odds of livestock depredations
increased 4% for sheep and 5–6% for cattle with increased wolf control - up until
wolf mortality exceeded the mean intrinsic growth rate of wolves at 25%. Possible
reasons for the increased livestock depredations at #25% mortality may be
compensatory increased breeding pairs and numbers of wolves following increased
mortality. After mortality exceeded 25%, the total number of breeding pairs, wolves,
and livestock depredations declined. However, mortality rates exceeding 25% are
unsustainable over the long term. Lethal control of individual depredating wolves
may sometimes necessary to stop depredations in the near-term, but we
recommend that non-lethal alternatives also be considered.
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Introduction
Predator control and sport hunting are often used to reduce predator populations,
livestock depredations, and increase social acceptance of large carnivores such as
brown bears (Ursus arctos) [1], wolves (Canis lupus) [2], cougars (Puma concolor)
[3], jaguars (Panthera onca) [4], lions (Panthera leo) [5], leopards (Pantera
pardus) [6], and others [7].
Gray wolves (our model animal) are currently being hunted in Idaho,
Wyoming and Montana, in part, to reduce livestock depredations [8]. However,
to our knowledge, the long-term effectiveness of lethal wolf control to reduce
livestock depredations has not yet been rigorously tested. For example, Bradley
and Pletscher [9] predicted that breeding pairs are responsible for most livestock
depredations because they are bound to the den site, not natural prey distribution
[10]. Brainerd et al. [11] predicted that increased wolf mortality could result in
fracture of pack structure and increased breeding pairs. If this is the case,
increased mortality of wolves could result in increased breeding pairs and
livestock depredations following lethal control. In other species, Collins et al. [12]
and Treves et al. [13] found increased damages by black bears (Ursus americanus)
following high remedial mortality and Peebles et al. [14] found that increased
mortality of cougars resulted in increased livestock depredations because of social
disruption. In this paper we test the widely accepted, but untested, hypothesis that
increased lethal control decreases wolf livestock depredations in a large scale (tristate) long-term (25 year) quasi-experimental [15]. The ‘‘remedial control’’
hypothesis predicts that livestock depredations will decrease following increased
lethal control.

Methods
We obtained the confirmed number of cattle (Bos primigenius) and sheep (Ovis
aries) depredated, wolf population estimates, number of breeding pairs, and the
number of wolves killed in the wolf-occupied area of each state for each year
between 1987–2012 from United States Fish and Wildlife Services Interagency
Annual Wolf Reports [16] (Table S1). The number of wolves killed were wolves
that were killed through control methods including wolves killed legally by
livestock owners or through government control methods, these numbers do not
include other sources, including natural mortality. Only the total numbers of
livestock killed, not the number of confirmed livestock depredation incidents,
were available from the USFW database.
Numbers of livestock were similarly obtained from United States Department
of Agriculture National Agricultural Statistics Service for counties where wolves
are present [17] (Table S1). Livestock numbers for individual properties were not
available so livestock tallies were made across the tri-state area using counts from
wolf occupied counties.
Following Peebles et al. [14], we used forward selection, negative binomial
general linearized models to assess the relationship between livestock depredations
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and numbers of livestock, wolves, breeding pairs, and wolves killed. We used this
method because depredations were over-dispersed and consisted of 0 to positive
integer count data with a variance exceeding the mean [18]. The best statistical
model was then selected using the lowest AIC (Akaike Information Criterion) and
highest log-likelihood [19]. The rate ratio, analogous to odds-ratio, was computed
from the coefficients to aid in interpreting the results [20]. For example, a rate
ratio of 1.0 for any independent variable means the effect on the dependent
variable is unchanged. A rate ratio of 1.5 means the odds are increased by 50%.
To establish directionality, we analyzed the effect of independent variables in
year 1 on number of livestock depredated in year 2. This one year time-lag
between control kills and depredations removes the directional effect of
depredations causing kills. After assessing the models, we plotted and interpreted
the most important independent variables against depredations to provide a visual
representation of model terms. Only the independent variables that had a rate
ratio larger than 1.01or smaller than 0.99, meaning the change in the mean
number of livestock depredated was increased or decreased by at least 1%, were
examined further. We conducted our regressions on the entire tri-state area and
the 3 separate states- but only report the larger tri-state area here because the
results were basically the same in all cases (Figures S1 and S2).

Results
The total number of livestock depredated between January 1987- December 2012
in the tri-state area was 5670; 1853 were cattle and 3723 were sheep. Sample size
for paired depredations in year 2 and wolf and cattle numbers and wolves killed in
year 1 was: 17 years for Idaho, 17 years for Wyoming, and 25 years for Montana
(N total 559).
All of the well performing models (AIC,466) for cattle depredated included
the # wolves killed, # of breeding pairs and the # of wolves killed by # breeding
pairs interaction (Table 1) - and the coefficients for these terms were very similar
across models. The best models were #10, #12 and #13. The 1st model was g(y)
5 exp [1.307+0.05078(wolves killed through control methods) +0.07979(# of
breeding pairs) +2.11661028(# of cattle) – 1.34361023(# breeding pairs*wolves killed) – 2.98061028(# of cattle*wolves killed)]. The 2nd model was g(y)
5 exp [1.142+0.05293(wolves killed through control methods) +0.08791(# of
breeding pairs) +2.67461027(# of cattle) – 0.001377(wolves killed*# of
breeding pairs) – 1.70161028(# of cattle*# of breeding pairs)]. The 3rd model
was g(y) 5 exp [1.182+0.05795(wolves killed through control methods)
+0.07783(# of breeding pairs) +2.11261027(# of cattle) – 0.001378(wolves
killed*# of breeding pairs) – 7.80461029(# of cattle*# of wolves killed)]
In both models all of the main effects and some two way interactions were
found to be statistically significant (Table 2). The number of wolves killed in year
one was positively related to the number of cattle depredated the following year
(rate ratios 51.05, 1.05 and 1.06, z55.67 and 5.66, 4.69, P,0.001) (Figure 1). For
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Table 1. AIC and log-likelihood values for forward selection of main effects and interaction effects models of cattle depredations
Model #

Main Effects

Interaction Effects

AIC

26 log-likelihood

1

Cattle

N/A

528.19

2522.188

2

# of breeding pairs

N/A

486.13

2480.132

3

wolves killed

N/A

494.11

2488.111

4

cattle + breeding pairs

N/A

488.08

2480.079

5

cattle + wolves killed

N/A

489.86

2481.857

6

breeding pairs + wolves killed

N/A

484.61

2476.610

7

cattle + breeding pairs + wolves
killed

N/A

485.40

2475.397

8

cattle + breeding pairs + wolves
killed

cattle * breeding pairs

487.36

2475.360

9

cattle + breeding pairs + wolves
killed

cattle * wolves killed

487.34

2475.336

10

cattle + breeding pairs + wolves
killed

breeding pairs * wolves killed

464.02

2452.018

11

cattle + breeding pairs + wolves
killed

cattle * breeding pairs; cattle * wolves killed

488.8

2474.803

12

cattle + breeding pairs + wolves
killed

cattle * breeding pairs; breeding pairs * wolves killed

465.67

2451.668

13

cattle + breeding pairs + wolves
killed

cattle * wolves killed; breeding pairs * wolves killed

465.39

2451.392

14

cattle + breeding pairs + wolves
killed

cattle * breeding pairs; cattle * wolves killed; wolves killed *
breeding pairs

467.36

2451.358

doi:10.1371/journal.pone.0113505.t001

Table 2. Summary of best model for cattle depredated.
Dependent Variable

Estimated
Independent Variable Coefficients

Standard Error

VIF (variance
inflation factor) Z value

Cattle Depredated

Cattle

p-value

AIC

2.11661028

3.70161027

1.38

0.057

0.954

464.02

# of breeding pairs

.07979

.01270

3.87

6.281

,0.001

# of wolves killed

.05078

8.92561023

3.41

5.689

,0.001

25.338

,0.001

23

Cattle Depredated

# breeding pairs*# of 21.343610
wolves killed

2.49261024

Cattle

2.67461027

5.49361027

0.487

0.626

# of breeding pairs

.08791

.01804

4.872

,0.001

# of wolves killed

.05293

9.35461023

5.658

,0.001

28

2.80961028

20.605

0.545

# of breeding pairs*# 21.37761023
of wolves killed

2.51161024

25.485

,0.001
0.637

Cattle*# of breeding
pairs

Cattle Depredated

21.701610

Cattle

2.11261027

4.47761027

0.472

# of breeding pairs

.07783

.01289

6.036

,0.001

# of wolves killed

.05795

.01236

4.689

,0.001

Cattle*# of wolves
killed

27.80461029

9.86561029

20.791

0.429

# of breeding pairs* # 21.37861023
of wolves killed

2.49861024

25.515

,0.001

465.67

465.39

doi:10.1371/journal.pone.0113505.t002
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Figure 1. Wolves killed vs cattle depredated. Number of wolves killed through control methods the previous year versus the number of cattle depredated
the following year. The dashed lines show the upper and lower limits of the 95% confidence interval for the best fit line.
doi:10.1371/journal.pone.0113505.g001

each additional wolf killed the estimated mean number of cattle depredated the
following year increased by 5 to 6%. The number of breeding pairs was also
positively related to the number of cattle depredated (rate ratios 51.08, 1.09 and
1.08, z56.28, 4.87 and 6.04, P50.0336 and ,0.001) (Figure 2). For each
additional breeding pair on the landscape the estimated mean number of cattle
depredated the following year increased by 8 to 9%. Breeding pairs were highly
correlated with numbers of wolves (Table S2).
There was also one important 2-way negative interaction for the relationship
between the increasing numbers of wolves killed and decreasing breeding pairs on
livestock depredations (rate ratios 50.99, z525.39, 25.49 and 25.12, P,0.001.
In our models, the main effects of wolves killed was increased depredations. But
the negative interaction effect in the model shows that depredations ultimately
declined with increased wolf kills as number of breeding pairs decreased. These
conflicting effects on livestock depredations are represented here as proportion of
wolves killed vs. cattle depredations in (Figure 3). Depredations increased with
increasing wolf mortality up to about 25% mortality but then depredations
declined when mortality exceeded 25%.
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Figure 2. Number of breeding pairs vs cattle depredated. Number of breeding pairs present on the landscape the previous year versus the number of
cattle depredated the following year. The dashed lines show the upper and lower limits of the 95% confidence interval for the best fit line.
doi:10.1371/journal.pone.0113505.g002

One model out of 53 (Table 3) was also selected for determining which factors
may influence the number of sheep depredated the following year (Table 4). The
model was g(y) 5 exp [210.499+0.05539(minimum wolf population)
+0.03883(wolves killed through control methods) +3.05861025(cattle)
+2.07761024(sheep) – 5.11661024(wolves killed*wolf population) –
4.93261027(wolves killed*cattle) – 1.15961027(wolf population*cattle) –
3.71261026(wolves killed*sheep) – 6.82761027(wolf population*sheep) –
3.408610210(cattle*sheep) +6.532610-10(wolves killed*wolf population*cattle)
+4.81961029(wolves killed*wolf population*sheep) +3.682610212(wolves killed*cattle*sheep) – 4.336610215(wolves killed*wolf population*cattle*sheep)].
Both of the main effects and one interaction effect were significant in this
model. Once again, the number of wolves killed was positively related to the
number of sheep depredated the following year (rate ratio 51.04, z52.218,
P50.026) (Figure 4). For each additional wolf killed the estimated mean number
of sheep being depredated the following year increased by 4%. The minimum wolf
population was also positively related to the number of sheep depredated the
following year (rate ratio 51.06, z53.220, P50.001) (Figure 5). For each
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Figure 3. The proportion of wolves killed vs cattle depredated. Proportion of wolves killed the previous year versus the number of cattle depredated the
following year. The dashed lines show the upper and lower limits of the 95% confidence interval for the best fit line.
doi:10.1371/journal.pone.0113505.g003

additional wolf on the landscape the estimated mean number of sheep being
depredated the following year increased by 6%. The number of cattle and sheep
were found to be positively related to the number of sheep depredated but the
coefficient was negligible (rate ratios 51.00 and 1.00, z54.718 and 3.320,
P5,0.001 and 0.001) which results in an increase of sheep depredated the
following year by 1.00 or less than 1%. However, as with cattle, there was an
important 2-way negative interaction. Sheep depredations increased with
increasing wolf mortality rate up until about 25%, then depredations began to
decline after mortality exceeded 25% (Figure 6).

Discussion
Our results do not support the ‘‘remedial control’’ hypothesis of predator
mortality on livestock depredations the following year. However, lethal control of
wolves appears to be related to increased depredations in a larger area the
following year. Our results are supported by the findings of Harper et al. (2008) in
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Table 3. AIC and log-likelihood values for forward selection of main effects and interaction effects models of sheep depredations.
Main Effects

Interaction Effects

AIC

26 loglikelihood

1

Wolves killed

N/A

575.92

2569.925

2

Cattle

N/A

581.06

2575.058
2554.077

Model #

3

Sheep

N/A

560.08

4

Wolf population

N/A

563.61

2557.605

5

Wolves killed + cattle

N/A

573.4

2565.401

6

Wolves killed + sheep

N/A

561.86

2553.861

7

Wolves killed + wolf population

N/A

565.19

2557.192

8

Cattle + sheep

N/A

561.81

2553.809

9

Cattle + wolf population

N/A

565.20

2557.205

10

Sheep + wolf population

N/A

558.89

2550.889

11

Wolves killed + cattle + sheep

N/A

563.51

2553.513

12

Wolves killed + sheep + wolf population

N/A

560.43

2550.432

13

Cattle + sheep + wolf population

N/A

560.88

2550.882

14

Wolves killed + cattle + sheep +
wolf population

N/A

562.41

2550.406

15

Wolves killed + cattle + sheep +
wolf population

Wolves killed*cattle

564.33

2550.334

16

Wolves killed + cattle + sheep +
wolf population

Wolves killed*sheep

553.78

2539.780

17

Wolves killed + cattle + sheep +
wolf population

Wolves killed*wolf population

556.00

2542.004

18

Wolves killed + cattle + sheep +
wolf population

Cattle*sheep

549.98

2535.978

19

Wolves killed + cattle + sheep +
wolf population

Cattle*wolf population

563.62

2549.622

20

Wolves killed + cattle + sheep +
wolf population

Sheep*wolf population

551.13

2537.127

21

Wolves killed + cattle + sheep +
wolf population

Wolves killed*cattle, wolves killed*sheep

553.70

2537.698

22

Wolves killed + cattle + sheep +
wolf population

Wolves killed*cattle, wolves killed*wolf population

557.64

2541.643

23

Wolves killed + cattle + sheep +
wolf population

Wolves killed*cattle, cattle*sheep

548.16

2532.159

24

Wolves killed + cattle + sheep +
wolf population

Wolves killed*cattle, cattle*wolf population

563.36

2547.355

25

Wolves killed + cattle + sheep +
wolf population

Wolves killed*cattle, sheep*wolf population

548.38

2532.378

26

Wolves killed + cattle + sheep +
wolf population

Wolves killed*sheep, wolves killed*wolf population

555.78

2539.778

27

Wolves killed + cattle + sheep +
wolf population

Wolves killed*sheep, cattle*sheep

551.82

2535.819

28

Wolves killed + cattle + sheep +
wolf population

Wolves killed*sheep, cattle*wolf population

554.61

2538.608

29

Wolves killed + cattle + sheep +
wolf population

Wolves killed*sheep, sheep*wolf population

553.10

2537.099

30

Wolves killed + cattle + sheep +
wolf population

Wolves killed*wolf population, cattle*sheep

551.38

2535.376
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Table 3. Cont.
Model #

Main Effects

Interaction Effects

AIC

26 loglikelihood

31

Wolves killed + cattle + sheep +
wolf population

Wolves killed*wolf population, cattle*wolf population

557.98

2541.981

32

Wolves killed + cattle + sheep +
wolf population

Wolves killed*wolf population, sheep*wolf population

553.12

2537.120

33

Wolves killed + cattle + sheep +
wolf population

Cattle*sheep, cattle*wolf population

548.34

2532.342

34

Wolves killed + cattle + sheep +
wolf population

Cattle*sheep, sheep*wolf population

551.11

2535.115

35

Wolves killed + cattle + sheep +
wolf population

Cattle*wolf population, sheep*wolf population

549.75

2533.754

36

Wolves killed + cattle + sheep +
wolf population

Wolves killed*cattle, wolves killed*sheep, wolves killed*wolf
population

555.40

2537.401

37

Wolves killed + cattle + sheep +
wolf population

Wolves killed*cattle, wolves killed*sheep, cattle*sheep

549.67

2531.675

38

Wolves killed + cattle + sheep +
wolf population

Wolves killed*cattle, wolves killed*sheep, cattle*wolf population

555.39

2537.391

39

Wolves killed + cattle + sheep +
wolf population

Wolves killed*cattle, wolves killed*sheep, sheep*wolf population

550.30

2532.304

40

Wolves killed + cattle + sheep +
wolf population

Wolves killed*sheep, wolves killed*wolf population,
cattle*sheep

553.09

2535.090

41

Wolves killed + cattle + sheep +
wolf population

Wolves killed*sheep, wolves killed*wolf population,
cattle*wolf population

556.36

2538.360

42

Wolves killed + cattle + sheep +
wolf population

Wolves killed*sheep, wolves killed*wolf population, sheep*wolf
population

555.00

2537.003

43

Wolves killed + cattle + sheep +
wolf population

Wolves killed*wolf population, cattle*sheep, cattle*wolf population

549.86

2531.863

44

Wolves killed + cattle + sheep +
wolf population

Wolves killed*wolf population, cattle*sheep, sheep*wolf population

553.06

22535.059

45

Wolves killed + cattle + sheep +
wolf population

Cattle*sheep, cattle*wolf population, sheep*wolf population

548.20

2530.203

46

Wolves killed + cattle + sheep +
wolf population

Wolves killed*cattle, wolves killed*sheep, wolves
killed*wolf population, cattle*sheep

551.60

2531.602

47

Wolves killed + cattle + sheep +
wolf population

Wolves killed*cattle, wolves killed*sheep, wolves
killed*wolf population, cattle*wolf population

557.22

2537.216

48

Wolves killed + cattle + sheep +
wolf population

Wolves killed*cattle, wolves killed*sheep, wolves
killed*wolf population, sheep*wolf population

552.26

2532.258

49

Wolves killed + cattle + sheep +
wolf population

Wolves killed*wolf population, cattle*sheep,
cattle*wolf population, sheep*wolf population

553.62

2533.622

50

Wolves killed + cattle + sheep +
wolf population

Wolves killed*cattle, wolves killed*sheep, wolves killed*wolf
population, cattle*sheep, cattle*wolf population

553.53

2531.534

51

Wolves killed + cattle + sheep +
wolf population

Wolves killed*cattle, wolves killed*sheep, wolves killed*wolf
population, cattle*sheep, sheep*wolf population

551.27

2529.273

52

Wolves killed + cattle + sheep +
wolf population

Wolves killed*cattle, wolves killed*sheep, wolves killed*wolf
population, cattle*sheep, cattle*wolf population, sheep*wolf
population

553.20

2529.200

53

Wolves killed + cattle + sheep +
wolf population

Wolves killed*cattle, wolves killed*sheep, wolves killed*wolf
population, cattle*sheep, cattle*wolf population, sheep*wolf
population, Wolves killed*cattle*wolf population, Wolves
killed*cattle*wolf population, Wolves killed*sheep*wolf population,
Cattle*sheep*wolf population, Wolves killed*cattle*sheep*wolf
population

544.05

2510.052

doi:10.1371/journal.pone.0113505.t003
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Table 4. Summary of best following year sheep depredated models.
Dependent
Variable
Sheep
Depredated

Independent Variable

Estimated
Coefficients

Standard Error

VIF

Z value

p-value

AIC

Wolves killed

0.03883

0.01751

3.26

2.218

0.026

544.05

Minimum wolf population

0.05539

0.01720

4.29

3.220

0.001

Cattle

3.05861025

6.48161026

1.67

4.718

,0.001

Sheep

2.07761024

6.25561025

2.56

3.320

0.001

Wolves killed*wolf population

25.11661024

2.70361024

21.893

0.058

27

2.70761027

21.822

0.068

27

28

Wolves killed*cattle

24.932610

Wolf population*cattle

21.159610

3.657610

23.170

0.001

Wolves killed*sheep

23.71261026

2.09761026

21.770

0.077

Wolf population*sheep

26.82761027

2.61061027

22.616

0.009

210

211

Cattle*sheep

23.408610

7.444610

24.578

,0.001

Wolves killed*wolf population*cattle

6.532610210

5.772610210

1.132

0.258

4.24761029

Wolves killed*wolf population*sheep 4.81961029
212

1.135

0.256

212

0.252

Wolves killed*cattle*sheep

3.682610

3.216610

1.145

Wolf population*cattle*sheep

1.534610212

5.635610213

2.722

0.006

Wolves killed*wolf population*cattle*sheep

24.336610215

8.803610215

20.493

0.622

doi:10.1371/journal.pone.0113505.t004

Minnesota where they found that across the state (large scale) none of their
correlations supported the hypothesis that killing a high number of wolves
reduced the following year’s depredations. Harper et al also found that trapping
and not catching wolves decreased depredations more than no trapping at all,
suggesting that a mere increase in human activity at depredation sites reduced
further depredations by those wolves in their study area. By contrast, Bjorge and
Gunson (1985) found reducing the population from 40 to 3 wolves in 2 years in
Alberta (a 10 fold reduction to near extirpation) resulted in a decline of livestock
depredations for two years - followed by subsequent recolonization and increased
depredations thereafter. Tompa (1983) also found that lethal control prevented
conflict for more than a year in some areas of British Columbia. It should be
noted that these 2 studies examined wolf control and livestock depredations at a
fine scale (grazing allotment or wolf pack territory or management zone). They
did not examine wolf control and livestock depredations at a larger scale (wolf
occupied areas) as was done by Harper et al. (2008) and us (this study). It appears
that wolf control is associated with reduced depredations at the local wolf pack
scale but increased depredations at the larger wolf population scale. This appears
consistent with Treves et al. (2005) prediction that the removal of carnivores
generally only achieves a temporary reduction in livestock depredations locally
when immigrants can rapidly fill the vacancies.
There were several different factors that influenced the number of livestock
depredated the following year by wolves. In order of importance, based on the
values of the rate ratios, these include: the number of wolves removed through
control methods, the number of breeding pairs, the minimum wolf population,
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Figure 4. Wolves killed vs sheep depredated. Number of wolves killed through control methods the previous year versus the number of sheep depredated
the following year. The dashed lines show the upper and lower limits of the 95% confidence interval for the best fit line.
doi:10.1371/journal.pone.0113505.g004

and the number of livestock on the landscape. Consistent with expectations, each
additional breeding pair on the landscape increased the expected mean number of
cattle depredated by 8 to 9% and each additional wolf on the landscape increased
the expected mean number of sheep depredated by 6%. Cattle were most affected
by breeding pairs and sheep by wolves – perhaps because it takes more than one
wolf (a pack) to kill a relatively larger cow and only one wolf to kill a smaller
sheep. However, contrary to the ‘‘remedial control’’ hypothesis, each additional
wolf killed increased the expected mean number of livestock depredated by 5–6%
for cattle and 4% for sheep. It appears that lethal wolf control to reduce the
number of livestock depredated is associated with increased, not decreased,
depredations the following year, on a large scale – at least until wolf mortality
exceeds 25%. Why 25%? The observed mean intrinsic growth rate of wolves in
Idaho, Wyoming, and Montana is about 25% [21]. Therefore, once anthropogenic
mortality exceeds 25%, the numbers of breeding pairs and wolves must decline –
resulting in fewer livestock depredations.
Below 25% mortality, lethal control may increase breeding pairs and wolves
through social disruption and compensatory, density dependent effects. For
example, wolf control efforts occur year round and often peak during grazing
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Figure 5. Minimum wolf population vs sheep depredated. Minimum year end wolf population the previous year versus the number of sheep depredated
the following year. The dashed lines show the upper and lower limits of the 95% confidence interval for the best fit line.
doi:10.1371/journal.pone.0113505.g005

season in areas with livestock depredations [22, 23]. However, if control takes
place during the breeding season and a member of the breeding pair is removed it
may lead to pack instability and increased breeding pairs [24, 10]. Furthermore,
loss of a breeder in a pack during or near breeding season can result in dissolution
of territorial social groups, smaller pack sizes and compensatory density
dependent effects – such as increased per-capita reproduction [11, 25, 26]. Culling
of wolves may also cause frequent breeder turnover [11] and related social
disruption – which can result in reduced effective prey use (through loss of
knowledge of prey sources and ability to subdue prey) which may also result in
increased livestock depredations [27, 28]. All of these effects could potentially
result in increased livestock depredations.
We would expect to see increased depredations, wolves killed, and breeding
pairs as the wolf population grows and recolonizes the area - but our data suggest
that lethal control exacerbates these increases. The secondary effects of time, wolf
population growth rate, wolf occupied area, and wolf population size on
depredations were already subsumed in the primary main effect terms of breeding
pairs (cattle) and wolves (sheep), so those secondary effects cannot account for
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Figure 6. Proportion of wolves controlled versus the number of sheep depredated. Proportions of wolves killed through control methods the previous
year versus the number of sheep depredated the following year. The dashed lines show the upper and lower limits of the 95% confidence interval for the best
fit line.
doi:10.1371/journal.pone.0113505.g006

the positive effects of wolf kills on depredations. We do not yet know the exact
mechanism of how increased wolf mortality up to #25% results in increased
livestock depredations, but we do know that increased mortality is associated with
compensatory increased breeding pairs, compensatory numbers of wolves, and
depredations [24, 10, 27, 28, 11, 26]. Further research is needed to determine the
exact causal mechanism(s). Annual mortality in excess of 25% will reduce future
depredations, but that mortality rate is unsustainable and cannot be carried out
indefinitely if federal relisting of wolves is to be avoided. Furthermore, a 5%
(sheep) and 5% (cattle) kill rate of wolves yields the same number of cattle and
sheep depredations as a 35% (cattle) and 30% (sheep) kill rate (Figures 3 & 6), but
the 30% or 35% rate is unsustainable for wolf population persistence and the 5%
rate is not. The worst possible case appears to be a high mortality rate at about 20–
25%, since this corresponds to a ‘‘standing wave’’ of the highest livestock
depredations. Further research is needed to test if this high level of anthropogenic
wolf mortality (25%) is associated with high levels of predation on natural prey
such as deer and elk.
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Further research is also needed to account for the limitations of our data set.
The scale of our analysis was large (wolf occupied areas in each state in each year)
and the scale of some other studies were small (wolf packs). Simultaneous, multiscale analysis (individual wolf packs, wolf management zones, and wolf occupied
areas) may yield further insights.
Although lethal control is sometimes a necessary management tool in the nearterm, we suggest that managers also consider testing non-lethal methods of wolf
control [29] because these methods might not be associated with increased
depredations in the long-term.

Supporting Information
Figure S1. Proportion of wolves harvested vs cattle depredated. Proportion of
wolves harvested the previous year in each state (Montana, Idaho and Wyoming)
versus the number of cattle depredated the following year.
doi:10.1371/journal.pone.0113505.s001 (TIF)
Figure S2. Proportion of wolves harvested vs sheep depredated. Proportion of
wolves harvested the previous year in each state (Montana, Idaho and Wyoming)
versus the number of sheep depredated the following year.
doi:10.1371/journal.pone.0113505.s002 (TIF)
Table S1. Data by state, 1987–2012. Data for all variables used in the analysis
grouped by state from 1987–2012.
doi:10.1371/journal.pone.0113505.s003 (DOCX)
Table S2. Pearson correlation matrix. Pearson correlation matrix for
independent variables: cattle, sheep, minimum wolf population, wolves harvested
and number of breeding pairs.
doi:10.1371/journal.pone.0113505.s004 (DOCX)

Acknowledgments
This analysis and paper benefitted from the insights and comments of Hilary
Cooley (U.S. Fish and Wildlife Service), and John Pierce, Donny Martorello, Brian
Kertsen, Ben Maletzke, and Stephanie Simick (Washington Department of Fish
and Wildlife).

Author Contributions
Conceived and designed the experiments: RBW KAP. Performed the experiments:
RBW KAP. Analyzed the data: RBW KAP. Contributed reagents/materials/analysis
tools: RBW KAP. Wrote the paper: RBW KAP.

PLOS ONE | DOI:10.1371/journal.pone.0113505 December 3, 2014

14 / 16

Wolf Mortality and Livestock

References
1. Zimmerman B, Wabbakken P, Dotterer M (2003) Brown bear – livestock conflicts in a bear
conservation zone in Norway: are cattle a good alternative to sheep? Ursus 14 (1): 72–83.
2. Creel S, Rotella JJ (2010) Meta-Analysis of Relationships between Human Offtake Total Mortality and
Population Dynamics of Gray Wolves (Canis lupus). PloS ONE doi:10.1371/journal.pone.0012918.
3. Lambert C, Wielgus RB, Robinson HS, Katnik DD, Cruickshank HS, et al. (2006) Cougar population
dynamics and viability in the Pacific Northwest. Journal of Wildlife Management 70: 246–254.
4. Rabinowitz A (2005) Jaguars and livestock: living with the world’s third largest cat. People and wildlife:
conflict or coexistence. Cambridge University Press, The Zoological Society of London. Pages, 278–
285.
5. Packer C, Kosmala M, Cooley HS, Brink H, Pintea L, et al. (2009) Sport hunting, predator control and
conservation of large carnivores. PloS ONE 4(6): e5941.
6. Balme GA, Batchelor A, De Woronin Britz N, Seymour G, Grover M, et al. (2012) Reproductive
success of female leopards Panthera pardus: the importance of top-down processes. Mammal Review
doi: 10.1111/j. 1365-2907.2012.00219.x.
7. Treves A (2009) Hunting for large carnivore conservation. Journal of Applied Ecology 46: 1350–1356.
8. U.S. Fish and Wildlife Service, Idaho Department of Fish and Game, Montana Fish Wildlife &
Parks, Nez Perce Tribe, National Park Service, et al. (2012) Northern Rocky Mountain Wolf Recovery
Program 2011 Interagency Annual Report. M.D. Jimenez and S.A. Becker, eds. USFWS, Ecological
Services, 585 Shepard Way, Helena, Montana, 59601.
9. Bradley EH, Pletscher DH (2005) Assessing factors related to wolf depredation of cattle in fenced
pastures in Montana and Idaho. Wildlife Society Bulletin 33: 1256–1265.
10. Mech LD (2010) Consideration for developing wolf harvesting regulations in the contiguous United
States. Journal of Wildlife Management 74: 1421–1424.
11. Brainerd SM, Andren H, Bangs EE, Bradley EH, Fontaine JA, et al. (2008) The effects of breeder loss
on wolves. Journal of Wildlife Management 72: 89–98.
12. Collins GH, Wielgus RB, Koehler GM (2002) Effects of sex and age on American black bear conifer
damage and control. Ursus 13: 231–236.
13. Treves A, Kapp KJ, MacFarland D (2010) American black bear nuisance complaints and hunter take.
Ursus 21(I): 30–42.
14. Peebles KA, Wielgus RB, Maletzke BT, Swanson ME (2013) Effects of remedial sport hunting on
cougar complaints and livestock depredations. PloS ONE. DOI: 10.1371/journal.pone.0079713.
15. Biondi F (2014) Paleoecology grand challenge. Frontiers in Ecology and Evolution DOI: 10.3389/
fevo.2014.00050.
16. U.S. Fish and Wildlife Service, Idaho Department of Fish and Game, Montana Fish Wildlife &
Parks, Nez Perce Tribe, National Park Service, et al. (2013) Northern Rocky Mountain Wolf Recovery
Program 2012 Interagency Annual Report. M.D. Jimenez, and, S.A. Becker, , eds. USFWS, Ecological
Services, 585 Shepard Way, Helena, Montana, 59601.
17. United States Department of Agriculture (2012) Washington Livestock Statistics. National Agricultural
Statistics Service, U.S. Department of Agriculture, Washington D.C., USA.
18. Agresti A (1996) An introduction to categorical data analysis. John Wiley and Sons, New York.
19. Burnham KP, Anderson DR (2010) Model Selection and multimodel inference: a practical informationtheoretic approach. Springer, New York.
20. Mostellar F (1968) Association and estimation in contingency tables. Journal of American Statistical
Association 63: 1–28.
21. Wiles GJ, Allen HL, Hayes GE (2011) Wolf conservation and management plan for Washington.
Washington Department of Fish and Wildlife, Olympia, Washington.
22. Musiani M, Mamo C, Boitani L, Callaghan C, Gates CC, et al. (2003) Wolf depredation trends and the
use of fladry barriers to protect livestock in western North America. Conservation Biology 17: 1538–
1547.

PLOS ONE | DOI:10.1371/journal.pone.0113505 December 3, 2014

15 / 16

Wolf Mortality and Livestock

23. Fritts SH, Stephenson RO, Hayes RD, Boitani L (2003) Wolves and humans. Wolves: behavior,
ecology, and conservation. The University of Chicago Press, Chicago. pp. 289–316.
24. Haber GC (1996) Biological, conservation, and ethical implications of exploiting and controlling wolves.
Conservation Biology 10: 1068–1081.
25. VonHoldt BM, Stahler DR, Smith DW, Earl DA, Pollinger JP, et al. (2008) The genealogy and genetic
variability of reintroduced Yellowstone grey wolves. Molecular Ecology 17: 252–274.
26. Murray DL, Smith DW, Bangs EE, Mack C, Oakleaf JK, et al. (2010) Death from anthropogenic causes
is partially compensatory in recovering wolf populations. Biological Conservation 143(11): 2514–2524.
27. Sand H, Wikenros C, Wabakken P, Liberg O (2006) Effects of hunting on group size snow depth and
age on the success of wolves hunting moose. Animal Behavior 72: 781–789.
28. Stahler DR, Smith DW, Guernsey DS (2006) Foraging and feeding ecology of the gray wolf (Canis
lupus): lessons from Yellowstone national park, Wyoming, USA. Journal of Wildlife Nutrition 36: 1923s.
29. Wielgus RB (2014) Minimizing and mitigating wolf/livestock conflicts in Washington. Statement of Work.
Washington State University. College of Agriculture, Human, and Natural Resource Sciences. 10 pp.

PLOS ONE | DOI:10.1371/journal.pone.0113505 December 3, 2014

16 / 16

